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1 Introduction 

Overview 

Salmon farming is a major industry in many Scottish sea lochs.  Although the impact of salmon 

farming and pathways of several farm wastes have been studied extensively, there has been little 

research into the fate of metals originating from fish farms.  This thesis investigates the 

influence of salmon farming on sediment biogeochemical conditions, with particular reference 

to the cycling, interactions, and effects of metals in farm sediments of Scottish sea lochs. 

1.1 Scottish Sea Lochs 

Scottish sea lochs are fjordic systems, and have a defined set of physical processes occurring 

within them that depend on topographical characteristics of the sea loch and the influence of 

external forces.  The most common definition of a fjord, also know as a sea loch, is “a deep, 

high-latitude estuary which has been (or is presently being) excavated or modified by land-

based ice” (Syvitski et al. 1987).  The established opinion of their origin is that fluvial action 

along fault lines allowed subsequent glaciers to follow this path of least resistance, leading to 

major excavation (Skei et al. 2003). Fjords are found in all northern and southern regions of the 

earth that were once ice-covered, but this review will focus on the sea loch (fjordic) systems of 

western Scotland. 

   

A fjordic sea loch is the intermediary passageway through which fresh water run-off from land 

mixes into the sea.  The key features determining the nature of fjordic sea loch systems can be 

separated into topographical characteristics and external forces.   The two main topographical 

features are the presence of one or more sills, that is, a shallow or narrow restriction at the loch 

entrance separating coastal seawater from loch water (Gowen et al. 1990), and the depth of the 

glacially deepened loch basins.  External forces include the input of freshwater at the head of 

the fjord, the tidal movement across the sill, and the strength and direction of the wind.  

Entrained water from the Atlantic Ocean and Irish Sea, together with fresh water run-off from 
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the land, fills the many sheltered, inshore sea lochs that make up the complex coastline of 

western Scotland (Edwards & Griffiths 1996).     

1.1.1 Dominant Physical Processes  

Advection is simply the horizontal movement of water by an external force.  In sea lochs, 

advection is primarily a result of the semi-diurnal tides (driven by the barotropic forces of the 

moon), although it may also be caused by winds.  This movement of water in turn causes the 

movement of other materials within the water, such as oxygen, nutrients, and pelagic plankton 

species.   

 

The overall result of the outgoing fresh water meeting the incoming seawater is that there is a 

separation of the two water masses, with the less dense, fresh water, flowing above the denser 

seawater, thereby promoting various physical processes.  The bi-directional flow creates shear 

forces, which, through friction, cause mixing between the frontal boundaries of the two water 

layers.  When active mixing occurs as a result of any of the physical processes described in this 

review, it involves not only the water masses themselves, but also any component particulates 

within the water column. 

 

Diffusion occurs as various constituents attempt to balance concentration gradients to produce a 

uniform composition.  It is a continual process in sea lochs since the gradient is maintained by 

fresh water run-off and tidal water input.  For example, as a result of the constant replenishment 

of fresh water at the surface from rivers, land run-off and direct precipitation, and because of the 

higher salt concentration in sea water, salt continuously diffuses from the denser, deeper, sea 

water up to the surface, fresh water.  Heat and oxygen are also continuously diffusing as 

warmer, oxygen-rich surface water diffuses down to the colder, sub-oxic or anoxic waters at 

depth.  The gradient is maintained by solar warming of surface water in direct contact with the 

aerobic atmosphere, combined with a decrease in temperature with increasing depth and the use 

of oxygen by pelagic and benthic species at depth.  However, during the coldest winter periods 

the thermal gradient tends to reverse, as heat diffuses from the warmer deep water to the colder 
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surface water.  Although generally a slow process, diffusion can be enhanced by other physical 

processes, such as boundary mixing, convection and the creation of internal waves.   

 

The movement of water across the sill can cause boundary mixing.  As water flows landward 

over the sill, the surface roughness creates resistance to the incoming water and thus turbulence.  

This turbulence creates eddies that allow mixing between the incoming sea water and the 

outgoing fresh water such that the composition of the water flowing into the basin can differ 

significantly from the coastal water which originally entered at the seaward end.  The degree of 

boundary mixing is dependent on the current velocity, since a very strong current flowing over 

the sill creates a greater shear stress, leading to more mixing.  

 

Another vertical mixing process is overturn, caused by convection, which refers to the transfer 

of heat from the warmer surface water to the colder air.  Although the surface water is warmer, 

and thus less dense than the water below, the continuous heat loss through convection at the 

surface means that the surface water becomes increasingly dense.  In sea lochs, during the 

coldest time of the year, the surface fresh water may lose so much heat through convection that 

it actually becomes colder and denser than the seawater below.  This allows overturn to occur as 

a result of the mass transfer downwards of the colder, denser, surface water pushing upwards 

the warmer, less dense water from below.  

 

The combined effect of the external force of the tide, the physical barrier of the sill, and the 

stratified waters, can cause internal waves of tidal frequency to occur in seas lochs.  The 

movement of incoming tidal water over the sill and then downwards as a result of the 

stratification causes oscillation and the formation of internal waves.  The shear created at the 

internal wave interface causes friction, which results in turbulence and mixing.  If the internal 

wave is high enough to break, vertical mixing occurs between the breaking crest and the water 

already in the loch.  The internal waves formed may also break at the fjord boundary, again 

causing turbulence and mixing.   
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1.1.2 Estuarine Circulation 

Estuarine circulation refers to the landward movement of tidal seawater and the seaward flow of 

fresh water river run-off.  Owing to salinity and density gradients, the denser seawater flows 

landward below the less dense, and thus more buoyant, fresh water flowing seaward.  Estuaries 

are classified by the ratio of tidal inflow to river outflow (Vin:Rout, with V varying between 

spring and neap tides, and R varying between summer and winter) and depending on the 

magnitude of tidal range and the volume of river run-off, can be described as highly stratified, 

poorly mixed, partially mixed or well-mixed.   

 

Highly stratified, salt wedge estuaries develop when fresh water runs off into estuaries with a 

small tidal range (< 2m).  The denser seawater forms a salt wedge that travels landward below 

the less dense river water.  If run-off is low, the salt wedge penetrates further up the estuary than 

if run-off is high.  Strong salinity and density gradients occur between the overlying fresh water 

and underlying seawater, such that a stable halocline is formed, and mixing between the two 

water masses is inhibited by the strong density gradient (pycnocline).  That said, internal waves 

are generated between the salt wedge and the flowing fresh water, as a result of shear stresses, 

and where these internal waves break, salt water from below is injected, or entrained, into the 

fresh water above, so that some vertical mixing occurs, resulting in a poorly mixed estuary. 

 

In sea lochs with a moderate tidal range (c. 2-4 m), the whole water mass is moved up and down 

with the flooding and ebbing tides.  In addition to mixing by entrainment at the 

freshwater/saltwater interface, mixing also occurs in the water column as a result of the 

turbulence caused by friction between the water and sediment bed.  Such estuaries are defined 

as partially mixed, and since salt water is mixed upwards and fresh water is mixed downwards, 

the halocline is less well defined and stratification is weaker.  In both salt wedge and partially 

mixed estuaries, the residual flow is seaward at the surface because of river flow, and landward 

at the bottom as a result of vertical mixing processes and entrainment across the river water/sea 

water interface.  
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Well-mixed estuaries have a large tidal range (> 4 m), with the result that tidal currents are 

stronger than river flow, and salinity hardly varies with depth, because the water column is well 

mixed.  Residual flow in well-mixed estuaries is landward on the flood tide and seaward on the 

ebbing tide.  Loch Craignish, in which much of the field work for this thesis was completed, is 

considered a vertically well-mixed estuary (Ezzi et al. 1993). 

 

The convergence of fresh and tidal water is the primary driver of estuarine circulation in fjords.  

Tidal range and current strength vary dramatically between spring and neap tides.  The strong 

currents of spring tides enhance turbulent mixing between the two water masses, increasing the 

density of the surface layer and reducing stratification.  Conversely, during neap tides or times 

of high river run-off, stratification may become stronger, so that partially or well-mixed 

estuaries can resemble salt wedge estuaries.  Wind is also an important influence on estuarine 

circulation, since, for example, a strong landward wind could retard the seaward fresh water 

flow, while a strong seaward wind  may enhance the flow rate of outgoing freshwater. 

Sea loch water conditions are dynamic, being susceptible to wind-driven wave action, eddies 

and tidal cycles.  If the fetch (i.e. the longest stretch of open water) is short, wave action tends to 

be reduced, but, depending on wind direction, it may also be enhanced by the funnelling effect 

of the narrow valleys typical of lochs (Apel 1990).  Mobile eddies can lead to fluctuations in 

tide and wind-generated currents, and the resulting variations of current speed and direction may 

modify mean and tidal currents (Gowen & Bradbury 1987, Edwards & Griffiths 1996). 

1.1.3 Fjordic Circulation 

In addition to the various processes described above, there is a type of estuarine circulation 

specific to fjords, because stratification is much more defined as a result of the restricted 

exchange caused by the sill and the glacially deepened basin behind (Edwards & Griffiths 1996, 

Skei et al. 2003).  These typical fjordic circulation patterns are schematically depicted in Figure 

1a-d.  The surface freshwater flowing seaward is separated from the water below by a strong 

salinity gradient, the primary halocline, while the denser landward flow at intermediate depth is 
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separated from the isolated deep basin water by a secondary halocline (Figure 1a-b).  The 

surface water flow increases in salinity as it mixes with the water below (by diffusion and 

vertical mixing) and removes salt from the loch that is replaced by the saline inflow entering 

over the sill.  A high submarine sill in front of a deep basin can restrict penetration of strong 

coastal eddies into the loch, and consequently reduce flushing and deep water exchange in the 

loch, by preventing coastal water mixing with the bottom water of the basins.  Although the 

diluted surface waters are readily exchanged, the denser, deeper waters are not, so that basin 

water exchange occurs largely as a result of advective and diffusive processes (Aure & 

Stigebradt 1989) (Figure 1a,b & c).  This can lead to bottom water hypoxia, as oxygen is used 

up at depth, and stagnation, because diffusion is too slow a process to allow sufficient mixing to 

occur (Skei et al. 2003).  Occasionally, the deep basin water is renewed by inflows of denser 

water (Gillibrand et al. 1995), associated with high or spring tides, low rainfall, low river run-

off, offshore winds, prolonged frost, or seasonal maxima of coastal salinity (Figure 1d).   

 

 

 

Figure 1a-d   Circulation and Renewal in a Silled Sea Loch.  a. On ebb tides, low salinity 
surface waters are exported seawards.  b.  On flood tides, landward flows import new saline 
water to intermediate depths.  c.  The long term mean flows resulting from a. and b. are outward 
at the surface, inward at intermediate depths and isolated dense water in the basin bottom.  
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Mixing and uplift across the primary halocline complete the circulation.  d.  Occasionally, deep 
water is renewed by inflows of dense water from outside the sill.  (Adapted from Edwards & 
Griffiths, 1996). 
 

1.2   Sources of Metals to the Marine Environment  

The major source of metals in the environment is the earth’s crust.  Crustal metals are bound in 

chemically stable mineral phases but are mobilised into the environment through physical and 

chemical weathering.  Once exposed and released from the crust, they are transported to the 

marine environment by various processes, of which by far the most significant is riverine 

deposition, although hydrothermal release, atmospheric deposition, and anthropogenic activities 

make smaller, but still important, contributions. 

 

Without going into a detailed explanation of tectonic plate activity and the processes of plate 

subduction, uplift and sea floor spreading, it is sufficient to know that the potential exists for 

hydrothermal release of metals directly into the marine environment in areas where the upper 

mantle material of the earth erupts into the deep ocean through volcanic activity, such as in the 

vicinity of the mid-Atlantic and mid-Pacific ridges and hydrothermal vents.   

 

Atmospheric deposition of metals occurs as a result of natural processes (mercury, for example, 

is released from volcanic activity, and aluminium is carried in wind-blown dust from rocks and 

shale) or anthropogenic processes (lead, for example, comes from petrol in combustion engines, 

and copper from battery-powered energy, while various metals are released as a result of 

industrial activity).  These atmospheric metals reach the sea surface by three different pathways: 

wet deposition (precipitation) scavenges metals from the air column, depending on the density 

of the particles; particulates fall out by dry deposition; and gas exchange, depending on the 

metal’s specific reactivity, occurs at the sea surface. 

 

Anthropogenic activities can also be a major source of metals to the marine environment.  Some 

metals are discharged directly from industrial and municipal waste pipelines or dumped as 

sewage sludge and industrial waste at sea, while others are indirectly released as a result of, for 
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example, being chipped or dissolved from marine industrial structures, such as oil-drilling 

platforms and steel fish farm cages.  Solubilization of metallic anti-foulant paints used by the 

maritime and aquaculture industries to reduce the build up of bio-fouling organisms is also a 

significant source of metals.   

 

However, the most important contribution of metals to the marine environment is made by 

riverine input.  Weathering and erosion of natural-ore bedrock releases metals that can then be 

transported to the marine environment in river flows or land run-off, either in the dissolved 

phase or in particulate form (e.g. adsorbed onto cation exchange sites of organic matter or clay 

minerals).  Weathered material of sedimentary origin can consist of particulate primary 

aluminosilicate minerals, such as feldspars and micas; secondary aluminosilicate minerals such 

as clay minerals, oxides and hydrous oxides of aluminium, manganese and iron; carbonates; and 

dissolved and particulate organic components and nutrients (Chester 1990).   

 

In addition to the composition of the parent bedrock, other catchment area characteristics, such 

as annual precipitation, drainage area, land use and industrial activity, determine the metal 

composition of river inputs to the sea, and can lead to an increased loading of metals in the 

marine environment.  Imagine, for example, a large catchment area on the wet, north west coast 

of Scotland, that comprises forestry land and a pulp and paper mill.  Soil disturbance from pre-

planting plowing and deforestation will allow a greater amount of parent material to be exposed 

and available for erosion and transport, and planting in furrows will promote water run-off from 

the land.  These together, combined with the high precipitation typical of the area, will all result 

in a high volume of water with high loadings of particulate organic and inorganic (e.g. bedrock 

constituent) material.  In addition, the fertiliser products used will increase elemental inputs, and 

the pulp mill will contribute both organic and metallic contaminants, such as aluminium, 

chromium, copper and zinc (D'Souza et al. 1998), to the run-off and river water.  Atmospheric 

metals released from local industry will certainly be important, but metals released from 
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Northern European industries may also be transported by the prevailing winds to northern 

Scotland, and deposited to the hypothetical catchment area. 

 

As a result of the change from fresh river water to saline seawater across estuaries, riverine 

input metals, whether they are from natural or anthropogenic sources, in the particulate or 

dissolved phase, are influenced by the changing physicochemical characteristics, such as redox 

potential, pH, salinity and concentration of organic components, complexing ligands and 

particulate material (Chester 1990, Zwolsman et al. 1997).  Since transformations from the 

dissolved to particulate phase are initiated in the fresh-to-sea water mixing zone, dissolved trace 

metals generally occur in very low concentrations in seawater, because of their rapid and 

efficient transfer into particles that sink to the sea floor.  Dynamic physical and biogeochemical 

processes drive these transformations, including precipitation of metal oxyhydroxides; 

flocculation-aggregation; sorption at surfaces of suspended particulates such as organic 

materials and clay minerals; and uptake and incorporation into biological organisms and 

subsequent biogenic detritus (Chester 1990).  The rate and degree to which a dissolved metal is 

scavenged depends on its elemental nature, the amount of particulate matter, the concentrations 

of other solutes, and the water depth (Libes 1992).  

 

Sea lochs have a lower and more variable salinity than the coastal sea, and a wider temperature 

range, mainly because of the terrestrial freshwater inputs.  In estuaries, the higher salinity of 

seawater increases the ionic strength, and an abundance of negatively charged functional groups 

within molecules increases the pH of the incoming water.  Many dissolved metals within this 

incoming fresh water, for example, manganese and iron, tend to be removed from solution in 

estuaries, since the conditions support the oxidation of dissolved phase manganese and iron and 

their precipitation as manganese/iron oxides or oxyhydroxides.  The biogeochemical cycles of 

such redox-sensitive metals are of major importance in understanding metal distribution and 

behaviour in estuaries, because these oxides readily bind dissolved, cationic metals, removing 

them from solution as the manganese/iron oxides precipitate.  
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In freshwater, negatively charged clay particles repel each other, but in the estuary zone where 

fresh and seawater mix, the cations (e.g. Na+, K+, Mg2+ and Ca2+) in seawater neutralise the 

clay’s charge, so that the clay particles combine and flocculation occurs.  Flocculation refers to 

the aggregation of smaller particles to form larger ones, when they are brought sufficiently close 

together by water column turbulence, the random motion of water molecules or the action of 

scavenging, that is, the capture of smaller particles by larger particles as they sink through the 

water column.   When flocculation occurs in the fresh/salt water transition zone, metals in the 

colloidal and dissolved phase flocculate and are removed from solution, forming particulates 

that are deposited and become enriched in the sediments (Bryan & Gibbs 1983, Zwolsman et al. 

1997, Wang & Liu 2003).  Areas of flocculation often have enriched sediment metal 

concentrations because settling flocs scavenge other metals from the water column, thereby 

increasing their metal concentration during deposition, and because the larger aggregated 

particles tend to have a higher settling velocity, be deposited more rapidly and be transported 

less distance than smaller discrete particles (Palanques et al. 1995)  

 

Dissolved organic material, such as humic and fulvic ligands, tends to be enriched in estuaries 

as a result of the input of water run-off from the land.  The organics have an abundance of 

negatively charged functional groups, so that incoming dissolved metals are scavenged by the 

organic ligands and may then be precipitated as organo-metallic complexes.  The abundance in 

seawater of exchangeable cations, such as sodium, magnesium and potassium, can cause 

desorption of some metals adsorbed to the clay minerals and particulates in the riverine water.  

These desorbed, dissolved metals are then available for binding with metal oxide/oxyhydroxides 

and organo-metallic complexes, and consequent precipitation, or for biogenic assimilation. 

 

The processes described above are essentially part of the physicochemical cycling of elements; 

however biological cycling in the marine environment also plays an important role.  Dissolved 

metals can be adsorbed by primary producers such as pelagic plankton and consequently passed 
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up through and concentrated in the food web, or may be directly accumulated by higher 

organisms.  The elements incorporated into biogenic material will eventually be transported to 

the sediment as organic debris upon the inevitable death of the organism. 

1.3 Aquaculture in Scotland 

The extensive coastline and excellent quality of much of Scotland’s west coast waters provide 

an ideal environment for aquaculture, which now exists in many sea lochs, joining wild fisheries 

as the dominant use of natural resources in the Scottish marine coastal environment.  Intensive 

aquaculture is relatively new in Scotland but has become one of the strongest industries in the 

UK agricultural sector, expanding by 5 % annually (ARK 2003).  Finfish such as halibut, turbot, 

cod, trout, and salmon, and shellfish such as mussels, oysters and scallops are currently farmed, 

but studies into the viability of other species, such as haddock and sea urchins, are gaining 

momentum (ScottishCoastalForum 2002).  The farmed species making by far the largest 

contribution to Scottish aquaculture is Atlantic salmon, Salmo salar (ScottishCoastalForum 

2002, ARK 2003, SAC 2004, ScottishExecutive 2004) . 

 

In 2000, world salmon production was 900,000 T, contributing £2 billion to the global 

economy, and was predicted to be 2 million T by 2010, (SAC 2004).  Fish farmers from 

Canada, Faeroe Islands, Chile, Australia, Iceland, Ireland, United Kingdom, Norway and United 

States of America, represented by the International Salmon Farming Association, produced 1.3 

million T, valued at €3.5 billion (£2.1 billion) in 2002 (Scottish Coastal Forum, 2002).  In 

Scotland alone, recent figures estimate that ~410 registered businesses on the west coast of 

Scotland   (85 % of which are owned by multinational companies such as Norway’s Norsk 

Hydro and the Netherland’s Nutreco) produce ~150,000 T annually, with a turnover for farmers 

and processors in excess of £600 million, and provide nearly 40% of Scottish food exports 

(ScottishCoastalForum 2002, SAC 2004, ScottishExecutive 2004).  The industry is especially 

important for rural areas in terms of revenue generation, employment and training opportunities, 

and provides ~7000 jobs, sustaining up to 30 % of the working population and contributing ~£2 
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million per week as wages in many remote areas of Scotland, where alternative employment 

opportunities are limited (Priede & Secombes 1988, Black 1998b).  

1.3.1 Salmon Production Cycle 

Salmon eggs are hatched in fresh water hatchery trays, and the juvenile salmon (alevin to fry to 

parr) are reared at fresh water sites.  Although these sites can be land-based, closed-tank 

systems, in Scotland the young salmon are usually grown in open cages in fresh water lochs.  As 

the young salmon begin to mature, they undergo a noticeable change in skin colour, marking the 

onset of smoltification, and a suite of physiological changes, mostly related to their 

osmoregulatory ability (ScottishCoastalForum 2002).  At this time, they are transferred to a 

saltwater environment.  The marine sites are usually open, mesh-net cages in sheltered, inshore 

sea lochs.  However, there are some land-based systems involving large closed tanks with 

seawater pumped to them, and there is also increasing interest in the use of offshore open cage 

systems.  The fish are fed a high-protein, high-oil diet to stimulate rapid growth, and are brought 

to market size within six months to two years after the changeover from fresh to salt water.  The 

salmon are usually harvested at site and transported to markets worldwide. 

1.3.2 Regulation and Legislation 

As with any intensive farming practice, there are wastes associated with fish farming, and the 

wastes from fish farms on the west coast of Scotland have been estimated to be equivalent to 

those produced by a population of 9.4 million people (WWF, 2001).  The impact of waste from 

fish farms depends not only on husbandry practices such as the particular species being farmed, 

feed type and manufacturer, culture technologies and procedures employed, and level of 

competence, but also on the physical, biological and chemical nature of the receiving 

environment, (SEPA 2000a).  In order to minimize environmental degradation and ensure 

sustainability of the industry, the amount and type of waste must be known, and the relevant 

regulations acknowledged and followed.  The Scottish fish farming industry is regulated by a 

combination of UK and EU legislation, relating to environmental protection, disease control and 

fish health, and planning arrangements (Rosie 2001).   
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The Control of Pollution Act (COPA) 1974, amended by Schedule 23 of the Water Act 1989, 

confirms that fish farm cages are trade premises and thus require a discharge consent from 

SEPA (Scottish Environment Protection Agency) for the waste produced and released (SEPA 

2000a).  The Habitats Directive (92/43/ECC), the Wild Birds Directive (79/409/ECC), Fish 

Health Regulations (1997) and the Shellfish Growing Waters Directive (79/923/EEC), which 

makes reference to the Dangerous Substances Directive (76/464/EEC), (containing List 1 and 

List 2 substances) are all relevant to fish farms (ScottishCoastalForum 2002, ScottishExecutive 

2002).  In order to limit and control marine pollution and reduce environmental impact and 

damage, the Environmental Protection Act (1990), the Environment Act (1995), the 

Environmental Impact Assessment (Fish Farming in Marine Waters) Regulations (EIA 

85/337/EC/1999) and the Water Framework Directive (20000/60/EC), influenced by the 

aforementioned directives, require SEPA to take a holistic approach to protection and 

enhancement of the environment (SEPA, 2000a; b; Scottish Coastal Forum, 2002; Scottish 

Executive, 2004).  These legislative measures promote integrated catchment management by 

encouraging improved technologies and management practices, such as Best Available 

Techniques Not Entailing Excessive Costs (BATNEEC), Environmental Quality Standards 

(EQS) and a code of Best Environmental Practice (BEP).  Improved farming performance in 

recent years can be attributed to greater individual site efficiency and environmental 

sustainability through industry-wide husbandry development, including single year-class sites 

and areas, site rotation and fallowing, improved sea lice control, area management agreements 

and environmental management systems (Hindar et al. 1991).   

1.3.3 Impacts of Salmon Farms 

As a result of increasing public concerns about the environmental effects and interactions of fish 

farm wastes, in 2002 the Scottish Executive commissioned an extensive review and synthesis of 

the environmental impacts of aquaculture (Clifford et al. 1998).  The review summarises current 

understanding, highlights areas of concern, and suggests avenues for further research, by 

focussing on 5 key aspects of marine aquaculture: 
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 Escapes from fish farms and potential effects on wild populations 

 Impacts of disease on wild and farmed stocks 

 Sustainability of feed supplies – including research on plant meal substitution  

 The discharge of waste nutrients and their interaction in the wider marine environment 

 Effects of other discharges from aquaculture, for example, medicines and chemicals. 

1.3.3.1 Escapes 

Escapes from salmon farms tend to occur either through accidental loss during transfer 

operations, or as a result of mesh-net tears caused by seal attacks, bad weather, or poor 

husbandry techniques.  Ripped nets that go unnoticed and are not fixed immediately can result 

in huge losses, and escapees that survive can affect wild populations, both genetically and 

ecologically (Carss 1990, Black 1998b, Benfey 2001, ScottishExecutive 2002, McGinnity et al. 

2003). 

The present number of farmed salmon lost through escapes is unsustainable in terms of the 

health of wild salmonid populations, and therefore constitutes a serious threat 

(ScottishExecutive 2002).  The report recommends improving the containment of farmed 

salmon to prevent escapes or reducing their fertility (e.g. McGeorge & Sommerville 1996) to 

limit the ecological effects on wild populations (McVicar 1997). 

1.3.3.2 Disease Impacts  

The release of parasites and pathogens from cage farms may cause ecological effects (Pauly et 

al. 1998), but because diseased organisms quickly succumb to predation, the frequency and 

significance of disease transfer to wild stocks are difficult to quantify (Naylor et al. 2000).  

Effective measures to protect wild stocks from diseases of farmed fish include limiting the scale 

of the farming industry in areas with wild salmonid populations, and developing new chemicals, 

vaccinations or technologies that can completely control disease outbreak and infestation.  

1.3.3.3 Feed Supply Sustainability 

In the UK aquaculture industry, the main species used to provide the fishmeal and oil are 

anchovies, capelin, sandeels, pilchards and sardines, from South American fisheries 

(ScottishExecutive 2002).  As the aquaculture industry continues to increase and intensify, these 
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wild stocks are being placed under increasing pressure, and their present rate of capture does not 

promote sustainable growth of salmon farming (Pauly et al. 1998, Bell et al. 2001, Bell et al. 

2002, ScottishExecutive 2004).  In an effort to limit reliance and impact on ocean fisheries, 

research is actively under way into using plant-based proteins to replace some, or all, of the fish 

meal and oils presently used (e.g. Lorentzen & Maage 1999, Francis et al. 2001, Refstie et al. 

2001, ScottishExecutive 2002), and global fisheries’ managers are being encouraged to improve 

conservation of wild stocks and promote sustainable harvesting (Lorentzen et al. 1998). 

1.3.3.4 Waste Nutrients 

Fish feed is composed of fish and corn meal, oils and gelatine, and provides an organically rich, 

labile mix of fats, proteins, carbohydrates, minerals, vitamins, and pigments, specifically 

designed to promote maximum fish growth and mimic the natural dietary variations and 

requirements of salmon (Gowen & Bradbury 1987, Gowen et al. 1990).  Traditionally, feed has 

been scooped from feed bags and thrown by hand, or fired from a feeding gun into the cage 

water, but feeding technologies have developed considerably in the past ten years.  Feed 

hoppers can dispense the predicted feed requirement over a specified time, and “on-demand” 

feeders can either deliver feed when the fish activate an underwater trigger, or cease feed release 

when levels of waste feed detected in the water rise above a certain level. 

 

Poor husbandry skills can result in accidental feed spillages, over-feeding and loss through nets, 

or sea birds ripping feed bags open, all of which allow undigested feed to be released to the sea 

loch environment.  Since several bulk-supply bags and loaded feed palettes (~2000 kg per 

package) are typically stored on cage walkways, the loading of feed onto off-shore sites, 

especially in adverse weather conditions, can be problematic and occasionally lead to major 

losses.  Depending on feed digestibility and the fish’s nutritional requirements, varying amounts 

and compositions of faecal excrement are released.  Feed and faecal material eventually deposit 

to the sea bed around the farm, and there is a considerable body of research investigating the 

effects of organic enrichment and macro-nutrients (e.g. N, P, Si) from this waste (Pearson & 

Rosenberg 1978, Brown et al. 1987, Gowen & Bradbury 1987, Gowen et al. 1990, Holmer & 
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Kristensen 1992, Gowen & Rosenthal 1993, Johnsen et al. 1993a, Findlay & Watling 1997, 

Hargrave et al. 1997b, Pereira 1997, Black 1998b, Karakassis et al. 1998, Morrisey et al. 2000, 

Brooks 2001, Pearson & Black 2001, ScottishExecutive 2002, Brooks et al. 2003, e.g. Schendel 

et al. 2004).  

 

Although sediment contamination from organic enrichment can be severe, especially if the scale 

of production is not matched by appropriate local conditions (e.g. sufficient current speed and 

depth), the environmental impacts are in relatively small areas along the coast and unlikely, on 

their own, to limit future increases in farm production (Tett 2000, Tett & Edwards 2002).  

Modelling studies conclude that dissolved nutrients from fish farms make only a small 

contribution to algal production, and do not promote toxic strains or increase toxicity of existing 

strains (Gallimore 1998, 1999, Tett et al. 2001), although long-term field data are needed to 

support the models’ conclusions.  However, metals are also an integral component of the feed 

and faecal material, but the potential impact of these constituent metals on the environment has 

received insufficient attention and dedicated research. 

 

Manufactured salmon feeds are not only supplemented with mineral premixes but also include 

metals that are elemental constituents of the fish meal from which the food is derived, with the 

result that feeds can contain copper, zinc and cadmium, iron, manganese arsenic, cadmium, 

cobalt, nickel, lead, magnesium, selenium and mercury (Lall & Bishop 1977, Tacon & De Silva 

1983, Lorentzen et al. 1998, Lorentzen & Maage 1999, Naylor et al. 1999).  Certain trace 

elements, like zinc, copper, iron and manganese, are essential for fish health and serve important 

functions in living cells, since they are integral to many enzymes or are cofactors for the 

enzyme functions (Lorentzen et al. 1998, Pergent et al. 1999).  They are also involved in energy 

metabolism through redox reactions of the electron transport chain and normal tissue 

metabolism, and have functions within the central nervous system (Lall & Bishop 1977, 

Turnland 1994, Lorentzen et al. 1998).  Although these elements can be adsorbed by fish from 

the surrounding water, they are primarily supplied through dietary supplementation (Naylor et 
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al. 2000), and are present in varying concentrations in the feed according to the nutritional 

strategies adopted by the feed company (Table 1.1).  There are also metal constituents in the 

feed that serve secondary purposes, such as copper sulphate, which is added as a preservative 

measure to prevent deterioration during storage. 

 

Most diets are supplemented with mineral pre-mixes, but they are often over-formulated 

because of a general lack of information on the nutritional requirements of salmon, and it may 

be that an un-supplemented diet would be sufficient (Lorentzen et al. 1998, Berntssen et al. 

1999).  Studies investigating the effects of elevated dietary levels of copper on the growth and 

nutritional status of salmon found a strong intestinal regulating capacity for copper uptake 

(Maage & Julshamm 1993), and a mechanism to prevent copper accumulation when dietary 

concentrations were high (Lorentzen & Maage 1999).  When the mineral pre-mix was replaced 

with corn meal, Atlantic salmon growth was not affected, and a diet without copper 

supplementation was equally effective in maintaining whole body and tissue copper levels, with 

no difference in growth (Tacon & De Silva 1983, Overnell et al. 1988, Lorentzen et al. 1998).  

Turbot fed a diet highly enriched with zinc had the same levels of zinc in body tissues as fish 

fed a basal diet, suggesting that the fish did not incorporate the supplementary zinc into the 

tissues (Lorentzen & Maage 1999).  These studies, together with a comparison between the feed 

concentrations and the perceived requirements (Table 1.1), suggest that concentrations of 

certain elements are considerably higher than necessary, and may in fact be at borderline toxic 

levels (Lorentzen et al. 1998).  

 
Table 1.1  The concentration (μg g-1) of copper, zinc, manganese and iron in salmonid feeds, reported by 
various authors (1-9), and the essential elemental dietary requirement (μg g-1) for Atlantic salmon (6,10-11)     
* - A minimum copper requirement has not been reported for Atlantic salmon (Ogino & Yang 1980), and 
the requirement assumed (Gatlin & Wilson 1986) is based on a requirement of 3 μg g-1 for common carp 
Cyprinus carpio (Kerry et al. 1996) and 5 μg g-1 for channel catfish Ictalurus punctatus (Herwig et al. 
1997), both omnivorous, freshwater species.  Lall & Hines, unpublished data cited in Lorentzen et al., 
(1998), suggest 5 μg g-1. NB: 3 is sea bass diet 
  

Feed Concentration (μg g-1) Trace 
Element Norse LT 

941
Royale 
Supreme2

Henderix3 Amino 
Balance4

Supplier 
Unknown5

Dietary 
Requirement    
(μg g-1) 

Cu 3.5 
 (3.3-356) 

12  
(167) 

25  
(5-958) 
(9.99) 

15.3 74 5-10 6* 
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Zn 68 215 (807) 240 (1189) 181 336 37-6710

Mn 13   46 194 7.5-10.511

Fe 34  150 348 354 60-10011

 
1 Lorentzen & Maage, 1999; 2 Trouw Nutreco, UK; 3 Marchetti et al., 1999; 4 Chou et al., 2002; 5 Naylor 
et al., 99; 6 Lorentzen et al., 1998 (Norwegian feeds); 7 Tacon & DeSilva, 1983 (UK feeds); 8 Tacon & 
DeSilva, 1983 (European feeds); 9 Pergent et al., 1999 (Mediterranean feeds); 10 Maage & Julshamn, 
1993; 11 El-Mowafi, 1995.    
 

1.3.3.5 Other Discharges 

Medicines and Chemicals 

Because of high stocking densities, and associated stress, salmon are particularly vulnerable to 

bacterial, viral, fungal and parasitic infections and diseases.  Nowadays, antibiotic treatments 

are almost always pre-formulated in-feed treatments where they can be directly ingested and 

adsorbed by the fish.  Any antibiotic-treated feed that is lost to the environment, through feed 

wastage or faeces, may reach and remain in sediments.  This waste release can increase the 

chance of resistant strains of pathogens developing, which, if they enter the human food chain, 

would pose a significant public health hazard (Hansen et al. 1992, Klaver & Mathews 1994, 

Coyne et al. 1997).  Antibiotics can also slow down biodegradation rates of other fish farm 

wastes in sediments by affecting biogeochemical processes, such as bacterial nitrification and 

sulphate reduction (Pike 1989, Sommerville 1998). 

 

The most serious and common problem affecting the welfare of farmed salmon, which can 

cause considerable financial losses to the farm, is ectoparasitic sea lice infection.  The lice 

(Lepeophtheirus salmonis and Caligus elongatus) feed on the mucus, skin and blood of the fish, 

creating serious skin lesions and exposing the salmon to secondary infections, and, without 

treatment, can significantly reduce growth and often cause mortality (Halley et al. 1989, Roth et 

al. 1993).  Treatment of lice infestations has concentrated on chemotheropeutants, developed as 

agricultural insecticides but modified for aquatic application, which are applied as in-feed 

treatments or in cage bath systems, where tarpaulins fully or partially (as skirts) enclose the 

cages.  
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Until recently, the main chemical used in bath treatments was the organophosphorus pesticide 

dichlorvos, but fears of resistance development and negative environmental impact have led to 

restrictions and reductions in its use (McHenery et al., 1991; Black, 1998; SEPA, 2000a).  

Ivermectin, an avermectin derivative, is an effective in-feed treatment, but, as it is insoluble, 

binds to particulates, is relatively resistant to degradation, and is liable to accumulate in 

sediments and exert toxic effects on benthic animals, the consents issued for its use are 

restricted (Black et al. 1997a, SEPA 2000a, Denholm et al. 2001).  Other chemical treatments, 

such as azamethiphos and pyrethroid cypermethrin are available and have been approved 

(Brooks 2000a), but few ecotoxicological studies have been completed.  Because chemical lice 

treatments are non-specific, they are potentially toxic to non-target pelagic and benthic 

organisms, such as plankton, crustaceans and annelids (McHenery et al., 1991; Roth et al., 

1993; Roth et al., 1996; Willis et al., 2001; Medina et al., 2004).  It is of great concern that the 

development of resistant strains has again been implicated as the cause of recent difficulties in 

controlling sea lice even with newly-developed chemotheropeutants (Solberg et al. 2002).   

Hydrocarbons 

Many fish farms have off-shore generators (although wind power is now being used at some 

sites) and use petrol and diesel boats, which can leave petroleum-based slicks in the 

environment, either during engine combustion or through spillage during refuelling.   Plastics 

are also a potential problem as the majority of fish feed is supplied in 25 kg plastic bags, 

although the use of canvas bulk sacs is increasing.  Unless carefully stowed and disposed of, the 

plastic bags can be lost from cage sites, posing not only an eyesore but also a potential 

ecological hazard, for example, to marine animals that mistake the plastic for food.    

Anti-foulant Treatments 

All surfaces in the marine system can provide a base on which living organisms may settle.  The 

organically-rich environment surrounding farm cages enhances biological growth, and farm 

vessels, cage unit structures, moorings and fish pen nets can accumulate considerable biofouling 

organisms, to the order of several kg/sq. m (Black 1998b, Brooks 2001).  The continuous 

fouling of nets and structures can increase drag and threaten the structural integrity of the pens, 
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but may also cause lethal or sub-lethal hypoxic effects, because the water flow through the nets 

and thus the oxygen supply to the fish is reduced (Claisse & Alzieu 1993, Black 1998b).  Build-

up on boats and cage structures also permits corrosion and degradation of the component 

material and limits manoeuvrability through the water.   

 

Prevention of bio-fouling organisms in the marine environment has traditionally been provided 

by the use of tri-butyl tin (TBT) anti-foulant paint (Dyrynda 1992, Claisse & Alzieu 1993, 

Miller 1998).  However, TBT residues in the environment were found to be toxic at low 

concentrations to a wide range of marine invertebrates, in particular commercially grown 

oysters and mussels (Alzieu et al. 1986, Miller 1994a, Voulvoulis et al. 1999).  As a result, retail 

sales of TBT were banned in 1987 and its use prohibited at marinas, on small boats (< 25m) and 

for mariculture purposes, although larger boats and ports within the shipping industry were 

exempt (Miller 1994a, Voulvoulis et al. 1999, Solberg et al. 2002).  Recent legislation has 

prohibited the use of TBT on ships, with a total ban of its use for any purpose to come into force 

by 2008.  TBT has been superseded by copper based anti-foulant products (e.g. cuprous oxide 

(Cu2O), copper thyocyanate (CuSCN) and copper sulphate (CuSO4)) many of which also 

contain organic booster biocides (SEPA 2000a, b, Solberg et al. 2002).  

 

Chemical anti-fouling treatments are assessed by the Pesticides Registration branch of the 

Health and Safety Executive, and are approved for specified uses under the Control of 

Pesticides Regulations 1986 (Miller 1994b).  Currently, 19 of the 25 anti-foulant products 

licensed for use in Scottish aquaculture have copper as the active ingredient, with some also 

containing zinc (Brooks 2000b), and they effectively reduce fouling by barnacles, tube worms 

and the majority of algae.  However, anti-foulants may provide a significant source of copper, 

and possibly zinc, to the marine environment, since the active metal can be released in soluble 

or particulate form, either washed from treated nets or chipped from painted hard structures 

(Claisse & Alzieu 1993, Solberg et al. 2002, Brooks & Mahnken 2003, Admiral 2004, Bonnar 

2004).   
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In addition to anti-foulant paint treatment, cage nets are usually cleaned on a rotation basis, 

whereby fish are transferred from one cage to an adjacent one (a swim-through), the empty net 

lifted out of the water and left to dry, and the dried, encrusted, bio-fouling organisms removed 

by power washing.  An additional but important metal source may be the essential elemental 

components of the bio-fouling organisms that deposit around the farm after this pressure 

washing (pers comm. A. Rosie, 2003), including bio-accumulated copper from the anti-foulant 

treatment.  The high density of fouling species removed from nets may have a significant effect 

on sediment conditions below cages (pers comm. K. Black, 2003; Brooks and Mahnken, 2003: 

Brooks, 200l). Also, the trend towards using large, polar circles rather than several square cages 

linked together means there is likely to be an increased reliance on the use of copper anti-foulant 

paint, since the polar circle nets cannot be lifted and cleaned in the traditional way.  

Other Potential Metallic Discharges 

Sacrificial zinc anodes are routinely welded onto the bottom of boats to protect the steel from 

corrosion in seawater, and are also used on other steel products (moorings, cage structures, 

walkways) at fish farms.  The galvanic coupling between the zinc anode and steel material 

cathode allows an electrochemical reaction to occur that effectively reduces steel corrosion, 

since the negatively charged chloride ions are removed by oxidation at the zinc anode surface.  

However, at the same time, positively charged zinc ions detach from the anode and enter the 

surrounding seawater, providing a source of zinc in the fish farm vicinity.  In addition, copper, 

zinc, molybdenum, nickel, cobalt, manganese and cadmium are used in the manufacturing, 

strengthening, and protection of steel (Tacon & De Silva 1983, Hutchinson 1993, Miller 1998) 

and  may be sourced from the farm through dissolution or chipping of steel walkways and 

cages.  Finally, accidental discards of salmon morts during net-pen maintenance (personal 

observation), and their deposition to the seabed, could also lead to an increase in sediment levels 

of certain metals, since many elements, including copper, zinc, molybdenum and possibly 

cadmium (Brooks & Mahnken 2003), are essential trace nutrients for salmon and remain in the 

tissues.   
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1.4 Biogeochemistry of Metals in Farm Sediments 

Sediment metal levels have been measured at other Scottish, Canadian, Finnish salmon farms, 

and Mediterranean sea bream and sea bass farms (refer to Table 3.11).  In Scotland, copper and 

zinc sediment levels were above background concentrations in the immediate vicinity (≤50 m) 

of 7 out of the 10 farms surveyed (Chou et al. 2002).  One Canadian study found elevated levels 

of zinc at the farm perimeter that declined exponentially to background levels between 30-75 m 

down current (Schendel et al. 2004), whilst another found a major reduction of effects by 50 m 

distance from the farm in all directions, based on sediment copper, zinc, manganese, iron and 

organic carbon content (Uotila 1991).  A third Canadian study found that levels of zinc were 

higher at the farm than 300 m away, copper was lower, and manganese and iron showed no 

discernable trends (Pergent et al. 1999).  The Finnish study found that levels of copper, zinc and 

manganese were higher at the farm, iron was lower, and cadmium, nickel and lead were the 

same at the farm as at the reference station (Pergent et al. 1999).  In the Mediterranean study, 

zinc levels at the farm were within the range found close to the Marseilles municipal sewer 

outflow (although copper was similar to background levels), but there was no significant 

difference in copper or zinc concentration with distance from the farm (Carignan et al. 1985, 

Brooks 2001). 

 

Despite the findings of these studies, no further work has been carried out around fish farms in 

an effort to determine the true extent of metal contamination around fish farms in Scotland.  

Previous studies have provided limited information since often only a few surface scrape 

samples are collected within 50 m of the farm, which does not give detail to the distribution of 

metals in the sediment with depth or with increasing distance from the farm.  Depending on the 

biology in the sediment loch environment, the physical hydrographical forces influencing the 

site, and the background nature of the geochemistry, together with any additional inputs and 

interactions, the spatial distribution of metals around fish farms may vary considerably.  

Furthermore, because of the husbandry practices that change over the fish growing season, 

together with seasonal fluctuations that influence environmental conditions, there is likely to be 
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a degree of temporal variation in the sediment conditions around fish farms which previous 

studies have not addressed.  The temporal variation in site production (in terms of tonnes of 

salmon and feed) also affects the spatial distribution of wastes (CEM 1994) and sediment 

conditions, thereby affecting the physical and biogeochemical environment.  The temporal 

variation in organic matter during the compulsory site fallowing period at the end of the 

growing season, when the site must be rested with no wastes released in order to allow 

degradation of accumulated waste, will also affect farm sediment conditions.   

 

Many metals, including copper and zinc, known to be enriched in the sediments around fish 

farms, are toxic above threshold levels, and these threshold levels are often only slightly above 

the amount required to meet nutritional requirements.  Because of the vital role sediment 

invertebrates play in degrading organic matter and mixing sediments, the risk of toxicity to 

these organisms should be understood and carefully monitored.  In addition, many bottom 

feeding fish species are important in the human food chain and there would be reason for 

concern if elevated sediment metal levels were available for bioaccumulation, moving up the 

trophic food web, and posing a potential threat to human health.  Determining where wastes 

from fish farming are being deposited, how they are distributed in the sediment, and whether 

sediment levels change with time are important considerations for the sustainable development 

of the Scottish aquaculture industry.  

The fish farm environment is one in which the biogeochemistry of the sediment has been 

strongly influenced by the release of organic material from the farm, affecting the biological, 

physical and geochemical conditions.  However, intensive studies looking at the biogeochemical 

nature of the farm sediment environment have not been carried out.  This thesis takes the 

opportunity to examine not only the distribution of metals in farm sediments and how it is 

influenced by the biogeochemical conditions, but also how these conditions may be affected by 

variations in the metal levels around fish farms.  
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1.5 Thesis Approach 

The general introduction (Chapter 1) and methods (Chapter 2) are followed by three chapter 

studies (Chapters 3, 4 & 5).  Each chapter study has its own introduction, in which the focus of 

the chapter is identified, current knowledge and gaps in understanding are defined, and the 

importance and relevance of the study is presented, leading to a clear aim and objective for each 

chapter study.  Each chapter study has specific methods and results sections, culminating in a 

detailed discussion of the study chapter findings.  The majority of introductory material is found 

in the discussion of Chapter 3, since this was a significant field-exploratory chapter where 

biogeochemical farm conditions were identified, and these were put into the context of current 

knowledge in the discussion.  The three study chapters set out to establish the metal 

concentrations in farm sediments, identify possible sources and controlling influences, and 

investigate the potential effects.   

1.5.1 Chapter 3: Key Questions 

What is the spatial distribution of the physical, biological and geochemical conditions, in 

particular metal concentration, in fish farm sediments? 

What is the temporal variation in the physical, biological and geochemical conditions, in 

particular metal concentration, in fish farm sediments? 

 

The focus of the field investigations (Chapter 3) is the spatial distribution and temporal variation 

of biogeochemical conditions of fish farm sediments, in particular the sediment concentrations 

of a suite of metals.  The chapter is divided into three sections, each building in scope and 

following a logical sequence from the previous one.  Two, small-scale preliminary 

investigations give a simple snap shot of sediment conditions, the first major field investigation 

provides a wide angle view of spatial distribution and temporal variation in surface sediment 

metals, while the second major field investigation focuses in detail on the three-dimensional 

spatial distribution of metals in sediments.  The field studies, with their increasing complexity, 

gradually develop a picture of the sediment environment around two fish farms in Scottish sea 

lochs.  By determining the physical, biological and geochemical sediment conditions, their 
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distribution patterns around the farm and their changes over the farm growing season, it is 

possible to identify dominant patterns of metal behaviour and suggest controlling influences. 

1.5.2 Chapter 4: Key Questions 

What are the trends and implications of the metal distribution around a fish farm, based on 

inventories? 

Can the distribution of zinc around a fish farm be modelled? 

Can a budget be created that explains the observed sediment concentration of copper and zinc? 

Do the observed sediment levels of copper and zinc agree with those predicted from modelling 

and budgets? 

Do the observed sediment levels of copper and zinc fall within the regulatory limits imposed by 

SEPA for Scottish fish farm sediments? 

 

Chapter 4 (Inventories, Modelling and Budgets) is based on the metal concentrations from the 

major field investigations.  Inventories are calculated to assess the enrichment or deficit of a 

particular metal, compared with background levels, in order to determine the anthropogenic 

influence of the farm on sediment metal levels.  The inventory trends are studied to determine if 

the sediment acts as a sink or source of metals, as a result of the farm’s impact on sediment 

biogeochemical conditions, and to investigate how the distribution of all metals is affected by 

the farm’s influence on geochemical cycling.  A particle-tracking model, designed to predict the 

distribution of organic material around fish farms, is modified to predict the distribution of zinc 

from feed and faecal wastes.  The predicted scenarios are compared with the observed levels of 

zinc to assess the suitability of the model modifications and reliability of the model predictions.  

Based on known inputs of copper and zinc, budgets are also calculated and compared with 

observed sediment levels.  The inventories are used to determine if the levels meet the 

regulatory standards established for sediment levels of copper and zinc around fish farms.  

1.5.3 Chapter 5: Key Questions 

How do farm benthic invertebrates respond to increasing doses of copper? 

Do increasing doses of copper lead to higher body burdens of copper? 
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How does bioturbation influence the transport of copper through the sediment? 

 

Since Chapters 3 and 4 provide evidence that levels of certain metals in the farm sediments were 

above the limits set down in the legislative guidelines to protect benthic invertebrates, the focus 

of Chapter 5 is a range-finding microcosm experiment, which investigates the response of the 

invertebrates that naturally inhabit sediments underneath fish farms to increasing doses of 

copper.  The impact of increasing copper doses on survival (toxicity testing) and body burdens 

of copper (bioaccumulation) are assessed, and the derived toxicity test values are compared to 

national and international sediment quality standards.  In the final part of this chapter, the rate 

and depth of copper mixing is determined across a range of biological conditions (abundant 

through to abiotic) by incorporating the measured sediment and pore water copper levels into a 

biodiffusion equation, in order to assess the role played by the benthos, through bioturbation, in 

sediment mixing and redistribution.  

 

The concluding canopy chapter (Chapter 6) attempts to synthesise the significant findings of the 

preceding chapters, and support and validate the major findings of the present study with 

research from non-fish farm environments.  A section that highlights the key outcomes of the 

thesis work and suggests directions for future research concludes this final discussion. 
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2. Field Sampling and General Analytical Methods 

2. 1 Sample Collection 

Pre-Collection Procedure 

All perspex core tubes, bungs, slices, rings and the core plunger were washed in Decon 90, 

followed by dilute (5%) HNO3 acid, and then rinsed in Milli-Q distilled water before being 

taken to the field. All equipment was rinsed in seawater at the sampling site before sediment 

collection. 

Coring Techniques 

Three different types of cores were used to collect the samples during the field and laboratory-

based investigations of this project.  The characteristics of each core type are given in Table 2.1. 

 
Table 2.1  Collection date and location of specific investigations, with the core type used, giving the 
core internal diameter, length and deployment method. 
 

Investigation 
 

Collection 
Location 
 

Core Type 
& Number 

Internal 
Diameter 

Length 
 

Deployed By: 

Preliminary 
(April 1999) 

Dunstaffnage 
Bay 

Sholkovitz 
4 

90 mm 100 cm RV Seol Mara 

Preliminary 
(March 2000) 

Loch Craignish Craib 
8 

58 mm 24 cm Diver 

Preliminary  
(Dec. 2000) 

Loch Craignish Spear 
7 

111 mm 50 cm Diver 

1st Major Field 
(May & Dec. 
2000) 

Loch Craignish Craib 
70 (*2) 

58 mm 24 cm RV Seol Mara 

2nd Major Field 
(Dec. 2000) 

Loch Craignish Craib 
13 

58 mm 100 cm RV Seol Mara 

Microcosm 
Experiment 
(March 2000)  

Loch Craignish Craib 
66 

58 mm 24 cm Diver 

 

Cores, rather than sediment grabs, were used for all sediment sampling since coring results in 

less disturbance at the sediment water interface, and allows sediment characteristics to be 

identified at specific depths.  A similar process was followed for both coring types collected 

from RV Seol Mara (Sholkovitz and Craib).  The empty core tubes were placed into the corer 

frame, which was attached to the winch and lowered through the water into the seabed 
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sediment.  On pullout, the tubes were sealed, the frame was brought back to the boat, where the 

tubes were released and the contents immediately processed on deck.    

Because of mooring lines and cage structures, coring from RV Seol Mara was not always 

possible directly adjacent to or underneath the farm site.  When this was the case (Preliminary 

Investigation and Microcosm Experiment [Loch Craignish]), sediment cores were collected by 

SCUBA divers.  In order to minimise disturbance to the sediment core, the tubes were gently 

inserted into the sediment to the fullest depth possible over a 30 s (Craib core) or 60 s (Spear 

core) period.  The top was then tightly capped with a bung, the core withdrawn from the 

sediment, and the bottom bung inserted.  Two Spear cores and as many as twenty Craib cores 

could be collected during a single dive and carefully brought to the surface in a purpose built 

carrying case.  At the surface, cores were immediately transferred with minimal disturbance to 

the R.V. Seol Mara or the adjacent shore for processing, or returned by road to Dunstaffnage 

Marine Laboratory. 

Sediment Slicing 

Sediment was extruded from the tube with the plunger, and a perspex collar placed over the top 

so that the desired depth of sediment could be removed with a polypropylene slice and spatula.  

New slices, spatulas and collars were used for each depth.   

2.2  Sample Preparation 

Sediment Samples 

The complete slices of sediment sample were transferred to labelled, zip-lock bags and stored in 

a cool box for return to the laboratory, where they were kept frozen at -20° C.  After freezing, 

the wet samples were weighed and placed in a freeze drier (Edwards Modulyo 4K / RV5) for 36 

hours or until constant dry weight.  Sub-samples of the dried sediment were homogenised in a 

Fritsch agate ball grinder and stored in small, labelled plastic bags.   

Infaunal Samples  

Sediment collected for biological sampling purposes was extruded onto a 1 mm sieve and 

washed carefully with seawater to remove sediment particles and debris.  The remaining 

material was back-washed into plastic tubs, and labelled with core number and slice depth.  
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Approximately 150 ml of 10 % formalin, buffered with borax (pH 9.1-9.3) and stained with 

Rose Bengal solution, was added to fix the sample.  At the laboratory, in a sorting room with a 

powerful extractor unit, each sample was rinsed with fresh water on a 1 mm sieve for at least 35 

minutes to remove the formaldehyde.  It was then transferred to a white tray, where the biota, 

identifiable by the pink stain of the Rose Bengal solution, could be separated from the 

remaining debris.  Most of the biological samples were preserved in 70 % ethyl alcohol to avoid 

sample deterioration, and stored in labelled tubes.  Samples for digestion, however, were freeze 

dried (Edwards Modulyo 4K / RV5) for 36 hours, or until constant dry weight, and stored in 

sealed, labelled tubes. 

Water Samples 

Pore water extraction took place in an oxygen-free environment to avoid changes in the metal 

chemistry of redox-sensitive species through oxidation.  Laboratory sampling used an 

Anaerobic System glove box, Model 1025/1029 (Formica Scientific Inc., U.S.A.) and was set 

with an anaerobic gas mixture and nitrogen gas (1 kg cm-2 = 1 Barr), with an Activated Charcoal 

wafer, an Anotex Catalyst Wafer and a Desiccant Palladium Wafer installed.  For field 

sampling, a portable, inflatable, polyethylene glove bag (Merck Ltd.) was used, filled from an 

oxygen-free nitrogen gas cylinder, with a low-flow regulator attached.   

 

The water above the surface of the core was siphoned off, except for ~20 ml above the 

sediment/water interface, which was collected by syringe.  Core edges were removed and the 

remaining sediment slice was mixed with a spatula, and about half the sediment was transferred 

into labelled, zip-lock bags and frozen for future digestion and ICP-MS analysis.  The remaining 

material was transferred to a labelled centrifuge tube, tightly sealed, removed from the 

anaerobic box and placed in a centrifuge machine (Hettich Zentrifugen, Universal 16/16R, 

Tuttlingen, Germany).   

 

Samples were centrifuged at 9° C for 9 minutes at 5000 rpm.  The tubes were returned to the 

anaerobic box and the supernatant was removed by means of a disposable syringe and length of 
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thin pipette tip.  All water samples collected were filtered through a combination of 5.0 μm and 

0.2 μm Sartorius Minisart filters to avoid any contamination by colloidal particulate matter.  

The filtered sample was finally acidified with 100 μl concentrated HNO3 to ensure the sample 

pH was ≤ 2, and kept refrigerated in labelled, 8 ml HDPE bottles, ready for ICP-MS analysis.   

Careful sample preparation was crucial because many pore water metal concentrations are 

typically very low, and artefacts of sample oxidation, temperature variation or equipment 

contamination were a threat to precise analysis (CEM 1994). 

2.3  Sample Processing 

Sediment Digestion 

Approximately 0.1 g of the dried, homogenised sample was accurately weighed into acid-

cleaned Teflon vessels, to each of which was added 5 ml HNO3 conc. (Primar Grade), 3 ml HCl 

conc. (Primar Grade) and 3 ml HF conc. (Aristar).  The total dissolution of sediment was 

performed by microwave digestion (Microwave Accelerated Reaction System (MARS 5; CEM), 

with a program suitable for marine sediment digestion (Poppiti 1994).  After microwave 

digestion, the Teflon vessels were transferred to a fume cupboard.  The samples were rinsed 

with 2% HNO3 (~10 ml) from the digestion vessels into acid-cleaned Teflon beakers, and 

evaporated on hotplates at 125 °C.  At incipient dryness, more 2% HNO3 (~10 ml) was added 

and the sample was allowed to stand until cool.  Samples were diluted with 2% HNO3 into 50 

ml volumetric flasks and stored in polypropylene sample bottles.   

 

To ensure quality control, a blank and one of the following international certified reference 

materials was included with every ten samples digested: Harbour Sediment, (CRM) LG C6156; 

Estuarine Sediment, (CRM) LGC6137; Polluted Marine Sediment, (CRM) IAEA - 356.   

Infaunal Identification, Abundance, Biomass and Mean Body Size 

The preserved bulk sample was emptied into a sorting tray and examined under a light 

microscope.  All individuals were identified to family level, and abundance within a family 

recorded.  A number of individuals were identified to species level.  After each family group 

was blotted dry and placed on a mass balance, wet weight was recorded and biomass calculated.  
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Mean body size was calculated by dividing biomass by abundance.  The raw data were adjusted 

and presented as abundance (individuals m-2), biomass (g wet wt. m-2) and mean body size (g 

individual–1). 

Infaunal Digestion 

Samples (≤ 0.2 g of tissue) were digested in 10 ml of HNO3 conc. (Primar Grade) by microwave 

digestion (Microwave Accelerated Reaction System (MARS) 5), with a program suitable for 

biological material (Holland & Eaton 1993).  In an effort to extract only metals within the 

biological tissue and not metals associated with sediment silica in the gut of the polychaetes, 

complete dissolution, by means of HCl and HF, was not carried out.  After digestion, samples 

were transferred by multiple rinses with 2% HNO3 from digestion vessels into Teflon beakers, 

and evaporated on hotplates at 125°C.  At incipient dryness, more 2% HNO3 was added, the 

hotplate turned off and the samples allowed to stand until cool.  Because of visible particles in 

the solution of some samples, all samples were filtered (Whatman Filters, #2) as they were 

transferred from beaker to volumetric flask.  They were then diluted up to 50 ml with 2% HNO3 

and stored in polypropylene sample bottles, to be analysed by ICP-MS.  

 

With every microwave run, a blank and an international standard reference material (Plankton, 

(CRM) 414, #0097) was analysed concurrently to assess the accuracy and precision of the 

methods.   Furthermore, five samples were digested three times, and the metal concentration and 

standard deviations checked. 

2.4  General Analytical Methods 

ICP-MS Analysis 

 Principles of ICP-MS Analysis 

A VG Elemental Plasmaquad PQ3 Inductively Coupled Plasma-Mass Spectrometer (ICP-MS) 

was used to determine elemental concentrations for the sediment and pore water core samples as 

well as the biological material.  This instrument provides a quick and precise method of 

analysis, with low detection limits and a high degree of accuracy.  The operation of the ICP-MS 

can be broken down into five basic processes; sample introduction into the argon gas stream; 
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sample dissociation; atomisation and ionisation using Argon plasma; focussing of the sample 

ions; and, finally, detection of electron pulses.  A complete description of the ICP-MS operating 

techniques, with further details of these five processes, can be found in a number of publications 

(Taylor 2001, Gaines 2004). 

Limitations of ICP-MS Analysis 

Sufficient resolution is essential for successful analysis, and peaks are considered resolved if the 

magnitude of the valley between two adjacent peaks is less than 10 % of the mean of the 

magnitude of the peaks (Weast et al. 1989-90, Gaines 2004).  Abundance sensitivity is the 

ability to measure a low concentration peak adjacent to a high concentration peak and can 

sometimes be poor as a result of the tailing from the larger peak into the smaller one (Gaines 

2004).  Because there was insufficient resolution between peaks of the low-mass metal lithium, 

there was difficulty in separating lithium isotopes, Li6 and Li7, and this element could not be 

considered. 

 

Certain metals were not included in the analysis suite because of isobaric interferences.  The 

number of protons (i.e. the atomic number) in the nucleus of an atom is always the same, but, 

the number of neutrons differs according to which isotope is being considered, and this, in turn, 

changes the atomic mass (i.e. the total number of protons plus neutrons) as in Example 1.  

During isobaric interference, the atomic mass of two different elements is actually the same and 

therefore the signals overlap, as in Example 2.    

 
Example 1: different isotopes:   
    24Cr52 = 24 protons, 28 neutrons, Nat. Abu. 83.8 % = 52 atomic mass
   24Cr53 =  24 protons,  29 neutrons,  Nat. Abu.    9.5 % = 53 atomic mass 
 
Example 2: isobaric interference: 
    22Ti50 = 22 protons, 28 neutrons, Nat. Abu 5.4% = 50 atomic mass
   23V50   = 23 protons, 27 neutrons, Nat. Abu 0.25 % = 50 atomic mass 
    24Cr50 = 24 protons, 26 neutrons, Nat. Abu 4.35 %= 50 atomic mass 
 
Isotopic data sourced from CRC Handbook of Chemistry and Physics (Gaines 2004) 
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Example 2 demonstrates that 22Ti50, 23V50 and 24Cr50 have the same atomic mass and therefore 

isobaric interference may occur when measured by ICP-MS.  Low-resolution ICP-MS 

instruments (as used in this study) cannot distinguish between equal mass isotopes of different 

elements present in the same sample solution (Gaines 2004). 

 

Detection of the ions is dependent on successful ionisation of the sample.  However, the 

electrons of certain elements, such as arsenic, selenium and bromide, are not easily excited and 

removed from the atom, with the result that the atoms are not easily ionised in the plasma, and 

the analysis is not sufficiently sensitive.   

 

Molecular or polyatomic interferences are caused by the recombination of sample and matrix 

ions with the argon plasma and other matrix components, e.g. oxygen, nitrogen, hydrogen, 

carbon, chloride and sulphur (Taylor 2001).  These interferences can be a significant issue in the 

determination of elements on the first row of the periodic table (K through Se) because of the 

vast number of combinations of the argon with matrix components (Turekian et al. 1977, Swan 

et al. 1982).  In addition, as a result of the high chloride content of the matrix of the samples in 

the present study (marine samples, digested with HCl acid), the analysis of some metals, such as 

arsenic, vanadium and chromium, was limited through chloride interference.  Because ICP-MS 

is highly sensitive, minimisation of sample and instrument contamination, and low background 

concentrations are essential.  Unfortunately, the instrument used for these analyses has high 

background aluminium, and because typical aluminium concentrations are also high, the ICP-

MS was not suitable for analysis, with the result that the aluminium data were not reliable and 

were excluded. 

Sediment Analysis 

Four separate dilutions were used (10,000x, 5000x, 2000x, 1000x) for five reference samples, to 

determine which dilution was most accurate; and for five random field samples, to determine 

which dilution obtained precise readings for elements at both the low (e.g. Cd, Cs) and high 

(e.g. Fe, Mn) end of the concentration range.  A final dilution factor of 2000 was chosen, and 
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the digested sediment samples were further diluted to fall into this range.  A six-point 

calibration curve was produced with a selection of certified primary standard stock solutions 

(CLARITAS Spex Certiprep), and was used detect the elements of interest: Ba, Cd, Co, Cs, Cu, 

Fe, Mn, Ni, Pb, U, Zn, Mo.  To account for instrumental changes during analysis, 100 μl of 

internal standard, Indium and Bismuth (1 ppm), was added to every sample.  The initial sample 

set-up is given in Table 2.2 and this pattern was repeated for the entire sample collection.   The 

blanks, standards and check solutions were regularly analysed to check for instrument drift and 

to ensure continuity and stability throughout the sample analysis. 

 Water Analysis 

The stock solutions from which the standard calibration solutions were prepared, the range of 

elements of interest, and the internal standard in each sample were the same as for the sediment 

ICP-MS analysis above (§ 2.4.1.3).  The samples were diluted to give a dilution factor of 33 and 

the sample run set-up (Table 2.3) was repeated until all samples had been analysed.  For every 

six samples, a standard reference material (SLEW 3, National Research Council of Canada) was 

also analysed. 

 Biological Analysis 

The stock solutions from which the standard calibration solutions were prepared, the range of 

elements of interest, and the internal standard in each sample were the same as for the sediment 

ICP-MS analysis above (§ 2.4.1.3).  Analysis of reference material and three samples over a 

range of dilutions (1000x, 2000x, 5000x) showed that a dilution factor of 1000 gave the most 

accurate and precise results and best covered the range of sample concentrations.  The digested 

biological samples were appropriately diluted, and the sample run was set up in the same way as 

for the sediment analysis (Table 2.2). 
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Table 2.2  The sample run set-up for sediment and biological samples during ICP-MS analysis.   
 

Sample Number Concentration Sample ID 
1 0 ppb Standard 
2 5 ppb Standard 
3 15 ppb Standard 
4 50 ppb Standard 
5 100 ppb Standard 
6 200 ppb Standard 
7 0 ppb Wash 

8-12 Unknown Sample run of 5 
13 0 ppb Wash 
14 5 ppb Check 
15 50 ppb Check 
16 0 ppb Wash 

17-21 Unknown Sample run of 5 
22 0 ppb Wash 

 

Table 2.3  The sample run set-up for water samples during ICP-MS analysis.   
 

Sample Number Concentration Sample ID 
1 0 ppb Standard 
2 0.5 ppb Standard 
3 1 ppb Standard 
4 3 ppb Standard 
5 8 ppb Standard 
6 20 ppb Standard 
7 0 ppb Wash 

8-12 Unknown Sample run of 5 
13 0 ppb Wash 
14 1 ppb Check 
15 8 ppb Check 
16 0 ppb Wash 

17-21 Unknown Sample run of 5 
22 0 ppb Wash 

 

Gamma Spectroscopy 

   Principles of Gamma Spectroscopy  

Natural and man-made radionuclide activities were analysed with an EG&G Ortec High Purity 

Germanium semiconductor detector.  The principles of detection are based on ionisation 

(electron excitation) induced by interactions between the semiconductor and gamma photon 

energy emitted from the sample.  Gamma photons interact with matter via three main 

mechanisms: the photoelectric effect, (where the total energy of the photon is given up to an 

electron, thus becoming a photoelectron); the Compton scattering effect (in which part of the 
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photon energy is given to a weakly bound electron and the remaining energy is taken by a new 

photon); and the creation of electron-positron pairs (where the photon energy can spontaneously 

produce  two  photons).     It  is  the  photoelectric  effect  that  is  most  significant  in  gamma 

 
spectroscopy.  The semiconductor detector material (electrons) interacts with the gamma 

photons emitted by the sample, and the electron excitation induced produces a series of voltage 

pulses, which are amplified and detected electronically.   

 

Since the accuracy of the detector can be affected by background radiation, it is surrounded by a 

lead shield with a Cu/Cd lining to minimise interference from lead x-rays emitted from the 

shield itself.  Because the accuracy of the detector also depends on keeping the same distance 

between different samples and the detector, all sediment sample disc geometries must be 

reproducible and accurate.   Before running the samples, and each month during analysis, an 

energy peak calibration of the detector was completed with a 152 Eu source, to ensure that peak 

identification was correct. 

   Sediment Dating and Accumulation Rates 

The activity of radionuclides down sediment cores can be used to determine a geochronology 

for the core and calculate a sediment accumulation rate.  One example of this is excess 210Pb.  In 

marine sediments, the daughter radionuclides of Uranium, which include 226Ra, 222Rn and 210Pb, 

are all supported by Uranium and are in equilibrium with each other.  However, gaseous 222Rn is 

released from exposed bedrock to the atmosphere, and decays to 210Pb (Turekian et al. 1977, 

Thomson et al. 1993).  This 210Pb is unsupported and is rained out of the atmosphere to the 

marine environment and deposited to the sediment bed.  The difference between total 210Pb 

(supported and unsupported) and 226Ra  (supported by sediment uranium) is equivalent to excess 

210Pb (Swan et al. 1982, Thompson et al. 2000).    

 
137Cs can also be used for dating sediment.  Nuclear discharges from the British Nuclear Fuels 

Ltd. (BNFL) reprocessing plant at Sellafield (formerly Windscale) began in 1952 (Swan et al. 

1982) and geochronologies for the sediments can be established by observing the peak activities 
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of 137Cs in the core, if one assumes that there have been no significant changes to the 137Cs 

profile after deposition.  Marked peaks in 137Cs activity in the sediment profile can be assigned 

particular dates based on the excessive release of 137Cs from Sellafield discharges and bomb 

testing events (Johnsen et al. 1993b, Davies 1999).   

Gamma Sample Preparation and Analysis 

Sediment was analysed for the gamma emitting radionuclides 210Pb, 226Ra, and 137Cs.  

Depending on the sediment available, 5 g, 10 g, 15 g, or 20 g of freeze-dried, ground sediment 

was pressed into discs with a 20 tonne press.  Pressing the samples into discs made the sediment 

uniform, thus reducing variations in sediment disc geometry and density and minimising 

potential counting errors.  The discs were placed in labelled plastic containers, and completely 

sealed with quick setting epoxy glue to avoid loss of 222Rn.  They were then left for at least 28 

days to allow equilibrium to be reached between parent 226Ra and daughter 222Rn and   210Pb, 

thereby ensuring that the 210Pb activity was not underestimated.  After the samples had been 

counted for approximately 25 hours in the detector, the peak energies, shapes and peak areas of 

radionuclides in the spectra produced for each sample were calculated with GAMMAVISION® 

Software. 

   Radionuclide Activity Calculation 

Peaks of interest were identified, and the software determined the net peak area value (and 

percentage error).  This was then divided by the total live time of counts to give the counts per 

second (cps) of the particular radionuclide.  The average number of background cps, calculated 

by numerous blank runs, was subtracted from the cps at the required energies to give a 

background corrected cps value.  The counting efficiency (and error) for calibration standards at 

particular disc weights (5 g, 10 g, 15 g, 20 g) was calculated to account for variations in the 

counting geometries of different sized samples.  The background corrected cps for each sample 

was divided by the specific counting efficiency of the original disc weight and the radionuclide 

activity value was decay corrected by means of Equation 2.1.  This equation considers the time 

between sample collection and sample counting during which decay can occur, and the half-life 
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of the radionuclide (the period of time over which the activity of the radionuclide has dropped 

by half).  

 
Equation 2.1  At = Ao e –λt               
 
Where   At = activity at time counted 
  Ao = activity at time collected 
  λ = decay constant  
  λ = ln(2) / t½ where t½ = half-life of radionuclide 

t = time difference between sample collection and sample counting 
 
Therefore  Ao =  At / e –[ (ln(2) / t½) ]* t 

 
 
The activity of a particular radionuclide at time of collection (Ao) was expressed as Bequerels 

per kg (Bq kg-1).  The percentage error on the calculated activities (also Bq kg-1) consisted of the 

error on the counts, the average background cps error and the error on the calculated efficiency. 

   Accumulation Rate Calculation 

Two methods were used for determining the accumulation rate, from which the mixing depth 

and age of the mixed depth of the cores were calculated.  Method 1 used 137Cs profiles whereas 

Method 2 used excess 210Pb lead profiles.   

Method 1:  137Cs activity was plotted against the cumulative g cm-2 dry sediment and the 

maximum peak of 137Cs identified in the profile.  The maximum release of 137Cs from Sellafield 

was in 1975, but the peak was assigned the date of 1976 to allow 1 year for transport from 

Sellafield in Cumbria to the northern Scottish sediments studied here.  The cumulative sediment 

value (g cm–2) at the peak was divided by the difference between 1976 and the date of core 

collection (years), to give the sedimentation rate in g cm-2 year-1.    

Method 2:  The natural log of the excess 210Pb activity was plotted against the cumulative g cm–2 

dry sediment and the profile examined.  Below the well-mixed surface layers, the activity of 

210Pb decreased exponentially, below which a constant activity was observed.  The gradient of 

the curve was calculated through regression analysis and the sedimentation rate was calculated 

by a form of the general radioactive equation (Equation 2.2).  The method was based on the CIC 

(constant initial concentration) model, rather than the CRS (constant rate of supply), because the 

sedimentation rate was constant.  The mixing depth was determined and the age of the mixed 

 

49



Chapter 2 

 

layer calculated by dividing the cumulative g cm–2 at the limit of the mixed layer by the 

sedimentation rate.  

 

Equation 2.2      )( teAoAy λ−=
 
Where  Ay = activity at depth y 
  Ao = initial activity at the surface 
  λ  = ln (2) / decay constant 
  t = time in years 
 

which can be re-written as  AolnZ)
ω
λ

(Ayln +−=  

which is in the form y = m x + c 
 
Where  ln = natural log 

ln Ao = constant c 
-( λ / ω) = the gradient m 
Z = weight of sediment per unit area (g cm-2) 

  ω = sediment accumulation rate 
 
Therefore ω = -( λ/m) = sedimentation rate  
 
Particle Size Analysis  

Particle size was automatically determined by means of a LS Coulter Particle Size Analysis 

instrument, coupled with the Polarity Intensity Diffraction System (PIDS) for analysis of very 

fine particles (0.001μm).  Before each analysis, the full suite of reference materials available 

was run, to ensure that the reference sample particle diameters obtained were not significantly 

different from the expected certified values.  The reference materials, supplied by Coulter LS 

Control, were nominal GB 500 glass beads at 500 μm, LS Garnet at 15 μm and latex 300 LS 

Latron at <2.0μm.  In addition, before each sample run, lamp alignment, offsets and background 

counts were checked, and the instrument adjusted if necessary. 

 

Freeze-dried, unground sediment was first dry sieved through a 2 mm Endocot brass sieve, since 

particles greater than 2 mm were beyond the detection limits of the instrument.  The sample was 

then left for 18 hours in a small glass beaker with ~10 ml of water in order to break up the 

sediment that had aggregated during freeze drying, and to form a mud paste that could be easily 

drawn up into a plastic pipette and introduced into a water bath.  After introduction, the sample 
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was ultra-sonicated for 10 seconds before the run commenced to minimise bubble production.  

It was then pumped from the water bath to the cell, through which a laser beam was directed.  

The angle by which light was scattered by the particles, proportional to the particle size 

(Karakassis et al. 1998), indicated the size distribution of the sample.  

Water Content 

After freeze-drying (§ 2.2.1), the sediment samples were reweighed, and the amount of 

interstitial pore water relative to the sediment weight, was calculated for each slice, by means of 

Equation 2.3   

Equation 2.3 Water content (wt.%) = [(wet wt. – dry wt.)/wet wt.] * 100  
 
Organic Matter 

To determine the organic matter content of the sediment, the loss-on-ignition (LOI) method was 

followed, which gives the ash-free dry weight (Johnsen et al. 1993a).  The LOI method is good 

for sediments from enriched sites (as in this study) but may overestimate organic matter in 

samples with low organic content because of the pyrolysis of carbonates and other combustible 

inorganic compounds (Kristensen & Andersen 1987).   Approximately 1 g of freeze-dried, 

ground sediment sample was accurately weighed into a pre-weighed crucible and placed in a 

Gallenkamp combustion oven.  The sediment samples were combusted at 500° C for 18 hours, 

sufficient to combust all the organic matter, including labile, volatile and refractory material 

(Allen et al. 1974, Pearson & Stanley 1979, Morrisey et al. 2000). After combustion, the 

samples were removed from the oven, the crucibles re-weighed and, by using Equation 2.4 

(ZoBell 1946), the percentage LOI was calculated, expressed as total organic matter content.  

After every 40 samples, one was analysed in triplicate to detect variability within a single 

sample.  

Equation 2.4  ( ) [ ]
100

(g)wt.dryoriginal
(g)wt.dryoven(g)wt.dryoriginal

%TOMC ∗
−

=  

 
Where  TOMC (%) = total organic matter content 

original dry wt. (g) = the initial freeze dried weight of the sediment (g) 
oven dry wt. (g) = weight of sediment after combustion at 500°C (g) 
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Redox 

Electro-conductivity was measured with redox probes (Russel pH Ltd., Model CMPtR 106/300 

mm, Auchtermuchty, Scotland), according to the procedure set by Pearson & Stanley (2001).  

The probes were calibrated by immersion in a freshly-made standard solution (1.399 g 

potassium ferrocyanide, 1.089 g potassium ferricyanide and 1.456 g potassium chloride, with a 

repeatable Eh reading of 250 mV ± 10 mV considered acceptable (Schendel et al. 2004).  The 

probe  

was mounted on a Palmer stand and slowly lowered into the core, with a 1 minute delay at each 

measured depth before the conductivity value was recorded.   

2.5 Statistical Analysis 

Many of the results produced from this work did not lend themselves to statistical analysis, 

largely because time limitations during sampling, processing and analysis prevented adequate 

replication.  However, attempts were made to provide confidence in the values obtained for the 

metal analysis through blank correction and testing for accuracy and precision.  Within Chapters 

3, 4, and 5, statistical analysis specifically applicable to the results of the particular chapter is 

described and presented.   

Blank Corrections 

By determining the concentration of metals in the digestion blanks, an estimate could be made 

of background metal concentrations caused by procedural errors or laboratory contamination.  

Analysis of the blanks allowed a blank correction to be made for each metal analysed.  In all the 

digestion runs, the metal values from the blanks were typically very low (< 1.0 ppb) and the 

digestion blank value (or average blank value of several runs from the same digestion period) 

was subtracted from the analysed sample values.   

Accuracy  

Accuracy of the analytical procedure was evaluated by comparing the results obtained from 

standard certified reference material (CRM) with the certified values.  Three different sediment 

reference materials were analysed: CRM LGC6137, Estuarine Sediment; CRM LGC6156, 

Harbour Sediment; and CRM IAEA – 356, Polluted Marine Sediment.  In addition, a certified 

 

52



Chapter 2 

 

pore water reference solution (SLEW 3, NRC, Canada) and a biological reference material 

(CRM 414/0097, Plankton) were analysed.  A corresponding reference material, together with a 

blank, was included in every digestion run.  The analytical results were compiled for each 

reference material and the mean metal concentration calculated, from which the mean of the 

corresponding blanks was subtracted (Table 2.4a-e).  The metal concentrations from reference 

material analysis fell within the range of certified values, except for manganese, iron, nickel, 

cadmium and lead within certain samples, indicated on Table 2.4a-e. 

 

Table 2.4a-e  The certified mean standard reference material concentrations and uncertainty (half-
width of 95 % confidence interval), together with the blank-subtracted mean analysed value, 
uncertainty and relative standard deviation (% RSD) of the reference material samples, given to 
demonstrate the accuracy of the digestion and analysis procedures followed throughout this 
project.  All values are in μg g-1, unless stated otherwise. a) Harbour Sediment, LGC6156, n=8; b) 
Estuarine LGC6137, n=14; c) Polluted Marine IAEA-356, n= 11; d) SLEW 3, NRC Canada, n=8; 
and e) Plankton 414/0097, n=5. 
 
Table 2.4a Sediment 
Harbour  
LGC6156 

Cu Zn Mo Mn Fe Co Ni Pb Cd 

Certified  2400 3530 19.9 553 72000 28.3 161 1685 2.9 
Uncertainty 122 195 2.9 27 5200 2.8 13 140 0.5 
Mean  2522 3925 19.6 670 73375 30.9 184 1994 2.7 
Uncertainty 172 521 0.4 54 7589 2.7 26 31 0.4 
RSD  6 % 9 % 1 % 7 % 7 % 7 % 12 % 1 % 16 % 
  Significant difference: Mn 1 %; Ni 7% 
 
Table 2.4b Sediment 
Estuarine 
LGC6137 

Cu Zn Mn Fe Co Ni Pb 

Certified  31.6 231 665 30700 13.7 31.5 73 
Uncertainty 1.6 16 27 1600 1.7 2.5 3.6 
Mean  37.0 237 728 26805 14.5 40.3 77.3 
Uncertainty 1.6 3.3 13 617 0.6 0.4 1.4 
RSD 5 % 2  % 2 % 3 % 5 % 1 % 2 % 
  Significant difference: Mn 3 %; Fe 5%; Ni 14% 
 
Table 2.4c Sediment 
Polluted 
Marine 
IAEA-356 

Cu Zn U Mn Fe 
(g/kg) 

Co Ba Ni Pb Cd 

Certified  365 977 3.2 312 24.1 15 548 36.9 347 4.47 
Uncertainty 12.0 41.5 0.55 17.5 1.30 1.15 68.5 2.5 32 0.23 
Mean  359 928 3.77 337 22.3 14.6 528 37.3 359 4.51 
Uncertainty 16.8 34.6 0.52 13.0 1.1 0.6 18.5 1.9 19.5 0.4 
RSD 8 % 6 % 15 % 6 % 6 % 6 % 5 % 8 % 9 % 12 % 
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Table 2.4d Pore water; all concentrations are μg l-1

Slew 3 
NRC, Canada 

Cu Zn Mo U Mn  Co Ni Pb Cd 

Certified  11.6 10.2 5.10 11.8 11.6 10.0 11.2 10.0 2.05 
Uncertainty 0.12 0.04 NA NA 0.22 0.01 0.07 0.001 0.004 
Mean  11.2 12.0 5.76 12.3 9.88 9.39 14.4 10.9 2.53 
Uncertainty 0.55 1.7 0.22 0.14 0.32 0.09 0.53 0.51 0.45 
RSD 7 % 14 % 5 % 2 % 5 % 1 % 5 % 6 % 16 % 
  Significant difference: Mn 9 %; Ni 15 % 
 
Table 2.4e Plankton 
Plankton 
414/0097 

Cu Zn Mn Ni Pb Cd 

Certified  29.5 112 299 18 3.97 0.38 
Uncertainty 1.3 3.0 12 0.8 0.19 0.01 
Mean  29.7 106 260 15 4.77 0.40 
Uncertainty 1.8 6.6 16 1.6 1.0 0.01 
RSD 5 % 5 % 5 % 9 % 18 %  31 % 
  Significant difference: Mn 3 %; Ni 2 %; Cd 5% 
 
Precision 

Samples were digested multiple times and the mean metal concentration, and 95 % confidence 

levels for each mean (Equation 2.5), was calculated.  Table 2.5a-b presents the results from 

these calculations and indicates the precision of the procedural methods followed in this project.   

Equation 2.5  
n
SD*t

χIntervalConfidence%95 ±=  

Where  χ  = mean 
t = Student’s t value where degree of confidence = 0.05 and v (degrees of 
freedom) = n-1  

  n = number of observations 
  SD = Standard Deviation  
 
Table 2.5a-b  The mean metal concentration of a) sediment samples 1 (n = 14) and 2 (n = 11), and b) pore 
water (n = 8) and biological samples (n = 3), with the 95 % confidence intervals and standard deviation, 
given to demonstrate precision of the digestion and analysis procedures.  All sediment and biological 
metal concentrations are μg g-1, unless marked by *, where they are g kg-1; all pore water sample 
concentrations are ng g-1.  Conf. Int.: confidence interval; SD: standard deviation. 
 
Table 2.5a Sediment Samples 

 Sample 1   Sample 2   
Metal Mean Conf. Int. SD Mean Conf. Int.  SD 
Cu 39.23 ± 1.25 2.16 358.8 ± 19.19 28.58 
Zn 258.25 ± 11.63 20.14 927.86 ± 35.57 52.96 
Mn 701.7 ± 32.83 56.9 363.29 ± 40.7 60.6 
Fe 25071.8 ± 1154.7 2000.3 23.32* ± 2.01* 3.0* 
Mo 1.57 ± 0.09 0.11 7.94 ± 2.31 3.44 
U 2.53 ± 0.07 0.08 5.51 ± 1.92 2.86 
Cd 0.95 ± 0.16 0.17 4.65 ± 0.84 1.25 
Co 15.62 ± 0.62 1.07 14.62 ± 0.94 1.41 
Ni 43.40 ± 1.73 2.98 37.56 ± 3.28 4.89 
Ba 303.48 ± 12.05 20.87 517.12 ± 13.91 20.70 
Pb 82.26 ± 3.61 6.25 346.64 ± 34.01 50.62 
Cs 0.95 ± 0.16 0.17 N/A N/A N/A 
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Table 2.5b Pore Water and Biological Samples 

 Pore 
Water 

  Biological   

Metal Mean Conf. Int. SD Mean Conf. Int.  SD 
Cu 12.73 ± 0.62 0.74 29.73 ± 3.99 1.61 
Zn 15.80 ± 1.77 2.13 105.67 ± 14.52 5.84 
Mn 10.33 ± 0.38 0.47 260.69 ± 34.65 13.95 
Fe 2358 ±100.19 119.83 N/A N/A N/A 
Mo 6.87 ± 0.31 0.37 1.11 ± 0.67 0.27 
U 12.33 ± 0.16 0.20 N/A N/A N/A 
Cd 2.79 ± 0.35 0.42 0.78 ± 0.03 0.01 
Co 9.39 ± 0.11 0.13 1.72 ± 0.11 0.04 
Ni 16.93 ± 1.83 2.19 14.96 ± 3.42 1.38 
Ba 33.23 ± 0.56 0.66 N/A N/A N/A 
Pb 11.36 ± 0.58 0.69 4.77 ± 2.14 0.86 
Cs 10.12 ± 0.06 0.08 N/A N/A N/A 

 
 

The means and standard deviations (SD) shown in Table 2.5a-b were used to incorporate a 

measure of procedural precision with each analysed sample value.  Sediment Sample 2 was 

used, rather than Sample 1, since it had a higher percent relative standard deviation and would 

represent the worst case scenario.  The SD for each metal in each sample type (i.e. sediment, 

pore water, biological; Table 2.5a-b) was squared and divided by the mean, and then scaled to 

assume a constant linear relationship by multiplying the quotient by the analysed sample value, 

in order to produce an estimate of procedural error.  In addition, triplicate ICP-MS analysis of 

the samples was performed and the percentage relative standard deviations (RSD’s), 

representing instrumental error, were examined.  Precision was considered acceptable, since the 

RSD’s for all metals were < 5 % (generally between 0.05% and 1.5 %), except for cadmium, 

which ranged from 0.2 % to one maximum value of 9.7 %.  The procedural error and the 

instrumental error were additively combined and then square rooted to give a total error for each 

sample analysed.  For each sample analysed, the mean metal concentration from the triplicate 

ICP-MS readings, together with the combined procedural and instrumental errors, has been 

presented in the individual results sections.  Replicate samples for the determination of organic 

matter content were also completed to ensure precision was acceptable (< 2 % RSD). 

Limits of Detection 

In order to determine the limits of detection (LOD) of the ICP-MS instrument, the standard 

deviation of the 0 ppb analysis blanks (i.e. washes and calibration zero standards) was 
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multiplied by three (Table 2.6).  The LOD were sufficiently low enough to analyse the sample 

concentrations.  

 
Table 2.6  Limits of detection (LOD) of the ICP-MS instrument. 
 

Element LOD (ng g-1) 
Cu 0.09 
Zn 0.17 
Mn 0.03 
Fe 2.69 
Mo 0.02 
U 0.01 
Cd 0.02 
Co 0.05 
Ni 0.04 
Ba 0.32 
Pb 0.02 
Cs 0.02 
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3. Field Investigations 

There have been various studies investigating the environmental interactions of fish farms in 

Scottish sea lochs, but most have focussed on features such as organic matter, infaunal 

populations and therapeutant impacts (Brown et al. 1987, Gowen & Bradbury 1987, Gowen et 

al. 1990, Gowen & Rosenthal 1993, Hargrave et al. 1997b, Nickell 1997, e.g. Karakassis et al. 

1998, Morrisey et al. 2000, Cromey et al. 2002b, Brooks & Mahnken 2003).  There has been no 

extensive work specifically researching the physical, biological and geochemical pathways of 

metals in farm sediments.  The field investigations in the present study were an attempt to fill 

that gap, by examining the physicochemical, biological and geochemical sediment features 

surrounding fish farms, in order to identify potential metal sources and the biogeochemical 

controls on metal concentration and distribution.   

 

The first section in this chapter describes two preliminary investigations examining sediment 

biogeochemical conditions.  One was designed to provide a small-scale, snapshot of spatial 

variation and the other to give a provisional picture of temporal variation.  The second section 

of the chapter describes the first major field investigation, which was designed as a large scale 

survey of the spatial distribution and temporal variation of sediment metals.  Although broad in 

scope, it was intended to scrutinize only the surface sediment.  The third section, the second of 

the two major field investigations, also investigated the spatial distribution of metals, but was 

designed to analyse metal concentrations at depth.   

 

Although the expanding scope and developing sequence of the field investigations helped to 

build up an increasingly coherent picture of the sediment metal biogeochemistry, the question 

that each investigation posed was essentially the same: what are the concentration, spatial 

distribution and temporal variation of metals in sediment around a fish farm?  To understand the 

overall patterns that emerge, it is advantageous to discuss the results synoptically rather than 

individually.  With this in mind, the structure of the chapter consists of three separate sections 

for the investigations, each with its own introduction, methodology and results.  The three 
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sections will then be followed by a comprehensive discussion, which attempts to combine the 

findings of all the investigations and provide a broad overview of farm conditions and sediment 

metal behaviour.  

 

3.1 Preliminary Studies 

Introduction 

The preliminary investigations assessed whether the sediment conditions at fish farms appeared 

to differ from a control site (Study 1) and change over time (Study 2).  Although both were 

limited in scope, they provided the initial evidence to inform further investigations on a larger 

scale. 

 

The aim of the first preliminary study (Study 1), based in the Firth of Lorn, was to provide 

tentative evidence that sediment constituents, in particular sediment metal concentrations, at an 

active fish farm were different from those at a reference site.  In this preliminary work, only two 

sampling sites were reviewed, one directly beside the farm, and another at a distance; and only 

two cores from each site were collected.   

 

The aim of the second preliminary study (Study 2), based in Loch Craignish, was to assess both 

the temporal variation in the sediment conditions beside an active fish farm over the growing 

season, and any variability between sediment cores collected at the same time and place. Again, 

the focus of the work was restricted, with only one sampling station surveyed, but the extent of 

the investigation was expanded as several cores were collected from the site on two different 

occasions over the farm growing season. 

Methodology 

  Study 1: Comparison of Dunstaffnage Fish Farm and Reference Site 

Hydrographics of Site 

Dunstaffnage fish farm is situated on the west coast of Scotland (Figure 3.1a) within the fjordic 

sea loch system encompassing southern Loch Linnhe, Loch Etive, Firth of Lorne and Lynn of 
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Lorn (Figure 3.1b).  The farm is in the Lynn of Lorn, along a relatively exposed stretch of 

coastline.  Water depth in the area is between 30-50 m, the predominant water current direction  

at the farm is to the north east (069˚) and the near-bed (z = 2 m) mean and maximum current 

speeds are 5 cm s-1 and 23 cm s-1, respectively (Edwards & Sharples 1991, H.O. 1995).  

 

Fish Farm Details 

At the time of sampling, the farm produced Atlantic salmon, Salmo salar, and was owned and 

operated by Scottish Sea Farms (formerly Golden Sea Produce).  The farm layout was 6 

polarCirkel® cages (100 m circumference, 15 m in-water cage depth), positioned in two rows of 

three cages.  The feed type used at the farm was Aqualife (Biomar, UK), and feed input and 

total farm biomass are given in Table 3.1.  

 
Table 3.1  The estimated feed input and monthly biomass figures for the Dunstaffnage fish farm, for 
the 4 months preceding the sampling trip.  The feed input has been calculated based on the 
estimated standard feed conversion ratio (FCR) of 1.3 for salmon at market size.  Feed input and 
biomass decrease as the fish were culled through December and January. 
 

Month, Year Feed Input (kg) Biomass (t) 
October, 1998 1496 1151 
November, 1998 1538 1183 
December, 1998 820 631 
January, 1999 240 184 

 

Sample Site 

The fish farm sampling station (OS: 186652 E, 734032 N) was directly adjacent to the northern 

cages, 275 m from the shore, in a water depth of 47.2 m (Figure 3.1c).  The reference station 

(OS: 186403 E, 734421 N) was 450 m from the farm station, 725 m from the shore, in a water 

depth of 33.8 m (Figure 3.1c).  Since the reference site was north west of the fish farm and the 

predominant current flows north east, it was assumed that any waste dispersed from the farm 

would not reach the reference site. 

Sample Collection  

During a cruise on the RV Seol Mara in April 1999, 4 Sholkovitz cores, 2 from each sample 

site, were collected and visual observations of the cores were recorded (Table 3.2).  This corer 
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obtains sediment from the sediment/water interface to a depth of 50 - 70 cm, sufficiently deep to 

identify farm impacted, and background sediment conditions. 

 
Table 3.2  Visual observations and core characteristics, recorded during sediment collection and 
slicing.  Sediment cores collected from the Dunstaffnage fish farm site and the Dunstaffnage 
reference site, April 1999.    
 

Observations Fish Farm Site Reference Site 
Length 60 cm 70 cm 
Length post slicing 
(Compaction) 

50 cm  
(10 cm) 

65 cm 
(5 cm) 

Characteristics 0 – 6 cm 
soft detritus, grainy, black channels, 
some worms  
6 – 15 cm 
mixed brown, grey and black, 
strong smell of H2S and fish feed, 
many worms 
15 – 30 cm 
blacker, grey mix, less grainy, less 
worms, some shell debris 
30 – 45 cm 
blacker still, no worms, more shell 
debris 
45 – 50 cm 
clay, grey, brown, smooth, most 
shell debris 

0 – 7 cm 
light brown, soft, crumbly,   some 
shell debris 
7 – 20 cm 
mixed brown and grey, sandy,   
some worms 
 
20 – 34 cm 
black starts, brown, grey, darker 
with depth 
 
 
34 – 65 cm 
black streaks, light grey, clay, 
shells present 

 
Slicing Resolution 

The slicing resolution for the first core collected from each station was every 1 cm to 15 cm 

depth, followed by every 2 cm to full core depth.  These samples were used to determine 

physical and geochemical parameters (solid phase metals, sediment water content, organic 

matter content, particle grain size, and radionuclides).  The top 20 cm of the second core 

collected at each site was used to determine biological conditions (macrofaunal abundance, 

biomass, mean body size, tissue metal concentration).  For a full description of coring 

techniques, sediment sample collection, infaunal sample preparation, sample processing and 

analytical methods, refer to relevant sections in Chapter 2. 

 

Study 2: Temporal Variability at Port Bheachan Farm 

Hydrographics of Site 

Loch Craignish (OS reference NR780980) is a sea loch on the west coast of Scotland (Figure 

3.2a-c).  The catchment area is 73 sq. km., annual precipitation over the watershed 

 

77



Chapter 3 

 

approximately 1750 mm, and the annual freshwater runoff 109 million-m3 year–1 (Edwards & 

Sharples 1991).   

 

The water current patterns around the loch remain poorly understood.  Despite numerous studies 

of water currents and circulation patterns for the Scottish west coast, only two have been 

completed for the area around Loch Craignish (Holliday et al., 2002; unpublished reports, pers 

comm. C. Griffiths).  The mouth of the loch opens into the Sound of Jura, which has particularly 

complicated water current patterns (Edwards & Sharples 1991).  The northward path of 

seawater entering the Sound of Jura, caused by the residual northwards current direction of the 

Scottish west coast, is restricted by the near-shore coastal islands of Jura, Scarba, Luing and Seil 

(Figure 3.2b).  This results in a bottleneck effect, although there are narrow escape channels 

through the Gulf of Corryvreckan, the Sound of Luing, the Cuan Sound and the Seil Sound 

(Figure 3.2b).  These local, dynamic features are likely to have a significant effect on the 

hydrographic conditions within Loch Craignish itself.  

 

The loch is 8.8 km in length, running in a NE to SW direction, and is partitioned by 3 large (~2-

3 km long) and 3 smaller (<1 km long) islands, also running NE to SW (Figure 3.2c).  It has a 

low to moderate tidal range (2.1 m) and a mean low water depth of 15.4 m (Ezzi et al. 1993).  

There are three sills on the eastern side of Eilean Righ, but the sill depths are similar to mean 

loch depth (Dytham 1999).  As a result, the free horizontal connection of water occurs at either 

side of the sills, limiting stratification and restricting the formation of a well-defined pycnocline, 

and resulting in a vertically well-mixed loch (Dytham 1999).  This suggests that the circulation 

patterns more closely resemble a partially or well-mixed estuary, rather than a salt wedge 

estuary predicted by the low tidal range and volume of river run off. 

Fish Farm Details 

Loch Craignish is one of the many sea lochs on the west coast of Scotland that support an 

actively growing fish farming industry and the current operations in the loch are owned and 

operated by Lakeland Marine Farms Ltd.  Atlantic salmon, Salmo salar, has been produced in 
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Loch Craignish since the late 1980’s, although in 2000 the farm company was also involved in 

field trials for on-growing of cod at the site (pers comm., 2000, site manager, Owen Powys).  In 

common with most of the salmon industry, there has been a steady increase in production of 

salmon in Loch Craignish and, in 2000, the discharge consent was set for a maximum on-site 

salmon biomass of 500 tonnes (SEPA, local officer, pers comm. 2003).  

 

The area leased from the Crown Estate and under consent from SEPA to Lakeland Marine Ltd. 

in 2000 included most of the channel of water to the east of Eilean Righ (Figure 3.2c).  The 

farm consisted of two large farming units, Port Bheachan and Port na Mòine (Figure 3.2c), with 

an assortment of plastic circles and traditional steel square cages, in mixed sizes and of varying 

numbers. Port Bheachan was chosen as the cage unit from which to sample, as it was predicted 

by the farm manager that this unit would have a more consistent farming regime over the 

following year, whereas the Port na MÒine site was likely to be relocated, or at least have some 

cages removed.  Specific details of the Port Bheachan cage unit site are given in Table 3.3. 

 
Table 3.3  The number and mean weight of fish, the total biomass and the feed input to the Port 
Bheachan cage units over the farm production year, from April to December 2000.  Information 
supplied by Colin Blair, Manager Lakeland Marine Ltd., Lochgilphead. 
 

Month No. fish Mean wt. 
(kg) 

Biomass 
(kg) 

Feed Input 
(kg) 

April 322703 0.494 159538 28950 
May 318121 0.576 183111 36925 
June 312924 0.689 215513 48375 
July 312125 0.795 248093 65405 
August 90698 1.648 149428 52528 
September 147213 1.505 221530 41850 
October 205153 1.700 348844 75443 
November 202757 1.973 399963 94934 
December 137658 2.513 345969 60824 

 

Sample Site  

The sampling site (OS: 181043 E, 702121 N) was directly adjacent to the southernmost cage of 

the Port Bheachan site, with a water depth of 17 m (Figure 3.2c).   

Sample Collection  

As sediment was required from an area closer to the farm than a research vessel could access, 8 

Craib core and 7 Spear core samples were collected by SCUBA divers in March and December 
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2000, respectively.  Since March was very early in the growing season, and the release of waste 

from the farm was minimal, it was expected that the impact of any release would also be low.  

By December, however, which was very near the end of the season, considerably more waste 

had been released, and therefore a greater impact on the sediment conditions was expected.  

Spear cores were used in December, since the wider diameter of the core would allow sufficient 

sediment to be collected for both solid phase and pore water metal analysis.  Replicate samples 

were collected to assess core variability. 

Slicing Resolution 

Chemical, physical and biological variables were analysed, and the slicing resolution depended 

on the intended analyses to be performed (Table 3.4).  The sampling in December involved both 

solid phase and pore water metal analysis, which provided more detailed information about 

diagenetic reactions and sediment geochemistry, in particular, the redox conditions and the 

behaviour of redox sensitive metals.  For a full description of coring techniques, sediment 

sample and pore water collection, infaunal sample preparation, sample processing and analytical 

methods, refer to relevant sections in Chapter 2. 

 
Table 3.4  The type and number of cores collected, with the particular slicing resolution, and the 
analysis to be performed from the sample collection in March and December 2000, at the Port 
Bheachan farm site.  
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Month Core 
Type 

# of 
cores 

Slicing Resolution Analysis 

March Craib 2 0-2 cm by 0.5 cm 
2-14 cm by 1 cm 
 

Solid Phase Metals 
Organic Matter Content 
Radionuclides 
Water Content 

  3 0-12 cm by 3 cm Abundance  
Biomass 
Mean Body Size 
Body Tissue Metals 

  3 +1-0cm by 1cm 
0-4 cm by 0.5 cm 
4-12 cm by 1 cm 

Redox 

December Spear 2 0-10 cm by 0.5 cm 
10-60 cm by 1 cm 

Solid Phase Metals 
Pore Water Metals 
Organic Matter Content 
Radionuclides 
Particle Size 

  5 0-12 cm  
(bulk sample) 

Abundance  
Biomass 
Mean Body Size 
Body Tissue Metals  
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Statistical Analysis 

In March, statistical significance of relationships between biological measures (abundance, 

biomass and mean body size) and each factor (family, core and depth) was determined by 

analysis of variance.  The data were normally distributed (by the Anderson Darling test) and 

showed homogeneity of variance (by Levene’s test) but since the factors were not fully 

independent of each other, a mixed model of both random (core) and fixed (depth, family) 

factors was necessary.  Although there were different ways to classify the data (by depth, core 

and family), since there was only one observation for each factor combination (total abundance, 

or total biomass, or mean size), a multi-factorial, three-way, mixed, General Linear Model 

(GLM) ANOVA was performed with MiniTab 13.      

  

The biological data from December did not meet the requirements for ANOVA testing because, 

despite their normal distribution, homogeneity of variance could not be confirmed, since only 

single point measurements had been taken (one measure for whole core, i.e. not depth separated 

as in March).  Accordingly, the non-parametric Mann-Whitney rank test was chosen, which 

makes no assumptions of variance or distribution, and is particularly effective with low n 

numbers (Kristensen & Andersen 1987).  The Mann-Whitney test is slightly less powerful than 

ANOVA or ‘t’-testing, but has the advantage that if there is no real significant difference 

between variables, it is less likely to find a significant result (Clarke & Warwick 2001).  Mann-

Whitney testing also determined the significant differences between March and December in 

biological variables. 
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Results 

Study 1: Comparison of Dunstaffnage Fish Farm and Reference Site 

Sediment Metal Concentration 

Since the aim was to illuminate differences in the sediment conditions between a fish farm and a 

reference site, only metals displaying an obvious difference in concentration between the two 

sites have been presented.  The sediment metal concentrations are given in Appendix 1A1.   

 

Levels of copper, zinc, and molybdenum were all higher at the farm site in the surface 15 cm of 

sediment, but similar below this depth at both sites (Figures 3.3a, b, g).  Levels of cadmium and 

caesium were also higher at the farm in the surface 13 cm and 10 cm of sediment respectively 

(Figures 3.3c, d).  Below these depths, their levels decreased, but were still higher than the 

reference site, where the concentrations were usually below the detection limits (shown as zero). 

 

Uranium levels at the farm were also higher than the reference site, increasing from the surface 

to 11 cm depth, then decreasing to 19 cm and remaining steady thereafter (Figure 3.3h).  At the 

reference site, uranium levels remained constant in the top 20 cm, then increased below that 

depth. 

 

In contrast, levels of solid phase manganese and iron were lower at the farm site, where 

manganese remained constant at all depths and iron showed some variability (Figs. 3.3e, f).  At 

the reference site, manganese levels were highest at the surface and decreased with depth, while 

iron remained variable at all depths. 

Sediment Physical Conditions 

At the farm site, both water and organic matter content were high but variable in the surface 12 

cm, then gradually decreased with increasing depth (Figure 3.4a-b).  At the reference site, the 
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surface sediment organic matter content was lower than at the farm site, and remained fairly 

constant with core depth, whereas the water content steadily decreased to 8 cm depth, below 

which it also remained fairly constant.  

 

The particle size analysis data are presented as percentage contributions from coarse (> 63 µm) 

and fine (< 63 µm) particles (Figure 3.4c-d).   At both sites, the greatest proportion of sediment 

was in the fine fraction.  The farm site had a relatively higher percentage of coarse particles in 

the surface 15 cm, compared with the sediment below this depth, and a much greater percentage 

contribution of coarse grained particles throughout the core than the reference site.  The full data 

set, giving percentage contribution of all size classes are given in Appendix 1A1. 

Radionuclides and Mass Sediment Accumulation Rate 

The sediment peaks in 137Cs activity were clearly identified in the profiles and the mass 

sediment accumulation rates calculated were 0.54 g cm-2 yr-1 at Dunstaffnage farm and 0.15 g 

cm-2 yr-1 at the Reference site (Figure 3.5a).  The maximum discharge of caesium in 1975 

represents a pulsed input, so that although the peak at the farm site was within the mixed layer, 

the actual peak position would not affected by sediment mixing processes such as bioturbation, 

although mixing could have smoothed the profile.  At Dunstaffnage, the 137Cs peak was deeper 

than it was at the reference site, and had a correspondingly greater accumulation rate.   

 

In contrast, 210Pb is a steady state input and thus the profile activity will be heavily affected by 

mixing.  Since there was considerable variability in excess 210Pb activity in the farm sediment, 

and the profile did not decrease exponentially below a mixed surface depth to reach a constant 

activity at depth, the profile was not used for sediment accumulation rates.  At the reference site, 

the slope of the exponential decrease in excess 210Pb activity below the surface mixed depth was 

used to calculate an accumulation rate of 0.19 g cm-2 yr-1 (Figure 3.5b), which agreed well with 

the rate calculated from the 137Cs profile.  The cumulative mass depth at the limit of the surface 

mixed layers (6.65 g cm-2 at 15-17 cm) was divided by the mass sediment accumulation rate to 
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produce an age for the mixed layers of 34 years. However, it must be noted that the reference 

site also displayed a perturbed profile.    
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Figure 3.3 a-d  Sediment metal concentration (μg g-1) of cores collected in April 1999.
                                                                                                    Error bars are combined SD.Dunstaffnage Fish Farm Site; Reference Site.
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Figure 3.3 e-h  Sediment metal concentration (μg g-1) of cores collected in April 1999.  
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as percent contribution:  > 63 μm (coarse); < 63 μm (fine).

Organic Matter Content Water Content

 

 

 

 

89



Chapter 3 

 

Figure 3.5 a  137Cs activity in cores collected in April 1999, with maximum peaks identified.
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Sediment Infauna 

Identification to species level was intended for both cores collected.  At the farm site, the 

polychaete individuals were identified as Capitella capitata, Malacocerus fuliginosus and 

Polydora sp..  At the reference site, no polychaete species were positively identified owing to 

damage to the specimens’ head regions, although there was possibly a Maldanidae sp..  

Abundance and biomass of polychaetes were much greater at the farm site, although mean body 

size was less.  Crustaceans were only present in the farm sediment, and echinoderms were only 

found at the reference site (Table 3.5). 

 
Table 3.5  The abundance (individuals m-2), biomass (g m-2) and mean body size (g individual-1) of 
major taxa present in the 20 cm core samples, taken from Dunstaffnage fish farm site and 
Dunstaffnage reference site, April 1999.  Nil: no fauna found. 
 

Taxa Variable Fish Farm Site Reference Site 
Polychaete Abundance  105000 2000 
 Biomass  1213 32 
 Mean Body Size 0.012 0.017 
Crustacean Abundance  900 Nil 
 Biomass  2 Nil 
 Mean Body Size 0.002 Nil 
Echinoderm Abundance  Nil 100 
 Biomass  Nil 0.1 
 Mean Body Size  Nil 0.008 

 

Infaunal Metal Concentrations 

Metal concentrations in the body tissues were determined for ten, randomly selected 

polychaetes from each site (Table 3.6).  Levels of copper, molybdenum and uranium were 

higher at the farm site, whereas cadmium, manganese and iron were higher at the reference site.  

Zinc levels were similar at both sites, and no caesium was detected in the polychaetes at either 

site. 

 
Table 3.6  The concentration of metals (μg g-1) in a sub-sample of the polychaetes collected from 
sediment cores from Dunstaffnage fish farm site and Dunstaffnage reference site, April 1999.  SD of 
the combined procedural and instrumental error italicised. 
 

Site Copper Zinc Cadmium Manganese Iron Molybdenum Uranium 
Fish Farm 42.2 

2.9 
139.1 
8.9 

3.8 
0.04 

138.0 
10.2 

9490.0 
241.1 

6.7 
0.06 

3.5 
0.1 

Reference 21.2 
1.8 

137.2 
8.7 

5.3 
0.04 

591.8 
30.1 

16425.8 
1164.9 

4.7 
0.56 

2.1 
0.1 
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  Study 2:  Temporal Variability at Port Bheachan Farm 

The same metals as in the first preliminary study are presented, but additional metals were 

analysed and, as the results were reliable and accurate, have also been shown.  The sediment 

and pore water metal concentrations are given in Appendix 1A2.  As a result of logistical 

problems in December, despite two cores being collected, only one was sliced and analysed.  

Sediment and Pore Water Metal Concentration 

Sediment copper, zinc and cadmium all showed a similar trend in March and December, with 

concentration increasing from the surface to a sub-surface maximum at ~2-4 cm, below which it 

decreased (Figures 3.6a-f).  However, copper did have peaks in concentration at depth which 

were not apparent in the zinc and cadmium profiles.  The copper profiles differed considerably 

between the two cores in March, although those for zinc and cadmium were nearly identical.  

Copper levels were similar in March and December, whereas zinc, and to a lesser extent, 

cadmium, had increased.  In March and December, concentrations of all three metals decreased 

to a fairly stable level by 8 cm depth.  Pore water copper, zinc and cadmium concentrations 

were variable at all depths, although peaks were evident at similar depths for all three.   

 

The sediment profile trends for caesium were similar in March and December, with an increase 

in concentration from the surface to 1 cm, and then a decrease to 4 cm depth, below which there 

was a general increase back to levels seen at 1 cm depth (Figure 3.6g-h).  The topmost surface 

sediment concentration of caesium was the same for both cores in March, below which there 

was a marked difference.  Core 1 from March and the December core showed similar 

concentrations, but Core 2 from March had a much higher concentration than the other two 

cores.  Pore water caesium concentration in December was variable with high errors, but 

generally, after an increase below the surface, soluble caesium decreased with depth.   

 

The profiles of solid phase manganese, iron, cobalt, nickel, barium and lead were similar in 

March and December (Figures 3.6i-l;q-x).  Bearing in mind the high errors, in general, trends 

were variable to 1.5 cm depth but showed a decrease in concentration to ~3-5 cm, followed by 
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an increase, after which there was a gradual decrease again.  There was variability between the 

two cores collected in March, although trends were similar.  In December, the metal 

concentrations were lower, and the low concentrations reached during the decrease in the 

surface sediments were observed shallower in the sediment profile than in March.  Levels of 

pore water manganese, iron, cobalt, nickel, barium, and lead showed high errors and were 

variable with some sub-surface peaks, but generally decreased with depth. 

 

The profiles of solid phase molybdenum and uranium in March were similar to copper, zinc and 

cadmium, with concentration increasing from the surface to a sub-surface maximum, below 

which it gradually decreased (Figures 3.6m-p).  There was little variation between the cores 

collected in March.  In December, molybdenum and uranium concentrations were variable but 

generally decreased with depth, reaching a stable concentration by 6 cm, and molybdenum 

levels increased over the growing season.  Pore water molybdenum was variable, but generally 

increased with depth, whereas pore water uranium decreased in the surface between 0-2 cm and 

then increased with increasing depth.   

Sediment Physical Conditions 

The trend for total organic matter content was similar in March and December, with highest 

levels in the surface layers, decreasing to a steady concentration by 6 cm depth (Figure 3.7a).  

The actual values were similar in the two cores from March, suggesting homogeneity in 

distribution of organic carbon.  From March to December, there was a marked increase in total 

organic matter content in the surface 3 cm, below which the contents were similar.   

 

Water content profile trends were similar in March and December, with highest levels in the 

surface layers that decreased with depth (Figure 3.7b).  There was little variance between the 

two cores in March.   Water content was much higher in the surface 3 cm in December, but 

rapidly decreased to a much lower level than that seen in March, until 10 cm depth and below, 

where the levels were similar.     
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As a result of a processing error, samples from March were not analysed for particle size.  In 

December (Figure 3.7c), the surface 4 cm were dominated by coarse particles (> 63 μm), 

although with increasing depth the trend was for an increase in fine particles (< 63 μm). 

 

In March, redox potential was positive and changed little between 0-0.5 cm, but between 0.5 cm 

and 3.5 cm there was a marked decrease, followed by a more gradual decrease with increasing 

depth (Figure 3.7d).  The redox potential discontinuity (RPD) depth, where reductive processes 

balance oxidative processes, was between 1.5 cm and 2 cm, below which the sediment 

conditions were increasingly reducing.  There were only small variations between the three 

redox measures from March.  Due to instrument failure, no readings were available in 

December.     

Radionuclides and Mass Sediment Accumulation Rate  

The activity of 137Cs was used from the March and December cores to calculate mass sediment 

accumulation rates (Figure 3.8a).  The 137Cs profile from March was highly variable, most likely 

as a result of sediment mixing, with the result that no definitive peak could be identified within 

the shallow sediment core collected, and a rate could not be determined.  The 137Cs profile from 

December was also mixed, but a peak area depth was observed.  The average of 3 points was 

used to calculate the mass sediment accumulation rate of 0.13 g cm-2 yr-1 in December.   

 

The 210Pb profiles were also used to calculate mass sediment accumulation rates (Figure 3.8b).  

However, the profile from March did not display an exponential decrease to a constant activity 

below the surface mixed depth, most likely because the sediment was highly mixed and of 

insufficient depth, and a rate could not be calculated.  In December, the slope of the curve below 

the surface mixed layers, and above the relatively constant activity at depth, was used to 

calculate a mass sediment accumulation rate of 0.14 g cm-2 yr-1, which was comparable to the 

rate produced using the 137Cs method.  The depth limit of the mixed surface layers was 5-5.5 

cm, giving the mixed box an age of 15 years. 
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Figure 3.6a-d  Sediment metal concentration (μg g-1)of cores collected from beside Port Bheachan
fish farm in March and December 2000.   March: Core 1, Core 2.  

Sediment, Pore Water,     Overlying Water.December: 
Error bars are combined SD.
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Figure 3.6e-h Sediment metal concentration (μg g-1) of cores collected from beside Port Bheachan
fish farm in March and December 2000.   March: Core 1, Core 2.  
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Error bars are combined SD.
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Figure 3.6i-l Sediment metal concentration (μg g-1) of cores collected from beside Port Bheachan
fish farm in March and December 2000.   March: Core 1, Core 2. 

Sediment, Pore Water,     Overlying Water.December: 
Error bars are combined SD.
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Figure 3.6m-p Sediment metal concentration (μg g-1)of cores collected from beside Port Bheachan 
fish farm in March and December 2000.   March: Core 1, Core 2.  

Sediment, Pore Water,     Overlying Water.December: 
Error bars are combined SD.
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Figure 3.6q-t Sediment metal concentration (μg g-1) of cores collected from beside Port Bheachan
fish farm in March and December 2000.   March: Core 1, Core 2.  

Sediment, Pore Water,     Overlying Water.December: 
Error bars are combined SD.
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Figure 3.6q-t Sediment metal concentration (μg g-1) of cores collected from beside Port Bheachan
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Sediment, Pore Water,     Overlying WaterDecember: 
Errors are SE on triplicate analysis

Sediment Lead (μg g-1)
10 20 30 40 50 60

D
ep

th
 (c

m
)

0

2

4

6

8

10

12

14

16

18

Sediment Barium (μg g-1)
100 200 300 400 500 600

D
ep

th
 (c

m
)

0

2

4

6

8

10

12

14

16

18

Sediment Barium (μg g-1)
100 200 300 400 500 600

D
ep

th
 (c

m
)

0

2

4

6

8

10

12

14

16

18

Pore Water Barium (μg l-1)
6 12 18 24 30 36

Sediment Lead (μg g-1)
10 20 30 40 50 60

D
ep

th
 (c

m
)

0

2

4

6

8

10

12

14

16

18

Pore Water Lead (μg l-1)
2 4 6 8 10 12 14 16 18 20

u) Barium, March v) Barium, December

x) Lead, Decemberw) Lead, March

Figure 3.6u-x Sediment metal concentration (μg g-1) of cores collected from beside Port Bheachan
fish farm in March and December 2000.   March: Core 1, Core 2.  

Sediment, Pore Water,     Overlying Water.December: 
Error bars are combined SD.
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Figures 3.7a-d  Sediment physical conditions of cores collected from beside Port Bheahcan fish
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Figure 3.8a  137Cs activity in a core collected from beside Port Bheachan fish farm in March and in 
December 2000.  March peak could not be identified; December peak not clearly defined and average
of 3 points (boxed) were used to calculate rate.
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Sediment Infauna 

The faunal samples from March and December were identified to family level, Capitellidae and 

Spionidae, and individuals from two cores from each sampling event were identified to species 

level.  Only four species were found:  Capitella capitata and Mediomastus fragilus 

(Capitellidae); and Malacocerus fuliginosus and Polydora spp (Spionidae), indicative of the low 

diversity of the faunal community at the fish farm site.  

 

The abundance, biomass, and mean body size of Capitellidae and Spionidae at 0-3 cm, 3-6 cm, 

6-9 cm and 9-12 cm depth in the three cores from March are shown in Figure 3.9a-c.  There was 

no significant difference (p > 0.05) between the three cores in abundance (p = 0.92, df = 2, F = 

1.3), biomass (p = 0.88, df = 2, F = 0.13) or mean animal size (p = 0.31, df = 2, F = 1.28).  Total 

abundance, biomass, and mean body size of Capitellidae and Spionidae in the five cores from 

December (together with the core totals from March) are shown in Figure 3.9d-f.    Time 

constraints during the sampling regime meant that December cores were not depth separated 

and, as a result, differences between cores could not be statistically tested because of 

insufficient data inputs from single point measurements for each core.  However, it was 

assumed that, as in March, there was no statistical difference between the five cores, and visual 

representation of the data supported this assumption (Figure 3.9 d-f). 

 

In March, Capitellidae had a significantly greater abundance (p < 0.01, df = 1, F = 4228.9) and 

biomass (p = 0.02, df = 1, F = 67.3) than Spionidae.  In December, however, although 

Capitellidae were still significantly more abundant (p = 0.01, w = 40), Spionidae made a 

significantly greater (p = 0.01, w = 15) contribution to the biomass. 

 

Despite field observations that Spionidae were much larger than Capitellidae, and Figure 3.9c 

showing a larger mean body size for Spionidae, there was no significant difference (p = 0.17, df 

= 1, F = 4.4) in mean body size between the two families in March.  There was, however, a 
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significant difference (p = 0.01, w = 15) in December, when Spionidae were much larger than 

Capitellidae.  The statistically insignificant result for March probably occurred because at 

certain depths in some cores no Spionidae were found, so that the statistical analysis gave a 

greater proportional weighting to the Capitellidae.   

 

For both Capitellidae and Spionidae in March, there was a significant difference between 

abundance (p < 0.01, df = 3, F = 12.8), biomass (p < 0.01, df = 3, F = 53.0) and mean body size 

(p = 0.03, df = 3, F = 4.3) at different depths.  The largest portion of burrow tubes was noted in 

the surface 0-3 cm, although the greatest abundance of Capitellidae and Spionidae was evident 

below this depth.  Similarly, biomass and mean size tended to be lowest at the surface, with the 

larger individuals generally found at 3-9 cm depth.  Because the December cores were not depth 

separated, significant differences with depth could not be determined. 

 

There was a significant difference in Capitellidae abundance (p = 0.03, w =15), biomass (p = 

0.04, w= 15) and mean body size (p = 0.03, w = 15) between March and December, with much 

lower values at the end of the season (Figure 3.9 d-f).  However there was no significant 

difference in abundance (p = 0.46, w= 19.5), biomass (p = 0.55, w = 25) and mean body size (p 

= 0.14, w= 17) for Spionidae between March and December.  
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Figure 3.9a-f  Sediment infaunal conditions of cores collected from beside Port Bheachan 
fish farm in March and December 2000. Capitellidae, Spionidae.
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Infaunal Metal Concentrations 

All sediment polychaetes from one of each of the cores collected in March and December were 

analysed for metal concentration in the tissues, as well as a sea slug (Aeolidia papillosa) and sea 

anemone (Metridium senile) from the sediment surface, and mussels (Mytilus edilus) attached to 

cage mooring ropes in December (Table 3.7a-b).  Conclusive trends were difficult to identify in 

the data, since patterns were variable and changed between the two families, with depth, and 

over the growing season.  That said, the following summarises the trends reported in Tables 

3.7a-b. 

 

In March, copper and zinc were much higher in the polychaetes from the 0-3 cm sample and 

decreased with depth, with more copper in Capitellidae and more zinc in Spionidae.  However, 

by December, Spionidae had higher copper levels than Capitellidae, while zinc levels were 

similar in both.  Copper concentrations in both families decreased from March to December, but 

zinc increased in Capitellidae and decreased in Spionidae. 

 

In March, nickel was much higher in the polychaetes from the 0-3 cm sample and decreased 

with depth, and the surface Spionidae had a greater concentration than Capitellidae.  However, 

below 3 cm in March and in December, Capitellidae had a higher nickel concentration than 

Spionidae.  The nickel levels in both families were much higher in December than in March. 

 

Cadmium was not detected in Capitellidae in March although was found in the tissues of 

Spionidae from the 0-3 cm sample.  However, by December, cadmium levels had decreased in 

Spionidae and increased in Capitellidae.  

 

In March, molybdenum, uranium, cobalt and manganese levels in both families were variable 

but did not differ much with depth.  In March and December, molybdenum was higher in 

Spionidae, and cobalt and manganese were higher in Capitellidae; while uranium was higher in 

Capitellidae in March but similar in both families by December.  Over the season, molybdenum 
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increased in Capitellidae but not Spionidae, uranium and manganese increased in both, and 

cobalt stayed the same in Capitellidae but increased in Spionidae. 

 
Table 3.7a  The metal concentration (μg g-1) in body tissues of Capitellidae and Spionidae from one 
of the depth separated cores, collected in March 2000.  SD of the combined procedural and 
instrumental error italicised.  
 

Family Depth 
(cm) 

Cu Zn Cd Mo U Co Ni Mn 
        

Capitellidae 0-3 217.8 303.5 0.0 1.5 0.9 3.8 11.4 96.0 
  2.3 3.1 0.0 0.1 0.03 0.1 0.2 1.1 
 3-6 14.4 120.6 0.0 1.1 2.0 2.6 2.8 69.2 
  0.4 2.2 0.0 0.03 0.01 0.04 0.2 0.2 
 6-9 11.4 114.0 0.0 1.3 1.4 3.0 6.5 75.5 
  0.2 3.1 0.0 0.02 0.1 0.1 0.3 2.0 

59.1 Spionidae 0-3 738.2 4.5 5.7 0 3.2 31.1 44.6 
  1.0 7.2 0.02 0.2 0.03 0.03 0.4 0.4 
 3-6 30.9 151.4 0.0 2.6 0.6 0.5 0.0 11.5 
  0.2 1.5 0.0 0.04 0.01 0.01 0.0 0.1 
 6-9 38.6 145.5 0.0 3.2 0.7 0.8 1.1 19.0 
  0.6 2.5 0.0 0.1 0.03 0.03 0.2 0.3 

 

 

Table 3.7b  The mean metal concentration (μg g-1) in body tissues of Capitellidae and Spionidae 
across all depths from the depth separated core collected in March 2000, together with tissue metal 
concentrations (μg g-1) for Capitellidae, Spionidae, Aeolidiidae, Metridiidae and Mytilidae, 
collected in December 2000.  Italicised SD in March are of the mean over depths; italicised SD in 
December are of the combined procedural and instrumental error.  
 

Month Family Cu Zn Cd Mo U Co Ni Mn 
March Capitellidae 81.2 179.4 0.0 1.3 1.4 3.1 6.9 80.2 
  68.3 62.1 0.0 0.1 0.3 0.4 2.5 8.1 
 Spionidae 42.9 345.0 1.5 3.8 0.5 1.5 10.7 25.0 
  14.6 340.5 2.6 1.7 0.4 1.5 17.6 17.4 
December Capitellidae 17.5 197.9 1.5 2.1 2.9 2.9 51.4 63.5 
  0.3 5.4 0.1 0.2 0.1 0.02 0.5 0.4 
 Spionidae 26.5 191.4 0.3 3.9 3.1 2.1 36.0 22.1 
  6.4 9.2 0.1 0.4 0.01 0.1 1.5 2.0 
 Aeolidiidae 9.7 315.4 0.3 3.2 0.3 3.5 2.8 3.5 
  0.04 1.9 0.02 0.02 0.01 0.02 0.1 0.1 
 Metridiidae 13.9 141.7 0.4 3.2 5.5 1.2 10.1 12.7 
  0.5 1.1 0.1 0.01 0.1 0.04 0.3 0.4 
 Mytilidae 7.8 149.9 0.7 0.4 0.1 3.0 41.5 3.8 
  2.3 62.0 0.3 0.1 0.02 0.4 33.3 3.4 
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3.2  First Major Field Investigation: Radial Survey at Port Bheachan Farm 

Introduction 

The aim of the first major field investigation was to examine the spatial distribution and 

temporal variation of metal concentrations in sediments around a fish farm, with a view to 

confirming the results from the first two preliminary, small-scale studies.  The investigation was 

based at the Port Bheachan farm site in Loch Craignish and was a comprehensive survey of 

sediment conditions, particularly solid phase metal concentrations, at two different times during 

the fish farm growing season.    

 

For hydrographical information on Loch Craignish and the surrounding area, and details of the 

fish farm operation, refer to § 3.1.2.2, Figures 3.2a-c and Table 3.3.  

Methodology 

Sample Site 

In order to provide as spatially wide a survey as possible, the sediment in an area covering 

approximately one square kilometre was extensively sampled along elliptical radial transects, 

expanding from the fish farm cage edges (Figure 3.10a-b).  The OS reference details, water 

depth, and distance and direction from the farm of each of the seventy sampling stations are 

given in Appendix 1B1. 

Sample Collection 

Seventy sediment cores were collected in May 2000 and then again in December 2000 from 

around the Port Bheachan farm site in Loch Craignish (Figure 3.10a-b).  Based on the evidence 

from the preliminary study at the site, it was presumed that since May was relatively early in the 

farm growing season, and December very near the end, there would be an increased sediment 

impact observed over the two sampling times, as a result of the increased waste released from 

the farm over the season.  Because of the intensive sampling regime, the samples were collected 

by Craib coring from RV Seol Mara.  This corer can be easily deployed from the research 

vessel, and the cores can be quickly processed aboard. 
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Figure 3.10a Port Bheachan farm site with depth contours and radial transect stations
in May 2000 marked.

Figure 3.10b Port Bheachan farm site with depth contours and radial transect stations
in December 2000 marked. 
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Slicing Resolution 

The slicing resolution for each core collected was every 1cm from the surface to 10 cm depth, 

although for this first major field investigation, the analysis was deliberately limited to the 

surface 1 cm of sediment.  Surface sediment was analysed for metal concentration, water and 

organic matter content and particle grain size.  For a full description of coring techniques, 

sediment sample collection, sample processing and analytical methods, refer to relevant method 

sections in Chapter 2.   

Organic Matter Content 

In a modified loss-on-ignition combustion procedure (§ 2.4.5), the pre-weighed samples were 

combusted at 250°C for 18 hours, removed from the oven and weighed.  The samples were then 

returned to the oven and combusted at 500°C for 18 hours.  This double-combustion method 

allowed some distinction to be made between labile (i.e. easily combusted at or below 250°C) 

and refractory (i.e. combusted at temperatures between 250°C and 500°C) organic matter 

(Everitt 1980).  By using the weight loss after 250°C and then the weight loss after 500°C, the 

labile and refractory organic matter contents were calculated, respectively (Equation 2.4).  The 

resulting two values were summed to produce total organic matter content.  

Statistical Analyses 

Based on all the metal concentrations analysed at each sample station, multivariate cluster and 

ordination analyses determined quantitative relationships between sample stations and between 

metal concentrations.  Canonical correspondence analysis gave the relationship between 

measured environmental variables and the distribution of stations, and the distribution of metals, 

while Monte Carlo permutation testing showed which environmental variables had a statistically 

significant influence on the distribution of metals around the farm.  Changes over time were 

investigated by comparing the analyses of the May and December data.  

 

The statistical analysis package, Plymouth Routines In Multivariate Ecological Research, 

PRIMER v. 5 (Clarke & Warwick 2001), produced matrices of similarity coefficients between 

every pair of samples, using the Bray Curtis similarity coefficient on transformed (log (x + 1)) 
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and standardised data.  Data were standardised by dividing each entry by the sum of all enteries 

in the sample and multiplying by 100.  Based on the metal concentrations at each station, two 

matrices were created, one that calculated similarity coefficients between all the sampling 

stations and another that calculated similarity coefficients between all the metals.   

 

Each similarity matrix was subjected to hierarchical agglomerative clustering (Kruskal & Wish 

1978) and dendograms were plotted that classified samples (in this case, stations or metals) into 

groups that were mutually similar by Cluster analysis (PRIMER v.5).  Starting with the highest 

similarities, the samples were successively fused into groups, and these groups into larger 

clusters by gradually decreasing the similarity level (Clarke & Warwick 2001).   

 

Based on the same similarity matrices, data ordination, by means of non-metric 

multidimensional scaling analysis (MDS in PRIMER v.5), created a “map” or configuration of 

the samples (Clarke & Warwick 2001).  Placement of samples on the n-dimensional map 

reflected similarity between sample pairs, such that the greater the distance between samples, 

the greater the dissimilarity.   The success with which the distance rankings between samples 

agreed with the matching similarity rankings from the original matrix was measured by a stress 

co-efficient (ter Braak & Smilauer 1998).  Stress values reflect any disagreement between the 

two sets of ranks used to create the ordination and can range from < 0.01, suggesting a perfect 

representation of the data, to > 0.3, where the ordination should be treated with scepticism and 

most probably discarded (Manly 1991).   

 

To determine how the distribution of sample stations and metals was influenced by 

environmental conditions, canonical correspondence analysis (CCA) was performed with the 

Canonical Community Ordination (CANOCO v. 4) software package.  The measured 

environmental variables at each station were sediment porosity, dry bulk density (DBD), 

particle size (PSA), organic matter (labile, refractory and total; LOM, ROM, TOM)), and water 

depth.  Because of the range in metal concentrations, metal data were transformed (log (x+1)), 
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and since environmental parameters used several different units (e.g. organic matter %; particle 

size μm; water depth m), they were standardised.  Despite many of these variables having either 

similar (e.g. LOM, ROM, TOM), or directly opposite (e.g. porosity and DBD) effects, co-

linearity was not detected amongst these interdependent variables.  Nevertheless, variables were 

introduced into the analysis individually, starting with clearly independent variables and 

successively testing the significance of all the others.  CCA produced eigenvalues that measured 

total variance, and canonical eigenvalues that determined if the majority of the variance in metal 

concentrations could be explained by particular environmental variables (ter Braak & Smilauer 

1998).  The statistical significance (p < 0.05) of the relationship between the metals and the 

environmental variables was computed by an unrestricted Monte Carlo permutation test (Clarke 

& Warwick 2001). 

Results 

The large volume of data produced from the investigation was presented in Surfer (©Golden 

Software Inc.).  The data for each metal are presented in individual contour plots, with May and 

December results shown opposite each other.  The sampling survey extended beyond the 

ordinance limits of the presented plots, but in order to illuminate the marked changes around the 

farm, some outer stations were excluded by the plot limits.  However, since all the excluded 

stations displayed a similar concentration to those on the outer limits of the plot, their inclusion 

would not have altered the overall patterns observed.  Accurate distances are given in Appendix 

1B1: distances cited in the text are estimates from the farm centre, and directions are relative to 

the farm cages.  All data are given in Appendix 1B1. 

Sediment Metal Concentration 

Copper:   In May, the highest levels were observed under the farm and to the SW.  

Background concentrations (i.e. ≤ 16 μg g-1 from Miller, 2000; 1998) were 

reached within ~100 m.  By December, the area under the farm with the highest 

concentration had increased slightly, but overall, patterns were similar to those 

observed in May (Figure 3.11a-b). 

 

113



Chapter 3 

 

Zinc: Concentration in May was highest under the cages and to the immediate SW.  

High levels were observed beyond the farm perimeter, spreading up to ~150 m 

SW, but, beyond this, only background levels (≤ 110 μg g-1 from Miller, 2000; 

1998) were observed.  By December, the area with the greatest concentration 

covered a larger area under the cages and to the SW than in May.  However, the 

general distribution in the surrounding area was similar (Figure 3.11c-d).  

Cadmium: In May, there was a small area SW that had a higher surface level than the 

surrounding sediment.  By December, levels were much higher under the farm 

cages and up to ~150 m SE and SW (Figure 3.11e-f). 

Caesium: Levels in May were variable around the farm, with areas of high and low 

concentration.  By December, a clearer pattern was observed, with low levels 

seen under the southern cages, spreading >150 m SW (Figure 3.11g-h). 

Manganese: Concentration in May was lowest immediately to the SW, with low levels also 

seen under the southern farm cages and spreading SW.  By December, the 

lowest concentration was observed under the southern farm cages and up to 

~150 m SW, with low levels also extending beyond 250 m SW (Figure 3.11i-j).  

Iron: In May, there was a small area SW with lower levels than those seen elsewhere.  

By December, the area under the southern cages and to the SW had a lower 

level and these low levels spread >250 m SW.  Under the northern cages and 

the surrounding area, levels were higher (Figure 3.11k-l).  

Molybdenum: In May, levels were similar across the whole survey area, except under one cage 

and to the immediate SW, where they were higher.  By December, the levels 

under the southern cages and up to ~50 m SW had increased, although 

elsewhere they were similar to those observed in May (Figure 3.11m-n).   

Uranium: Concentration in May was higher under the farm and to the NW and SW.  

Although the levels seen at distance from the farm in December were the same 

as in May, those under the southern cages and up to ~50 m SW were higher 

(Figure 3.11o-p). 
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Cobalt: Concentration in May was variable, although levels were lower in the NE and 

SW areas.  A clearer pattern was identified by December, with the lowest levels 

found under the southern cages and levels lower than elsewhere observed 

spreading up to ~250 m SW (Figure 3.11q-r). 

Nickel: Concentration in May was variable, although two areas E and SW had the 

lowest levels.  By December, the area under the southern cages and up to ~250 

m SW had the lowest levels, with higher levels observed elsewhere (Figure 

3.11s-t). 

Barium: In May, concentration was lowest in the immediate SW.  The general 

distribution pattern was similar in December, although there was a larger area 

with the lowest levels observed under the southern cages, spreading ~250 m 

SW (Figure 3.11u-v). 

Lead: Concentration was variable in May, with the lowest levels under the southern 

cages and to the SW.  By December, a clearer pattern was observed, with the 

lowest levels noted under the southern cages and up to ~250 m SW (Figure 

3.11w-x). 

Sediment Physical Conditions 

Total Organic Matter: The sediment under the southern cages and up to ~50 m SE and SW 

had a higher organic matter content than the surrounding area.  By December, 

the organic matter content under the southern cages was higher, although levels 

elsewhere were similar (Figure 3.12a-b).   

Water Content: In May, the sediment water content was variable, but the highest levels 

were under the farm cages.  By December, the general pattern was similar, but 

levels were higher below the southern farm cages (Figure 3.12c-d). 

Particle Size Analysis: In May, the sediment under the farm and in the surrounding area 

generally had the same percentage contribution of fine particles (i.e. < 63μm), 

although small pockets, under the cages and to the SW had a lower 

contribution.  In December, a larger area under the farm, spreading ~75 m SW, 
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had a lower contribution of fine particles, although the size analysis of the 

surrounding sediments was similar to that seen in May (Figure 3.12e-f).   

 

 

116



Chapter 3 

 

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

16

35

108

270

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

110

150

270

410

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

0

0.6

1.2

1.8

                           Surface sediment metal concentration              around the Port Bheachan
farm in May and December 2000.  Cages marked as black circles.

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

2

3

4

5

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

a) Copper, May b) Copper, December

c) Zinc, May d) Zinc, December

e) Cadmium, May f) Cadmium, December

g) Caesium, May h) Caesium, December
   Cs

   Cd 

    Zn 

   Cu 

Figure 3.11a-h  (µg g  )-1

 (µg g  )-1

 (µg g  )-1

 (µg g  )-1

 (µg g  )-1

 

 

 

117



Chapter 3 

 

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

230

330

430

530

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

16000

18000

20000

22000

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

0

5

10

15

                           Surface sediment metal concentration             around the Port Bheachan
farm in May and December 2000.  Cages marked as black circles.

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

0

3

6

9

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

i) Manganese, May j) Manganese, December

k) Iron, May l) Iron, December

m) Molybdenum, May n) Molybdenum, December

o) Uranium, May p) Uranium, December
  U

  Mo

    Fe 

   Mn 
 (µg g  )-1

 (µg g  )-1

 (µg g  )-1

 (µg g  )-1

 (µg g  )-1Figure 3.11i-p

 

 

 

 

118



Chapter 3 

 

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

8

10

12

14

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

25

35

45

55

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

200

250

300

350

                           Surface sediment metal concentration             around the Port Bheachan
farm in May and December 2000.  Cages marked as black circles.

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

24

28

32

36

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

q) Cobalt, May r) Cobalt, December

s) Nickel, May t) Nickel, December

u) Barium, May v) Barium, December

w) Lead, May x) Lead, December
  Pb

  Ba

    Ni 

  Co 
 (µg g  )-1

 (µg g  )-1

 (µg g  )-1

 (µg g  )-1

 (µg g  )-1Figure 3.11 q-x

 

 

119



Chapter 3 

 

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

10

15

20

25

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

                          Surface sediment total organic matter content (TOM, %) , water content (WC, %) and 
particle size analysis (PSA, % particles < 63   m) around the Port Bheachan farm in May and December
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Statistical Analysis 

To simplify the presentation of results from the multivariate tests, the individual distance and 

direction vectors for each station were grouped (Table 3.8).  All distances were from the farm 

centre and direction was relative to the farm unit. 

 
Table 3.8  The groupings of the distance and direction vectors from the farm centre, for the sample 
stations.   
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Distance of 
station from 

farm 

Distance 
Groups 

Direction of 
station from 

farm (relative to 
grid North) 

Direction 
Groups 

0-100 m Very close 337.5°-22.5° North (N) 
100-200 m Close 22.5°-67.5° North East (NE) 
200-300 m Intermediate 67.5°-112.5° East (E) 
300-400 m Far 112.5°-15.5° South East (SE) 
> 400 m Very far 157.5°-202.5° South (S) 
  202.5°-24.5° South West (SW) 
  247.5°-292.5° West (W) 
  292.5°-337.5° North West (NW) 

 

The cluster dendograms from May and December (Appendix 1B2) show that all stations had an 

86 % similarity.  In both May and December, a group of stations to the SW, most of which were 

very close, had a 93 % similarity. However, the analysis was unable to separate out clearly the 

majority of sample stations.  Cluster analysis revealed that the similarity between all the metals 

was lower in May (41 %) than December (65 %).  The similarity between manganese, iron, 

cobalt, nickel, caesium, barium and lead was 95 % in both May and December, but copper, zinc, 

cadmium, molybdenum and uranium were not clustered similarly. 

 

Cluster analysis is misleading when gradation in structure across sample stations occurs, usually 

in response to some environmental forcing, for example, water column depth or salinity range 

(Clarke & Warwick 2001).  Sediment metal concentrations may have formed a gradient across 

the farm area, as the farm itself was a possible source of metals.  Further ecological gradients 

will have formed as a result of physical and biogeochemical processes, such as the residual 

current direction, organic material deposition and sediment biological interactions.  In such 

circumstances, ordination procedures of multivariate analysis are preferable to cluster analysis, 

although dendograms with a high percentage similarity still prove useful in recognizing and 

confirming particular groupings in the MDS plots (Clarke & Warwick 2001). 

 

Groups were identified in the non-metric MDS ordination plots for all the stations, showing 

patterns in distance and direction from the farm (Figure 3.13a-b and Table 3.9).  In May, all 

Group I stations were very close and to the SW, N, NE and E.  Group II stations were all close 
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and to the NE, and Group III stations were all very close and close, to the S, SW and SE.  All 

the remaining stations were clumped together and not easily separated.  The stress value in the 

May plot was 0.08, corresponding to a good ordination, with no real prospect of a misleading 

interpretation (Clarke & Warwick 2001).  In December, Group I stations were very close and to 

the SW.  Group II stations were very close and to the N, NE and NW, and Group III stations 

were close and to the SW.  The remaining stations were clumped together and could not clearly 

be separated.  In December, the stress value was 0.04, giving an excellent representation of the 

data with no possibility of misinterpretation (Ponce et al. 2000).    
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                              The non-metric MDS ordination plots, by PRIMER, of all
stations around Port Bheachan fish farm in May and December 2000. For
grouping definitions (I-III) refer to text and Table 3.9.

b) December

very close

close

intermediate

far

very far

Distance from Farm

(0-100 m)

(100-200 m)

(200-300m)

(300-400 m)

(> 400 m)

  Figure 3.13a-b

I

III

II

I

II

III

 

Table 3.9  The grouping of sample stations by distance and direction from the farm, based on the 
non-metric MDS and the CCA analysis for May and December 2000. 
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Grouping May, 

MDS 
May, 
CCA 

Dec., 
MDS 

Dec., 
CCA 

very close 
SW 

  Grp. I Grp. I 

very close 
SW, W, NW, N, NE, E 

Grp. I Grp. I Grp. II Grp. II 

close, intermediate 
NE 

Grp. II Grp. II   

very close, close 
SW, S, SE 

Grp. III Grp. III   

close 
SW, W, NW, N, NE, E 

  Grp. III Grp. III 

close, intermediate 
SW, W, NW, N, S 

 Grp. V   

intermediate, far 
SW, NE 

   Grp. V 

Very far 
SW 

 Grp. IV  Grp. IV 

 

The MDS ordination plots for all stations have been overlain with bubble plots of metal 

concentration (Figure 3.14a-x).  In May and December, the sediment concentration of copper, 

zinc, cadmium, molybdenum and uranium was high at the very close stations in all directions 

but highest at the SW stations.  Further from the farm, high concentrations were evident, but 

only to the S and SW.  In general, the remaining metals, manganese, iron, cobalt, nickel, 

caesium, barium and lead, showed the lowest concentrations at very close stations in all 

directions and further stations SW of the farm.  This pattern was more pronounced in December, 

than in May.  

 
Figure 3.14a-d  The non-metric MDS ordination plots of stations, overlain with bubble plots of 
metal concentrations, around Port Bheachan farm in May and December 2000. 
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The general trends identified in the MDS ordination plots of all metals were similar in May and 

December (Figure 3.15a-b) although there was variability in particular metals’ mapping.  

Manganese, iron, cobalt, nickel, caesium, barium and lead all converged together, but have been 

presented with spaces between for visual clarification.  Copper, zinc, cadmium, molybdenum 

and uranium were pulled out from this first grouping, and from each other, in the MDS plot.  

The stress value for both plots was 0.01, suggesting an excellent representation of the data 

(Ponce et al. 2000). 

Figure 3.15a-b The non-metric MDS ordination plots, by PRIMER, of all
metals around Port Bheachan farm in May and December 2000.  
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During CCA, to show how the distribution of stations was related to environmental variables, 

there was no significant change in position of stations or vectors with increasing environmental 

variables included, so all variables are shown in the bi-plots.  In May and December (Figure 

3.16a-b), the stations were grouped depending on distance and direction from the farm, and 

similarities were evident with the groupings determined from the MDS analyses (Figure 3.13 

and Table 3.9).  In May, strong correspondence to particular environmental vectors was not 

apparent, although many of the stations oriented around the direction and organic matter content 

vectors were the very close, close, intermediate and very far SW stations.  In December, most of 

the stations did not correspond with a particular environmental variable.  However, stations that 

were intermediate, far and very far were oriented along the distance vector, and the stations 

around the organic matter vectors were all very close and to the SW. 

V

II
I

 III

IV

I

II

III

IV
V

a) May   b) December  
Figure 3.16a-b  CCA bi-plots of all stations and environmental variables around Port Bheachan farm in 
May and December 2000.  LOM: labile organic matter; ROM: refractory organic matter; TOM: total 
organic matter; DBD: dry bulk density; PSA: particle size analysis (%< 63 μm).  For grouping 
definitions, see Table 3.9. 
 
Since there were no significant changes as a result of increasing the number of environmental 

variables in the analysis to determine the influence of the variables on metal distribution, the 

CCA bi-plots for May and December also show all the environmental variables (Figure 3.16c-

d).  The Monte Carlo permutation test indicated which environmental variables were the most 

influential (Table 3.10).  The permutation analysis calculated that all the data within the CCA 

plots explained 99 % of the total variance in metal distribution in both May and December, 
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suggesting that the plots were an excellent representation of the data.  In May, the eigenvalue 

was 0.018 and the canonical eigenvalue 0.008, showing that the measured environmental 

variables explained 44 % of the total variance (Table 3.10).  In December, with an eigenvalue of 

0.021 and a canonical eigenvalue of 0.016, environmental variables explained 76 % of the total 

variance (Table 3.10).  The remaining environmental variables (not listed in Table 3.10) did not 

explain any more of the total variance and the Monte Carlo significance could not be calculated.  

Table 3.10  The Monte Carlo significance of the most influential environmental variables on the 
distribution of metals around the Port Bheachan farm, May and December 2000.  LOM: labile 
organic matter; ROM: refractory organic matter content; TOM: total organic matter; PSA: 
particle size analysis (% contribution of particles <63 μm). 
 

Month Environmental 
Variable 

p- value F- ratio 

May TOM 0.002 17.51 
 Direction 0.006 7.58 
 ROM 0.006 5.62 
 PSA 0.038 2.83 
 Distance 0.054 3.15 
December TOM 0.002 125.56 
 Porosity 0.002 8.81 
 Distance 0.004 5.92 
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Figure 3.16c-d  CCA bi-plots of all metals and environmental variables around Port Bheachan farm in 
May and December 2000.  LOM: labile organic matter; ROM: refractory organic matter; TOM: total 
organic matter; DBD: dry bulk density; PSA: particle size analysis (% < 63 μm).   
In May (Figure 3.16c), many of the metals were clustered close to the CCA plot origin, 

suggesting that no particular environmental variable was strongly affecting the metal 

distribution.  However, the Monte Carlo analysis indicated it was more likely that many 

environmental variables were weakly affecting the metals.  Copper, zinc, cadmium, 

molybdenum and uranium were all positioned between the organic matter vectors, confirming 

the significance of organic matter revealed by the Monte Carlo analysis.  Manganese, iron, 

nickel, cobalt, barium and lead were all clustered together, indicating a similar pattern of 

distribution, and their position on the inverse of the organic matter vectors suggested that high 

organic matter concentration implied low metal concentrations.  These metals were also close to 

the origin of the particle size vector, suggesting that their distribution was affected when there 

was a low percentage contribution from fine particles, that is, at the farm.  The Monte Carlo 

analyses also calculated distance and direction as significant influences, and the fact that many 

of the metals were either on the inverse, or close to the origin, of these vectors, indicates an 

association with proximity to the farm.  

 

In the December CCA bi-plot (Figure 3.16d), the metals had been pulled further from the origin 

than in May, indicating that the association with environmental variables was more pronounced.  

As in May, copper, zinc, cadmium, molybdenum and uranium were all between the organic 

matter vectors but were further along the axes; and manganese, iron, cobalt, nickel, barium and 

lead were again clustered together, on the inverse of the organic matter vectors.  Although 

sediment porosity may have influenced metal distribution, since water content was highest at 

stations close to the farm, it is likely that the significance of porosity from the Monte Carlo 

analysis was an artefact of the total organic matter and the porosity vectors being co-linear. The 

significance of distance from the farm, indicated by the Monte Carlo test, was not reflected in 

the CCA plot, with no particular association of metals with this vector.  This was possibly due 

to the difficulty in representing a multi-dimensional picture in only two dimensions, since the 

preceding analyses suggested that distance was an important influence on metal distribution.   
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3.3  Second Major Field Investigation: Depth Survey at Port Bheachan Farm 

Introduction 

The aim of the second major field investigation was to explore in greater detail the spatial 

distribution of metals around a fish farm by determining their concentration at depth in the 

sediment.  The depth survey was based around the Port Bheachan farm site in Loch Craignish 

and was intended to reinforce the findings of the two, small-scale, preliminary studies as well as 

the first major field investigation.  The investigation was designed to provide a more thorough 

understanding of sedimentary metal behaviour by studying the changes in concentration with 

increasing depth which may be explained by diagenetic processes, changes in redox and 

biogeochemical conditions, and sediment accumulation.   

Methodology 

For hydrographical information on Loch Craignish and the surrounding area, and details of the 

fish farm operation, refer to § 3.1.2.2, Figures 3.2a-c and Table 3.3.  

Sample Site  

The dominant area of metal distribution in December 2000 had already been determined by the 

first major field investigation.  On the basis of this information, two sampling transects were 

selected that cut through (north east to south west) and across (north west to south east) the 

distribution area.  Along the two transects, thirteen sediment core samples were selected from 

those already collected for the first major field investigation (Figure 3.17).  The OS reference 

details, the water depth, and the distance and direction from the farm of each sampling station 

are given in Appendix 1C1.  

Slicing Resolution 

The slicing resolution for each core collected was every 1 cm from the surface to 10 cm depth, 

and sediment was analysed for solid phase metal concentration and organic matter content.  For 

a full description of coring techniques, sediment sample collection, sample processing and 

analytical methods, refer to relevant methods sections in Chapter 2.  Labile, refractory and total 

organic matter was determined, as described in § 3.2.2. 
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N

Figure 3.17  Port Bheachan farm cages (open circles) in Loch Craignish, with sampling stations 
(+) marked along two transects. 
 
Results 

The results from the second major field investigation have been presented as contour plots, 

produced by Surfer.  There may be concentration contours between the sampling stations that 

are merely artefacts of the contouring package, but concentrations at each sampling station, 

marked with a cross, are accurate.  There were no samples at 0 m, that is, the farm centre, since 

it was impossible to sample immediately beneath the farm, but the stations ~20-25 m from the 

farm centre were situated between cages and very close to the middle farm walkway, thereby 

representing under-farm conditions.  The stations at ~50-60 m were at the perimeter of the farm 

cages; all the remaining stations were at greater distance from the farm.  Accurate distances are 

given in Appendix 1C1; distances cited in the main text are approximate.  Distances and 

directions are in relation to the centre of the farm.  All data are given in Appendix 1C1.  

Sediment Metal Concentrations 

Copper: The station ~25 m SW had the highest concentration down to 5 cm.   The 

stations ~20 m NE and ~60 m SW also had high concentrations down to 5-6 

cm.  At stations ~50 m SE, ~60 m NW and ~100 m SW, levels were lower but 
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still higher in the surface 3-5 cm than at depth.  All other stations, at all depths, 

had background levels (Figure 3.18a-b). 

Zinc: Within ~60 m SW, the highest concentrations were seen down to 5-6 cm.  

Stations ~60 m NE, NW and ~50 m SE also had high concentrations in the 

surface sediment.  All other stations had lower levels (Figure 3.18c-d). 

Cadmium: The stations within ~60 m SW and ~20 m NE had the highest levels in the 

surface sediments that decreased with increasing depth.  At most other stations, 

the concentration was much lower (Figure 3.18e-f). 

Caesium: Concentration was variable and patterns with depth were difficult to determine.  

The station ~25 m SW had the lowest concentration down to 3 cm but levels 

increased with increasing depth.  A similar increase with depth was also 

apparent at the stations ~60 m NW and ~150 m SW.  Most other stations 

showed a decrease with depth (Figure 3.18g-h). 

Manganese: The concentration was lowest in the surface sediments at stations within ~60 m 

SW.  The station ~60 m NW also had the lowest concentration at sub-surface 

depths, but higher levels at the surface.  The far NE, NW and SE stations had 

the highest levels at the surface, which decreased with increasing depth (Figure 

3.18i-j). 

Iron: Levels at the stations ~20 m SW and ~60 m NW decreased from the surface to 

5 cm depth, below which they increased.  The stations further to the SW 

increased in concentration with increasing depth, whereas those NE and further 

SE and NW were either the same at all depths or decreased with increasing 

depth (Figure 3.18k-l). 

Molybdenum: Concentration was highest down to 6 cm depth at the stations within ~60 m SW, 

below which it decreased.  Levels at all other stations were much lower (Figure 

3.18m-n). 

Uranium: The stations within ~60 m SW had the highest concentration in the surface 

sediment, which decreased with increasing depth.  The stations over 100 m 
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from the farm had much lower levels at the surface that increased with depth, 

although the remaining stations had a constant concentration at all depths 

(Figure 3.18o-p).  

Cobalt: Concentration levels at stations within ~60 m SW had a sub-surface minimum, 

above and below which they were higher.  This trend was also seen at the 

stations > ~100 m NE and NW, although the concentrations were greater.  The 

stations > ~100 m SW had the lowest concentration at depth, which increased 

with increasing depth (Figure 3.18q-r). 

Nickel: Concentration was lowest in the surface sediments of stations within ~150 m 

SW.  Below 3-6 cm at these stations and at all depths at most other stations, the 

concentration was greater.  Exceptions were at the station ~300 m SW, where 

the lowest concentration was seen at all depths, and at the station ~120 m SE, 

where levels were higher at the surface than at depth (Figure 3.18s-t). 

Barium: Concentration at ~25 m SW was lowest between 3-5 cm depth, above and 

below which it increased.  It was also low in the very surface at the station ~150 

m SW, below which it increased.  All other stations had higher levels (Figure 

3.18u-v). 

Lead: Concentration was low in the upper sediment layers at stations within ~300 m 

SW (excluding the 100 m SW station), and it increased with increasing depth.  

All other stations had a much higher concentration at all depths, or a high 

surface concentration that decreased with depth (Figure 3.18w-x). 

Sediment Physical Conditions 

Total Organic Matter: The highest total organic matter content was observed down to 5 cm in 

the sediments at the stations within ~60 m SW.  Below this depth, and also in 

the surface at the station ~20 m NE, total organic matter content was less.  It 

was lowest at all other stations, at all depths (Figure 3.19a-b).   

Water Content: The stations ~50 m SW had the highest water content in the surface 

sediments, with high levels down to 4 cm depth.  At all stations, water content 
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was highest in the surface sediment and decreased with increasing depth, or 

remained relatively constant down core (Figure 3.19c-d). 
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3.4  Summary of Results  

The overall aim of the field investigations was to determine if sediment conditions, in particular 

metal concentrations, were influenced by the presence of a fish farm.  Spatial distribution was 

determined by comparing farm sediments to the surrounding area and to a reference site, and 

temporal variation by comparing conditions at different times over the farm growing season.  

Descriptive analysis of the concentration, distribution and temporal changes of the metals 

provided a coherent picture of sediment conditions and suggested that the metals could be 

considered in two separate groups.   

 

Concentration levels in the first group of metals (copper, zinc, cadmium, molybdenum and 

uranium) were highest in the upper sediment layers and decreased with depth to a steady 

concentration.  These elevated levels were observed under the farm cages and up to ~250 m 
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away from the farm to the south west, and they increased or remained the same over the farm 

growing season.   

Concentration levels in the second group of metals (manganese, iron, cobalt, nickel, caesium, 

barium and lead) decreased from the surface sediment, increased at sub-surface depths, and then 

decreased or remained steady at depth.  Surface depletion was seen under the cages and up to 

~250 m away from the farm to the south west, and became more noticeable over the farm 

growing season. 

 

Multivariate statistical analyses determined specific associations between sample stations and 

metals with distance and direction from the farm, changes over time, and the influence of 

environmental variables.  The analyses revealed that the metals could be grouped following the 

patterns identified by the qualitative results (i.e. Group 1 and Group 2) and that there was a 

greater impact on sediment metal distribution with increasing time.  The analyses also 

highlighted the fact that organic matter content, as well as station distance and direction from 

the farm, significantly controlled the spatial distribution of metals. 

 

A review of the infaunal data clearly showed that polychaetes dominated the farm sediments, 

with much greater abundance and biomass at the farm, but greater mean body size at the 

reference station.  Over the farm growing season, abundance, biomass and mean body size 

decreased significantly in Capitellidae but remained similar in Spionidae.  Infaunal tissue metal 

concentrations were generally variable between the families, down core, and over time. 

 

Organic matter content was higher in the surface farm sediments and increased over the farm 

growing season.  Water content was variable, but it was high in the surface sediment layers and 

increased over time at the farm site.  Although the sediments were dominated by fine particles, 

there was a greater contribution of coarse particles in the farm surface sediments.  Redox 

potential decreased with increasing depth, and reducing conditions were near the sediment 

surface beneath the farm.   
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3.5  Discussion 

Metals in Fish Farm Sediments 

The field investigations suggest that the farm itself was the controlling factor in determining 

sediment metal concentrations.  Levels of copper, zinc, cadmium, molybdenum and uranium 

(Group 1) were generally much higher, and manganese, iron, cobalt, nickel, caesium, barium 

and lead (Group 2) were generally much lower in the surface sediment at the farm sites than 

those in the surrounding area (Figures 3.3, 3.6, 3.11 and 3.18), those observed in other fish farm 

studies, and those typically found in marine sediments (Table 3.11).   

 
Table 3.11  Sediment metal concentrations (μg g-1) at fish farm sites, together with those observed in the 
surrounding area or reported as background levels.  Typical global values within marine sediments are 
also given.  * Copper at farm sites (n = 117); copper at reference sites (n = 10); zinc at farm sites (n = 4); 
zinc at reference sites (n = 5).  **Copper anti-foulant products not used at these farms (n = 39); *** n = 
14; **** n = 15.   
 

Metal Fish Farm 
Sites 

Surrounding 
Area/ 

Background 

Nearshore 
Muds 7

Deep Sea 
Clays 7

Continental 
Crust 7

Cu 100-800 1
100-700 2 

30-120 3
48 (±27) * 4
26 (±3)** 4

54.5 (±5) ***5

13 (±3) **** 6

15-25 1

16-35 2 

20-30 3
12 (±4.3)* 4

 
13 (±2) ***5

56 200 32 

Zn 300-900 1

400-1150 2
150-400 3

178 (±87) * 4

253 (±86) ***5

433 (±96) ****6

100-150 1

110-150 2 

150 3
31 (±21) * 4

49 (±11) ***5

92 120 127 

Cd 1-6 1 0.2-0.5 1 NA 0.2 0.2 
Mo 5-37 1 1-2 1 1 8 1.7 
U 3-13 1 2-3 1 NA 2 3 
Mn 200-400 1

337 (±39) ***5
500-700 1

370 (±152) ***5
850 6000 720 

Fe 11-25000 1

30000  
(±0.3%)***5

25-35000 1

31000 
(±1%)***5

65000 60000 35000 

Co 5-15 1 12-17 1 13 55 13 
Ni 18-40 1 35-50 1 35 200 49 
Cs 2-5 1 4-7 1 NA 5 3.6 
Ba 130-300 1 250-450 1 NA 1500 445 
Pb 16-35 1 30-50 1 22 200 16 

Data from various sources: 1 present study; 2 Miller, 1998; 3 Uotila, 1991; 4 Brooks, 2001; 5 Chou et al., 
2002; 6 Pergent et al., 1999; 7 Chester 1990. 
 
At depth, however, most concentrations were relatively stable and were similar to the reference 

and surrounding area sediments.  They were also comparable to background concentration 
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estimates (Table 3.11).  A relatively constant metal concentration at depth suggests background 

levels have been reached, providing a base level for the area (Brown et al. 1987, Uotila 1991).  

A study at a Finnish fish farm found zinc levels were elevated down to 20 cm depth, below 

which they were equal to reference station sediment (Gowen et al. 1990).  The different 

concentrations and changing profile trends in the surface layers in the present study supports the 

idea that surface processes, such as deposition, influence the metal levels. The most likely 

pathway by which fish farms influence the surface sediment metal concentrations is through 

wastes released from the farm. 

Organic Enrichment in Fish Farm Sediments 

The major waste product is organic material, predominantly in the form of fish feed and faeces 

(Johnsen et al. 1993a, Harvey & Phillips 1996, Hargrave et al. 1997a, Black 1998b).  Since it 

has a higher energy content and degradation rate than faeces (that has been previously digested), 

feed that reaches the marine environment undigested has a greater environmental impact (Chen 

et al. 1999b), but faeces will affect a larger area owing to the relatively lower settling velocity 

(Johnsen et al. 1993a, Karakassis et al. 1998).  The organic enrichment observed in the farm 

sediments in the present study (Figures 3.4a, 3.7a, 3.12a and 3.19a) agrees with the findings of 

other research (Brown et al. 1987, Weston 1990, Ervik et al. 1997, Hargrave et al. 1997c, Black 

1998b, Karakassis et al. 1999, Pergent et al. 1999).   

 

Total organic matter content was greatest under the farm cages, although elevated levels were 

observed up to ~60 m from the site (Figures 3.4a, 3.7a, 3.12a-b and 3.19a-b).  Organic wastes 

generally settle directly below the cages and affect only a small area in the vicinity of the farm 

(Brown et al. 1987, Gowen & Bradbury 1987, Gowen et al. 1990, Weston 1990, Gowen & 

Rosenthal 1993, Cromey et al. 2000b, Pearson & Black 2001).  Current flow is slowed down at 

the farm perimeter by the physical presence of the farm structures and turbulent mixing occurs, 

which promotes the deposition of suspended material.  However, material can be redistributed 

through advection and resuspension processes.  Models designed to predict the spatial 

distribution of farm wastes incorporate current speed and direction, recognising the important 
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influence of these hydrographical conditions (Cromey et al. 2000a, Cromey et al. 2002b).  

Current meters at the Port Bheachan farm cages (§ 4.2.2.1 and § 4.3.2.1) measured a mean near 

bed current speed of 11.5 cm s-1 and advection, (i.e. the movement of particles in the currents) 

away from the farm was likely.  Furthermore, with an estimated critical erosion shear stress for 

resuspension to occur corresponding to a near bed current speed of 9.5 cm s-1 (Cromey et al. 

2000a), deposited particles could be re-suspended and transported away from the farm.  In a 

study by Cromey et al. (2000a), five DGPS drifter buoys were deployed from the southern end 

of the Port Bheachan cages, and left to disperse for three hours.  Dispersion coefficients were 

then calculated to determine current direction and the droge deployment indicated that the 

residual current direction in Loch Craignish is to the south west (Holmer & Kristensen 1992, 

Findlay & Watling 1997).  These hydrographical measurements help explain the enrichment of 

organic matter at a distance from the farm, and the greater distribution to the south west. 

 

There was substantial temporal variation in total organic matter content, which increased 

considerably over the course of the growing season (Figures 3.7a and 3.12a-b).  This increase 

occurred because, rather than a one-off pulse release, there was a continuous and increasing 

release of waste throughout the season (Tables 3.1 and 3.3), as the size and quantity of pellets 

fed to the fish increased.   

Infaunal Community Structure in Fish Farm Sediments  

At the farm sites in the present study, species composition was dominated (≥ 99 %) by 

polychaetes, species diversity was low, and polychaetes were all either Capitellidae or 

Spionidae, which is in agreement with many other fish farm studies (Pearson & Rosenberg 

1978, Brown et al. 1987, Davies et al. 1996, Pearson & Black 2001).  Benthic abundance and 

biomass at the farm sites (Table 3.5 and Figure 3.9) were high, compared with the reference 

stations, most likely because of an increase in density and total number of individuals of 

opportunistic species (Gowen et al. 1990, Tsutsmi 1990, Weston 1990, Tsutsmi et al. 1991, 

Johnsen et al. 1993a, Davies et al. 1996, Hargrave et al. 1997b, Karakassis et al. 1999, Heilskov 

& Holmer 2001, Pearson & Black 2001, Brooks et al. 2003).  However, mean body sizes (Table 
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3.5 and Figure 3.9) were low because of the typically small size of the species that dominate 

organically enriched sediments (Pearson & Rosenberg 1978, Pearson & Black 2001).   

The infaunal population under the farm was typical of organically enriched sediments, with the 

low diversity but high abundance and biomass of deposit feeding polychaetes (Tsutsmi et al. 

1991).  Although typical benthic communities consist of diverse assemblages of organisms 

(Pearson & Rosenberg 1978, Holmer & Kristensen 1992, Findlay & Watling 1997), the 

organically rich, porous sediments, typical of fish farms, alter the community structure, leading 

to a change in species diversity, abundance, biomass and distribution (Pearson & Rosenberg 

1978, Brown et al. 1987, Tsutumi 1987, Pearson & Black 2001).  Communities are increasingly 

dominated by polychaetes, since the usual benthic fauna become impoverished, and all feeding 

groups except detrital and deposit feeders are excluded (Tsutsmi et al. 1991, Word & Hutchings 

1996, Hall & Frid 1997, Hargrave et al. 1997a, Pearson & Black 2001).  However, a reduction 

in biodiversity and the dominance of opportunistic, pollutant-tolerant species, such as Capitella 

spp., Tubificoides spp., and Malacocerus fuliginosa, can also be a response to persistent 

compounds, such as metals and organochlorides (Meksumpun & Meksumpun 1999).  Research 

into the effects of highly metal-polluted sediments on infaunal species’ composition suggests 

that Capitellidae can selectively exploit metal-contaminated conditions (Tsutumi 1987).  

However, in the present study, the significant decrease in Capitellidae abundance, biomass and 

mean body size over the farm growing season may indicate that Capitellidae were adversely 

affected by metals that were considerably elevated under the farm, such as copper and zinc.  The 

increasingly anoxic conditions over the farm growing season may also have inhibited organisms 

as a result of the increase in sulphides in the farm sediments (Brown et al. 1987).   

 

Although Spionidae abundance, biomass and body size remained similar over time, Capitellidae 

decreased significantly from March to December (Figure 3.9).  This suggests that Capitellidae 

were less tolerant of farm sediment conditions, unlike Spionidae, which maintained growth and 

body size.  Capitella capitata colonize azoic sediments and are the prevailing species at 

organically polluted sites (Brown et al. 1987, Tsutumi 1987, Hargrave et al. 1997b, Brooks et al. 
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2003), hence their dominance in March.  During the peak feeding season and warmer 

temperatures of summer, extreme anaerobic conditions may have reduced Capitellidae 

abundance (Tsutumi 1987).  As conditions changed again, due to variations in farm outputs, 

temperature and hydrographic regime (Johnston & Keough 2000, McPherson & Chapman 

2000), the Capitellidae may have re-colonised the farm sediments.  Many Capitellidae brood 

sacs were evident, and the presence of juvenile Capitellidae would explain the significant 

reduction in their biomass and mean body size by December.  Furthermore, juvenile populations 

are generally less tolerant of pollution than adults (Weston 1990, Coull & Chandler 1992, 

Johnsen et al. 1993a), which may explain the reduced Capitellidae abundance by the end of the 

season. 

 

The mean body weight and typical range in length of Capitellidae and Spionidae (14 mg; 4-17 

mm and 65 mg; 30 – 55 mm, respectively) in the present study showed that Spionidae were 

larger than Capitellidae.  This agrees with estimated measurements for Capitellidae, Capitella 

capitata (Type 1: 3-30 mg; 8 –25 mm [Pearson & Pearson, 1991]), and Spionidae Malacocerus 

fuliginosus (84-137 mg; up to 60 mm length [Hayward and Ryland, 1995]), and suggests that 

the size difference was a feature of the two families’ inherently different morphology.  

Abundance and biomass of both families were significantly greater between 3-9 cm depth, but 

below 9 cm Capitellidae abundance was minimal, and no Spionidae were evident (Figure 3.9).  

Many Capitellidae and Spionidae are head-down deposit feeders with tubes that extend down 

from the surface, which can explain the many tubes observed in the 0-3 cm sample and the high 

abundance between 3-9 cm depth.  However, both Capitellidae and Spionidae are typically near-

surface feeders, which may explain why abundance was reduced below 9 cm depth.  The 

vertical distribution of benthic communities changes along an organic gradient, and is 

shallowest at enriched sites, with 90 % of sediment infauna occupying the top 6 cm (Karakassis 

et al. 1999).    
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Physical Conditions in Fish Farm Sediments 

The water content in the surface farm sediments (Figures 3.4b, 3.7b, 3.12c-d and 3.19c-d) was 

variable, relatively high due to the porous nature of the deposited feed and faecal material, and 

comparable to water content levels in sediments around other fish farms (Rhoads 1974, Holmer 

& Kristensen 1992, Hargrave et al. 1997b, Karakassis et al. 1998).  The burrowing and mixing 

behaviour of abundant infaunal organisms increases water content and decreases compaction in 

the near surface sediment (Karakassis et al. 1998).  With increasing depth there was a steep 

reduction in sediment water content, most likely as a result of the decrease in organic material 

with depth caused by organic matter mineralisation, and of the compaction caused by continued 

surface deposition (Gowen et al. 1990, Hargrave et al. 1997b, Karakassis et al. 1998).  The 

sediment depth with the maximum change in both water and organic matter content can indicate 

the limit of fish farm deposited material (Brown et al. 1987) and was most likely between 4-6 

cm at the Port Bheachan farm.  Another physical change, caused by organic deposition, was the 

particle size.  In general, the sediments in the two lochs were dominated by fine particles, but 

the surface sediments at the farm sites were dominated by coarse particles, because of the 

relatively large size of feed and faecal pellets (Figures 3.4c-d, 3.7c and 3.12e-f). 

Influence of Organic Enrichment on Redox Conditions 

Increased metabolic activity, as a result of an abundant organic food source for microbial and 

faunal organisms, and degradation of the deposited organic matter, leads to a high biological 

oxygen demand (Libes 1992, Alongi et al. 1996, Findlay & Watling 1997).  There is a standard 

sequence of microbially mediated diagenetic reactions responsible for mineralisation of organic 

matter, and when oxygen demand is greater than supply, there is a change in the distribution and 

relative dominance of aerobic and anaerobic processes (Stumm & Morgan 1981, Alongi et al. 

1996).  In the present study, the redox potential was positive at the sediment/water interface 

(Figure 3.7d), but below the oxygenated surface and across the RPD depth range, the redox 

potential became negative, and both organic matter (Figures 3.4a, 3.7a and 3.19a-b) and redox 

potential dramatically decreased.  Sediment conditions became increasingly reducing with 

depth, because of limited diffusion of oxygen across the sediment/water interface (Alongi et al. 
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1996, Black et al. 1997b, Hargrave et al. 1997c).  The redox profile from the Port Bheachan site 

was typical of many fish farm sediments, where anaerobic conditions are close to, or above, the 

sediment surface (Brown et al. 1987, Johnsen et al. 1993a, Black et al. 1997a, Hargrave et al. 

1997b, Black 1998a, Karakassis et al. 1998, Brooks et al. 2003).  Highly reducing marine 

sediments, with limited oxygen penetration, often produce visible surface effects, such as black 

sediments containing iron sulphides, and dense white mats of sulphide oxidising bacteria, for 

example, Beggiatoa sp. (Brown et al. 1987, Gowen et al. 1990, Holmer & Kristensen 1992, 

Thomson et al. 2001, Holmer et al. 2003), both of which were observed at the farm sites in the 

present study.   

Organic Material as a Source of Metals 

The present study shows that organic matter significantly (p = 0.002) influenced the distribution 

of metals around the farm (Table 3.10), suggesting that metals were either a constituent of the 

organic waste, or were influenced by changed sediment conditions as a result of organically 

enriched deposits from the farm.   

It is possible that farm organic material directly influenced the elevated levels of Group 1 metals 

(i.e. copper, zinc, cadmium, molybdenum and uranium).  The organic matter content and the 

concentration of these metals were enriched in the sediment under the farm and up to ~250 m 

SW.  Levels were also higher in December than in March, except for copper, where they were 

comparable.  The fact that their spatial distribution and temporal variation were similar supports 

the possibility that the organic farm waste was the direct or indirect source of these metals.  Low 

down-core variability in metal concentration between two cores collected at the same time and 

place may indicate a single source, and similar profile trends among different metals may 

suggest the same source for all of them.  Among the Group 1 metals, zinc, cadmium, 

molybdenum and uranium profiles (Figures 3.6a-f, m-p) showed very little variability between 

cores or between profile trends, although copper showed marked variability.  

 

Since a major source of these metals may be the feed and faeces, which is the predominant 

organic release from fish farms (Johnsen et al. 1993a, Hargrave et al. 1997b, Lee et al. 1998), 
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feed and faecal material was collected and analysed (§ 4.2.3.1 and § 4.3.3.1) from the Port 

Bheachan farm (Table 3.12). 

 
Table 3.12  The metal concentration (μg g-1) in salmon feed (Trouw Nutreco 110), and faeces, 
collected from Port Bheachan farm in August 2000. The concentrations are in dry weight and 
represent mean values (Feed, n=10, Faeces, n=4). 
 

Metal Feed Faeces 
Cu 8.9 12.9 
Zn 196 364 
Cd 0.21 0.68 
Mo 0.8 0.92 
U 0.05 0.14 
Mn 46.7 102.6 
Fe 490 1174 
Co 0.17 0.36 
Ni 13 9.4 
Cs 0.2 0.01 
Ba 7.03 8.5 
Pb 0.72 3.58 

 

To determine if the metal concentration in feed and faeces was sufficient to explain sediment 

levels, the ratio of total metal concentration in the waste (Equation 3.1) to the mean metal 

concentration in the surface 5 cm of sediment (Equation 4.4) was calculated (Table 3.13).   

Equation 3.1  

wastefaecalandfeedinputTotal
wastefaecaltotalfaecalwastefeedtotalfeed

ionConcentratMetalWaste
)*]([)*]([ +

=

 
Although the investigation was mainly concerned with the farm as a potential direct source of 

metals, and focussed accordingly on enriched metals around the farm (i.e. Group 1), the ratio 

was calculated for all sediment metals.  The calculations show that zinc and cadmium levels in 

the feed and faecal waste were high enough to explain enriched sediment levels.  Levels of 

manganese, nickel and lead were also sufficient to have some influence on the sediment metal 

levels, but as these metals were actually depleted in the farm sediments, there must be other 

processes controlling their concentration and distribution (§ 4.4.1).  Levels of copper, 

molybdenum, uranium, iron, cobalt, caesium and barium in the waste were not high enough to 

explain sediment metal levels. 

 
Table 3.13  The ratio of metal concentration in feed and faecal waste to the mean sediment metal 
concentration in the surface 5 cm at the Port Bheachan farm site. 
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 Metal Ratio  
Cu 0.075 
Zn 0.949 
Cd 0.668 
Mo 0.056 
U 0.015 
Mn 0.325 
Fe 0.058 
Co 0.029 
Ni 0.276 
Cs 0.011 
Ba 0.029 
Pb 0.105 

 

The similarity between organic matter and metal concentration patterns for spatial distribution 

and temporal variation, the low variability between replicate cores and between profile trends, 

together with the strong relationship between feed/faecal levels and sediment levels, all suggest 

that farm feed and faecal waste directly controlled zinc and cadmium sediment concentrations.  

The continuing sedimentation of organic waste from the farm could explain the sub-surface 

peaks of cadmium and zinc, since previously deposited material and any associated metals 

would have been buried.  Organic feed and faecal waste are mineralised during organic matter 

degradation, but metal constituents cannot be broken down and remain permanently in the 

environment (Brooks 2001, Brooks & Mahnken 2003).  Despite studies suggesting that long-

term zinc accumulation under farms does not occur (Uotila 1991, Brooks 2001), the sub-surface 

metal peaks in the present study may indicate long-term accumulation of the metal components 

of the organic waste.   

 

Copper was also enriched around the farm and showed a similar spatial distribution to organic 

matter, zinc and cadmium.  However, since temporal variation for copper was low, variability 

between replicate cores high, and the feed and faecal input insufficient to explain sediment 

copper concentrations, organic feed and faecal inputs were probably not the primary influence 

on the concentration, spatial distribution and temporal variation of sedimentary copper.  Port 

Bheachan farm nets and structures had been treated with copper based anti-foulants in early 

2000, before the sediment sampling, and most likely provided a source of copper to the farm 

sediment.  Although the treatments are now done on-shore, until 1997, cleaning, stripping and 
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painting took place off-shore at the cage sites, and these historic treatments may explain the 

peaks in copper concentration at depth.  The busy marina at the head of Loch Craignish may 

also be a source of anti-foulant copper.  Other studies have suggested anti-foulant products as an 

alternative source of copper (Petersen et al. 1995, Ponce et al. 2000, Chou et al. 2002). 

 

Their enrichment in the farm sediments and low down-core variability, and their similarity with 

zinc and cadmium profile trends, spatial distribution and temporal variation, all suggest that 

levels of molybdenum and uranium were also influenced by organic matter.  Although organic 

waste was unlikely to affect these metals directly, since its concentration of molybdenum and 

uranium was not sufficient to explain sediment levels (Table 3.13), it also had a significant 

effect on sediment redox conditions, which could influence the concentration and distribution of 

certain redox-sensitive metals, like molybdenum and uranium.  

 

Abundant organic material in the water column, such as natural organic detritus, feed and faecal 

pellets, or the living biota, can scavenge soluble and particulate metals (Petersen et al. 1995, 

Alongi et al. 1996, Jones & Turki 1997, Ponce et al. 2000, Skrabal et al. 2000), a process which 

may eventually lead to metal enriched organic material being deposited below the cages.  The 

enrichment of solid phase metals in farm sediments has already been discussed, but all metals 

(both Group 1 and Group 2, except caesium and barium) displayed soluble concentrations in the 

overlying water and at certain pore water depths (Figure 3.6) that were much greater than 

typical estimates for seawater (Table 3.14).  Although top-of-core water concentrations can be 

unreliable because slight disturbances can cause dramatic changes, the recovered cores in this 

study were carefully collected and appeared undisturbed, with clear, non-murky, overlying 

water, so the concentrations are most likely realistic.  The high concentrations may have been 

caused by the release of the inorganic constituent metals during microbial degradation of the 

feed and faeces, or by mineralisation of other sediment organic particles (Pedersen 1985, 

Westerlund et al. 1986, Alongi et al. 1996, Wilderland 1996, Findlay & Watling 1997, Jones & 

Turki 1997, Skrabal et al. 2000).  A Swedish study of enriched estuary sediments found that the 
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remobilisation of copper and the resultant pore water peak concentrations were entirely 

controlled by the decomposition of organic matter and early diagenetic processes (Libes 1992). 

 
Table 3.14  Soluble metal concentrations (μg l-1) in the Port Bheachan farm site sediments.  Pore 
water levels expressed as range, mean, and peak concentrations.   
 

Metal Pore Water 
Range             Mean           Peak 

Overlying 
Water 

Typical 
Sea Water 

Cu 8-66 21 30-66 7 0.1-0.2 
Zn 40-260 108 151-260 28 0.1-0.4 
Cd 1.2-2.2 1.5 2-2.2 0.8 0.01-0.07 
Mo 6-47 15 33-47 13 11 
U 1.5-4.5 1.8 NA 4 3.2-3.3 
Mn 17-33 23 NA 7 0.02-0.2 
Fe 5700-9400 8000 NA 6655 0.03-2.0 
Co 1.7-3.6 2.4 NA 2 0.002-0.05 
Ni 18-34 25 NA 19 0.2-0.5 
Cs 0.40-0.53 0.46 NA 0.4 0.3-0.4 
Ba 15-31 19 31 9 20 
Pb 5.7-16 8.5 12-16 4 0.003 

Typical sea water values taken from Chester, 1990; Broecker and Peng, 1982; Quinby-Hunt and 
Turekian, 1983 
 
Organic Matter, Redox Conditions and the Influence on Sediment Metals  

Now that a likely source for copper, zinc and cadmium has been suggested, the remaining 

metals will be reviewed, and any patterns explored which may explain their behaviour in 

relation to redox conditions caused by organic enrichment.  There appeared to be an inverse 

relationship between Group 2 metals (i.e. manganese, iron, cobalt, nickel, caesium barium and 

lead) and organic matter content, since organic matter was highest under the farm and decreased 

with distance, whereas the Group 2 metals were depleted under the farm and increased with 

increasing distance from the cages.  Similarly, although organic matter content increased over 

the farm growing season, the concentration of Group 2 metals decreased.  The fact that these 

metals all showed similar profile trends suggests that the same processes affected them all, but 

the high variability between replicate cores indicates considerable heterogeneity within the 

system and the presence of more than one controlling influence.  

 

The deposition and degradation of organic farm wastes and the activities of the infaunal 

community bring about changes in sediment oxygen levels and redox conditions, which in turn 

can influence the concentration and phase of certain metals.  When oxygen is depleted and the 
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biological decomposers require another source of energy, an alternative series of electron 

acceptors is used (Stumm & Morgan 1981, Pedersen 1985, Shimmield et al. 1991, Jones & 

Turki 1997).  Following the reduction of nitrate in these sub-oxic conditions, insoluble 

manganese and iron oxides and hydroxides are chemically reduced, supplying necessary 

oxygen, and gain electrons in the transfer.  The additional electrons lower the oxidation state of 

solid phase manganese and iron so that they become reduced and soluble (Shimmield et al. 

1991, Li et al. 2000, Thomson et al. 2001, Zheng et al. 2002).  Reducing conditions in the 

sediment can also influence the concentration of other redox-sensitive metals, such as 

molybdenum and uranium, since these metals are reduced from the soluble to the solid phase in 

sub-oxic environments (Pedersen 1985, Holmer & Kristensen 1992, Harvey & Phillips 1996, 

Thomson et al. 2001, Zheng et al. 2002, Sundby et al. 2004).  As redox potential continues to 

decrease, the most important source of terminal electron acceptors for the anaerobic degradation 

of organic material in the coastal marine environment comes from sulphate reduction 

(Shimmield et al. 1991, Holmer et al. 2003).  Finally, redox conditions can indirectly control the 

concentration of barium, which exists as insoluble barium sulphate in oxidised conditions, but is 

released to the soluble form as sulphate is reduced (Chester 1990, McManus et al. 1994, Alongi 

et al. 1996, Shroeder et al. 1997). 

 

There was a decrease in solid phase and a corresponding increase in soluble phase manganese 

and iron concentration from the surface, because manganese and iron oxyhydroxides, which 

were present in the oxidised solid phase at the sediment/water interface, were released to the 

soluble phase with increasing depth (Shimmield & Pedersen 1990, Petersen et al. 1995, Moffett 

& Ho 1996, Stamoulis et al. 1996, Jones & Turki 1997, Padmalal et al. 1997).  This was most 

noticeable between 1 cm and 3 cm depth, where the minimum solid phase manganese and iron 

concentrations coincided with peak dissolved concentrations (Figures 3.6i-l).  The increase in 

organic matter content over the season (Figures 3.12a-b and 3.19a-b), and the subsequent 

increasingly anaerobic sediments, resulted in a decrease in solid phase concentrations over the 

growing season.  At distance from the farm, manganese and iron reduction and the decrease in 
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solid phase concentration occurred much deeper in the sediment, because the lower organic 

matter content resulted in reducing conditions being further from the surface.  

 

In the farm sediments, the concentration ranges of solid phase manganese and iron were much 

lower, and the pore water and overlying water levels much greater, than typical estimates 

(Tables 3.11 and 3.14), suggesting that soluble manganese and iron were indeed released from 

the solid phase.  The lower concentration in the overlying water, compared to pore water, meant 

that reduced manganese and iron may have diffused up through the sediment to the overlying 

water, and then deposited back to the sediment surface as solid oxyhydroxides following re-

oxygenation (Chester 1990, Shimmield & Pedersen 1990, Li et al. 2000, Ponce et al. 2000).  

This upward diffusion from the point of dissolution and consequent re-deposition would 

maintain the soluble and solid phase concentrations observed in the surface sediment layers.  In 

addition, the soluble manganese and iron may have precipitated as insoluble manganese and 

iron sulphides, as is suggested by the general increase in solid phase concentration and 

corresponding decrease in pore water concentration with increasing depth.   

 

The profile trends for manganese and iron with increasing depth were similar, and were in 

agreement with typical descriptions (Ponce et al. 2000, Turner 2000, Thomson et al. 2001).  

Superimposed over the general trend, there was small-scale variability between depths and 

considerable variability between replicate cores, particularly in manganese levels (Figure 3.6i-l).  

Natural heterogeneity in the sediment environment, compounded by the diverse distribution of 

the benthos, tends to result in considerable spatial variability in redox conditions, affecting the 

levels of solid and soluble phase manganese and iron (Ponce et al. 2000, Mucha et al. 2004).  

For example, bioturbation and oxidation processes (e.g. organic matter degradation) can cause 

fluctuations in the redox boundaries, contributing to a non-steady state in the sediment (Li et al. 

2000), and the metals’ reactivity can vary depending on the degree of complexation with ligands 

and association with other metals (Cundy & Croudace 1995, Alongi et al. 1996).  The 

manganese levels in the feed and faecal waste may also have affected the concentration of 
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manganese in the farm sediments, which may explain the considerable variability between 

cores.   

 

The remaining Group 2 metals (cobalt, nickel, caesium, barium and lead) had low solid phase 

concentrations coinciding with peak pore water levels at the same core depths as manganese and 

iron, and this similarity in profiles suggests a common control on their behaviour.  Many of the 

explanations offered in the preceding paragraphs for the behaviour of manganese and iron could 

equally apply to the behaviour of these remaining metals.  The fact that the metals all had a 

decrease in solid phase levels over time, which occurred deeper in the sediment at sites further 

from the farm, supports the suggestion that organic matter deposition and thus redox conditions 

have a significant influence on these metals’ behaviour.  The high variability between replicate 

cores and small-scale variability down core confirms the expected heterogeneity within redox-

controlled behaviour, although the variability for nickel and lead between replicate cores may 

also have been a result of input from the feed and faecal waste.   

 

Manganese and iron oxyhydroxides can scavenge cobalt, nickel, barium and lead from the 

dissolved phase, and this study, like many others, suggests that the behaviour of cobalt, nickel, 

barium and lead was controlled by their affinity for manganese and iron oxides and their 

subsequent release to the pore water upon reduction of the manganese and iron-metal oxides 

(Aller & Yingst 1978, Paulson & Freely 1985, Westerlund et al. 1986, Shimmield & Pedersen 

1990, Jones & Turki 1997, Fang & Hong 1999, Swarzenski et al. 1999, Li et al. 2000, 

Koschinsky et al. 2003).  The scavenging of metals by manganese or iron ultimately depends on 

the final charge and stability of the metal.  Dissolved cationic (Cu2+, Zn2+, Co2+, Ba2+) or 

cationic chloride (PbCl, CdCl) species tend to associate with negatively charged manganese 

oxyhydroxides, whereas oxyanions (MoO4
2-) and neutral or negatively charged carbonates 

(UO(CO3)2
2-, PbCO3

0) tend to bind with the positively charged iron hydroxides (Shimmield et 

al. 1991, Moffett & Ho 1996).   
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The similarity between profile trends may also signify reduction and dissolution of the metals, 

but not in association with manganese and iron.  Because of the similar reduction-oxidation 

potential of some metals (e.g. Mn4+ @ 1.51V, Co3+ @ 1.46V; Cs+ @ -3.02V, Ba2+ @ -2.90V; 

Co2+ @ -0.28V, Ni2+ @ -0.27V, from Stumm And Morgan, 1981), reduction of the different 

metals under similar environmental conditions may have appeared to occur at the same time.  

For example, the redox transformations for manganese and cobalt may occur by a common 

microbial oxidation pathway, since the reduction-oxidation potentials (manganese @ 1.51 E° 

and cobalt @ 1.46 E°) are very similar (Shimmield et al. 1991).  

 

The decrease in solid phase levels of cobalt, nickel and lead in the surface 4 cm (Figures 3.6q-t, 

w-x), and the higher dissolved levels, compared with typical values (Table 3.14), support the 

association of these metals with the manganese and iron reduction and dissolution pathway.  

However, pore water levels of barium were similar to, and overlying water levels were much 

lower than, typical estimates, all of which suggests an additional influence.  Barium (Figure 

3.6u-v) was possibly also released into the soluble phase during the reduction of barium 

sulphate, and may have fluxed out of the sediment along the concentration gradient (Westerlund 

et al. 1986, McManus et al. 1994, Li et al. 2000).  The soluble barium released could complex 

with colloidal organic material, biogenic debris, or manganese and iron oxyhydroxides 

(McManus et al., 1994), thereby lowering the overlying water concentration.   

 

Levels of cobalt, nickel, barium and lead in pore water were greater than they were in overlying 

water (Figures 3.6q-x), suggesting that the reduced metals probably diffused upwards, but then 

re-deposited at the oxic surface (Shimmield & Pedersen 1990, Paytan & Kastner 1996, Jones & 

Turki 1997, Li et al. 2000, Ponce et al. 2000), thereby maintaining the solid and soluble phase 

levels observed at the surface.  In addition, the increase in solid phase concentration between 

~4-6 cm depth meant that the reduced metals were likely bound with sulphides and precipitated 

(Westerlund et al. 1986, Alongi et al. 1996, Moffett & Ho 1996, Ponce et al. 2000).  The 

unusually high levels observed in the pore water may have been a result of diffusion from 
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deeper in the sediment upon release from manganese and iron, or oxygenation from sulphide 

complexes, or mineralisation of organic material (Jones & Jago 1993, Cundy & Croudace 1995, 

Petersen et al. 1995, Moffett & Ho 1996, Koschinsky et al. 2003). 

 

Manganese, iron, cobalt, nickel, barium and lead concentrations were depleted in the surface 

sediment at the station furthest to the south west (Figures 3.18i-l, q-x).  This station was close 

(~40 m) to another farm cage group (Port na Mòine), and organic enrichment from this second 

farm unit may have reduced the metals to the soluble phase, thereby decreasing the solid phase 

levels.  

 

All of the reactions described above and the chemical changes that occur during diagenesis are 

driven by changes in the redox conditions in the sediment, porewater and overlying water as 

well as the kinetics of the reactions.  The concentration of reduced manganese (Mn2+)in oxic 

sea water may be higher than predicted from the solubility of manganese oxides, due to the very 

slow rate at which the divalent manganese is oxidised.  However, in marine sediment, due to 

presence of abundant manganese-oxidising microbes, the oxidation rates are much faster and 

thus, the concentration of soluble manganese may be lower than expected.  The specific kinetics 

for these reactions are dependent on the environment being investigated and have not been 

studied in fish farm sediments.  However, these processes are recognised as an important 

influence on the behaviour of metals described here.   

 

Although caesium displayed the same trends as the redox-controlled metals just discussed, this 

was probably not the result of an association with manganese and iron oxides, since caesium is 

strongly adsorbed to clay particles and virtually non-exchangeable (McKay & Baxter 1985, 

Heldal et al. 2002, Koschinsky et al. 2003).  Caesium sediment levels were lower than typical 

estimates, although pore and overlying water levels were similar (Figure 3.6, 3.11, 3.18g-h).  

The decrease in solid phase caesium may simply have been a result of dilution of the clay 

minerals by the organic enrichment of farm sediments.  Since there is also an increased 
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percentage of caesium associated with the oxidisable fraction in highly reducing sediments 

(Black 1998b), there may be an increased release of caesium to the pore waters as organic 

material is mineralised and sulphides are reoxygenated at depth.  Cementation with sedimentary 

oxides, organics, carbonates and organic coatings usually prevents the release of caesium from 

exchange sites, but during burial, (e.g. deposition of organic farm waste) the dissolution of 

organic coatings could remobilise caesium from the solid phase so that it diffuses into the pore 

waters (Pearson & Black 2001).  This could explain the decreasing solid phase caesium 

concentration observed in the present study.  In addition, nitrogen from feed input, as well as 

nitrogenous waste excreted by the fish as urine or through the gills (McKay & Baxter 1985, 

Schendel et al. 2004), can deposit to the sea bed, so that elevated ammonium levels are often 

evident under farm cages (Alongi et al. 1996).  Ammonium can release caesium from exchange 

sites in the sediment (Shimmield & Pedersen 1990), and this may also help explain the 

decreasing concentration of caesium in the solid phase. 

 

Sulphides produced during sulphate reduction are available to bind soluble metals in the 

sediment, and the resulting metal sulphides may then precipitate out in the sediment (Pedersen 

1985, Jones & Turki 1997, Ponce et al. 2000, Zheng et al. 2002).  This process would explain 

the increasing concentration of solid phase metals below 4 cm depth observed in the present 

study (Figure 3.61-l, q-x).  Any remaining manganese and iron oxides may react with sulphides 

to form mono-sulphides (e.g. MnS, FeS) or pyrite (FeS2), and these may also bind metals.  

Metals such as copper, cobalt and nickel, generally bind with insoluble pyrite and are 

precipitated in the solid phase, but lead, cadmium and zinc tend to bind with sulphides that can 

return to solution (Zheng et al. 2002).  This may explain the less substantial increase of solid 

phase lead at depth in the sediment, compared to the levels of cobalt and nickel that increased to 

well above surface concentrations. 

 

The reducing conditions in the sediments concentrated molybdenum and uranium in the solid 

phase, so that levels in the surface sediment were much higher than typical estimates (Table 
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3.11).  The peaks in sediment phase concentration generally corresponded with low soluble 

phase concentrations (Figure 3.6m-p), and the observed profile for solid and soluble phase 

uranium was a classic example of the expected profile with increasing depth down core 

(Shimmield & Pedersen 1990, Klinkhammer & Palmer 1991, Sundby et al. 2004).  Despite the 

reduction of soluble molybdenum to the solid phase, the pore water levels were slightly higher 

than typical estimates, suggesting an additional influence.  Oxidised molybdenum dissolved in 

the water column has a strong affinity for manganese oxides and can co-precipitate with the 

manganese, leading to an enriched concentration of molybdenum in oxic surface sediments 

(Thomson et al. 2001, Sundby et al. 2004).  However, with increasing depth, the molybdenum-

manganese oxides are reduced, releasing molybdenum to the soluble phase, and thereby 

elevating pore water levels (Pedersen 1985, Thomson et al. 2001).  Molybdenum can be 

removed from solution by precipitation with mono-iron sulphide, but the maturation and 

crystallisation of iron to the pyrite phase releases the co-precipitated molybdenum to solution 

(Sundby et al. 2004), a process which again can elevate pore water levels.  The dissolved 

molybdenum can then be removed again as molybdenum sulphide or during further 

molybdenum reduction (Zheng et al. 2002, Sundby et al. 2004).  In the present study, as soluble 

uranium was reduced to the solid phase in the sediment, the pore water levels decreased and 

were lower than typical seawater estimates (Table 3.13).  At the oxic sediment/water interface, 

reduced solid phase molybdenum and uranium were re-oxygenated and thus released to the 

soluble phase (Nickell 1997, Heldal et al. 2002), which could account for the concentrations in 

the overlying water being slightly higher than typical seawater estimates.  Below the solid phase 

enrichment of both molybdenum and uranium in the surface 6 cm as a result of binding with 

manganese and iron oxyhydroxides and sulphides, organic matter, and authigenic enrichment in 

anoxic sediment, the concentrations were lower and relatively stable.  The concentration at 

depth may represent background sediment levels, before the presence of the farm influenced 

molybdenum and uranium concentrations and merely appears as a lowered concentration due to 

the enrichment of molybdenum and uranium in the surface sediment layers.  
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Significant Influences 

Statistical analysis (Figure 3.13, 3.14, 3.16 and Table 3.10) indicated that organic matter was the 

most significant influence on metal distribution, and that distance and direction from the farm 

were also important, because of the relatively strong SW currents in Loch Craignish.  The 

significant influence of particle size on metal distribution in May might be related to the fact the 

there was a greater contribution of coarse particles in the farm sediments.   

 

Sample stations could easily be grouped depending on proximity to, and direction from, the 

farm, and the increasing deposition of organic waste over the farm growing season was reflected 

by a greater differentiation between sites in December than in May.  For example, in May, all 

stations that were very close to the farm formed a single group, but by December, they could be 

distinguished as southern and northern clusters.  The increased organic input over the season 

also produced a stronger influence on metal concentrations, and generally speaking, elevated 

metals were higher, and depleted metals lower, in December than in May.   

 

The fact that many metals with elevated levels at the farm did not cluster together in the 

statistical analyses reflects the different sources and controls on their behaviour.  For example, 

although zinc and cadmium were ordinated together, copper was separated from all the other 

metals.  This distinction suggests a single source for zinc and cadmium (feed and faecal waste) 

but a quite different source for copper (anti-foulant products).  Similarly, although reduction to 

the solid phase has been suggested as an explanation for elevated levels of molybdenum and 

uranium, these metals were not grouped together.  This separation may confirm that 

molybdenum levels were influenced by additional processes, such as association with organic 

matter and manganese and iron oxides, or other sources, such as the farm metal structures.  On 

the other hand, the fact that all metals depleted at the farm were strongly associated with each 

other indicates that they were probably all influenced by similar processes. 
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Sedimentation Rates 

The sedimentation rates in the Dunstaffnage study, calculated by using 137Cs, were 0.54 g cm-2 

year-1 at the farm cages, but only 0.15 g cm-2 year-1 at the reference site (Figure 3.5).  The 

organic matter content and levels of copper, zinc and cadmium were much higher in the farm 

sediments as a result of the deposition of feed and faecal farm waste, and the enhanced 

deposition of this waste material at the farm led to higher sedimentation rates.  Unfortunately, 

the excess 210Pb profiles from the farm site could not be used to calculate a sedimentation rate, 

mixing depth, or age of mixed layer, since excess 210Pb activity was variable down core and did 

not show the smoothly decreasing profile which would be indicative of decay being the only 

process taking place.  However, at the reference site, the excess 210Pb profile was used to 

calculate a sedimentation rate of 0.11 g m-2 year-1, which agreed well with that determined by 

using the 137Cs dating method (0.15 g m-2 year-1).  The mixed depth at this site was ~15-17 cm, 

and the calculated age of the mixed layer was ~34 years.  The relatively slow sedimentation rate 

and deep mixing at the reference site means that deposited particles remained in the mixed layer 

for a longer period, since although particles may be transported to depth quickly in the mixed 

layer, they may also remain there for many years. 

 

Because of the shallowness of the cores collected at the Port Bheachan site in March, together 

with the high amount of material depositing to the seabed under the cages and the rapid mixing 

by abundant benthic polychaetes, sediment cores were insufficiently deep to identify the 137Cs 

peak of 1976 or an exponential decay of excess 210Pb; and a sedimentation rate, mixing depth, 

and age of mixed layer could not be calculated.  However, the deeper cores collected in 

December could be used to calculate sedimentation rates under the cages, by using both the 

137Cs and excess 210Pb methods.  There was good agreement between the 137Cs and excess 210Pb 

methods, with sedimentation rates of 0.13 g m-2 year-1 and 0.14 g m-2 year-1, respectively (Figure 

3.8).  The mixed depth was ~5 cm, producing a mixed layer age of ~15 years.   

 

 

158



Chapter 3 

 

The hydrographic data from the Port Bheachan site indicated a mean current speed of ~11 cm   

s-1, with a high probability of resuspension events occurring (Chapter 4), so that material 

depositing to the seabed below the cages would be redistributed away from the farm.  This 

would explain why the sedimentation rate was much lower than at the Dunstaffnage farm site.  

Furthermore, although Dunstaffnage is considered a high energy site (Koschinsky et al. 2003), 

the mean current speed (~5 cm s-1, Nickell, 1997) is much lower than that at Port Bheachan, the 

biomass and thus feed inputs were considerably higher (Tables 3.1 and 3.3), and the farm itself 

has been in operation longer.   

 

The depth of the mixed layer at the Port Bheachan site may help explain the profiles observed 

for organic matter, copper, zinc and cadmium, all of which deposit to the sediments in farm 

waste.  The sediment levels were enriched but variable in the surface sediments, but below ~ 5 

cm depth (the estimated mixing depth) generally remained constant at background levels with 

increasing depth.  In the mixing zone, metals were associated with organic matter or manganese 

and iron oxides, and were also mobilised during organic matter decomposition and reduction of 

oxides; and the metal partitioning between phases was variable, because of the heterogeneous 

nature of the sediment, thereby producing variable profiles in the surface mixed zone.  The 

metal levels were enriched in the surface sediment layers since the biota can mix surface-

deposited material to the depth of the mixed layer.  However, the levels below the mixed layer 

were much lower, since biological mixing did not transport surface-deposited metals below the 

limits of the mixed layer, and were also constant, since the oxygenating effects of bioturbation 

did not influence the geochemical conditions.  The age of the mixed layer (~15 years) would 

suggest that sediment in the mixed layer had accumulated beneath the farm, which may mean 

that the enriched metal concentrations were a result of accumulation over several years.   

 

Solid phase concentrations of manganese, iron, cobalt, nickel, barium and lead, which were 

influenced by organic enrichment and subsequent redox reactions in the sediment, were variable 

but generally decreased with increasing depth in the surface, mixed layers.  Reducing conditions 
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were present in farm sediment close to the surface, but oxygen brought into the reducing zone 

by bioturbation may account for the variable levels observed in both the solid and soluble phase 

profiles.  However, in the lower reaches of the mixed zone (>4 cm deep) it is likely that oxygen 

levels were low and the solid phase levels of these metals tended to increase, probably as a 

result of binding with insoluble sulphides.  Below the mixed box, the metal concentrations 

generally remained stable down the profile, since the metals remained in the reduced phase and 

were not reoxygenated by the mixing activity of the sediment biota. 

 

The 137Cs profiles from Port Bheachan can also be related to the particle size analysis at the site.  

Caesium is associated with the clay fraction (<2 μm) in sediments (Jones & Jago 1993, Heldal 

et al. 2002), and the depth at which the largest peak in 137Cs was observed corresponds to a peak 

in the percentage contribution of fine (<63 μm) sediment material (~5 cm).  The same trend is 

also seen deeper in the profile at 7-7.5 cm.  A similar increase in 137Cs concentration with 

increasing percentage of particles <63 μm, and with particles in only the clay fraction, was 

noted in a study investigating the distribution of anthropogenic radionuclides in the Spitsbergen-

Bear Island area (Boudreau 1986). 

Infaunal Community Structure and Sediment Metal Concentrations 

In the present study, the abundance and activity of deposit-feeding polychaetes may explain the 

elevated metal concentrations in sub-surface sediment layers, since bioturbation can remove 

surface deposited material and incorporate it deeper into the sediment.  The depth range across 

which the highest levels of Group 1 metals were observed at the farm corresponded with the 

depth range across which polychaete abundance and biomass were greatest.  Metal components 

of farm wastes, and metals associated with manganese and iron oxyhydroxides, can deposit to 

the sediment surface, and the active redistribution and intense particle and solute mixing 

through bioturbation leads to a rapid and thorough mixing of the upper sediment layers 

(Guinasso & Schink 1975).  Infaunal communities’ activities, such as feeding, irrigation, 

respiration, excretion and burrowing, continually modify the physical structure and 

biogeochemical nature of sediments (Rhoads 1974, Syvitski et al. 1987, Kure & Forbes 1997) 
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and this bioturbation can affect the vertical redistribution of sediment metals (refer to Chapter 

5).     

 

Typically, sediment mixing increases the rate of organic degradation, since bioturbation 

involves sediment turnover, flushing and oxygenation, but certain bioturbators (e.g. some 

crustaceans and echiuran worms) can reduce degradation rates (Hall & Frid 1997).  These 

organisms can mix particle-bound and dissolved contaminants deep into the sediment, where 

degradation rates are reduced and contaminants may persist longer.  Deeper in the sediment, 

there is a low flushing rate of pore water, and re-suspension by wave and tidal currents is 

unlikely, so that abundant insoluble sulphides can bind metal contaminants as a result of anoxic 

conditions (Abu-Hilal et al. 1988).  This may explain the high solid phase concentration of some 

metals, observed at depth in the present study.  

 

The activity of the infauna lowers the sediment redox potential, since oxygen is used during 

respiration and aerobic degradation, but it can also introduce oxygen into the sediment during 

irrigation and burrowing.  Such activity results in spatial heterogeneity in sediment redox 

conditions, something that was evident in the present study by the variability observed in the 

profiles of the redox sensitive metals. 

 

Some Capitellidae and Spionidae are tube dwelling and some use brood sacs, and many tubes 

and sacs were found during sorting and identification in the present study.  Most trace elements 

are linked with biogenic structures rather than being dispersed randomly in sediments (Aller & 

Yingst 1978).  The polychaete tubes are lined with fine particles cemented with organic mucous 

and humic biopolymers, and the fine grain size, high organic carbon content, and surface area of 

the tri-dimensional tubes can influence metal behaviour by processes such as adsorption, cation 

exchange, chelation, and complexation occurring on the inner tube wall (Kristensen 1984, 

Riisgård et al. 1996).  Irrigation of the tubes increases the contact area between the sediment and 

the overlying water, exposing elements to available binding sites within the tubes (Aller & 
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Yingst 1978, Coull & Chandler 1992), and promoting the scavenging of metals from the 

overlying water to the reactive inner surface of the tube (Wang et al. 1999).  The metal-binding 

capacity of the tubes, and the interactions between the overlying water, the tube interior and the 

tube wall, may help explain the variable trends observed in metal levels in the sub-surface 

sediments. 

Infaunal Metal Concentration  

Sediment organisms can adsorb, incorporate and accumulate metals onto, or into, their tissues 

(Bryan & Hummerstone 1973, Bryan & Gibbs 1983, Bryan et al. 1987, Rainbow 2002) and the 

sub-surface peak metal levels corresponded with the depths of the highest polychaete 

abundance.  Since the polychaetes were not removed before sediment analysis, elevated infaunal 

tissue metal levels may have caused the elevated sediment levels observed. However, as most 

sediment metal levels were considerably higher than those found in the polychaetes, it is more 

likely that the elevated sediment levels influenced the body tissue concentrations.   

 

Copper, zinc and nickel levels were all much higher in the surface (0-3 cm) polychaetes, where 

sediment levels were also highest.  Copper levels were higher in the farm polychaetes than in 

those from the reference site, and they decreased over the growing season. This decrease 

suggests that elevated tissue levels in March were the result of a recent high input event, such as 

the pre-season anti-foulant treatment.  Zinc levels in the tissues were the same at both the 

reference and farm sites, and this similarity suggests that the polychaetes were able to regulate 

the metal quite effectively. However, although zinc levels in Capitellidae increased slightly 

between March and December, those in Spionidae decreased dramatically, thereby illustrating 

considerable differences between the two families in their ability to regulate the uptake and 

accumulation of zinc.   

 

Molybdenum and uranium tissue levels were both higher at the farm sites, possibly as a result of 

the higher sediment levels, although the trends down core were variable and did not clearly 

reflect the sediment profiles.  Capitellidae had higher tissue levels in December than in March, 
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which was mirrored by the increased sediment levels. Manganese and iron tissue concentrations 

were much lower at the farm site, as were sediment levels.  The tissue levels of manganese and 

cobalt were variable down core, which may reflect the variability in sediment levels of these 

redox sensitive metals.  

 

Between the two families, there were many inconsistencies in metal tissue levels and changes 

over the farm growing season, which would not be evident if infaunal metal uptake and 

accumulation were determined by sediment metal concentration only.  The metal accumulation 

ability of an organism is dependent on many features, such as feeding mode and depth, life 

history, uptake route, gut bacterial community, degree of metallothioneins, and efficiency of 

regulation and detoxification (Rainbow 1997, Millward et al. 2001, Rainbow 2002, Edwards 

2003, Hiscock & Wilson) (also refer to Chapter 5).  Despite similarities in feeding behaviour 

and life strategy (both are deposit-feeding, opportunistic polychaetes), the fact that there were 

considerable differences suggests that physiological differences in the two families influenced 

their metal body burden.  Invertebrate studies have found enormous variability in accumulation 

patterns across metals and taxa, despite the invertebrates being found in the same habitat and 

closely related (even species within the same genus) (ASMO 1997). 

 

Metals can bioaccumulate in organisms and have the potential to move up the food chain.  The 

sea slug Aeolidia papillosa, found on the sediments at the farm, is a common cold water species 

and is ubiquitous around the British Isles (ADRIS 2000).  It is usually associated with a range of 

sea anemones, and Metridium senile, the passive suspension feeder anemone species found on 

the farm sediments of the present study, is known to be a favoured food source (ASMO 1997, 

ADRIS 2000).  There was no clear evidence in the data that high metal levels in the sea 

anemone caused high levels in the sea slug, except possibly for zinc and cobalt, where the levels 

were considerably higher in the slug than in the anemone. 
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An important limitation of the investigation into metal tissue levels in this study was that no 

literature values were found for comparison purposes, with the result that the influence of 

sediment levels on metal concentrations in tissues could not be evaluated more fully.  

Furthermore, the biological aspect of the study was not completed on a broad scale (except in 

Study 1 of the preliminary investigations), so that no values were available from sites at distance 

to compare with those from the farm sites.  Further work is needed to determine if metal levels 

are enhanced or depleted in organisms located within farm sediments, compared with those 

from reference stations, in order to ascertain if changing sediment levels with distance from the 

farm are reflected in body tissue levels.  

 

The tissues of Mytilus edulis were also examined for elevated metal levels, possibly caused by 

increased concentrations of particulate metals in the waters around the farm.  Levels of 

dissolved metals may also be important, since mussels feed by filtering out plankton from the 

water, and these plankton species can accumulate soluble metals from the water column.  The 

literature values for expected body tissue concentrations of various metals for Mytilus edulis 

from North Atlantic waters (Radenac et al. 1997) and Scottish waters in particular (Cook et al. 

2004), together with the levels found in this study, are presented in Table 3.15.  From these 

values, it appears that levels of copper, zinc, cadmium and nickel were higher in the mussels 

found on the farm cages, although a more extensive study is needed to confirm these findings.   

 
Table 3.15  The body tissue metal concentrations (μg g-1) in Mytilus edulis from North East Atlantic 
waters  (Schendel et al. 2004), Scottish waters (Palanques et al. 1995), and the present study. 
 

Metal ASMO ADRIS This study 
Cu 4.6-6.6 6.0 7.8 
Zn 70-180 90 150 
Cd 0.4-0.6 1.0 0.7 
Ni NA 1.5 41.5 

 

Because of their sensitivity to environmental changes, mussels have often been used as bio-

indicators of marine pollution, and their longevity, sessile nature, and filter-feeding habits make 

them ideal organisms for such studies.  However, their suitability in metal pollution studies is 
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questionable, because, depending on the severity of contamination, they are able to regulate 

accumulation of certain metals, such as copper and zinc (Padmalal et al. 1997).  A recent project 

(BIOFAQs) investigated the suitability of growing mussels near farm cages to mitigate the 

impact of particulate wastes in the water column (Stamoulis et al. 1996), but if metal levels are 

elevated around farms, and mussels accumulate these metals, the potential for commercial 

culturing will be limited because of concerns about toxicity and metal poisoning in the human 

feed chain. 

Particle Size Influence on Sediment Metal Concentrations 

Flocs, defined as aggregated suspended sediments with organic and inorganic components, are 

abundant in the water column around fish farm cages, and play an important role in the retention 

and potential transport mechanisms of metals (Palanques et al. 1995).  Metals in the marine 

environment have a high affinity for fine particles (Palanques et al. 1995, Stamoulis et al. 1996, 

Hargrave et al. 1997b), and there is typically an increased sedimentation of fine particles 

through flocculation at fish farm sites (Cundy & Croudace 1995).  The settling flocs scavenge 

metals from the water column (Gillibrand & Turrell 1997b, Padmalal et al. 1997) and their 

deposition tends to increase sediment metal levels under the farm cages.   However, there is also 

a potential for greater spatial distribution of metals associated with fine particles, since these can 

travel further in the currents than larger particles. 

 

A relationship between fine particles and metal concentrations was observed in a Canadian 

study of sediments from the Hudson River estuary, which found that certain metals (Co, Fe, Ni, 

Pb, Zn and Cd) were largely associated with the fine particle size fraction and had a strong 

correlation with oxides (Cromey et al. 2000b).  The study concluded that particle size was 

crucial in influencing overall metal content.  Another study in Poole Harbour (England) showed 

that the distribution of cobalt, lead, zinc and copper was controlled by manganese and iron 

oxides, and that concentration maximums occurred in the fine particle size fraction (Cromey et 

al. 2002a).  Granulometric partitioning studies in an estuary in SW India also confirmed that 
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levels of nickel, cobalt, cadmium, copper and zinc were considerably elevated in the fine silt 

and clay fractions, compared with those in sand (Gillibrand & Turrell 1997a). 

 

One objective of this study was to confirm whether there was a correlation between sedimentary 

metal levels and the proportion of fine particles.  However, the area under the farm cages, where 

elevated levels of Group 1 metals were found, was also the area in which coarse particles made 

the largest contribution to the particle size analysis.  These results tended to contradict the 

generally accepted theory, probably because of the coarse nature of the farm-deposited organic 

waste.  To investigate more precisely the relationship between fine particles and metal 

concentrations, the analysis would need to use size-fractionated sediment samples.  The spatial 

distribution of metals in the present study was also influenced by particle size, since despite the 

coarse particles deposited close to the farm cages, abundant fine particles and flocs were 

available to bind metals and transport them further away.   

 

 

 

3.6  Main Conclusions 

 Organic waste significantly influences metal concentrations observed around the Loch 

Craignish fish farm. 

 Spatial distribution of metals is determined by distance and direction from the farm, as a 

result of the residual south west currents in Loch Craignish. 

 Organic matter increases over time, and decreases with distance from the farm. 

 The temporal variation in organic matter inputs determines the temporal variation of 

metals around the farm. 

 Feed and faecal organic waste and anti-foulant products determine levels of copper, 

zinc, and cadmium under the farm. 
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 Organic enrichment and the resultant redox conditions determine levels of manganese, 

iron, molybdenum, uranium, cobalt, nickel, caesium, barium and lead in sediments 

under the farm, and the changes that occur over time and with distance.  

 Manganese and iron cycling influences levels of molybdenum, cobalt, nickel, barium 

and lead under the farm, and the changes that occur over time and with distance.  

 The change in organic matter content with distance from the farm alters the profiles 

observed for the redox sensitive metals at distance from the farm. 

 Deposition and precipitation of organic material, manganese and iron oxyhydroxides, 

and metal sulphides controls the solid phase metal concentrations. 

 Organic matter degradation, manganese and iron reduction, and oxygenation of 

sulphides influence pore water concentration of metals. 

 There was good agreement between the sedimentation rates calculated by two different 

methods (210Pb and 137Cs). 

 Sedimentation rates are higher at a fish farm site than at a reference site, as a result of 

the deposition of farm wastes. 

 The depth of the mixing zone, determined by 210Pb geochronologies, influences the 

behaviour of sediment metals around the fish farm. 

 

 

Other Findings 

 Organic matter determines species diversity and abundance under the farm. 

 Capitellidae are more abundant but contribute less to overall biomass, since Spionidae 

are generally much larger. 

 Capitellidae abundance and biomass decreased from March to December but Spionidae 

abundance remained the same.  

 Macrofaunal tissue metal concentrations are variable between species, with depth and 

over time.  

 Certain sediment metal concentrations are reflected in biological metal concentrations.  
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 Bioturbation influences the redox conditions of sediments under the farm, changing the 

sediment geochemical nature and producing variable profiles. 

 Based on percent contribution of fine particles, the relationship between fine grained 

particles and high metal concentration is not observed in fish farm sediments. 

 

 

The initial summary of the results placed the metals into two general groups: Group 1 metals 

(copper, zinc, cadmium, molybdenum and uranium) were enhanced at the farm, decreased with 

distance, and increased over time; Group 2 metals (manganese, iron, cobalt, nickel, caesium, 

barium and lead) were depleted at the farm, increased with distance, and decreased over time.  

Following the full discussion, it is evident that the groupings could be amended to reflect the 

sources and biogeochemical processes that determine the metal distribution.  With this in mind, 

the metals can now be considered as those whose concentration is directly determined by the 

input of farm waste (copper, zinc and cadmium), and those whose concentration is determined 

by a combination of the organic enrichment around the farm and the influence of sediment 

redox conditions on their behaviour (manganese, iron, molybdenum, uranium, cobalt, nickel, 

caesium, barium and lead).   
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4.  Inventories, Modelling and Budgets 

4.1 Introduction 

Inventories 

The purpose of the study described in this chapter was to re-examine the three-dimensional 

spatial distribution of metals, by presenting them as inventories (g m-2).  Typically, levels of 

metals in sediments are presented as concentrations, and these can be assessed against 

recognised sediment quality benchmarks.  However, the concentration of metals in sediment 

may be influenced by several factors, such as porosity, density, organic content and particle 

size, all of which were found to be different under the farm, compared with the surrounding sea 

loch  (§ 3.1.3, 3.2.3 and 3.3.3).  However, these differences may merely reflect the different 

sediment types across the loch environment.  Metal inventories can compliment the picture and 

meaning of the data, since they show the actual metal distribution as a mass of metal for the 

given area, and therefore eliminate some of variability, particularly that resulting from the high 

porosity of fish farm sediments.  Inventories are useful in assessing anthropogenic influences on 

metal distribution, and the enrichment or deficit of a particular metal can be established by 

subtracting reference station estimates of metal concentrations from the inventory values.   

 

The aim of the first part of the study was to use inventories to reveal the sources and sinks of 

sediment metals, and to identify the area in which metal distribution was most affected.  In this 

way, the inventories could confirm whether the farm was indeed the controlling influence on 

sediment metal distribution.  The inventory plots were used to test if sediment geochemical 

processes in general affected the distribution of certain metals, and if the redox cycling of 

manganese in particular determined specific distributions.    

Modelling 

There are currently several modelling packages available to the aquaculture industry in Scotland 

to predict impacts of nutrient enhancement (Gillibrand & Turrell 1997a), deposition and 

dispersion of organic waste (Gillibrand & Turrell 1999, Cromey et al. 2000b, Henderson et al. 

2001, Cromey et al. 2002a), and medicines and chemicals (Henderson et al. 2001).  As the field 

investigations established that certain metals were deposited in significant quantities in farm 
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sediments, it would be useful for monitoring bodies to have an additional tool to predict metal 

distribution.  Modelling can readily predict the potential impact of different scenarios, and test 

various hypotheses by investigating the effects of different factors under a variety of conditions 

(SEPA 2000a, US-EPA 2003).   

 

Models are useful tools for planning and regulating proposed and existing aquaculture sites, and 

can provide indicators whereby predictions can be compared against pre-determined standards, 

for such regulatory purposes as reviewing new site applications, establishing site-specific 

holding capacities, and licensing medicines (SEPA 2000a, Henderson et al. 2001).  They are 

particularly useful when the likely environmental concentrations are below detection limits, or 

are ecologically sensitive, as is the case, for example, with certain sea lice treatment chemicals 

used in salmon farming. 

 

Since any model predictions are only as good as the inputs, it is essential to use the best 

available data, in accordance with the management principle of BATNEEC (Best Available 

Techniques Not Entailing Excessive Costs), which strikes a balance between environmental 

benefits and financial costs, using the best available technology (Henderson et al. 2001, Cromey 

et al. 2002a).  Particularly relevant to this study, BATNEEC is applied by SEPA in its 

legislative framework for regulating and monitoring marine cage fish farming operations in 

Scotland (Cromey et al. 2002a).  For environmental impact assessments and site monitoring and 

management purposes, models can predict the best practice for site development, and allow 

impartiality in the decision-making process (Henderson et al. 2001). 

 

The model chosen for this study was DEPOMOD, a computer particle-tracking program 

currently used by SEPA to predict solid accumulations on the seabed caused by fish farms, and 

the associated changes in the benthic faunal communities (Cromey et al. 2002a).  To ensure 

sensitivity and high quality results, the model needs good technical descriptions, appropriate and 

carefully defined source data, and outputs that have been calibrated and validated against 

independent data sets (Cromey et al. 2002a, Cromey et al. 2002b).  Most of the input data 
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necessary for the model were available from the field investigations at the Port Bheachan farm 

site, including hydrodynamic data, which is critical for accurate model predictions (Cromey et 

al. 2002a, Cromey et al. 2002b).  The in-feed treatment sub-module in DEPOMOD allows the 

concentration of a feed component to be specified and the net accumulation and distribution of 

the component to be assessed.  Because the source of zinc to the farm sediments was most likely 

to be from the feed input, the zinc input data could be quantified and the modelling of zinc 

distribution was possible.  

 

DEPOMOD has been validated at several Scottish fish farms across a range of scenarios with 

different environmental conditions, farm sizes, hydrodynamics, and bathymetry (Miller 1998, 

Cromey et al. 2002a).  The particle-tracking, resuspension, benthic response, and fish growth 

and biomass modules in the program have been validated independently (Sharma et al. 1999, 

Miller 2000, SEPA 2000c), and the sensitivity analysis conducted as part of that validation has 

helped produce overall confidence in the model’s performance.   

 

Despite their powerful capabilities, models have limitations, and need to be used judiciously.  

Most importantly, a clear objective and rationale must be established, so that the outcomes 

match the intended purposes.   The immediate purpose in the present study was to predict the 

net deposition and dispersion of zinc around the Port Bheachan farm site.  The larger aim was to 

validate the use of DEPOMOD as a tool to predict zinc concentration and distribution around a 

fish farm, by comparing modelled simulations of real processes with the observed field data.  

The future use of DEPOMOD in predicting zinc concentrations (and possibly other metals, such 

as copper and cadmium) around fish farms may allow the environmental impact of such metals 

to be estimated, thereby providing a cost effective alternative to extensive and expensive 

sampling regimes.  If the model successfully predicts field conditions, zinc could potentially be 

treated as a tracer and used to predict the overall influence of a farm.    

Budgets 

Any discrepancy between the predicted output and the sediment concentration of a waste 

material indicates that the material may be involved in processes other than accumulation, 
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possibly as a result of physical and biogeochemical interactions between the input and the 

receiving environment.  The purpose of this part of the study was to use the estimated waste 

inputs, model-predicted outputs, and inventory data to calculate a budget for copper and zinc.   

Implications for AZE  

In an effort to regulate levels of waste released from fish farms and determine when action 

needs be taken to control the benthic impact of wastes and avoid gross pollution, SEPA has 

developed a regulatory device called an Allowable Zone of Effect (AZE), which extends 25 m 

beyond the perimeter of the farm cages (SEPA, 2000a; b; c).  Within this area, some 

deterioration of physico-chemical sediment properties and the flora and fauna is considered 

acceptable, but not complete deterioration and large-scale environmental damage.  The 

guidelines are based on a mixing zone approach, whereby a degree of dilution by the receiving 

environment is necessary before the limits can be achieved (Table 4.1). 

Table 4.1  The copper and zinc concentration (μg g-1) limits within and outwith the area of allowable 
zone of effects (AZE), based on the sediment quality criteria (SQC) proposed by SEPA, and the 
benthic impact (Loring 1991, Balls et al. 1997, Chou et al. 2004). SEPA states that action will be 
taken if sediment concentrations exceed these limits. 
 

Metal SQC limits  Benthic Impact 
Copper 270 (inside AZE) Probably Adverse 
 108 (inside AZE) Potentially Problematic 
 34  (outside AZE) Possibly Adverse 
 16 Background 
Zinc 410 (inside AZE) Probably Adverse 
 270 (inside AZE) Potentially Problematic 
 150 (outside AZE) Possibly Adverse 
 110 Background 

 
 

Since the sediment quality criteria (SQC) have been set to protect or minimize damage to 

benthic invertebrates, and since the contour plots of copper and zinc concentration from the 

field investigations (Figures 3.11a-d and 3.18a-d) used the SQC as contour limits, they could, in 

effect, be considered risk maps.  Inventories can reveal if the sediment concentrations within the 

AZE exceeded the SQC guidelines.   
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4.2  Methods 

Inventories 

The concentration (μg g-1) of all metals from the 13 cores analysed during the second major 

field investigation (§ 3.3, depth transect study), was converted to mass of metal per unit area 

(Equation 4.1).  As the depth of sediment collected varied, all cores were standardised to 8 cm 

depth.   

Equation 4.1    
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Where   [metal] = metal concentration in slice (μg g-1) 

  dry wt = total dry weight slice (g) 
  Area = π r2; r = 2.9 cm: A = 0.002642 m2) 

 

The metal inventory value was further divided by 1*106 to give values as g m-2.  In order to 

provide additional comparisons with model predictions and budget calculations, the total 

inventory of zinc and copper was also calculated to 5 and 1 cm depths from the depth transect 

study, as well as from the sediment surface concentrations from the radial transect study 

(Equation 4.1). 

 

Typically, inventory calculations are based on the concentration, depth and dry bulk density 

(DBD) values of the sediment.  The DBD calculations use standard estimates for the density of 

seawater and ocean marine sediments, but these estimates may not be appropriate in the sea loch 

sediments of the present study which have higher organic carbon contents and lower density 

values.  Fish farm sediments are highly organic, with wide variation down core and across the 

area, and for the calculation to be effective, different DBD values would have to be calculated 

for each slice.  However, the calculation does incorporate a correction factor for estimating 

sediment volume when the full sediment slice has not been used, and the total dry weight and 

area are consequently unknown.  In this study, the total sediment within the full slicing ring area 

was collected, dried and weighed to determine the full sediment weight, and the volume 

calculated from the circumference and depth of the slicing rings used.  
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Background Subtraction 

Since non-anthropogenic trace metal concentrations in marine sediments can vary widely, 

normalisation techniques are often used to determine differences in trace metal concentrations 

resulting from different sediment inputs.  By distinguishing between anthropogenic and natural 

lithogenic sources, normalisation allows processes controlling metal concentration in sediments 

to be understood, and anthropogenic metal contributions to be identified and quantified (Chester 

1990, Stevenson et al. 1995, Fang & Hong 1999).  Normalisation techniques typically use 

metals like aluminium and lithium, which are abundant yet biologically inert and geochemically 

inactive (Cromey et al. 2000a), but because of limitations in the ICP-MS analysis of these 

metals (§ 2.4.1.1), normalisation was not possible.    

 

Detecting and assessing metal pollution requires knowledge of the natural background levels of 

a given metal in an area.  A common method for determining local contamination is based on an 

enrichment factor, whereby excess concentrations are quantified with respect to natural metal 

sources, such as the average metal constituents of the earth’s crust (Surfer 1999).  Extensive 

geochemical records of the variety of sediment types occurring around the UK continental shelf 

(Cromey et al. 2000b) provide a convenient baseline for typical concentrations, but may not be 

appropriate in the present study, since they were compiled from deep (3m) gravity cores, not 

surface sediment, and were taken from the continental shelf, not in-shore sea lochs.    

 

Background levels may also be estimated from the concentrations observed at full depth in a 

sediment core, where the concentration is relatively stable.  In this study, however, the majority 

of cores collected were only 10 cm deep, and even the deep core, collected from directly beside 

the fish farm, held sediment only to 17 cm.  These sediment depths were not sufficient to ensure 

that background levels had been reached, since even the deepest cores may have been 

influenced by the farm.    

 

In order to determine the farm’s influence on the concentration and distribution of metals in the 

present study, background levels were estimated by measuring the concentrations found at 
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appropriate reference stations.  In addition, since DEPOMOD assumes no previous inputs to the 

sediment, the reference station levels of zinc needed to be subtracted from the observed levels, 

for comparison with the model predictions.  Finally, because the budget calculations were based 

only on zinc and copper outputs from the farm, observed levels in the sediment had to be 

background subtracted for budget balancing, so that they only represented enrichment in the 

sediment.   

 

In order to chose appropriate reference stations, the metals were first divided into those that 

were elevated in farm sediments as a direct result of farm waste released (FWR metals, i.e. 

copper, zinc and cadmium) and those whose concentrations were likely influenced by organic 

enrichment or sediment redox conditions (redox-proxy [RP] metals, i.e. molybdenum, uranium, 

manganese, iron, cobalt, nickel, caesium, barium and lead).   

 

Since the depth transect study was a distance-based survey, the four sediment cores at the end of 

each transect (which were furthest from the farm and therefore assumed to be least affected by 

farm wastes) were reviewed.  For the FWR metals, the most distant core with the lowest 

concentration outwith the residual current direction was chosen as the reference station (e.g. 

Fang and Hong, 1999).  This was also the station used to represent reference station levels of 

sediment organic matter content. 

 

There is a concentration gradient along sea loch sediments, from freshwater inputs at the head of 

the loch, across the brackish zone, to the sea water mouth (Edwards & Griffiths 1996).  The 

change from fresh water to sea water affects the behaviour and concentration of many RP 

metals, through processes that promote, for example, flocculation, deposition and valency 

changes.  Along the sampling transects, the furthest NE station may have been affected by 

terrigenous metal sources, and the furthest SW station may have been influenced by the Port na 

Mòine cage group.  For these reasons, the reference concentration for the RP metals was taken 

as the mean of the two stations second in from the ends of the NE to SW transect.  The sediment 

levels at these stations were comparable to the two end stations on the NW to SE transect, and 
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all four stations were similar distances from the farm.  The mean of the two stations on the NE 

to SW transect was used because the inventory plots of this transect were investigated in greater 

detail. 

 

Reference concentrations for copper and zinc in the surface sediment for the radial transect 

study were determined by calculating the mean concentration of twenty samples with the lowest 

concentrations furthest from the farm.  To validate the choice made of background stations, 

local hydrographic conditions were assessed (Cromey et al. 2000a), and  the majority of stations 

were shown to be outside the predominant current direction or upstream of the farm.   

    Calculated Total Mass in Farm Areas  

For each core in the depth transects, the metal inventories less the estimated reference station 

levels were gridded, by means of the kriging algorithm in Surfer.  The total mass for enriched 

metals within a given area was calculated by grid volume computations, which determine the 

positive cut volume within the positive planar area.  For metals showing a deficit around the 

farm, the negative fill volume and negative planar area were used.  The positive or negative 

planar area was the area within the total planar area (total grid) for which the mass was to be 

calculated, set by the lower level surface ‘z’ value, that is, the contour level.  The positive (cut) 

volume was the area within or above the lower level surface value; the negative (fill) volume 

was the area outside or below the lower level surface value.  Subtracting the fill volume from 

the cut volume gives the approximate volume, determined by Trapezoidal Rule, Simpson’s Rule 

and Simpson’s 3/8 Rule (Cromey et al. 2000b).   

 

In order to investigate the total mass of a particular metal within different areas around the farm, 

specific distance limits were chosen, starting at the perimeter of the cage group dimensions and 

extending 10, 25 (representative of the AZE), 40, 50, 75 and 100 m beyond the farm (Table 

4.2).  Based on the cage dimensions (25 m diam.), and the space between cages (12 m gap), the 

seabed area was calculated (A = l*w, where l: full length of cage array; w: width of cage array) 

at the farm perimeter and within the set distance limits.  The lower surface ‘z’ value that defined 
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the various area limits was established in order to calculate the total mass of each enriched 

metal.   

 
Table 4.2  Areas calculated for the site contained within the cage group dimensions (at the farm 
perimeter) and extending x m from the perimeter in all directions. 
 
Distance 
Limit (x) 

Farm 
Perimeter 

10 m 25 m 

(AZE) 
40 m 50 m 75 m 100 m 

Actual 
Area 

10726 m2 15826 m2 24976 m2 35926 m2 44226 m2 68476 m2 97726 m2

  
 
Modelling 

DEPOMOD consists of several integrated components that together comprise the overall model 

(Figure 4.1).  The first module generated a grid for Loch Craignish by taking into account loch 

bathymetry and farm cage positions.   

 

The next component, a particle-tracking module, considered the settling characteristics of the 

fish feed and faeces and determined the turbulence and dispersal qualities of the water body.  

This component has two sub-modules, one that models dispersion of In-Feed additives, 

following medicinal or chemical treatment (used to predict in-feed zinc dispersion in the present 

study), and another that predicts feed input over the growing season by examining fish growth 

and biomass (not used in these simulations).   

 

Information from the particle-tracking module provided input data for the resuspension module, 

which predicted net solids accumulating within the grid area, by separating out the processes of 

erosion, transport, deposition and consolidation, and by redistributing the particles according to 

near bed current flows.  The modeller sets the potential mixing depth of the deposited material, 

and a value for sediment bulk density, which allows the model to adjust its output to address the 

set limits.  The Carbon Degradation G-model was not used in this study. 

 

The speed, direction, and velocity of the currents in Loch Craignish provided the hydrographic 

information necessary for the particle-tracking and resuspension modules.  These established the 
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potential for sediment re-suspension, and the role of the physical current regime in determining 

and controlling the distribution of sediment particles.   
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Figure 4.1   A schematic description of the DEPOMOD model (reproduced with permission), 
showing the integration of the modules and associated input data (Cromey et al. 2002a). 
 

The final component, the benthic response module, which creates a quantitative relationship 

between benthic community descriptors and accumulation of net solids in order to predict their 

impact on the community, could not be used in the present study, since it relies on the flux of 

total solids and not just the flux of in-feed treatments. 
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     Hydrographic Details 

Although physical data collection would ideally have coincided with sediment sampling in 

December 2000, the hydrographic study had to be postponed until December 2001.  A jellyfish 

bloom at another farm site in November 2000 meant that fish from Port Bheachan were required 

to fulfil market demand, resulting in the rapid and unexpected clearance of stocks.  Although 

sediment sampling was possible before total site clearance (§ 3.1.2.2 and 3.2.2), there was 

insufficient time to set up the necessary hydrographic equipment.  It was therefore decided to 

return the following December when farm conditions were likely to be similar.  

 

Advances in hydrographic instrumentation now allow reliable equipment to be left in the water 

column for long periods of time and digitally record environmental conditions at frequent 

intervals (Edwards & Sharples 1991). A weighted mooring line with hydrographic equipment 

attached (schematically depicted in Figure 4.2) was deployed from the southern end of the Port 

Bheachan cages in Loch Craignish (Figure 3.2c) on December 19th 2001 and left to record at 

five minute intervals for a three week period.   

 

The water depth at the lowering point was 17 m.  An acoustic Sontek Argonaut velocity meter 

was attached to the line at approximately 14 m depth, and was configured to measure current 

velocity immediately below the instrument, approximately 15 m depth. A second current meter, 

an electromagnetic Interocean S4, was deployed just above the Sontek instrument at about 13 m 

depth, to provide additional, corroborative measurements.      

 

A transmissometer with a 10 cm long window was held inside an Aanderraa current meter vane 

and positioned on the line below the current meters, at around 16 m depth.  The instrument 

measures light transmission in the water column, which is generally inversely proportional to 

water column turbidity.  Although this measurement can give an estimate of the amount of fish 

feed and faecal particles in the water column, it is affected by any substance obstructing the path 

of light to the lens, such as pelagic plankton, fish species and litter.   
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Figure 4.2  Schematic description of the weighted mooring line deployed from the southern end 
of the Port Bheachan cage unit,  December 19th, 2000,  to record hydrographic data. 
 

Model Settings and Scenarios 

Different scenarios were tested and the model was run to predict the distribution and total mass 

of zinc around the farm (Table 4.3).  Certain modifications were made to the default settings to 

incorporate field data collected (Table 4.4) and the general input data for the model are given 

(Table 4.5).   

 

Table 4.3  The different scenarios tested in the DEPOMOD model runs. 
 
Scenario Input 

months 
(#) 

Months used 
for feed 

input 

Total feed 
input over 

period 
(kg (d.w.)) 

Sediment 
mixing 

depth (cm) 

Dry bulk 
density 
(kg m-3) 

Scenario with 
Resuspension 
modelled 

1-1i 1 Nov 78795 1 536 1:No   1i:Yes 
2-2i 9 Mar – Nov 392888 1 536 2:No   2i:Yes 
3-3i 9 Mar- Nov 392888 5 660 3:No   3i:Yes 
4-4i 9 Mar- Nov 392888 8 688 4:No   4i:Yes 
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Table 4.4  The data sources for the grid generation and particle-tracking modules, showing how the 
data were determined and any modifications made.  
 
Module Factor Determination Modification 

Grid 
Generation 

Bathymetry RoxAnn study, May 2000  

 Cage and Sampling 
Positions 

Observed, May and 
December 2000 

 

 Grid Resolution Observed zinc distribution, 
December 2000 

Observed > 100 m, thus 25 m 
spacing chosen 

Particle 
Tracking 

Feed Input Farm records, March to 
December 2000 

Dry weight used * 

 % Wasted (Feed) Literature** and 
observations ***  

Adjusted from 3 % to 5 % 

 Particle Settling 
Velocity 

Calculated from measured 
pellet size +

Adjusted from default to measured 
size (10.8 cm s-1 to 13.8 cm s-1) 

 [Zinc] in Feed  Collected and measured + In-Feed Treatment to represent 
[zinc] in feed; dry weight used   * 

 [Zinc] in Faeces Collected and measured + Default not used 
Water content set at 0 % * 

 Feed Digestibility 
(%) 

Literature++ Adjusted from 85 % to 70 % 

 Zinc Excreted  
(%) 

Increased until known 
faecal concentration reached 

Default not used 

 
* Since the dry weight zinc concentration of feed and faeces was measured, the feed input was 
adjusted to represent dry weight.    
** Gowen, et al. 1989; Black, SAMS, unpublished data cited in Cromey et al. 2002a; Cromey et al. 
2002a 
*** All near farm sediment samples were found with feed pellets on core surface, probably the result 
of wasteful hand feeding observed at the Port Bheachan cages. The author’s farming experience suggests 
that < 5 % loss is rare without an automated feed supply 
+ methodology described (§ 4.2.3.1) 
++ Pereira 1997; Chen et al. 1999b 

Table 4.5  A summary of the general input data for the DEPOMOD model runs. 
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Model Requirements Input Data 
Grid total size (m) 1125*1925 
Grid cell resolution (m) 25*25 
Number of groups * number of cages March – December 
2000 

1*3 
1*5 

Cage shape  Circular 
Cage dimensions (diam*d) (m) 25*10 
Cage orientation along length of cage group (º T)  36 
Depth under cage group (chart datum in metres) 17 
Number of current velocity data sets used 2 
Period when current data measured December 2001 
Height of moorings above sea bed (m) 2, 4 
Mean depth of water column at mooring (m) 17 
Length of current velocity record (days) 15 
Time step of data used in model (mins) 60 
Time step used in model (sec) 60 
Sediment sampling month December 2000 
Feed pellet size (mm) 10.5 
Concentration Zn in feed (μg g-1 dry wt.) 196.4 
Concentration Zn in faeces (μg g-1 dry wt.) 364.5 
Excretion (%) 56 +
Food water content (%) 0 ++

Digestibility (%) 70 
Food wasted as % food fed (%) 5 
Food settling velocity (cm s-1) 13.8 
Faecal settling velocity (mean, std. dev) cm s-1 (3.2, 1.1) 
Faecal settling velocity distribution Normal +++

Horizontal dispersion coefficients kx, ky (m2 s-1) 0.031,0.090 ++++

Vertical dispersion coefficient kz (m2 s-1) 0.001 ++++

Trajectory evaluation accuracy (s) 60 +++

Mean tidal height (m) 1.7 
 
+ Excretion rate adjusted to obtain measured zinc concentration in faeces 
++ Water content set at zero as feed input is expressed in dry weight 
+++ Default data 
++++ Determined from Port Bheachan cage group in Loch Craignish, August 2000 (Chen et al. 1999b) 
 
 
    Model Sensitivity 

To ensure quality control, the DEPOMOD manual recommends using a verification spreadsheet 

file supplied within the model suite (Pereira 1997).  This independent check calculates how 

much of the compound should be released from the farm, and using the model outputs, verifies 

that 100 % of the compound released is contained within the grid.  The check was used after 

each run, and there was 100 % agreement for each scenario.  

 

A computer software program was designed (Didgcon 1 by C. Cromey 2003 @ SAMS) that 

used the grid plot generated by each model run and interpolated a concentration between four of 

the nearest grid nodes, to determine a concentration at each of the actual sampling stations.  This 

provided quantitative measures to compare predicted and observed concentrations, in order to 
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determine the sensitivity of model predictions for each different scenario.  Measures of 

“goodness of fit” were determined by calculating the χ2 value (α in Equation 4.2), and the mean 

absolute deviation (γ in Equation 4.3).  In addition, linear regression between the observed and 

the predicted values calculated the square of the Pearson correlation coefficient (r2), the slope 

(m) and the intercept (c).  All of these measures were taken into account to select the modelled 

scenario that best represented the observed conditions.   

 

Equation 4.2     ∑
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Where  α = measure of goodness of fit 
  o = observed concentration 

p = predicted concentration 
 
 

Equation 4.3    
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Where  γ = mean absolute deviation 
  p = predicted concentration 
  o = observed concentration 
  n = number of observations 
 
 
    Model Limitations 

There were some limitations with the data input that prevented ideal conditions from being met.  

In the particle-tracking module, for example, advection by hydrodynamic data is ideally 

represented by three layers of data, each with a different current amplitude and direction to give 

shear (Hoffman et al. 1998).  However, in the present study only two layers of hydrodynamic 

data were collected.  Also, the model does not take into account any wind-wave resuspension 

that may occur in an exposed, shallow site like Loch Craignish, with a mean low water depth of 

only 15.4 m (Priede & Secombes 1988)).  On the other hand, the loch has a low fetch (refer to 

Annex 1) and is comparatively sheltered.  Another limitation in the model is that there is no 

spatial variation in the hydrodynamic grid module, despite the fact that conditions at distance 

may have been quite different from those near the cages, where the hydrodynamic data were 

collected.  Finally, although feed input was in fact a continuous release from the farm, the 

 

149



Inventories, Modelling and Budgets   Chapter 4 

model had to be run as if it were a pulse treatment, since the concentration of a particular in-

feed ingredient can be specified only in the pulse treatment phase.   

Budgets 

    Feed, Faeces and Fish Collection and Analysis  

The feed type for the Port Bheachan farm site during the 2000 growing season was Feed 110, 

manufactured by Nutreco Trouw Aquaculture.  The mean diameter of ten pellets was measured.  

A further ten pellets were stored in labelled and sealed plastic bags, returned to the laboratory, 

and frozen (-20˚ C).  The pellets were then weighed, freeze-dried, digested and analysed for 

metal concentrations by ICP-MS (§ 2.2.1, 2.3.1 and 2.4.1.3).   

 

In August 2000, four salmon from the Port Bheachan cages were netted and brought onto the 

cage walkway.  The head end of each fish was held tightly while its underbelly was stroked 

along the line of the gut canal, in order to stimulate excretion of faeces.  The faeces were caught 

on clean, plastic sheeting, transferred to labelled, sealable pots, returned to the laboratory and 

frozen (-20˚ C).  Two of the fish were returned to the laboratory, where the internal organs 

(kidney, liver, gonads, spleen, gut,) and sub-samples of tissues (muscle, adipose, bone) and gills 

were collected.  The faecal matter and body tissues were weighed, freeze-dried, digested, and 

analysed by ICP-MS (§ 2.2.1, 2.3.1 and 2.4.1.3). 

    Feed and Faeces Input Calculations 

Total copper and zinc in feed waste was calculated based on the following data: the total amount 

of food released (kg month-1 dry wt.); an estimated 5 % wastage of all food fed (Gowen et al., 

1989, Black, SAMS, unpublished data cited in Cromey et al., 2000a; personal observations); 

and the measured concentration (d.w.) of copper and zinc in the feed.  Two different methods 

were used to determine the total amount of copper and zinc in the faecal waste, the first based 

on digestibility of the feed, and the second on metal retention by the fish. 

Method 1:  Given a 70 % digestibility of the feed (Overnell et al. 1988, Bjerkeng et al. 1997), 30 

% was assumed to be released in the faeces.  By using the calculated total faecal release and the 

measured levels of faecal copper and zinc, the total masses of copper and zinc released from 

faeces were determined. 
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Method 2:  Metal retention within the fish was calculated from the total fish weight, together 

with the weights and metal concentrations of internal organs and sub-samples of internal tissues 

and the gills.  Literature estimates were used to determine the proportional wet and dry weights 

of unmeasured tissues (fin, heart, eye, brain, stomach, epidermis, scales) and tissues not entirely 

collected (muscle, adipose, bone, gill) (Miller 1998, 2000, Nickell 2000, SEPA 2000c).  Any 

metal not retained was presumed lost in the faeces, and the total faecal loss was calculated based 

on the measured copper and zinc concentration in the faeces.  

    Total Mass Calculations 

By using the methods already described (§ 4.2.1.2), the total mass of zinc from the model 

predictions of different scenarios and the total mass of copper and zinc from the observed data 

were calculated.   The budget was created by comparing the estimated total amount of copper 

and zinc entering the environment from feed and faecal waste, and the predicted total mass of 

zinc from model outputs, with the observed total mass of the metals in the sediment.  

AZE Calculations 

In keeping with SEPA guidelines (SEPA 2000c), the depth transect samples were used to 

calculate the concentration (μg g-1) of copper and zinc observed in 5 cm depth (Equation 4.4), 

and the concentration for each sample station was plotted with Surfer. 

Equation 4.4   
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∑
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Where  [metal] = metal concentration in slice (μg g-1) 
  dry wt.  = dry weight of slice (g) 
  tot. dry wt.  = total dry weight in 5 cm (g)  
 

The area of AZE was calculated (§ 4.2.1.2, Table 4.2) and marked on the observed 

concentration Surfer plot.  The area in excess of the AZE limits was determined by setting the 

lower level surface ‘z’ value (i.e. contour limit) at the AZE limits (§ 4.2.1.2 and Table 4.1). The 

mass of excess metal over the AZE limit was calculated by Equations 4.5 and 4.6. 
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Equation 4.5 
 

( ) ( ).*].[.*].[ wtdrysedtotalmetalthrwtdrysedtotalmetalobsExcess −=  
 
Where   ].[ metalobs  = mean observed metal concentration within AZE limit 

].[ metalthr  = expected threshold concentration (set at AZE limit) 
total sed dry weight = total sediment dry weight (by Equation 4.6) 

 
 

Equation 4.6    Total sediment dry weight = A * d * DBD 

 
Where  A = area, known from grid computations 
d = depth    

DBD = dry bulk density = ∑ sed. wgt. in 5 cm  / ∑ volume  (π r2*d) 
(average DBD from all the sample stations within the SQC contour limit used) 
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4.3 Results 

Inventories 

The metal inventories down to 8 cm with reference station levels subtracted are presented in 

Figure 4.3a-l, with the two transects (9 stations NE to SW; 5 stations NW to SE) plotted on a 

single graph, against distance from the farm centre.  The full data set of inventory values is 

given in Appendix 2A.   

 

Inventories of copper, zinc, molybdenum and uranium (Figure 4.3a-d) were clearly elevated in 

the area closely surrounding the farm, particularly to the SW, and did not return to reference 

station levels until ~100-150 m in all directions.   

 

Inventory values for cadmium (Figure 4.3e) were also enriched around the farm, returned to 

reference station levels by ~100 m from the farm, but increased again by 300 m SW.  The 

highest levels for cadmium were to the north of the farm, unlike copper, zinc, molybdenum and 

uranium, where the highest levels were to the south.  The elevated levels of cadmium at the far 

SW station may suggest enrichment from Port na Mòine farm cages, which were only ~40 m 

south of this station.  Stations M1 and J1 were excluded from the inventory plot (refer to Figure 

3.17), since the cadmium ICP-MS results at these two stations were all negative below 1 cm.  If 

these stations had been included in the 8 cm depth inventory, they would have displayed a much 

lower level than any other station.  As a test, a cadmium inventory for the surface 1 cm only was 

plotted, which showed elevated levels at M1 and reference station levels at J1. 

 

The caesium results were difficult to interpret, since the transects did not show a clear pattern 

(Figure 4.3f).  However, there was a decrease in caesium levels to the south of the farm in both 

transects. 
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The inventory plots for manganese, iron, cobalt, nickel, barium and lead (Figure 4.3g-l) were all 

very similar and clearly demonstrated a deficit near the farm, with elevated levels between ~50-

150 m to the NE and SW.   

 

To determine whether the elevated metal levels were related to lower organic matter content, an 

inventory was produced for labile, refractory and total organic matter down to 8 cm depth along 

the NE to SW transect, with reference station levels subtracted (Figure 4.4).  It must be 

recognised that the labile and refractory pools, as measured here, are only operationally defined, 

and there was an assumption that the material combusted at a lower temperature, was in fact 

labile and thus more readily available.  Labile organic matter was used as an indicator (rather 

than refractory or total organic matter) as it is readily available and likely influenced the 

sediment biota, oxygen demand and redox conditions most strongly.  Labile organic matter was 

highest under the farm but decreased with increasing distance, reaching reference station levels 

~25 m NE and ~100 m SW of the farm.  The point at which reference station levels were 

reached corresponded with the start of the increased concentrations of most of the redox 

sensitive metals.  

 

Labile and refractory organic matter content were at similar levels under the farm and up to ~50 

m SW.  By ~100 m SW, labile organic matter had decreased to reference station levels, but 

refractory organic matter was about three times higher, possibly because of the abundant 

refractory matter carried to the loch by the Barbreck River and various tributaries that run 

through land where construction and forestry occur.  Since this refractory organic material does 

not easily degrade, it could have accumulated along the sea loch sediment bed, thereby 

increasing the concentration along the NE to SW transect.  In addition, there is a deep basin in 

the sediment bed between the two cage sites (unpublished data, C. Cromey), which could act as 

a trap for the refractory material.   
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Figure 4.4

 
 

The ratio between the area within the peaks (enriched) and the area within the trough (deficit) 

was calculated to determine whether the metals showing a deficit under the farm were 

accumulating in sediment sinks at a distance.  Since both transects displayed the same pattern, 

only the NE-SW transect was used since this was the longest transect, with the most data points 

 

The footprint of sediments with elevated nickel concentrations spread further than for the other 

metals, possibly as a result of the input of nickel from feed and faecal waste (§ 3.5.8, Table 

3.13), with the result that the two stations used to produce the reference level had the highest 

concentrations.  For consistency, the same stations were used to represent reference 

concentrations for all RP metals, but this meant that the nickel values were all negative and no 

area for enrichment could be calculated.  For this reason, nickel was excluded from the 

following determinations. 

 

Initially, a simple approach to area determination was adopted (Method 1), which consisted of 

enlarging the graphs, drawing a straight line between the two reference stations, cutting out and 

weighing the area above (A) and below (B) the line, and then calculating the ratio between the 

two, that is, A:B (Table 4.6).  Determining the area for one element six times ensured a measure 

of precision, producing a coefficient of variance of 1.5 %.   

 

157



Inventories, Modelling and Budgets   Chapter 4 

 

 

The second method, Method 2, employed an integration program written at SAMS (by I. 

Vassie), for use with MATLAB 5.3 (Software Co. Inc.).  In this method, the inventory data 

points were plotted against distance from farm (Figure 4.5a) and a cubic spline curve was fitted 

(Figure 4.5b).  Since this curve treats the data as continuous, in order to help tie down the curve, 

the endpoints were extended on the x and y axis, with additional data points equal to the 

adjacent values.  A straight line was fitted between the two reference station points (Figure 

4.4b) and subtracted from the raw data to produce adjusted values.  A cubic spline was then 

refitted to the adjusted values (with the line now equal to zero on the y axis) and plotted, 

allowing integration of the curves between the x coordinates (Figure 4.5c).  Following 

integration, the ratio between the area above and below the zero axis was determined (Table 

4.6).  The ratios, produced by the two different methods, are given in Table 4.6, and, despite the 

difference in mathematical complexity, show a similar pattern. 

 

Figure 4.5a-c  MATLAB integration procedure, using the inventory of manganese, to determine 
the area above (A) and below (B) the reference station level. 
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Table 4.6  The ratios between the areas above (A) and below (B) the line set as zero on the x axis 
(A:B).  Method 1 used the weight of cut-out areas, whereas Method 2 was calculated by integration 
in MATLAB.   
 

Element Method 1 Method 2 
Manganese 0.60 0.70 
Iron 0.82 0.98 
Cobalt 1.35 1.52 
Barium 0.48 0.59 
Lead 1.17 1.36 

 
 

The ratio for iron (just less than 1) suggests that the soluble iron lost from the reducing 

environment under the farm was nearly all re-deposited as solid phase iron oxyhydroxides at a 

distance from the farm.  The ratios for manganese and barium (< 1) indicate that more was lost 

from the farm trough than was re-deposited in the surrounding peaks.  The ratios for cobalt and 

lead (>1) show that more was being accumulated in the peaks than was accounted for by deficits 

at the farm. 

 

Since the manganese cycle around a fish farm may influence the behaviour of associated metals 

(e.g. § 3.5.9), two stations were chosen (refer to Figure 3.17), one at the base of the manganese 

trough (M1 at 56 m SW) and one at the top of the manganese peak (B at 106 m SW), and ratios 

were calculated between manganese and the other metals at each of these two stations, and then 

between the two stations (Table 4.7).  Cadmium was excluded from this calculation because of 

the incomplete data set for the cadmium inventory.  

 
Table 4.7  Inventory values (g m-2) down to 8 cm depth for each metal at stations M1 and B, the 
ratios between manganese and each metal at the two stations, and the ratio between the two stations 
for each metal.  Metals in bold are first grouping and strongly influenced by manganese (refer to 
text).   
 

Metal M1 (g m-2) B (g m-2) Mn:Metal @ M1 Mn:Metal @ B M1:B 
Copper 12.59 3.75 1.21 7.41 0.16 
Zinc 21.30 8.05 0.72 3.46 0.21 
Molybdenum 1.08 0.13 14.09 215.26 0.07 
Uranium 0.55 0.24 27.66 114.47 0.24 
Manganese 15.27 27.80 1.00 1.00 1.00 
Iron 1171.36 1553.65 0.01 0.02 0.73 
Cobalt 0.55 0.97 27.85 28.72 0.97 
Nickel 1.91 2.64 7.98 10.55 0.76 
Caesium 0.07 0.09 223.70 306.0 0.73 
Barium 13.32 22.02 1.15 1.26 0.91 
Lead 1.81 2.74 8.46 10.14 0.83 
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The data can be divided into two groups, those with high M1:B ratios (0.73 to 0.97), and those 

with much lower M1:B ratios (0.07 to 0.24), a division that clearly distinguishes between the 

metals that behaved similarly to manganese (bold in Table 4.7) and those that did not.  When 

the behaviour of the other metal was associated with manganese, the manganese:metal ratios at 

stations MI and B were similar, so that the ratio between the two stations was close to 1.  In this 

situation, manganese and the other metal’s inventory values were always lower at station M1 

than at station B.  However, manganese was unlikely to be controlling metal distribution when 

the inventory value of the metal was higher at station M1, when the manganese:metal ratios at 

both stations were markedly different, and when the ratio between stations was << 1. 

Calculated Total Mass in Farm Areas 

Since the inventory values had reference station concentrations subtracted prior to total mass 

calculations, it was expected that when reference station levels had been reached, there would 

be no further change to mass, despite an increase in area.  The mass at which this occurred 

would have represented the total amount of metal above or below the background levels.  

However, this plateau was never reached for any of the metals, so that with increasing area the 

mass for enriched metals continued to increase, while the mass for the metals in deficit 

continued to decrease.   

 

There was no obvious reason for this result, especially since the FWR metals (i.e. copper, zinc 

and cadmium) showed a clear distribution pattern of enrichment around the farm and a decrease 

to reference station levels at distance from the farm.  One explanation may be the choice of 

reference station, since only a single station, the one furthest from the farm to the NE with the 

lowest concentration, was used for background subtraction.  This produced a concentration 

slope away from the chosen station such that levels were higher at one end than the other. The 

calculation may have been more successful if negative values had been avoided, by using the 

very lowest concentration regardless of position to represent reference levels, but the station 

with the lowest level was different for each of the FWR metals.  In addition, if the mean of all 

stations at the far end of the transects had been used, there would have been a clearer contour 

limit around the farm, beyond which reference stations levels would have been reached. 
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For some of the RP metals (i.e. manganese, iron, cobalt, nickel, barium and lead), the result may 

be partly explained by the enriched concentrations observed beyond the deficit under the farm, 

which may have prevented the mass from reaching a maximum deficit.  Furthermore, all the RP 

metals had a mixed distribution pattern, with patchiness across the grid area and variation in 

concentrations, which could not be directly attributed to the influence of the farm.   These mixed 

patterns tended to complicate the Surfer calculations of total mass within an area, since, 

although the areas were defined as increasing areas specifically around the farm unit, the Surfer 

calculations of mass were based on area equivalents.  This meant that Surfer used all regions in 

the grid area to make up the area within a specified “z” level, and these regions were not 

directly representative of increasing areas directly around the farm.  In an attempt to overcome 

this, blanking files were incorporated into the grid files used for the total mass calculations, 

which effectively excluded all the outlying areas beyond the immediate sampling area from the 

mass calculation.  However, this made no difference to the trends observed, and, accordingly, 

the results are not discussed any further. 

Modelling 

    Hydrographic Details 

The velocity vectors determined current speed and direction (given in Appendix 2B), and the 

resulting data included in the DEPOMOD model.   

 

The transmissometer failed to give any useful results.  A tranmissometer path length (i.e. read 

window) of 10 cm is usually sufficient around a fish farm, since there is typically abundant 

material in the water column on account of the relatively continuous deposition of faecal pellets 

and wasted feed.   However, owing to a recent harvest of several thousand fish and the fact that 

operations were scaled down over the holiday period (instruments were in the water between 

December 17th and January 13th), there may not have been as much waste released from the 

farm, so that, in retrospect, a longer path length would have been more appropriate.  Once the 

failed record was discovered, there was no opportunity to repeat the measure since the farm site 

was under final harvest operations before the fallowing period.   
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    Visual Comparisons of Model Outputs 

The predicted zinc concentrations and distribution for Scenarios 1, 2, 3 and 4 are presented in 

Figure 4.6, along with the levels observed in the surface sediment from the radial transect study 

in December 2000.  Overall, there was a good match between the predicted and observed zinc 

enrichment footprints and areas of distribution, although there were some differences between 

observed and predicted concentration levels.   

 

In Scenario 1, the model was set with sediment mixing depth of 1 cm and one month’s feed 

input (Figure 4.6a).  Feed input had in fact been continuous since March 2000, and the scenario 

was effectively used as a test.  The predicted concentration and distribution were expected to be 

much less than the observed, and that was confirmed by the model predictions. 

 

Scenario 2 also had a mixing depth of 1 cm but incorporated 9 months’ feed input (Figure 4.6b).  

In general, model predictions exceeded observations.  The highest level predicted (> 500 μg g-1) 

covered an area much larger than that in which this concentration was actually observed.  The 

area in which levels were predicted to be 150-500 μg g-1 corresponded to that observed, 

although the predicted distribution extended further in the NE and SW.   

 

To allow for the incorporation of zinc into the sediment, Scenario 3 remodelled the nine 

months’ feed input with a mixing depth of 5 cm, based on the SEPA assumption of typical 

sediment mixing depth (Cromey et al. 2000a).  In this scenario, the predicted concentration 

under the farm was much lower than the observed (Figure 4.6c).  The predicted concentration 

and distribution at 30-50 m from the farm perimeter corresponded with the observed, apart from 

the SW where predicted levels were much lower.   

 

In Scenario 4, which modelled a mixing depth of 8 cm with a feed input of 9 months, the 

concentration predicted in the sediment under the farm was much lower than that observed, 

although beyond the farm perimeter predicted and observed concentrations and patterns of 

distribution were similar (Figure 4.6d).   
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The scenarios were re-run with the resuspension module activated (Scenarios 1i-4i), in order to 

incorporate the known capacity of currents to resuspend or entrain and redeposit material.  The 

predicted concentrations and distribution areas were considerably less than both the original 

scenarios and the observed conditions (Figure 4.7a-d).  Despite the difference in number of 

months’ feed input, Scenarios 1i and 2i (Figure 4.7a-b) showed very similar patterns, except for 

the area directly under the farm, where the highest concentration extended further in Scenario 

2i.  When sediment mixing was also incorporated into the model (Scenarios 3i and 4i) the 

concentrations predicted decreased further, although again, the distribution footprint remained 

much the same (Figure 4.7c-d). 
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a) Scenario 1 (1 month; 0-1 cm)
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b)  Scenario 2 (9 months; 0-1 cm)
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Figure 4.6a-e                         The DEPOMOD predicted and observed concentration (         ) and distribution 
of zinc around Port Bheachan farm, December 2000, with cages marked as black circles.
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c) Scenario 3i (9 months; 0-5 cm; resus)
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d) Scenario 4i  (9 months; 0-8 cm; resus)
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a)  Scenario 1i (1 month; 0-1 cm; resus)
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b) Scenario 2i (9 months; 0-1 cm; resus)
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Figure 4.7a-e                         The DEPOMOD predicted and the observed concentration (         ) and distribution 
of zinc around Port Bheachan farm, December 2000, with cages marked as black circles.  
resus: resuspension activated.
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The results from DEPOMOD were also presented as inventory (g m-2) values (Figure 4.8a-d) 

and compared to the observed inventory values for zinc in Surfer plots, based on the depth and 

radial transect cores from December, 2000 (Figure 4.8e-h).  Since sediment mixing depth did 

not alter the inventory plots, only Scenarios 1, 1i, 2 and 2i are presented.    

 

In Scenario 1 (Figure 4.8a), the predicted zinc levels beneath some of the farm cages were much 

lower than those observed, and the predicted distribution footprint away from the farm covered 

a smaller area.  When resuspension was incorporated (Scenario 1i, Figure 4.8b), very low levels 

were predicted, and the area of distribution barely covered the sediment directly under the farm, 

with no zinc predicted beyond the cage perimeters - quite different from the observed 

concentration and distribution.  

 

In Scenario 2 (Figure 4.8c), model predictions for concentration levels under and immediately 

around the cages were similar to conditions observed in the total sediment down to 5 cm and 8 

cm, whereas the predicted area of distribution away from the farm was similar to that observed 

only in the surface 1 cm.  Again, when resuspension was modelled (Scenario 2i, Figure 4.8d), 

the levels of zinc were very low and distribution away from the farm was minimal. 
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h) Observed inventory to 0-8 cm
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g) Observed inventory to 0-5 cm
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e) Observed inventory to 0-1 cm
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f) Observed radial transect to 0-1 cm
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a) Scenario 1 (1 month; 0-1 cm )
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b) Scenario 1i (1 month; 0-1 cm; resus)

180900 181000 181100 181200
Easting (m)

702000

702100

702200

702300

N
or

th
in

g 
(m

)

0.05

0.15

0.25

1

2

c) Scenario 2 (9 months; 0-1 cm)
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d) Scenario 2i (9 months; 0-1 cm; resus)
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                         The DEPOMOD predicted and the observed inventories (         ) of zinc around 
Port Bheachan farm, December 2000, with cages marked as black circles.
resus: resuspension activated.
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Statistical Comparisons of Model Outputs 

The results presented so far were based on visual comparisons, but in order to arrive at a 

quantitative relationship between observed and predicted scenarios, an overall assessment of 

model performance for each scenario was completed (Table 4.8a-b).  The χ2 values (α) indicated 

how well the model reproduced the observed values at each station, with the mean absolute 

deviance between observed and predicted measured by γ.  However, these measures did not 

necessarily suggest a good representation of the spatial patterns, which was provided by the r2 

values. The slope (m) indicated how much of the observed value was represented by the 

modelled value, and the intercept (c) suggested the degree by which the observations were 

below (negative c) or above (positive c) the modelled predictions.  

 
Table 4.8a  Measures of goodness of fit (α, γ, and r2) and the slope (m) and intercept (c) of the 
regression line between observed and predicted zinc concentrations (μg g-1) for each of the modelled 
Scenarios, based on observations from the surface 1 cm from the radial transect study.  The best 
model performance is achieved when α and γ values are low, r2 and m = 1 and c = 0.   
 

Scenario Conditions α γ r2 m c 
2 9 months 

1 cm 
55776 92.68 0.59 0.51 -3.48 

3 9 months 
5 cm 

185635 57.69 0.59 3.11 -3.49 

4 9 months 
8 cm 

360482 62.44 0.59 5.19 -3.49 

1 1 month 
1cm 

443252 55.09 0.59 2.37 -3.64 

1i 1 month 
1 cm 
+ resus 

247482 70.50 0.62 13.65 13.10 

2i 9 months 
1 cm 
+ resus 

2229724 69.38 0.58 9.78 18.73 

3i 9 months 
5 cm 
+ resus 

9609042 73.90 0.58 60.23 18.73 

4i 9 months 
8 cm 
+ resus 

16976463 74.28 0.58 100.41 18.73 

 
Goodness of fit was best between observed and predicted values when 9 months’ feed input was 

modelled with a mixing depth of 1, 5 and 8 cm.  The poorest fit occurred when resuspension 

was incorporated into the model with 9 months’ feed input, regardless of mixing depth.   
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Table 4.8b  Measures of goodness of fit (α, γ, and r2) and the slope (m) and intercept (c) of the 
regression line between observed and predicted zinc inventory values (g m-2), for each of the 
modelled scenarios, based on observations from the total inventory values in sediment depths of 
1cm, 5 cm and 8 cm (i.e. depth of observed) from the depth transect study.  The best model 
performance is achieved when α and γ values are low, r2 and m = 1 and c = 0.   
 

Scenario Conditions Depth of 
Observed 

α γ r2 m c 

2 9 months 
1 cm 

1 cm 15 1.23 0.48 0.31 -0.14 

1 1 month 
1cm 

1 cm 16 0.34 0.49 1.57 -0.15 

1i 1 month 
1 cm 
+ resus 

1 cm 112 0.36 0.58 7.54 -0.06 

2 9 months 
1 cm 

5 cm 304 2.21 0.51 2.08 -0.64 

2 9 months 
1 cm 

8 cm 3288 2.64 0.49 2.37 -0.33 

2i 9 months 
1 cm 
+ resus 

1 cm 6628 0.34 0.58 5.37 -0.04 

1 1 month 
1cm 

5 cm 5431 2.53 0.52 10.49 -0.66 

1i 1 month 
1 cm 
+ resus 

5 cm 4728 2.73 0.68 53.02 -0.17 

1i 1 month 
1 cm 
+ resus 

8 cm 6714 3.41 0.67 61.06 0.17 

1 1 month 
1cm 

8 cm 71594 3.21 0.50 11.96 -0.35 

2i 9 months 
1 cm 
+ resus 

5 cm 553546 2.71 0.67 37.71 -0.03 

2i 9 months 
1 cm 
+ resus 

8 cm 1265347 3.40 0.66 43.51 0.33 

 

The predicted inventory for 9 months’ feed input showed the best fit to the observed inventories 

in 1, 5 and 8 cm depth.  The best fit was also observed with 1 month’s feed input scenarios, with 

and without resuspension, and the observed totals in 1 cm, although this agreement was not 

evident in the Surfer plot comparisons.  Model performance and predictions were poorest when 

1 and 9 month’s feed input with resuspension were compared to the totals observed in 5 and 8 

cm depth.  Despite the poor fit in terms of absolute numbers, the model predictions with 

resuspension incorporated tended to produce the best fit of spatial patterns (i.e. high r2).   
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Budgets 

Feed and Faeces Information 

The mean values for copper and zinc concentration in the feed and faeces collected are given in 

Table 4.9.  The mean feed pellet diameter used for input data in the DEPOMOD model (Table 

4.5) was 10.5 mm.  

Table 4.9  The concentration of copper and zinc in the fish feed (Feed 110, Nutreco, Trouw 
Aquaculture) used at the Port Bheachan farm site over the 2000 growing season, and the faecal 
concentration of copper and zinc, collected from fish at the site in August 2000.  The concentrations 
are in dry weight and represent mean values (Feed, n=10, Faeces, n=4) with ± standard deviation 
(SD). 
 

Material Element Concentration 
(μg /g) 

Feed Copper   8.94  (± 1.23) 
Faeces Copper 12.93 (± 0.67 
Feed Zinc  196.44 (± 16.50) 
Faeces Zinc  364.52 (± 38.53) 

 
 
The concentration of copper in the feed and faeces was much less than that of zinc, and levels of 

both copper and zinc were higher in the faeces than in the feed.  Levels of copper and zinc in the 

total feed input, wasted feed, and faecal waste (based on the two methods described in § 4.2.3.2) 

were calculated (Table 4.10a-b).  Data for the retention method of calculating faecal waste 

(Method 2) are given in Appendix 2C.  The fact that the digestibility method (Table 4.10a) 

produced much lower values for faecal and total waste than the retention method (Table 4.10b) 

was a result of the lower rate of loss. 

 
Table 4.10a  Calculated total feed input for the month prior to sampling (November 2000) and over 
the fish farm growing season (March to November, 2000) with values for total wasted feed and 
faeces.  Faecal waste has been calculated based on literature estimates of 70 % digestibility of feed, 
and thus a 30 % faecal waste. The total copper and zinc mass in the feed input, wasted feed and 
wasted faeces, and the total copper and zinc waste (bold) are given.   All values are dry weights. 
 

Time Period Input Total Input 
(kg) 

Total Copper 
Mass (kg) 

Total Zinc 
Mass (kg) 

1 month Total Feed 78795 0.70 15.48 
(November) Wasted Feed 3940 0.04 0.78 
 Wasted Faeces 22457 0.29 8.18 
 Total Waste 26397 0.33 8.96 
9 months Total Feed 392888 3.51 77.18 
(March- Nov.) Wasted Feed 19644 0.18 3.86 
 Wasted Faeces 111973 1.45 40.82 
 Total Waste 131617 1.63 44.67 
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Table 4.10b  Calculated total feed input for the month prior to sampling (November 2000) and over 
the fish farm growing season (March to November, 2000) with values for total wasted feed and 
faeces.  Faecal waste has been determined based on the calculated retention of copper (21 %) and 
zinc (27 %) within the fish and thus a faecal waste of 79 % and 73 %, respectively. The total copper 
and zinc mass in the feed input, wasted feed and wasted faeces, and the total copper and zinc waste 
(bold) are given.   All values are dry weights. 
 

Time Period Input Total Input 
(kg) 

Total Copper 
Mass (kg) 

Total Zinc 
Mass (kg) 

1 month Total Feed 78795 0.70 15.48 
(November) Wasted Feed 3940 0.04 0.78 
 Wasted Faeces  (Cu) 59136 0.77 N/A 
 Wasted Faeces  (Zn) 54644 N/A 19.92 
 Total Waste N/A 0.81 20.70 
9 months Total Feed 392888 3.51 77.18 
(Mar- Nov) Wasted Feed 19644 0.18 3.86 
 Wasted Faeces (Cu) 294863 3.81 N/A 
 Wasted Faeces (Zn) 272468 N/A 99.32 
 Total Waste N/A 3.99 103.18 

 

Total Mass Calculations 

The total mass of zinc in the grid area, based on the predicted and observed inventory values, 

and the total mass of copper, based on observed values only, are presented in Table 4.11.  The 

high level of agreement between the predicted mass of zinc in Scenarios 1 and 2 (Table 4.11) 

and the total amount of zinc released from the farm according to the digestibility method (Table 

4.10a) indicates that the model had accurately estimated the zinc release, based on the known 

inputs, because the calculations were based on the same defining input parameters.  These mass 

calculations were in effect a method of quality control that allowed a double check of the 

model’s performance. 

Table 4.11  The predicted and observed scenarios showing the total mass of copper and zinc within 
the planar grid area; z = 0.01 g m-2, representing everything above background levels (z has not 
been set at zero in order to eliminate Surfer artefacts at grid edges).  NA = not applicable. 
 

Scenario Conditions Planar Area Total Zn 
Mass (kg) 

Total Cu 
Mass (kg) 

Predicted; 1 1 month 34939 8.58 NA 
Predicted; 1i 1 month, + resus 16150 1.05 NA 
Predicted; 2 9 months 53505 44.51 NA 
Predicted; 2i 9 months, + resus 15798 1.39 NA 
Observed; Radial  71 stations, total in 1cm 87537 25.42 NA 
Observed; Deep  13 stations, total in 1 cm 38831 10.87 NA 
Observed; Deep  13 stations, total in 5 cm 42957 83.82 NA 
Observed; Deep  13 stations, total in 8 cm 57571 113.0 NA 
Observed; Radial  71 stations, total in 1cm 76105 NA 8.95 
Observed; Deep  13 stations, total in 1 cm 57042 NA 11.57 
Observed; Deep  13 stations, total in 5 cm 65188 NA 90.41 
Observed; Deep  13 stations, total in 8 cm 70843 NA 109.7 
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Comparison of the total mass of zinc from one month’s input, derived from the digestibility 

method and model predictions, with the observed masses in the sediment, showed that the 

observed mass was greater than predicted.  This difference was understandable, since actual 

feed input extended over a longer period than one month.  When the retention method was used, 

the observed mass was also greater, except in 1 cm depth from the depth transect study.  The 

lower observed mass in the surface sediment from the depth transect may be because this mass 

was calculated from only 13 stations, whereas the much greater mass from the radial transect 

incorporated the sediment inventories from 70 stations over a much larger area.  For the surface 

1 cm, it is likely that the budget from the radial transect is more accurate. 

 

Comparison of the observed levels of zinc with the total mass predicted from 9 months’ input, 

by the model and by the digestibility method, showed that there was less observed than 

predicted in the surface 1 cm, but more observed than predicted in 5 cm and 8 cm.  According to 

the retention method, there was less zinc observed in 1 and 5 cm sediment, but more observed 

than calculated in 8 cm.  When resuspension was modelled, irrespective of months’ input, there 

was always considerably more zinc observed than predicted.  

 

A budget can also be created for copper, by comparing the calculated inputs of copper from feed 

and faecal waste with the observed total mass of copper in the sediment.  Regardless of whether 

1 month’s or 9 months’ waste input was considered, and whether the digestibility or the 

retention method was used, the amount of copper observed was always much greater than the 

calculated release from feed and faecal waste, suggesting another source of copper to the 

seabed.   
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Implications for AZE 

Based on the total copper and zinc concentration in 5 cm from the depth transects, the area 

within the AZE that exceeded the SEPA limits was calculated, as well as the amount by which 

the limits were exceeded (Table 4.12).   

Table 4.12  The sediment quality criteria (SQC) guidelines set by SEPA for acceptable 
concentrations of copper and zinc within the AZE around fish farms in Scotland (Shimmield & 
Pedersen 1990, Swarzenski et al. 1999).  The calculated area (%) within the AZE that exceeds the 
SQC limits, the total metal observed within the AZE, the total metal expected if the threshold limits 
were maintained, and the total excess of metal within the AZE.   
 

Metal SQC limits 
(μg g-1) 

Area (%) 
above SQC 

Total metal 
observed (kg) 

Total metal 
expected  (kg) 

Excess 
metal (kg) 

Copper 270 5.1 12.52 9.77 2.75 
 108 32.7 67.67 26.52 41.08 
Zinc 410 9.7 43.64 28.49 15.15 
 270 22.5 43.65 18.76 24.89 

 
 
The AZE limits specify two levels of effects on benthic invertebrates, a lower level at which the 

metal concentrations are potentially problematic, and a higher level, at which they are probably 

adverse.  In the present study, there was an area within the AZE where concentrations of both 

copper and zinc exceeded the limits for both levels.   The higher limit was exceeded in 5 % 

(copper) and 10 % (zinc) of the AZE area, with an excess metal mass of 3 kg (copper) and 15 kg 

(zinc).  The lower limit was exceeded in a much larger area, 32 % (copper) and 22 % (zinc), 

with an excess mass of 41 kg (copper) and 25 kg (zinc).  
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4.4  Discussion 

Inventories 

The reference station subtracted inventories supported the findings in Chapter 3 by confirming 

that sediment metals were either enriched or depleted around the fish farm, with some also 

showing enrichment in areas further to the NE and SW.  The distribution of metals from the 

inventory plots pinpointed the area under the farm as the most affected, suggesting that the farm 

itself was the dominant influence on sediment metal levels and distribution patterns.  The 

greatest differences from background conditions were evident in the vicinity of the farm and 

along the NE to SW transect, corresponding to the residual current direction in Loch Craignish 

(Koschinsky et al. 2003).  Trends in sediment metal inventories could be linked to changes in 

labile organic matter content, which confirmed the statistical significance of organic matter, 

distance and direction, revealed by the field investigations (§ 3.2.3, Table 3.10).  

 

The metals enriched under the farm were either sourced directly as a constituent of the farm’s 

organic and anti-foulant waste (copper, zinc and cadmium), or were concentrated in the solid 

phase (molybdenum and uranium) as a result of changes in the sediment redox conditions 

caused by organic enrichment (§ 3.4).  The metals that showed a deficit under the farm 

(manganese, iron, cobalt, nickel, caesium, barium and lead) were also influenced by organic 

enrichment through associated changes in sediment geochemistry  

 

As a result of the high organic matter content and anoxic conditions under the farm, redox-

sensitive metals, that are soluble in reducing conditions, were reduced and released to the 

overlying water column, thereby explaining the decrease in solid phase levels under the farm.  

Although these metals were likely to be re-oxygenated upon entering the water column, re-

deposition at the farm was limited by sediment conditions, since any metals re-deposited would 

immediately be reduced and released again.  However, the released metals could be carried 

away from the farm in currents by advection, and the enrichment to the NE and SW was 

possibly a result of the re-deposition of these redox-sensitive metals as they were re-oxygenated 
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in the less affected sediments further away from the farm site. At a distance, the lower labile 

organic matter content would result in the redox conditions at the surface favouring re-

deposition of the reduced metals, and the sediment could act as a sink because of its different 

character.  For example, it had lower labile organic matter content and thus probably a lower 

biological oxygen demand; increased bioturbation as a result of higher biological diversity and 

abundance, leading to greater sediment mixing and aeration, and thus higher redox potential; 

and a finer grain size compared with the coarse feed waste particles.   

 

An alternative mechanism to the reduction-dissolution-release-advection-reoxygenation-

redeposition pathway mentioned above may also explain the enrichment.  The waste particles 

themselves may have been resuspended and re-deposited at depocentres, such as the deep basin 

area in Loch Craignish (unpublished data, C. Cromey), where a reduced current flow would 

allow deposition.  However, since there was no evidence of increased levels of the other metals 

in the waste (e.g. copper or zinc) at depocentres away from the farm, this theory could not be 

confirmed. 

 

A possible reason for the deficit and enrichment of these redox sensitive metals could have been 

the depth to which the inventory was calculated, and the depth at which redox values became 

negative and reducing conditions prevailed.  For example, in a typical depth profile for 

manganese, there is a peak of the solid phase metal at the RPD point, as reduced manganese 

diffuses upwards, enters the oxic conditions and precipitates.  Since reducing conditions were at 

or very near the sediment water interface under the farm, this re-deposition was not observed 

and there was a deficit in solid phase concentrations of the redox sensitive metals.  However, 

enriched concentrations were observed at distance from the farm, since the depth at which the 

redox metals precipitated was within the 8 cm depth of the inventory.  The fact that 

concentrations then appeared to decrease with increasing distance suggests that precipitation 

may have occurred even deeper in the sediment, beyond the scope of the inventory. 
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The ratios between enrichment of metals at distance (A) and deficits below the farm (B) were 

not equal, because of the complex physical and biogeochemical cycling occurring at various 

sediment depths and in the water column.  Iron, manganese and barium all had A:B ratios < 1, 

suggesting a greater deficit than enrichment, possibly because of advection, which requires 

near-bed current speeds above a critical threshold before a particle is carried away from the 

point of release.  A threshold estimate of 10 cm s-1 for Loch Craignish (pers comm., C. Cromey 

2003) means it would take roughly 8 minutes for a particle to travel 50 m in the predominant 

current direction, from under the farm to the oxidised conditions at a distance.  Because of the 

time necessary for the dissolution and disassociation processes to occur, the metals may have 

been carried and re-deposited much further away, especially if they happened to bind with the 

easily resuspended finer particulates at distance from the farm. 

 

Another explanation for the ratios < 1 may be that not all metal reduced to the soluble phase 

was released to the overlying water and became available for re-deposition.  Soluble manganese 

and iron released through oxyhydroxide dissolution, and soluble barium released by the 

reduction of barium sulphate (§ 3.5.9), not only diffuse up through the sediment to the overlying 

water but also move downwards and precipitate out, bound by sulphides in the anoxic sediment 

at depth.  These sulphide-bound metals would remain in the sediment, no longer involved in 

processes that might release them to the overlying water, and thus lowering the amount of metal 

available for re-deposition beyond the farm.  

 

An A:B ratio > 1 (e.g. for cobalt and lead) may indicate accumulation not only through the re-

deposition of reduced metals, but also by input from farm waste, either through direct deposition 

or by re-deposition following a resuspension event.  The levels of cobalt and lead in the food 

and faecal waste, compared with those in the sediments (Table 3.13), indicated that although the 

farm waste was a possible source for lead, it was an unlikely source for cobalt. 

 

Sediment levels of cobalt and lead may also have been influenced by manganese and iron 

cycling.  Scavenging by particles of manganese and iron oxyhydroxides can strip certain 
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reactive metals, including cobalt and lead, from the water column, and their deposition produces 

an enrichment of these scavenged metals (Jones & Turki 1997, Sundby et al. 2004).  

Furthermore, the processes suggested to explain the behaviour of the metals will also be 

influenced by the reaction kinetics, which will influence the concentration of solid phase and 

soluble phase metals. 

 

All the ratios produced were affected by sampling restrictions.  The NE to SW transect was a 

single line of sampling stations in the residual current direction, and because of the effects of 

spreading, metals released from the immediate farm vicinity would not necessarily be deposited 

at the next station along the transect.  A particular metal may have been in the surrounding 

sediment but outside the line of transect sample stations, with the result that less accumulation 

would be observed, thus producing a ratio < 1.  On the other hand, since sampling was also 

restricted under the farm (because of cage and net obstructions), lower than actual deficits may 

have been recorded, tending to produce ratios > 1.   

 

The ratios between stations M1 and B may indicate whether association with manganese oxides 

influences the other metals’ distribution.  The fact that the ratios between the stations were low 

for manganese and copper, zinc, molybdenum and uranium suggests that manganese had little 

effect on the concentration and behaviour of these particular metals.  In fact, manganese 

oxyhydroxides can scavenge and bind copper, zinc and molybdenum (Dymond et al. 1992, 

McManus et al. 1994, Moffett & Ho 1996, Zhang et al. 2002), and association with manganese 

may well have influenced the distribution of these metals (§ 3.5.8).  However, the large amount 

of copper and zinc released directly from the farm, and the reduction of molybdenum and 

uranium to the insoluble phase in anoxic conditions, likely exercised far more control over the 

sediment levels of these metals, thereby masking any similar behaviour between the metals or 

any control exerted by the association with, and cycling of, manganese. 

 

The ratios between the stations for manganese and cobalt and barium were high (> 0.9), which 

may provide strong evidence of the important role manganese plays in controlling the 
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distribution pattern of these metals.  The parallels in concentration, behaviour and distribution 

may be a result of similar redox potentials and pathways, or caused by an association between 

the metals due to the scavenging of cobalt and barium by manganese oxyhydroxides (§ 3.5.8), 

(Jones & Turki 1997, Swarzenski et al. 1999, Ponce et al. 2000, Zhang et al. 2002).  Barium is 

released to the soluble phase during barium sulphate reduction, and then bound with sulphates 

in the oxic water column and re-deposited to the sediment bed, whereas manganese is 

remobilised through the dissolution of manganese oxyhydroxides in reducing conditions and 

then re-deposited in surface sediment oxic conditions (§ 3.5.8).  It may have only appeared that 

manganese cycling controlled the behaviour of barium, because of the similar behaviour of the 

two metals.   

 

The agreement in ratio values between the two stations for manganese and iron, nickel, caesium 

and lead was not as high as that between manganese and cobalt and barium, although with 

values between 0.73 and 0.83, a strong relationship was still apparent.  However, manganese 

may have had less effect on the behaviour and distribution of these metals, because they were 

also involved in their own cycling processes, distinct from those of manganese.   

 

Iron oxyhydroxides are cycled through the sediment in a similar manner to manganese, although 

along separate oxidation and reduction pathways.  The strong covariance among vertical 

profiles of lead, nickel and manganese indicates that their redox cycling is closely coupled 

(Kiratli & Ergin 1996, Koschinsky et al. 2003), but since lead is also partitioned into carbonate, 

and chloride phases, and both nickel and lead are associated with oxidisable sediment phases 

(McKay & Baxter 1985, Cundy & Croudace 1995, Koschinsky et al. 2003, Schendel et al. 

2004), manganese is not the only control on their distribution and potential for remobilisation.  

The feed and faecal waste was also a potential source of nickel and lead which would counteract 

the deficit expected close to the farm (Table 3.13).  Caesium levels may be lower in farm 

sediments as a result of either the dilution of clay materials with which caesium is associated 

(Heilskov & Holmer 2001, Cromey et al. 2002b), the excess organic material deposited around 
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the farm, or the release of caesium from the sediment exchange sites in the organic and 

ammonium rich, reducing environment (Chen et al. 1999a, Cromey et al. 2002a)(§ 3.5.8).  

Modelling 

In general, the visual comparisons (Surfer plots) of predicted and observed inventory values 

agreed with the measures of goodness of fit for most scenarios, although there were some 

inconsistencies.  Based on both qualitative (visual) and quantitative (statistical) measurements, 

the model scenarios that best fitted the observed data were the two that included 9 months’ feed 

input, with a mixing depth of 1 and 5 cm.  The 9 months’ feed input was realistic, as it matched 

most of the farm growing season, March to November, and corresponding actual feed input.  

The ideal scenario probably lay somewhere between 1 and 5 cm mixing depths.  The budget 

calculations also support this suggestion, since the total mass of zinc predicted in the sediment 

fell between the total masses observed in 1 and 5 cm depth.  Further inventories, using the total 

metal observed in varying depths between 1 and 5 cm, might have calculated a total sediment 

mass that matched the predicted mass more accurately. 

 

The excess concentration and distribution of zinc predicted with 1 cm mixing may well be 

explained by the fact that this scenario assumed that all zinc released accumulated in the surface 

1 cm, and did not take into account the mixing down of zinc into the sediment by bioturbation 

and geochemical pathways, or the resuspension of deposited material.  The model assumed that 

material deposited accumulates on the sediment bed, but in reality, sediment zinc may be 

associated with organic matter, or with manganese and iron oxyhydroxides, and remobilised.  

Also, the settings within the model for amount of waste released (based on literature estimates) 

may have been an overestimate for the Port Bheachan farm site.   

 

The fact that the total mass of zinc observed in 5 cm of sediment was higher than predicted was 

probably evidence of long-term zinc accumulation from previous farming operations.  Although 

organic waste from fish farms is relatively labile (Cromey et al. 2002b), and may degrade 

during site fallowing so that no enrichment is observed the following growing season, the same 

may not be true for metals within the farm waste.  However, at present, the model does not have 
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a module that can consider accumulation of any input over time.  There are also geochemical 

pathways that can bind zinc in the reducing farm sediment, such as the formation of insoluble 

zinc-sulphides, which would result in higher levels being observed.  On the other hand, the 

under prediction by the model may indicate that inputs other than feed and faecal waste were 

also supplying zinc to the sediment.   

The Surfer plots indicated that the predicted level of zinc from 1 month’s feed input (with and 

without resuspension) was much less than that observed in 1 cm depth, yet the statistics 

suggested a reasonably good fit between observed and predicted scenarios. However, scrutiny of 

the visual comparisons showed that it was only the very high levels observed directly under the 

southern areas of the farm that were not matched by the predicted scenarios, while the levels 

observed and predicted around the northern cages and at the farm perimeter were quite similar.  

The match in footprint area, as well as the similar levels at the perimeter, may explain the 

significant relationship between observed and predicted conditions. 

 

In all scenarios, it proved difficult for the model to predict accurately the concentration of zinc 

directly under the farm, whereas predictions of distribution patterns and concentrations away 

from the farm were often close to those observed.  Although intuitively one would expect areas 

of high flux to have better model predictions, this anomaly may be the result of there being 

more sampling stations away from rather than underneath the farm, with which to make 

comparisons. 

 

Visual comparisons were made by examining the observed and predicted grid areas as a whole.  

However, these visual interpretations may not have accurately represented conditions, since an 

artefact of contouring packages is that the levels between grid nodes are interpolated, and, 

because of the large-range across the contour scale (10-500 μg g-1, 0.05-2 g m-2), the Surfer 

interpolations may have misrepresented the actual levels.  The Didgcon 1 program, on the other 

hand, interpolated between 4 grid points around one sampling station to determine the predicted 

concentration at a specific location.  The difference between visually assessing levels that were 
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plotted by Surfer and comparing levels that were determined mathematically by Didgcon 1 may 

help explain the discrepancies between visual and statistical comparisons.   

 

Model predictions, for both 1 month’s and 9 months’ feed input, compared with observed 

inventories to 5 and 8 cm depth, were poor.  The observed inventory data represented the total 

amount of zinc in the given depth of sediment, and the field investigations revealed that the zinc 

concentration varied down core (§ 3.1.3 and 3.3.3).  The model, however, produced a mass per 

unit area, based on the assumption of an evenly mixed distribution down core.  Furthermore, it 

assumed even mixing down core across the whole grid area, whereas in reality the mixing 

pattern would change with varying biological and geochemical conditions. 

  

Most scenarios that modelled resuspension were a very poor fit when compared with the 

observed data, suggesting that resuspension was not a significant factor on the distribution of 

zinc around the farm.  When the strong currents measured here, and the extent of zinc 

distribution observed are considered, this explanation seems unlikely.  However, it is possible 

that some of the input data was not appropriate or the resuspension module was not correctly 

representing resuspension activity, and there are various explanations for this.  One reason may 

have had to do with the tidal current data input, which determined the concentration and 

distribution of the waste predicted around the farm, with and without resuspension.  

 

The hydrographic data were measured in December, when there are typically more storm events 

and stronger currents than usual, and they were then extrapolated across the modelled one-

month and nine-month scenarios.  This extrapolation, however, may not have accurately 

represented the real currents over the growing season, since they were likely to be more 

quiescent at other times of year.  An exaggerated current regime could explain why the 

predicted distribution of zinc in Scenario 2 extended much further than the observed.  

Furthermore, the current data were assumed to be typical of a neap spring cycle, with tidal and 

wind-driven currents largely determining the modelled regime.  However, since wave-effects 

and fresh water currents possibly exerted some control in Loch Craignish, a measure of only the 
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tidal cycle may not have been sufficient.  Depending on the wave climate in the loch, wave-

driven resuspension (which was not modelled) may have significantly redistributed sediments. 

 

The main driver of the resuspension module is the critical erosion shear stress value, which, 

when exceeded, causes a resuspension event to occur (Cromey et al. 2002b).  The value set 

within the model parameters corresponded to a bed current speed of 9.5 cm s-1, but this speed 

may have been exceeded more than usual during the period in December when current speeds 

were measured.  Furthermore, the value may not have been appropriate in light of the particle 

settling velocity, which was adjusted upwards (refer to Table 4.3) from the model default, based 

on the measured diameter of the feed pellets used at Port Bheachan farm.  This adjustment, 

however, may have altered the critical resuspension threshold (a set parameter within the 

model), since it would now be necessary to have a higher velocity to resuspend the heavier, 

deposited material.   

 

Also, the model does not take into account the fact that the feed diameter changed over the 

growing season, from the much smaller pellets used early on for young fish to the larger pellets 

used at the end of the season for more mature fish.  This change may have altered feed settling 

velocities (Cromey et al. 2002a).  Similarly, faecal settling velocity may also have changed, 

since young fish produce smaller faecal pellets than mature fish.  Any change in the settling 

velocity of feed and faecal pellets may necessitate a change in the critical threshold speed for 

resuspension to occur.  In addition, the model parameters are based on the settling velocity of 

discrete particles of faecal pellets (USGS 1998), but now that the high oil diets dominating feed 

products have been observed to produce a nearly liquid, rather than pellet, faecal waste, this 

basis may have to be changed.  Furthermore, any particle (or particle constituent) settling to the 

seabed may bind with the cohesive, muddy sediments typical below fish farms, and be difficult 

to resuspend because of the higher threshold required. 

 

Because of the high settling velocity of farm waste particles, and the low dispersive nature of 

many farm environments, the main area of initial deposition around a fish farm is usually 

 

182



Inventories, Modelling and Budgets   Chapter 4 

modelled within 100 m of the farm (Meeussen 2003), and this was the area of deposition 

observed at the Port Bheachan site.  However, within the resuspension module, the model is 

unable to transport particles short distances if the critical threshold speed for erosion (9.5 cm s-1) 

is exceeded by the near bed current speed, (15 cm s-1 in Loch Craignish) because, based on 

hourly averaged data, any particle entrained into the water column is transported for an hour at 

15 cm s-1, giving a transport distance of 540 m in one hour.  Therefore, it is difficult to predict 

re-deposition close to the release point, since any transport of resuspended particles leads to net 

loss of material from the farm area (Cromey et al. 2002b).  This would be another reason why 

the resuspension scenarios were such a poor fit with the observed conditions. 

 

A further limitation to the input data was the fact that values for the percentage of wasted feed 

may not have been accurate.  These values were taken from the literature but they cannot be 

applied universally.  Husbandry procedures and skill levels, as well as the particular feeding 

techniques used, all play a role in determining the amount of feed wasted.  It was unfortunate 

that the transmissometer was unable to collect any useful data, since it would have provided 

evidence on the amount of particles in the water column, and helped to validate the modelled 

resuspension scenarios.   

 

Another limitation of the resuspension module is its assumption that particles deposited to the 

seabed are all available for resuspension for a 4 day period (Black 1998b), after which they are 

consolidated or taken out of the resuspension layer.  Not only may this time frame be inaccurate, 

especially for an inert compound like zinc (as opposed to a highly degradable organic 

compound), but, more importantly, the model’s assumption that everything deposited to the 

seabed is available for resuspension was not true.  The vertical mixing caused by bioturbation 

and diagenetic processes would have redistributed surface particles and influenced the 

precipitation or remobilisation of sub-surface metals.  Ideally, a third parameter would be 

included in the model that removed some of the deposited material from the surface fluff layer, 

perhaps by incorporating a sediment turnover rate, based on the mixing activity of the sediment 

biota and on biodiffusion rates.  It may also be possible to incorporate diagenetic processes and 
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metal speciation in the module, by means of geochemical models such as ORCHESTRA or 

PHREEQC (Pereira 1997, Chen et al. 1999b).  Any modifications to the model would need to 

take into account the fact that particle mixing and incorporation into or loss from the sediment 

would change across the grid area, depending on distance from the farm, the species and 

abundance of the sediment biota, and redox conditions.     

 

Finally, the current data were collected from an array of hydrographic instruments hanging 

directly beside the farm cages.  Although these data provided an excellent portrayal of currents 

in the immediate farm area, they were not necessarily representative of conditions at a distance.  

A limitation of the DEPOMOD model is that spatial variation in currents across the grid area 

cannot be incorporated, and this limitation suggests further potential for errors in model 

predictions (Brooks 2001). 

 

A recent technological advance (ParTrac, K.S. Black, 2004) may allow more detailed 

information about the processes, fluxes and fate of material released and deposited around fish 

farms to be incorporated into the design of DEPOMOD.  The ParTrac instrument not only 

measures currents, velocity and turbidity, but uses an integral, sediment sample trapping device 

to provide a record of particle advection and deposition, and an insight into the biogeochemical 

nature of the particle flux (pers comm. K.S. Black).  If this technology had been available at the 

time of sampling and had been used widely across the grid area, it may have facilitated 

hydrographic data collection and provided a more accurate assessment of particle deposition at 

the cages and transportation away from the farm.  This would have influenced input data 

necessary for the resuspension module and improved the modelling component. 

Budgets 

The budgets for zinc indicated that predicted and calculated amounts based on one month’s feed 

input were usually less than that actually observed in the sediment.  Since the farm had been 

continuously active from March to December, this was not surprising. 
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When nine months’ feed input was modelled and the total waste calculated for the same time 

period, the predicted amount of sediment zinc was greater than that observed in the surface 1cm.  

Although zinc associated with surface organic particles can be released at the sediment water 

interface in a free ionic soluble form, thereby lowering the amount observed in the surface 1 cm, 

the surface loss of deposited zinc was more likely explained by the degree of biogeochemical 

cycling down into the sediment known to occur under fish farms.  On the other hand, in 5 and 8 

cm depth, the levels of zinc observed in the sediment were higher than the modelled and 

calculated waste inputs suggested, except according to the retention method, when the 

calculated waste input was greater than that observed in 5 cm but less than that observed in 8 

cm.  The fact that statistical analysis of model performance indicated that the best fit between 

predicted and observed values occurred between 1 and 5 cm depth suggests that faecal loss 

calculated by the retention method was overestimated, possibly as a result of the incomplete 

dataset for certain tissues that required estimated values.   

 

According to both the modelling results and the budget calculations, this study suggests that 

zinc released from feed and faecal waste over a 9 month period can be observed in the sediment 

between 1 and 5 cm depth, and that the use of feed and faecal waste to predict zinc 

concentrations in the sediment environment is justified.  It is, however, impossible to budget 

accurately for any bulk added chemical because most chemicals entering the environment have 

specific physicochemical properties governing incorporation into the sediment (Brooks 2001). 

 

The budget for copper around the farm showed that the amount observed in the sediment was 

considerably higher, whatever the mixing depth, and whether 1 month’s or 9 month’s feed 

release was calculated or predicted.  Although copper is a component of the feed and faecal 

material, which can deposit to the seabed, the copper levels in the waste were insufficient to 

fully explain levels in the sediment (§ 3.5.7, Table 3.13).  The budget calculations confirmed 

that there was an additional, probably even greater, source of copper.     
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However, the budget calculations need to be viewed with some caution for several reasons.  

Firstly, the waste released during feeding had been based on estimates of 5 % made by 

husbandry managers, which may not accurately represent the actual total waste of feed.  

Secondly, although the estimate of 70 % digestibility for the feed, which was critical to 

determining total waste release in the digestibility method, is widely accepted (Priede & 

Secombes 1988, Hoffman et al. 1998), this percentage applies to the feedstuff as a whole, and 

may not represent the actual digestibility of the individual copper and zinc components within 

the feed.  High levels of zinc found in sediments around salmon farms in B.C., Canada, suggest 

a low digestibility and absorption of the zinc compound used in the feed (Overnell et al. 1988), 

and research is currently underway to manufacture a fish feed supplemented with a zinc 

methionine analogue, rather than the zinc sulphate presently used, in order to increase 

bioavailability of zinc to salmon, and thereby decrease zinc loss within the faeces (Bjerkeng et 

al. 1997).    

 

Thirdly, there were many unknowns in the retention method of calculation, which meant that the 

value produced for waste released was unlikely to be accurate.  For example, the proportional 

and total weight of muscle, adipose, bone, gill, epidermis, stomach, heart, eye, fin, scale and 

brain tissues in the fish were approximated, based on industry and literature estimates (Overnell 

et al. 1988, Bunton & Frazier 1994, Chareonpanich et al. 1994, Karakassis et al. 1998).  

Furthermore, some of the tissues not sampled (e.g. brain, eye, fin) are known to play an 

important role in metal storage for some fish species (Karakassis et al. 1999, Morrisey et al. 

2000).  The calculations would have been more conclusive if all the internal organs and tissues 

had been collected and analysed in order to provide a complete assessment of copper and zinc 

retention in the fish.  The results were also based on only two fish, which may not provide a 

representative sample.  In addition, the assumption in this method that all metal not retained in 

the fish is lost in faecal material does not allow for the elimination of excess metals by other 

regulatory mechanisms, such as through gill and mucous excretions. 
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The budget inputs were based solely on the waste from feed and faecal inputs but there were 

other possible sources for the metals, which would explain the much higher overall levels of 

copper observed, and the higher levels of zinc below the surface 1 cm.  Anti-foulant products 

used on the nets and cage structures at the farm, and at the popular marina upstream of the 

residual current of Loch Craignish, could provide a significant source of copper, and possibly 

zinc, to the farm sediments.  The sacrificial zinc anodes used on the larger farm boats, nearly all 

the modern yachts, and most of the fishing boats moored at the marina (personal observation) 

may provide another source of zinc to the loch.  Zinc and copper present in the water column, 

either naturally occurring or from anthropogenic sources, may be scavenged by the abundant 

organic material around the farm, or by flocculating particles in the water column, or may be 

associated with iron and manganese oxyhydroxides at the oxic sediment water interface and 

deposited to the sediment. These processes would all have the effect of adding more copper and 

zinc to the sediment than that directly released from feed and faecal material.  

 

Another important consideration is that that the budget inputs, either calculated from waste 

released or predicted by modelled scenarios, produced a total value for copper and zinc that was 

based only on the particular input time (i.e. 1 month or 9 months).  However, the farm has been 

in operation since the early 1980’s and the total feed input would have been considerable over 

this time period.  Although work at other fish farms shows that there is degradation of the 

deposited organic material within farm waste over time (Watzin & Roscigno 1997, Hornberger 

et al. 2000, SEPA 2000c, Borgmann et al. 2004), this does not necessarily apply to metallic 

waste.  There is, then, likely to be some accumulation of copper and zinc with time, and the high 

levels observed in the sediment may have been a result of accumulation over many years.   

 

The data used to calculate the total mass observed in the sediment had been adjusted by 

subtracting reference station levels, and only the metal levels above background were included 

in the total mass calculation.  However, this made the choice of reference station levels crucially 

important, since it significantly affected the total mass obtained.   To illustrate the importance of 

the choice, consider the total masses calculated in the present study, that is, 113.0 kg zinc and 
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109.7 kg copper.  If, however, the highest inventory value at the furthest station along the 

transect had been used as the reference station estimate (which was only 0.37 g m-2 copper and 

2.0 g m-2 zinc different from the chosen station), the total masses observed would have been 

considerably less (72.79 kg zinc and 69.81 kg copper), because there was a smaller number of 

stations above background levels included in the calculation.  Interestingly, with the higher 

background levels, the mass of zinc observed in the sediment was only slightly less than the 

input of zinc in total amount of feed released over 9 months (Table 4.10a-b).   

Implications for AZE 

If limits within the AZE are to be useful in terms of environmental protection, the potential 

biogeochemical pathways of any waste must be determined by quantifying the input, and, to do 

this, it is necessary to know its source.  The inventory data in the present study confirmed the 

fish farm itself as the significant release point for copper and zinc, and the modelling, budgets, 

and field observations indicated that, although sediment zinc most probably came from the feed 

and faecal waste, copper levels in this waste were insufficient to explain sediment levels. 

 

Although some environmental deterioration is accepted within the AZE, there are threshold 

limits for particular wastes, above which the impact is deemed unacceptable (Duke 1984).  The 

upper and lower limits for copper and zinc (Table 4.1) were both exceeded.  The limits are 

based on SQC, and have been classified in terms of impacts on benthic invertebrates (Table 

4.1), and the fact that the limits were surpassed suggests that adverse effects on the sediment 

biota were a potential problem, and at worst, probably occurring.  Furthermore, the combined 

levels of copper and zinc together may pose a more serious threat than copper or zinc 

individually, as a result of synergistic contaminant effects.  

 

Elevated sediment metal levels can have a wide range of effects on the benthos, influencing 

community structure, reproductive and recruitment success, and survival.  For example, 

sediment from lakes near Rouyn-Noranda (Quebec, Canada), an area with extensive mining and 

smelting operations, have elevated levels of copper, zinc, cadmium and lead (Hansen 1984).  An 

investigation into benthic community composition across the area found that diversity, 
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abundance, survival and growth of Hyalella were significantly reduced, and that metal body 

burdens were highest, at the most heavily impacted sites.  Similarly, in San Francisco mudflats, 

a change in the reproductive capability of Macoma balthica, due to failed gamete production, 

was attributed to the enrichment of copper, zinc and silver because of sewage treatment plant 

discharges, although reproductive recovery occurred after metal contamination declined 

(Ingersoll 1995).  A study undertaken to assess the potential effects of zinc contamination in 

Mobile Bay (USA), where levels of zinc in the sediments from about seven times higher than 

background levels, found that the abundance and diversity of invertebrate recruits were 

significantly altered in the contaminated sediments (Gerba 1996). 
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4.5  Main Conclusions 

 The inventories confirmed the fish farm as the controlling influence on the 

concentration and distribution of sediment metals around the fish farm. 

 Copper, zinc, cadmium, molybdenum and uranium were all enriched at the farm, 

compared with reference station levels. 

 Manganese, iron, cobalt, nickel, caesium, barium, and lead all showed a deficit at the 

farm, compared with reference station levels. 

 Organic waste released from the farm, and the consequent changes in sediment redox 

conditions and geochemical processes, was identified as the controlling force behind 

metal concentration and distribution. 

 Because of the complex biogeochemical sediment environment, the farm sediments 

acted as both a sink and a source for metals. 

 DEPOMOD was able to predict the area of deposition and dispersion of zinc most 

accurately when the model incorporated 9 months’ feed input and a mixing depth of 1 

cm and 5 cm. 

 DEPOMOD has the potential to be used as a tool to predict zinc concentration and 

distribution, but before validation is granted, certain model parameters require 

adjustment and biogeochemical interactions should be incorporated to represent 

conditions more realistically. 

 Budget calculations show that zinc released over 9 months is more likely to explain 

sediment levels of zinc than the release from only 1 month. 

 Based on the model and budget predictions, it is likely the zinc released in feed and 

faecal waste can be observed between 1 and 5 cm depth. 

 The budget for copper showed that regardless of input time, the amount of copper 

observed in the sediment was always greater than the predicted release. 

 Within the AZE, levels of copper and zinc in the sediment exceeded both the lower and 

upper limits deemed acceptable by SEPA. 
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Other Findings 

 The behaviour of manganese and certain other metals was similar and manganese 

cycling probably played an important role in determining the behaviour of associated 

metals, for example, cobalt, nickel, barium and lead. 

 The resuspension module needs improvement, possibly by including more extensive 

and more accurate hydrographical data, together with the option to re-set model 

parameters when default settings are adjusted (e.g. shear stress threshold value to reflect 

changes in feed diameter and settling velocity). 

 Model performance would be improved if sub-modules were included that considered 

vertical mixing by bioturbation, accumulation rates and the partitioning of metals and 

speciation through diagenetic and geochemical modelling.  

 Predicted amounts of zinc were greater than those observed in the surface 1 cm, but less 

than those observed in 5 and 8 cm sediment depth.  

 The over-prediction of zinc in the surface 1 cm, together with the under-prediction in 5 

and 8 cm depth, was likely a result of bioturbation and diagenetic mixing processes 

removing zinc from the surface sediment, together with its accumulation over several 

years of farm operations. 

 Successful modelling and budget calculations require accurate and complete data for 

total copper and zinc inputs from feed and faecal wastage, together with data on any 

additional inputs, such as from anti-foulant products. 

 Input from feed and faecal waste was not the major influence on sediment copper 

levels, which were likely controlled by the greater, but presently not quantified, input 

from copper anti-foulant products. 

 The excess levels of copper and zinc suggest that detrimental effects on the sediment 

biota were potentially a problem, and were probably occurring. 

 

 

 

 

 

191



Inventories, Modelling and Budgets   Chapter 4 

 
 

Balls P.W., Hull S., Miller B.S., Pirie J.M. and Proctor W. (1997). Trace metals in 
Scottish estuarine and coastal sediments. Marine Pollution Bulletin 34:1:42-50. 

Bjerkeng B., Refstie S., Fjalestad K.T., Storebakken T., Rodbotten M. and Roem A.J. 
(1997). Quality parameters of the flesh of Atlantic Salmon (Salmo salar) as 
affected by dietary fat content and full-fat soybean meal as a partial substitute 
for fish meal in the diet. Aquaculture 157:3-4:297-309. 

Black K.D. (1998). The environmental interactions associated with fish culture. In: 
Biology of Farmed Fish. K.D. Black and A.D. Pickering (eds). Sheffield 
Academic Press Ltd., Sheffield. p. 284-326. 

Borgmann U., Nowierski M., Grapentine L.C. and Dixon D.G. (2004). Assessing the 
cause of impacts on benthic organism near Rouyn-Noranda, Quebec. 
Environmental Pollution 129:39-48. 

Brooks K.M. (2001). An evaluation of the relationship between salmon farm biomass, 
organic inputs to sediments, physicochemical changes associated with those 
inputs and the infaunal response - with emphasis on total sediment sulphides, 
total volatile solids, and oxidation-reduction potential as surrogate endpoints for 
biological monitoring. Aquatic Environmental Sciences, Port Townsend. 

Bunton T.E. and Frazier J.M. (1994). Extra hepatic tissue copper concentrations in 
white perch with hepatic copper storage. Journal of Fish Biology 45:4:627-640. 

Chareonpanich C., Tsutsumi H. and Montani S. (1994). Efficiency of the decomposition 
of organic matter, loaded on a sediment, as a result of biological activity of 
Capitella sp. I. Marine Pollution Bulletin 28:314-318. 

Chen Y.S., Beveridge M.C.M. and Telfer T.C. (1999a). Physical characteristics of 
commercial pelleted Atlantic salmon (Salmo salar L.) feeds and consideration of 
implications for modelling of waste dispersion. Aquaculture International 
7:2:89-100. 

Chen Y.S., Beveridge M.C.M. and Telfer T.C. (1999b). Settling rate characteristics and 
nutrient content of the faeces of Atlantic salmon, Salmo salar and the 
implications for modelling of waste dispersion through sedimentation. 
Aquaculture Research 30:395-398. 

Chester R. (1990). Marine Geochemistry. Unwin Hyman, London. 
Chou C.L., Haya K., Paon L.A. and Moffatt J.D. (2004). A regression model using 

sediment chemistry for the evaluation of marine environmental impacts 
associated with salmon aquaculture wastes. Marine Pollution Bulletin in press: 

Cromey C.J., Black K.D., Provost P.G., Gillibrand P.A. and Mercer D.J.L. (2000a). Use 
of DGPS drifter buoys for measurement of dispersion in Scottish sea loch 
systems. UK Marine Science 2000, UEA, Norwich.  

Cromey C.J., Nickel T.D. and Black K.D. (2000b). DEPOMOD - A model for 
predicting the effects of solids deposition from mariculture to the benthos. 
SAMS, Oban. 

Cromey C.J., Nickell T.D. and Black K.D. (2002a). DEPOMOD - modelling the 
deposition and biological effects of waste solids from marine cage farms. 
Aquaculture 214:211-239. 

Cromey C.J., Nickell T.D., Black K.D., Provost P.G. and Griffiths C.R. (2002b). 
Validation of a fish farm waste resuspension model by use of a particulate tracer 
discharged from a point source in a coastal environment. Estuaries 25:5:916-
929. 

Cundy A.B. and Croudace I.W. (1995). Physical and chemical associations of 
radionuclides and trace metals in estuarine sediments: An example from Poole 

 

192



Inventories, Modelling and Budgets   Chapter 4 

Harbour, Southern England. Journal of Environmental Radioactivity 29:3:191-
211. 

Dymond J., Suess E. and Lyle M. (1992). Barium in deep-sea sediment: A geochemical 
proxy for paleoproductivity. Paleoceanography 7:2:163-181. 

Edwards A. and Griffiths C. (1996). Fish farms and the physical environment in west 
Scotland. In: Aquaculture and Sea Lochs. K.D. Black (ed). SAMS, Oban. p. 40-
49. 

Edwards A. and Sharples F. (1991). Scottish sea lochs: a catalogue.  
Fang T. and Hong E. (1999). Mechanisms influencing the spatial distribution of trace 

metals in surficial sediments off the South-Western Taiwan. Marine Pollution 
Bulletin 38:11:1026-1037. 

Gillibrand P.A. and Turrell W.R. (1997a). Simulating the dispersion and settling of 
particulate material and associated substances from salmon farms. Report No. 
3/97, Fisheries Research Services, Marine Laboratory, Aberdeen. 

Gillibrand P.A. and Turrell W.R. (1997b). The use of simple models in the regulation of 
the impact of fish farms on water quality in Scottish sea lochs. Aquaculture 
159:33-46. 

Gillibrand P.A. and Turrell W.R. (1999). A management model to predict the dispersion 
of soluble pesticides from marine fish farm waste. Report No. 2/99, Fisheries 
Research Services, Marine Laboratory, Aberdeen. 

Heilskov A.C. and Holmer M. (2001). Effects of benthic fauna on organic matter 
mineralisation in fish-farm sediments:importance of size and abundance. ICES 
Journal of Marine Science 58:427-434. 

Henderson A., Gamito S., Karakassis I., Pererson P. and Smaal A. (2001). Use of 
hydrodynamic and benthic models for managing environmental impacts of 
aquaculture. Journal of Applied Ichthyology 17:163-172. 

Hoffman A.D., Jenson C.T., Lien G.J. and McKim J.M. (1998). Individual tissue weight 
to total body weight relationships and total, polar and non-polar lipids in the 
tissues of hatchery Lake Trout. Transactions of American Fisheries Society 
128:1:178-181. 

Hornberger M.I., Luoma S.N., Cain D.J., Parchaso F., Brown C.L., Bouse R.M., 
Wellise C. and Thompson J.K. (2000). Linkage of bioaccumulation and 
biological effects to changes in pollutant loads in south San Francisco Bay. 
Environmental Science & Technology 34:12:2401-2409. 

Jones B. and Turki A. (1997). Distribution and speciation of heavy metals in surficial 
sediments from the Tees estuary, North-east England. Marine Pollution Bulletin 
34:10:768-779. 

Karakassis I., Hatziyanni E., Tsapakis M. and Plaiti W. (1999). Benthic recovery 
following cessation of fish farming: a series of successes and catastrophes. 
Marine Ecology Progress Series 184:205-218. 

Karakassis I., Tsapakis M. and Hatziyanni E. (1998). Seasonal variability in sediment 
profiles beneath fish farm cages in the Mediterranean. Marine Ecology Progress 
Series 162:243-252. 

Kiratli K. and Ergin M. (1996). Partitioning of heavy metals in surface Black Sea 
sediments. Applied Geochemistry 11:775-788. 

Koschinsky A., Winkler A. and Fritsche U. (2003). Importance of different types of 
marine particles for the scavenging of heavy metals in the deep-sea bottom 
water. Applied Geochemistry 18:5:693-710. 

Loring D.H. (1991). Normalisation of heavy-metal data from estuarine and coastal 
sediments. ICES Journal of Marine Science 48:101-115. 

 

193



Inventories, Modelling and Budgets   Chapter 4 

McKay W. and Baxter M.S. (1985). The partitioning of Sellafield-derived radio 
caesium in Scottish coastal sediments. Journal of Environmental Radioactivity 
2:93-114. 

McManus J., Berelson W.M., Klinkhammer G.P., Kilgore T.E. and Hammond D.E. 
(1994). Remobilisation of barium in continental margin sediments. Geochimica 
et Cosmochimica Acta 58:22:4899-4907. 

Meeussen J.L.C. (2003). ORCHESTRA - an object-orientated framework for 
implementing chemical equilibrium models. Environmental Science & 
Technology 37:6:1178-1182. 

Miller B. (1998). An assessment of sediment copper and zinc concentrations at marine 
caged fish farms in SEPA West Region. Scottish Environment Protection 
Agency, West Region, Scotland. 

Miller B. (2000). Updated:  A re-assessment of sediment quality criteria for copper and 
zinc, Report to the Fish Farm Advisory Group. Scottish Environment Protection 
Agency, West Region, Scotland. 

Moffett J.W. and Ho J. (1996). Oxidation of cobalt and manganese in seawater via a 
commonly microbially catalysed pathway. Geochimica et Cosmochimica Acta 
60:18:3415-3424. 

Morrisey D.J., Gibbs M.M., Pickmere S.E. and Cole R.G. (2000). Predicting impacts 
and recovery of marine-farm sites in Stewart Island, New Zealand, from the 
Findlay-Watling model. Aquaculture 185:257-271. 

Nickell T. (2000). The effects of emamectin benzoate on infaunal polychaetes. Report 
No. 20898, Centre for Coastal and Marine Sciences, Dunstaffnage Marine 
Laboratory, Oban. 

Overnell J., Fletcher T.C. and McIntosh R. (1988). The apparent lack of effect of 
supplementary dietary zinc on zinc metabolism and metallothionein 
concentrations in the turbot, Scophthalmus maximus. Journal of Fish Biology 
33:563-570. 

Pereira P.M.F. (1997). Macrobenthic succession and changes in sediment 
biogeochemistry following marine fish farming. PhD, University of Stirling, 
Stirling. 

Ponce R., Forja J.M. and Gomez-Parra A. (2000). Influence of anthropogenic activity 
on the vertical distribution of Zn, Cd, Pb and Cu in interstitial water and coastal 
marine sediments (Cadiz Bay, SW Spain). Ciencias Marinas 26:3:479-502. 

Priede I.G. and Secombes J. (1988). The biology of fish production. In: Salmon and 
Trout Farming. L. Laird and T. Needham (eds). Ellis Horwood Limited, 
Chichester. p. 32-68. 

Schendel E.K., Nordstrom S. and Lavkulich L.M. (2004). Floc and sediment properties 
and their environmental distribution from a marine fish farm. Aquaculture 
Research 35:5:483-493. 

SEPA (2000a). Marine cage fish farming in Scotland regulation and monitoring: A 
consultation paper. Scottish Environmental Protection Agency. 

SEPA (2000b). Regulation and monitoring of marine cage fish farming in Scotland - a 
procedures manual; Annex A &F. Scottish Environmental Protection Agency. 

Sharma V.K., Rhudy K.B., Koenig R., Biggett A.T., Hollyfield S. and Vazques F.G. 
(1999). Metals in sediments in Texas estuaries, USA. Journal of Environmental 
Science and Health, Part A: Toxic/Hazardous Substances and Environmental 
Engineering 34:10:2061-2073. 

Shimmield G.B. and Pedersen T.F. (1990). The geochemistry of reactive trace metals 
and halogens in hemipelagic continental margin sediments. Aquatic Sciences 
3:2-3:255-279. 

 

194



Inventories, Modelling and Budgets   Chapter 4 

Stevenson A.G., Tait B.A.R., Richardson A., Smith R.T., Nicholson R.A. and Stewart 
H.R. (1995). The geochemistry of sea-bed sediments of the United Kingdom 
Continental Shelf; the North Sea, Hebrides and West Shetland shelves, and the 
Malin-Hebrides sea area. British Geological Survey, Edinburgh. 

Sundby B., Martinez P. and Gobeil C. (2004). Comparative geochemistry of cadmium, 
rhenium, uranium, and molybdenum in continental marine sediments. 
Geochimica et Cosmochimica Acta 68:11:2485-2493. 

Surfer G.S. (1999). User's Guide- Contouring and 3D Surface Mapping for Scientists 
and Engineers. Golden Software, Inc., Colorado. 

Swarzenski P.W., McKee B., Sorensen K. and Todd J. (1999). Lead-210 and Polonium-
210, manganese and iron cycling across the O2/H2S interface of a permanently 
anoxic fjord: Framvaren, Norway. Marine Chemistry 67:199-217. 

US-EPA (2003). Principles of BATNEEC. US-Environmental Protection Agency, 
Cincinnati. 

USGS (1998). PHREEQC - a computer program for speciation, batch reduction, one-
dimensional transport, and inverse geochemical calculations. Secondary 
PHREEQC - a computer program for speciation, batch reduction, one-
dimensional transport, and inverse geochemical calculations, Place Published, 
US Geological Survey. 

Watzin M.C. and Roscigno P.R. (1997). The effects of zinc contamination on the 
recruitment and early survival of benthic invertebrates in an estuary. Marine 
Pollution Bulletin 34:6:443-455. 

Zhang H., Davison W., Mortimer R.J.G., Krom M.D., Hayes P.J. and Davies I.M. 
(2002). Localised remobilisation of metals in marine sediments. The Science of 
the Total Environment 296:175-187. 

 

 

195



Microcosm Experiment   Chapter 5 

5 Effects of Increasing Copper Doses on the Biogeochemical 

Conditions of Fish Farm Sediment:  A Microcosm Experiment 

5.1  Introduction 

This chapter describes the effects of increasing dose concentrations of copper on the benthos 

beneath an active fish farm, and the influence of consequent biotic variations on the vertical 

movement of copper in the sediment.  

Toxicity Testing 

Since they play a significant role in maintaining the health of marine ecosystems, it is critical to 

avoid harmful influences on sediment infauna.  They are particularly essential in a fish farm 

environment, where a reduction in benthic diversity due to the organically enriched seabed is 

common, since relatively few benthic species can tolerate such conditions.  The involvement of 

the benthic community in physical processes and biogeochemical cycling helps maintain a 

balanced sediment environment, enhancing organic matter decomposition and preventing 

organic matter accumulation, and its presence and interactions are integral components of the 

ecosystem.  The presence of a benthic invertebrate population not only affects sediment 

conditions during the fish farm growing season but also aids the recovery of the seabed during 

fallowing.  Its ability to process, mix, adsorb, accumulate, degrade and release sediment 

deposited waste helps lessen the environmental impact of any such waste.  In order to maintain 

ecologically sound physical and biogeochemical conditions, it is important to minimize the 

harmful effects of waste inputs from fish farms by recognizing the contamination levels at 

which the benthos will suffer deleterious effects from toxicity. 

 

Toxicity testing can provide environmentally useful information about the effects of pollutants 

in the marine environment, particularly the level at which they are likely to have a deleterious 

impact on the ecosystem.  By determining the toxicity of substances and the sensitivity of 

species, testing can predict potential hazards in the environment and thereby help avoid toxic 

concentrations of a particular contaminant.  However, toxic thresholds are site and species 
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specific, and can only really be useful by taking into account the many environmental variations 

that interact to influence the values determined.   

 

There are two types of toxicity test, acute and chronic, both of which assess the effects of 

concentrations of a compound over a specified exposure time on primary (survival, growth, 

reproduction) or secondary (behavioural, physiological, biological concentration) end-points 

(Duke 1984, Ingersoll 1995, Hill 1997).  Acute toxicity tests indicate the lethal concentration of 

a contaminant by establishing the concentration-mortality relationship that results after a single, 

usually high dosage, short duration exposure (Ingersoll 1995, Gerba 1996, Rainbow 1997, 

Fargasova 1999).  Chronic toxicity tests assess sub-lethal effects, such as changes in feeding 

rates, growth and repair, reproductive success or off-spring survival (Rygg 1985, Fargasova 

1999), and are usually conducted with lower doses but longer exposure time.  Both sorts of test 

establish a dose-response relationship to determine the highest and lowest contaminant 

concentrations that cause statistically significant effects on the end-points after a specified time 

period.  Their goal is to determine quantitative values that reflect the potential impact of a 

pollutant and define its risk at various concentration levels (refer to Table 5.1). 

 

One contaminant of potential concern is copper, released from fish farms in feed, faeces and 

anti-foulant treatments (refer to Chapters 1, 3 and 4).  Although it is an essential micronutrient 

in most marine organisms, copper can be toxic above certain threshold concentrations.  A study 

investigating the ecotoxicity of a suite of metals (Cu, Mn, Mo, Ni, V, As, Pb, Cr, Mg, Sn) to the 

benthic oligochaete Tubifex tubifex found that copper was the most toxic metal ion (Abel 1989).  

In fact, along with mercury and silver, copper is rated as one of the most toxic metals, and toxic 

effects can often occur at levels not much higher than those necessary for normal metabolism 

(Coull & Chandler 1992, Ingersoll 1995, Johnston & Keough 2000, 2003). 

 

Extensive reviews of copper pollution and benthic invertebrate toxicity studies found that the 

majority were carried out in the laboratory, with most using single species, and all but two 

administering the toxicant in the aqueous phase, rather than contaminating the sediment directly 
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(Abel 1989, Long 1992, Ingersoll 1995, Morrisey & Underwood 1996).  Producing a soluble 

copper toxic concentration is certainly valuable, since the free, soluble ion is regarded as the 

most toxic (Morrisey & Underwood 1996, Miller 1998), and benthic organisms do come into 

direct contact with dissolved metals at the sediment water interface, during ventilation and 

irrigation of burrows and tubes, and by movement through the interstitial sediment spaces.    

 

However, the partitioning between dissolved and particulate copper phases is dynamic and 

depends on various factors, such as copper solubility and affinity for sediment and dissolved 

organic carbon, sediment and pore water pH, redox conditions, salinity, mineral constituents, 

grain size and acid volatile sulphide concentration (Casas & Crecelius 1994, Ingersoll 1995, 

Miller et al. 2000, Mucha et al. 2004).  A drawback to many tests that rely on interstitial water 

concentrations to establish safe contaminant levels (e.g. equilibrium-partition (EP) approach 

[Pavlou and Weston, 1984]) is the difficulty in measuring the partitioning coefficients in 

different sediment types.  The EP approach assumes that the partitioning of contaminants is 

controlled by organic carbon (Austen et al. 1994), but this is not always the case, since, for 

example, sulphides are also important binding sites for metals in reducing sediments (Pesch & 

Morgan 1978, Austen et al. 1994).  Furthermore, soluble dose tests, like the EP approach, 

assume that interstitial water is the predominant source of contaminants to the benthos, whereas, 

in reality, particle bound contaminants also play an important role (Rygg 1985). 

 

It is important that the sediment biogeochemical conditions are accurately represented in a 

toxicity test, because of the control they exert on contaminant availability and consequent 

toxicity.  The phase and behaviour of metals are strongly dependent on sediment 

physicochemical parameters.  For example, a microcosm experiment that used the natural 

meiofaunal communities from field-collected sediments to investigate the effect of sediment 

type and particle size on copper and zinc toxicity found that the strong sediment binding 

capacity of mud (as a result of its high organic matter content, elevated levels of iron oxides and 

the fine particle size) meant that copper and zinc were more toxic in sandy sediments, because 

they were more bioavailable in the free ion, soluble phase (Long 1992, Ingersoll 1995).  In 
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another experiment, polychaete worms in mud were found to be affected by copper toxicity at a 

slower rate than worms in sand, because of the high organic matter and small grain size, both of 

which tended to bind more copper in the mud (Long 1992). 

 

Ideally, a toxicity test should also reproduce site-specific biological conditions in order to 

ensure that the toxicity values produced are environmentally relevant.  The location, orientation, 

trophic group, feeding strategy, sensitivity and tolerance of the sediment infauna influence the 

degree of toxicity experienced, and these factors should be realistically represented in the 

experiment or the resulting values have little ecological significance.  In polluted Norwegian 

fjords, for example, a high proportion of copper-tolerant polychaetes were found to be 

carnivorous, suggesting that they were less affected by high sediment copper concentrations 

than deposit-feeding polychaetes, possibly because deposit feeders have to ingest more copper 

per nutritional unit than carnivores (Miller 1998).  This illustrates the futility of using an 

inappropriate trophic group in a toxicity test, since even similar classes of organism (e.g. 

Polychaeta) can have different tolerances to metal contamination. 

 

The toxicity test used in this experiment was a modified form of an acute Spiked Sediment 

Bioassay (SSB) test, which considers the influence of the physicochemical sediment 

characteristics on the contaminant’s toxicity and establishes the relationship between 

contaminant concentrations and adverse biological responses (Ingersoll 1995).  The SSB test is 

a laboratory-based approach, where target organisms are exposed to pristine sediments that have 

been spiked with known, different concentrations of a toxicant (Hill 1997).  Mortality or sub-

lethal effects can be observed and the dose-response relationship determined by comparing the 

chemical and biological data with control or reference data, (Long 1992, SEPA 1999, ToxCalc 

2002).  SSB toxicity tests generate quantitative threshold values that represent the potential 

toxicity to the sediment benthos of a particular contaminant sediment concentration (Table 5.1).   
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Table 5.1  The threshold definitions used to quantify the results from many toxicity tests based on 
the Spiked Sediment Bioassay approach (Long 1992, Ingersoll 1995, Gerba 1996, Vecchi et al. 1999, 
Rainbow 2002).  
 
Quantitative Term  Definition 
LC50 Lethal dose concentration that results in 50% mortality, after a specified 

time 
EC50 Effective concentration that results in 50 % change in the sub-lethal end-

point, after a specified time 
NOEC  (NOAEC) No Observed (Adverse) Effect Concentration; maximum concentration that 

produces no observed (adverse) effects on the organism 
LOEC (LOAEC) Lowest Observed (Adverse) Effect Concentration; lowest concentration 

that produces (adverse) effects on the organism 
MATC (ChV) Maximum Allowable Toxicant Concentration, Chronic value (ChV), 

representing the presumed safe concentration of the pollutant 
 

The primary aim of the microcosm experiment was to investigate the effects of increasing doses 

of copper on the benthic invertebrates inhabiting fish farm sediment, in order to arrive at a dose-

response, concentration-mortality relationship.  Although copper toxicity values (NOEC, 

LOEC, LC50 and MATC or ChV) were in fact calculated, the test in the present study was 

essentially a range finding experiment to assist future toxicity testing.  

Bioaccumulation 

Sediment quality guidelines given as a bulk sediment concentration for a given contaminant 

may not always be sufficient for predicting potential toxic effects.  Differences in the biological 

processes examined to estimate toxicity, for example, growth, fecundity or mortality do not 

necessarily determine toxicity levels within a species.  Rather, they are related to the availability 

and accumulation of the contaminant as a result of physical and biogeochemical properties of 

the sediment matrix, as well as to the physiology of the affected species (Johnston & Keough 

2000, Millward et al. 2001).  The complex relationships between contaminant levels in the 

sediment and bioavailability are poorly understood, but the best indication of the effects of 

copper pollution can be attained by combining an assessment of controlled toxicity experiments, 

sediment geochemistry, and benthic community response with an investigation into copper 

bioaccumulation.   

 

Uptake and accumulation of sediment metals is a complicated process, and there is no simple 

relationship between levels of a metal (either solid or soluble phase) in the sediment and levels 

in an organism.  It is largely a function of bioavailability, which is strongly influenced by a 
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complex suite of physicochemical and biological environmental factors (Morrisey & 

Underwood 1996, Fichet et al. 1998, Millward et al. 2001).  Concentration levels certainly 

affect the degree of bioaccumulation, but so do other environmental conditions such as length of 

exposure, redox, temperature, salinity, and food quality and availability (Austen et al. 1994, 

Morrisey & Underwood 1996, Vecchi et al. 1999).  The extent to which metals are chemically 

or physically bound to sediments also governs bioavailability and thus bioaccumulation.  In 

particular, organic matter content, grain size, manganese/iron oxyhydroxide levels, redox 

conditions, and acid volatile sulphide (AVS) concentration can all control metal bioavailability 

(Johnston & Keough 2000, Millward et al. 2001, Rainbow 2002). 

 

Metal bioaccumulation depends on species ecology and various aspects of the organisms’ 

physiology governing their interactions with metal enriched sediments and pore waters, such as 

location and orientation in the sediment, feeding strategy, potential uptake routes and regulation 

controls, storage facilities, and detoxification ability (Olsgard 1999, Lindegarth & Underwood 

2002, Nendza 2002).  Bioaccumulation of contaminants in sediment benthic organisms is a 

concern, especially if the levels exceed the toxic threshold of the organisms, resulting in species 

mortality.  Even if pollution levels do not directly cause mortality, there may be sub-lethal toxic 

effects, such as reduced reproductive output, and diminished biological activity and 

bioturbation.   

 

Benthic organisms are particularly vulnerable to bioaccumulation and potential toxicity, because 

of their close association with sediment particles and pore waters, and associated contaminants 

(Noji & Noji 1991, Nendza 2002).  Many species, or the organisms they feed on, spend much of 

their life cycle close to the seabed, and can ingest and adsorb contaminants directly from the 

sediment (Crank 1956).  Since sediment invertebrates form part of a much larger food web, if 

they bioaccumulate contaminants, toxicity can potentially pass up the food chain to higher 

trophic levels, causing secondary poisoning (Jaegar 1959, Wheatcroft et al. 1990).  There is 

even concern for human health, since, for example, many flat fish such as plaice and flounder 
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feed on surface sediment polychaete worms (Guinasso & Schink 1975).  Other potential 

bioaccumulators are commercially important filter feeding species such as oysters and mussels. 

   

With this in mind, a subsidiary aim of the experiment was to compare sedimentary and 

biological concentrations, to see whether those organisms subjected to a higher dose of copper 

had correspondingly higher body tissue copper levels.  Benthic community characteristics and 

sediment chemistry were also assessed in order to investigate the biogeochemical processes that 

may have influenced the degree of bioaccumulation.  

Biodiffusion 

Although the concept of diffusion originally described the physical processes of molecular 

migrations in solutions (e.g. Boudreau 1986) or heat conduction in rods (e.g. Wheatcroft et al. 

1990) as they attempt to reach equilibrium, it has also been used to describe the diffusive 

movements of particles as a result of bioturbation by benthic animals (Wheatcroft et al. 1990, 

Boudreau 1998, Nickell et al. 2003).  This analogy is based on the similarity between molecular 

diffusion profiles and the continuous decrease with depth in concentration profiles as a result of 

bioturbation.  Down core sediment and pore water profiles may vary as a result of different 

benthic community properties, since the movement of particles through sediment is largely 

dependent on bioturbation, the intensity of which is determined by community characteristics 

such as abundance, activity and distribution (Boudreau 1986, Wheatcroft et al. 1990).   

   

The final aim of the experiment was to investigate how infaunal populations influenced copper 

transport through the sediment by treating the copper dose as a pulsed input of a tracer, and 

incorporating the resulting data into a diffusion model equation.  Examining the biodiffusion 

coefficient (Db) and estimate of mixed layer depth (L) can help explain the role played by 

bioturbation in diffusive mixing processes (Gerba 1996, Austen & McEnvoy 1997, Vecchi et al. 

1999). 
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5.2  Methods 

Microcosm Approach 

In order to replicate field conditions as closely as possible in laboratory-based microcosms and 

thereby ensure ecological realism, the standard SSB approach was modified to incorporate the 

distinctive environment of a fish farm, with its limited set of species and particular physical and 

biogeochemical conditions.  In this way, the pathways and interactions of the copper dose could 

be investigated under environmentally realistic conditions, and the toxicity values determined as 

a result of the experiment would be site-specific. 

 

Typical SSB tests use pristine, homogenised sediment, but for this experiment, naturally 

occurring farm-collected sediments were used, so that sediment type, particle size distribution, 

natural redox horizons, organic matter content and background geochemical conditions of the 

farm environment were reproduced in the experiment.  Using sediment from the fish farm 

allowed not just the small-scale environment around the farm to be represented, but also, to 

some extent, the larger scale conditions in the loch, with its catchment area characteristics, such 

as fresh water influences and natural and anthropogenic inputs.   

 

In standard SSB testing, all the infauna are removed and a known number of a particular 

standard test indicator species (e.g. Arenicola marina, Neireis diversicolor, Corophium 

volutator, Mytilus edulis) is added to each spiked sediment treatment, so that the type and 

number of organisms present are known at the start of the experiment.  However, since these 

common test species may not always be found in the environment under review and may behave 

differently, such studies tend to lack ecological realism.  Recently, protocols have been 

proposed for bioassays that test whole sediments using true sediment dwelling species (Hansen 

1984, Gerba 1996), and the suggestion has been made that environmental impact assessments 

should bioassay communities naturally inhabiting the environment under review (Black et al. 

1997a).   
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The species used in the present experiment were invertebrate polychaetes that normally inhabit 

the sediment under the fish farm, thereby providing a certain degree of reality, since these are 

the polychaetes facing potential copper toxicity.  The fact that the microcosm organisms were 

those living in farm-collected sediment helped incorporate an environmentally realistic and 

representative range of species (type, trophic group, feeding strategy), at various stages of 

biological development and life cycle.     

  

Sediment was collected by coring from beside an active fish farm.  The cores were used as the 

individual microcosms, providing an intact, minimally disturbed piece of the fish farm 

ecosystem in its natural state, thereby permitting the routes of contaminant exposure to be as 

close to reality as possible (Black et al. 1997a).  Although they are confined by physical and 

chemical boundaries and are conducted under set experimental conditions (e.g. light, 

temperature), microcosms are laboratory-based models of the natural sediment ecosystem 

(Dytham 1999, ANZEEC 2000). 

   

Each microcosm was spiked with a single dose of copper, and survival was the observed end-

point.  Day 21 was decided upon as the final day for the experiment, since this allowed 

sufficient time for infaunal corpses to decompose after a lethal event (Elliott 1977, Fowler & 

Cohen 1996), thereby facilitating the distinction between dead and alive animals.  The starting 

number of organisms in each treatment was statistically estimated from the average number of 

survivors in the control treatments at the end of the experiment.  It was assumed that the initial 

faunal abundance, biomass and mean body size would be similar in all the sediment collected as 

there was no statistical difference between three cores previously analysed from this sampling 

event (§ 3.1.2.2 and 3.1.3.2).  

    Microcosm Core Collection  

The 49 Craib cores used as the microcosms, and an extra 8, were collected by SCUBA divers in 

March 2000 from beside the Port Bheachan fish farm site (181043 E, 702121 N), as close to the 

edge of the farm cages as possible (§ 2.1.1 and 2.1.2, and Figure 3.2c).  The cores were tightly 

sealed with bungs, kept upright in cool boxes and returned to Dunstaffnage Marine Laboratory.   
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    Microcosm Conditions 

The 7 tanks and microcosm holding crates were washed in Decon 90 and dilute acid (5% 

HNO3), thoroughly rinsed in MilliQ distilled water, and labelled according to treatment (refer to 

Table 5.2).  7 sediment cores (microcosms) were placed in each holding crate.  Tanks were 

filled with seawater (50.4 L) to 3 cm above the open core tube tops, and this water level was 

maintained throughout the experiment.  The microcosms within an individual tank were not 

entirely separate from each other as they shared the surrounding water, but this meant that all 

microcosms within the tank had a similar exterior environment. 

 

An aquarium air stone diffuser was placed just above the sediment surface of each microcosm 

and set as high as possible, without causing surface sediment resuspension.  The air stream 

facilitated water circulation, decreased the risk of overlying waters becoming anoxic, and 

provided a slight core surface disturbance to simulate sediment surface conditions caused by 

currents.  

 

The experiment room was kept at a constant 8 °C and in darkness to reproduce benthic 

conditions.  The running system was monitored for a few days to ensure that all microcosms had 

been successfully transferred from field to tank and that the air supply was functioning 

adequately and equally among all tanks and microcosms.  The extra cores were kept in the same 

conditions, and served as replacements for microcosms that became anoxic in the tanks as a 

result of initial problems with air supply through faulty stones and air pipe connections. 

    Microcosm Dosing 

Since site-specific sediment physical and biogeochemical properties influence the behaviour and 

pathways of contaminants, they have an important bearing on the choice of phase in which a test dose is 

administered.  Much of the copper waste released from fish farms eventually deposits to the seabed in the 

particulate phase.  In typical fish farm sediments, copper can bind with organic matter, iron and 

manganese oxyhydroxides in oxic, and sulphides in anoxic, conditions, and can be redistributed through 

the sediment by bioturbation of the abundant deposit feeding polychaetes.  In an attempt to replicate 

conditions occurring naturally at a fish farm, the copper dose was mixed into a sediment paste, so that it 

could bind with solid phase particles, since this was the expected dominant phase in which copper would 

be found. 
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A log scale increasing dosage for each tank was chosen following standard toxicity test 

protocols that require the treatment range to cover the spectrum of no effect, to total mortality 

(Sokal & Rohlf 1995), whilst also covering the sediment copper range observed during field 

observations (refer to Chapter 3 and 4).  Altogether, there were five treatment tanks dosed with 

copper, one control tank which was untreated, and a carrier control tank where the sediment 

paste was added but not spiked with copper (Table 5.2).  The dose was added to the microcosm 

surface in imitation of the deposition of farm released copper waste and initially measured as g 

m-2.  The treatment was copper sulphate powder, and the necessary amount was determined 

(Equation 5.1, with the highest treatment dose used as an example).  However, SEPA sampling 

protocols take a sub-sample of the seabed from 5 cm depth, and assume an evenly mixed 

distribution of that sub-sample’s concentration throughout the 5 cm (pers comm. K.D. Black; 

Nickell, 2000).  Based on the SEPA estimate of 5 cm mixing depth and on the amount of added 

copper sulphate, the nominal copper dose concentration (μg g-1) was also calculated (Equation 

5.2).  This mixing depth may not have been correct, especially in the high dose treatments 

where immediate toxicity and minimal benthic mixing may have occurred.  The actual dose of 

copper to the benthic invertebrates at each possible mixing depth down to 5 cm has been 

calculated (Appendix 3A).  

 
Table 5.2  The tank labels, nominal doses (NDi inventory; NDc concentration) of copper, amount of 
copper sulphate and equivalent copper added to achieve nominal doses.  
 

Tank Label NDi 
 (g m-2) 

NDc 
 (μg g-1) 

Added 
CuSO4

Amount 
 Cu 

Tank 1 (Control) 0  0 0 0 μg 
Tank 2 (Carrier Control) 0  0 0 0 μg 
Tank 3 0.02  0.3 0.20 mg 50 μg 
Tank 4 0.19  3.0 2.00 mg 500 μg 
Tank 5 1.91  30 0.02 g 5 mg 
Tank 6 19.08  300 0.19 g 50 mg 
Tank 7 190.80  3000 1.98 g 0.5 g 
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Equation 5.1  CuSO4 g = 
MWgCu

mAmgNDiMWgCuSO )*(* 22
4

−

 

 
      = 1.98 g CuSO4  added 
 
Where   MWgCuSO4 = molecular weight copper sulphate = 249.68 g 
  MWgCu = molecular weight copper = 63.5 g 

NDi = Nominal Dose (inventory) = 190 g m-2

  A = Microcosm Area = π r2 = 0.002642 m2

     
 

Equation 5.2 
.5.*4

4

cminSedMWgCuSO
MWgCu*CuSOadded

DcN =  

 
Where  NDc = Nominal Dose (concentration) μg g-1

  added CuSO4 = from Equation 5.1 = 1.98 g 
  MW g Cu = molecular weight copper = 63.5 g 

MW g CuSO4 = molecular weight copper sulphate = 249.68 g 
  Sed. in 5 cm. = mean wet weight sediment in 5 cm = 168 g 
 
 
To treat high dosage microcosms (Tanks 6 and 7), the CuSO4 was weighed out according to the 

amount needed (Table 5.2), but to dose the other microcosms, a stock solution was prepared 

(Table 5.3). 

Table 5.3  Stock solutions used to cover the lower spectrum of Cu dosage concentrations. SW: 
seawater; NDi: Nominal dose inventory; NDc: Nominal dose concentration.  Stock solution A was 
prepared with 1.98 g CuSO4 dissolved into 100 ml seawater. 
 

Stock Stock Solution 
Used 

Diluent NDi 
 (g m-2) 

NDc 
 (μg g-1) 

A N/A 100 ml SW 1.91 30 
B 1 ml A 9 ml SW 0.19 3.0 
C 1 ml B 9 ml SW 0.02 0.3 

 

The surface 5 cm of sediment from a core collected at the same time and location as the 

microcosm cores was homogenised and used for mixing in the copper dose.  The appropriate 

stock solution (1 ml of A, B or C) or weighed powder was thoroughly mixed with ~2 g of this 

sediment.  The sediment/copper paste was rinsed with ~4 ml of seawater from the mixing tray 

into each microcosm.  The water level above each microcosm had been lowered and air stones 

removed before the input of the paste, in order to maximise the efficiency of transfer to each 

microcosm and aid the settling of the paste.  After paste addition, there was a three hour settling 

period before the tank water was topped up and air stones replaced.  Following this settling 

period, the experiment record began, at 13.00, Day 0, three days after core collection.   
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Sediment, Pore Water and Tank Water Samples 

One core on Day 1 and two cores on Day 21 were randomly selected from each tank, tightly 

bunged and transferred to an oxygen free glove box for sediment and pore water collection.  

Slicing intervals were 0.5 cm at 0-0.5 cm, 1-1.5 cm, 2.5-3 cm, 5-5.5 cm; and 1 cm at 10-11 cm 

depth.  A small polypropylene sample bottle was used to collect water from the same area of 

each tank (i.e. 2 cm below the surface water level), once before the addition of any copper, and 

again on Days 0, 7, 14 and 21 of the experiment.  For collection, preparation, processing and 

analysis protocols, refer to relevant sections in Chapter 2.  

 

A total inventory of sediment copper (g m-2) and the mean measured concentration (μg g-1) was 

calculated (Equations 4.1 and 4.4, respectively; i = 0.5, n = 10), down to 5 cm depth (based on 

the SEPA estimate of 5 cm mixing).  Measured and interpolated values were both used.   

Microcosm Infaunal Samples  

    Identification, Abundance, Biomass and Mean Body Size  

On Day 21, four replicate cores were chosen at random to determine sediment infaunal 

characteristics, and sliced at 3 cm depth intervals (0-3 cm, 3-6 cm 6-9 cm and 9-12 cm).  For 

techniques of infaunal sample preparation and processing, refer to relevant sections in Chapter 

2.      

 

MiniTab 13 was used to statistically analyse the variance between families with depth across the 

treatment range, in order to discover significant trends for each of the dependent variables 

(abundance, biomass and mean body size).  Initially, three-way ANOVA with replicates was 

attempted but proved impossible because of heterogeneity of variance (by Levene’s test) and 

abnormal distribution (by Kolmogorov-Smirnov test).  Even transformations of the data (log 

[x+1], square root and fourth root) could not solve this problem, since mortality with increasing 

tank concentration would always skew the data, as would zero values at certain depths.  There is 

no nonparametric equivalent to the three-way ANOVA (ANZEEC 2000), but the following 

alternative methods were used to overcome the obstacle of abnormal and heterogeneous data.   
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First, statistically significant variance was determined by the nonparametric Moods median test, 

which is useful when assumptions of normality and heterogeneity cannot be met.  Since this test 

can only be used between two groups, the factors were separated out, and significant differences 

in the variables between the families at each depth across the treatment range were determined.   

 

Secondly, straightforward regression analysis was performed for families at all three depths, to 

determine significant difference for each variable across the seven treatment tanks.  To validate 

the analysis, a Pearson correlation was calculated to confirm a significant linear relationship 

between the variables and the tank treatments, and the residuals from the regression analysis 

were checked for normality (by Kolmogorov-Smirnov test).   

 

Thirdly, the nonparametric Scheirer-Ray-Hare test was used, which analyses variance (with 

replication) by using ranks, in an extension of the Kruskal Wallis test.  The data were sorted and 

ranked according to the magnitude of the observation.   A two-factor ANOVA test was then 

completed, with the rank values replacing the actual data, and the sum of the sum of squares 

calculated for the factors and interactions.  This sum was divided by the total degrees of 

freedom (d.f. = n-1) to give MStotal.  For each factor and interaction, SS was divided by MStotal, 

the value looked up on χ2 tables with the usual d.f., and significance determined. 

Toxicity Calculations 

Control Treatments 

Three different methods were used to determine significant difference between the two control 

treatments.  Because a χ2 test (Moore & Caux 1997) showed that the distribution of the 

abundance data was clumped, the data were transformed (log [x + 1]) and subjected to single 

factor analysis of variance (ANOVA, by MS Excel) (ANZEEC 2000).  Secondly, MiniTab 13 

was used to perform the non-parametric Kruskal Wallis test, since data distribution was not 

normal according to the Anderson Darling test (probably because there were so few data 

points), although equal variance had been confirmed (Levene’s test).  The third method was 

automatically conducted by the ToxCalc™ software package (Tidepool Scientific Software) 

with a two-tailed t-Test. 
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Least Significant Difference Test  

Any significant difference between each treatment mean and the control mean was determined 

by the Least Significant Difference (LSD) test (Moore & Caux 1997), to produce NOEC and 

LOEC values (Equation 5.3),.  The distribution of the abundance data between the control and 

all the treatments was determined by a χ2 test, and since > 50 % of the data were clumped, they 

were transformed (log [x + 1]).  Single factor analysis of variance (ANOVA, by MS Excel) on 

the transformed data calculated the variance within treatments and gave the probability of 

significant difference between them. 

Equation 5.3  withintailedα MS
n

t
2

LSD 2−=  

 
Where  LSD = Least Significant Difference  
  tα2-tailed = test statistic of significance at 0.05 = 3.182 
  n = number of observations 

MS within = mean sum of squares of difference between control and                     
treatments 

 
Any treatment mean that deviated from the control mean by more than the LSD value was 

considered significantly different.  The NOEC was the highest treatment mean that showed no 

significant difference from the control, and the LOEC was equivalent to the lowest treatment 

mean that was significantly different.   

 

Recently there has been some debate regarding the usefulness of NOEC and LOEC toxicity 

data, and the use of these thresholds to set sediment quality criteria has been criticised (Moore 

& Caux 1997, ToxCalc 2002).  This is mainly because of limitations in the values, since the 

magnitude of the derived figures is largely an artefact of the dose concentrations chosen by the 

tester for a particular contaminant, and does not correspond to biologically relevant thresholds 

or specified effects levels (Steel 1959, US-EPA 1987).  Furthermore, experiment design is often 

poor, with small sample sizes and improper spacing between treatment doses, and the 

calculations are prone to Type II errors, both of which limitations can result in the prediction of 

no toxic effects, when in fact there are (US-EPA 1987).  Nevertheless, there are merits in 

determining the NOEC and LOEC values, particularly as they are integral to determining the 

commonly accepted MATC (or ChV) guideline values (Equation 5.4). 
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Equation 5.4  LOECNOECLOECNOECGMMATC *),( ==  
 
Where  GM = geometric mean 
 
ToxCalc™  Software Calculations 

The ToxCalc™ software program calculated the NOEC, LOEC, MATC (ChV) and LC50.  This 

program is a comprehensive statistical package designed for analysing dose-response data 

generated from sediment toxicity tests, by applying the US-EPA recommended data analysis 

schemes (US-EPA 1991).   

 

The proportion of survivors in each microcosm was determined, with the starting population 

estimated as the average number of survivors in the control.  The non-parametric Steel’s Many-

One Rank test was used to calculate NOEC, LOEC and MATC (ChV) values because not all the 

abundance data showed normal distribution (by Shapiro-Wilks’s) and equal variance (by 

Bartlett’s Test).  This is an analogue to Dunnett’s Multiple Comparison test, which compares 

multiple treatments with a single control, but is used when the ANOVA assumptions (normal 

distribution and homogeneity of variance) are violated, since rank tests are fairly insensitive to 

heterogeneity of variance (Moore 1981).  The test was conducted as a one-tailed test because the 

treatment was expected to show a higher response, compared with the control (Nickell et al. 

2003).  

 

The LC50 value was calculated by the Maximum Likelihood Regression Probit analysis, which 

is the preferred and most widely used method of calculating point estimates for quantal data sets 

(Ingersoll 1995).  However, probit analysis is unable to yield estimates when data anomalies 

occur and for this reason, the more robust Trimmed Spearman Karber test was also used to 

calculate the LC50. 

    Copper Bioaccumulation 

The polychaetes from each depth section (0-3, 3-6 and 6-9 cm) of one of the four cores collected 

on Day 21 from each treatment tank were analysed for copper concentration, except for Tanks 6 

and 7, where insufficient biological material made a digestion impossible.  For infaunal sample 

preparation, digestion and analysis, refer to relevant sections in Chapter 2.   
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Statistical analysis determined significant difference with depth in copper concentrations in the 

tissues.  All data were checked for normal distribution by the Anderson-Darling test: if 

distribution was normal, equality of variance was confirmed by the Bartlett’s test; if not, then 

the Levene’s test was used.  When data were not normal but showed equal variance, the Mann-

Whitney test was used to determine significant changes in copper concentration with depth.  

When data were normally distributed and showed equal variance, they were subjected to a 2-

sample t test.  A 2-sample t test was also run to determine significant difference between 

families when the data were normally distributed and showed equal variance.  However, the 

Mann-Whitney test was used when homogeneity of variance was confirmed, but the data were 

not normally distributed.  Significant difference in copper levels in the tissue with increasing 

tank treatment was determined by regression analysis, after a Pearson correlation showed a 

linear relationship existed across the data and the residuals produced from the regression 

analysis proved to be normally distributed (by Anderson-Darling).    

  Biodiffusion Coefficients and Mixing Depth 

A measure of the intensity of the diffusive processes caused by bioturbation was calculated from 

an equation based on Ficks 2nd Law of Diffusion (Equation 5.5).   Classically, the diffusion 

coefficient (D) measures the transportation of molecules across a concentration gradient.  In this 

case, however, the biodiffusion coefficient (Db) is a measure of diffusive movements driven by 

biological activity. period before the tank water was topped up and air stones replaced.  

Following this settling 

Equation 5.5  ⎟⎟
⎠

⎞
⎜⎜
⎝

⎛ −
=

⎟
⎠
⎞

⎜
⎝
⎛ −

tD
x

tC
B4

exp
2

2
1

α  

 
Where   C = concentration 
  α = constant 
  t =  time (= 21 days) 
  x = boundary condition (= depth) 
  DB = diffusion coefficient B

 
With this equation, there must be a boundary condition (x = depth) and an initial condition [C(x) 

at time zero (t0)], in order to specify C(t) at different depths of the domain through which 

diffusion occurs (Millward et al. 2001).   At t0, C = 0 everywhere except at the origin (x = 0), at 

which point C = ∞ and the instantaneous plane source originates.  The constant, α, is related to 
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C at t0 and x0 and represents the strength of the source, for example, the number of molecules 

initially present at x = 0 (Millward et al. 2001).   

 

In the first instance, α was set by calculating the original concentration of copper in the paste 

dosed at the surface (A0), determined by dividing the amount of added copper by an estimate of 

the sediment dry weight in the paste (~10 g sediment [wet. wt.]) in paste, ~50 % water content).  

Db was then determined by allowing the mathematical package Solver (MS Excel) to find the 

best fit (sum of the squared differences) between the observed and modelled concentrations.  

The equation was also recalculated, with Solver determining values for both α and Db that gave 

the best fit.  Background concentrations, taken to be the lowest measured concentration in each 

profile, were added to each modelled profile. 

 

Solver calculated the modelled diffusive fit profiles and the resulting Db values by changing 

particular spreadsheet cells (i.e. Db and α) in order to set the target cell (i.e. the sum of the 

squared differences between observed and model predicted copper concentrations) at the 

minimum value, thus representing the best fit.  It became clear during the program run that more 

than one minimum value, and thus Db and α values, could be calculated, depending on the 

values already in the cells to be changed by Solver.  The correct values were therefore assumed 

to have been attained when the lowest sum of differences was calculated.   

 

With depth, most of the diffusive profiles reached a non-zero constant concentration (assumed 

to be core background levels), and the mixed layer depth (L) was taken to be the shallowest 

depth where the modelled concentration reached this constant (Nickell et al. 2003).  However, 

because of the coarse sampling resolution down core (analysed samples limited to 0-0.5 cm, 1-

1.5 cm, 2.5-3 cm, 5-5.5 cm and 10-11 cm), the mixed layer depth was only an estimate.  
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5.3  Results 

Sediment, Pore Water and Tank Water Copper Concentration 

Sediment and pore water copper concentrations on Day 1 and 21 are presented in Figures 5.1 

and 5.2, respectively.  Although two cores from Day 21 were collected and prepared for 

sediment and pore water analysis, restrictions on ICP-MS availability meant that only one core 

was analysed.  In addition, because of destructive sampling techniques, the cores analysed on 

Days 1 and 21 were different, although from the same tank.   

 

Between each sampling day within a particular treatment tank, the sediment copper 

concentration was similar and generally followed the same trends with depth (Figure 5.1).  Pore 

water copper concentration between Days 1 and 21 was also generally similar and followed the 

same trends with depth (Figure 5.2), except in Tanks 6 and 7, where it was considerably higher 

on Day 1 in the surface layers.  In all treatments, copper concentration in the overlying water 

was much greater on Day 1 than Day 21.   

 

Figure 5.3a-b shows the difference in copper concentrations with depth across the treatment 

tanks on Day 21.  In general, sediment copper concentration (Figure 5.3a) increased with 

increasing dosage, and was considerably greater in Tanks 5, 6 and 7 than the other tanks.  

Concentration decreased with increasing depth, and all tanks displayed similar levels below 5 

cm depth.   The overlying water and pore water copper concentrations generally increased with 

increasing dosage (Figure 5.3b), although there was very little difference among pore waters in 

Tanks 1, 2, 3 and 4.  Despite enhanced surface soluble copper concentrations in Tanks 5, 6 and 

7, pore water concentrations were similar in most tanks below 2.5–3 cm depth.   
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Figure 5.1  Sediment copper concentration (μg g-1) on Day 1 and Day 21 in each of the microcosms. 
                                                         increase scale to sediment concentration given.
Error bars are SD of the mean.
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Figure 5.2  Pore water copper concentration (ng g-1) on Day 1 and Day 21 in each of the microcosms.
                                                     increase scale to overlying water (overwater) concentration given.
Error bars are SD of the mean. 
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Figure 5.3a-b  Sediment (μg g-1) and pore water (μg l-1) copper concentrations on Day 21 in each of the
microcosms.  Error bars are SD of the mean.

b) Pore water copper concentration

a) Sediment copper concentration

 

The tank water levels of copper in each treatment tank throughout the microcosm experiment 

are presented in Figure 5.4.  Before treatment began, levels of copper in all tanks were low. On 
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Day 0, they remained low in the control tanks, but increased with increasing dosage in the 

treatment tanks.  In general, the copper levels in the tanks decreased after Day 0, except for an 

increase in most tanks on Day 21.  
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Figure 5.4  Tank water copper concentration (μg ml-1), before and during the microcosm experiment, 
from each of the seven tanks.  
    

The copper inventories and mean concentrations in 5 cm sediment depth on Days 1 and 21 for 

each treatment tank are presented in Table 5.4a-b.  Based on the measured values in the 

controls, it was apparent that the two lowest dose treatments (Tanks 3 and 4) were not sufficient 

to overcome the copper levels initially present in the microcosms.  For this reason, the mean 

copper value from Tanks 1-4 on Days 1 and 21 ( x ± SE, n = 8) was used as an estimate of 

background levels, and was subtracted from the measured values in the tanks, to show sediment 

copper over and above background microcosm levels.   

 

Table 5.4a-b highlights the problem of natural variability among copper levels in sediments 

collected from the vicinity of a fish farm, despite the close proximity of the core collection 

points.  Between Days 1 and 21 there was considerable variability in the measured copper levels 

in microcosms from the same treatment tank.  With an estimate of microcosm background 

copper levels subtracted, the measured copper levels did not match the intended, nominal dose.  

 

214



Microcosm Experiment   Chapter 5 

In Tanks 5, 6 and 7 (i.e. the microcosms with levels above those used as background), the 

measured copper levels increased with increasing dosage. 

 
Table 5.4a  The nominal copper dose added to the each of the treatment tanks on Day 0, and the 
measured copper inventories (g m-2) to 5 cm depth on Days 1 and 21.  The mean value from Tanks 
1-4 on Days 1 and 21 (2.07 ± 0.09 g m-2) has been subtracted as background (-bgd).   

 
  Nomin

al Day 0 
Measur

ed Day 1 
Measur

ed Day 21 
Measur

ed 
 (-bgd) 

Day1 

Measur
ed 

(-bgd) 
Day 21 

1 
(Control) 

0  1.85  1.48  -0.22 -0.59 

2 
(Carrier 
Control) 

0  1.60  2.12  -0.47 0.4 

3 0.02  1.76  2.94  -0.31 0.87 
4 0.19  3.06  1.77  0.99 -0.30 
5 1.91  2.05  3.02  -0.02 0.94 
6 19.08  9.45  12.44  7.37 10.37 
7 190.80  59.82  43.63  57.74 41.55 

 
 

Table 5.4b  The nominal copper dose added to the each of the treatment tanks on Day 0, and the mean 
measured copper concentration (μg g-1) in 5 cm depth on Days 1 and 21.  The mean value from Tanks 1-4 
on Days 1 and 21 (72.79 ± 0.59 μg g-1) has been subtracted as background (-bgd).   
 

  Nomin
al Day 0 

Measur
ed Day 1 

Measur
ed Day 21 

Measur
ed 

 (-bgd) 
Day1 

Measur
ed 

(-bgd) 
Day 21 

1 
(Control) 

0  
64.13 53.73 -8.66 -19.06 

2 
(Carrier 
Control) 

0  

50.16 76.84 -22.63 4.05 
3 0.3  59.64 106.82 -13.15 34.03 
4 3.0  106.74 64.25 33.95 -8.54 
5 30  68.99 109.39 -3.80 36.61 
6 300  336.88 451.22 264.10 378.43 
7 3000  2139.62 1582.53 2066.83 1509.74 

 

Microcosm Infaunal Samples  

    Identification, Abundance, Biomass and Mean Body Size 

The infauna were identified to family level and one core from each treatment tank was 

identified to species level.  All the organisms were polychaetes, and the only families identified 

were Capitellidae and Spionidae (except for one polychaete, found in Tank 1, belonging to the 

family Dorvilleidae).  The Capitellidae species identified were Capitella capitata and 

Mediomastus fragilis and the Spionidae species were predominantly Malacocerus fluginosus, 

and Polydora spp, although one Prionospio c/f fallax was identified in Tank 2.   

 

215



Microcosm Experiment   Chapter 5 

 

The mean abundance, biomass and body size for both families are given in Table 5.5a-g, and 

mean abundance (individuals m-2) is shown in Figure 5.5.  Results from the statistical analysis 

of the data, which was not straightforward (refer to Methods 5.2.3.1), are presented in Table 

5.5a-c.  The trend in all cores and at all depths was that Capitellidae were usually the more 

abundant, but Spionidae generally gave the greater contribution to the sediment biomass and 

had a larger mean body size.  For both families, abundance, biomass and mean body size were 

significantly different across the tank treatments and with depth, and decreased with increasing 

treatment and depth.   

 
Table 5.5a-g  Mean infaunal data from four cores in each of the treatment tanks.  Abundance: 
individuals m-2; Biomass: g m-2; and Mean Body Size: g individual-1.  SE: Standard error of mean, 
n = 4; Nil: no fauna found; all data rounded to significant figures of raw data. 
 
Table 5.5a  Control, Tank 1 
Treatment Depth Parameter Capitellidae SE Spionidae SE 
0 g m-2 0-3 Abundance  36600 2800 6340 747 
 3-6  6100 2100 2700 1300 
 6-9  660 540 800 400 
 0-3 Biomass 163 27.6 134 47.0 
 3-6  63.7 13.7 95.8 34.1 
 6-9  5.2 5.0 33.3 20.1 
 0-3 Mean Body Size  0.005 0.001 0.022 0.006 
 3-6  0.013 0.004 0.030 0.011 
 6-9  0.003 0.002 0.022 0.013 
 
 
 
 
Table 5.5b  Carrier Control, Tank 2 
Treatment Depth Parameter Capitellidae SE Spionidae SE 
0 g m-2 0-3 Abundance 34300 3450 5000 1900 
 3-6  3500 820 1200 500 
 6-9  851.60 419.62 283.87 283.87 
 0-3 Biomass 64.8 11.9 108 50.7 
 3-6  42 12 32 13 
 6-9  16 8.9 2.4 2.4 
 0-3 Mean Body Size 0.002 0.000 0.020 0.005 
 3-6  0.012 0.002 0.036 0.009 
 6-9  0.013 0.007 0.002 0.002 
 
 
 
 
Table 5.5c  Tank 3 
Treatment Depth Parameter Capitellidae SE Spionidae SE 
0.02 g m-2 0-3 Abundance 30000 7400 6600 83 
 3-6  3800 1100 3000 300 
 6-9  700 200 600 300 
 0-3 Biomass 74.8 28.7 173 39.3 
 3-6  32 11 159 5.42 
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 6-9  6 4 18.7 8.19 
 0-3 Mean Body Size 0.002 0.0003 0.025 0.004 
 3-6  0.008 0.002 0.053 0.004 
 6-9  0.006 0.003 0.030 0.011 
 
 
 
 
 
Table 5.5d Tank 4 
Treatment Depth Parameter Capitellidae SE Spionidae SE 
0.19 g m-2 0-3 Abundance 22000 5900 6000 930 
 3-6  6200 470 4300 640 
 6-9  400 200 2000 400 
 0-3 Biomass 57 13 123 33.0 
 3-6  33 9.0 139 34.4 
 6-9  3 1 69.4 20.6 
 0-3 Mean Body Size 0.003 0.001 0.020 0.003 
 3-6  0.006 0.002 0.032 0.008 
 6-9  0.004 0.002 0.032 0.005 
 
 
 
 
Table 5.5e Tank 5 
Treatment Depth Parameter Capitellidae SE Spionidae SE 
1.91 g m-2 0-3 Abundance 19000 4300 5500 950 
 3-6  2000 600 2300 820 
 6-9  1000 700 1000 1000 
 0-3 Biomass 42 15 141 34.6 
 3-6  16 4.0 74.5 45.3 
 6-9  7 2 21.7 20.5 
 0-3 Mean Body Size 0.002 0.0005 0.026 0.003 
 3-6  0.008 0.002 0.022 0.012 
 6-9  0.013 0.006 0.007 0.005 
 
 
 
 
Table 5.5f  Tank 6 
Treatment Depth Parameter Capitellidae SE Spionidae SE 
19.08 g m-2 0-3 Abundance 200 100 Nil Nil 
 3-6  200 100 Nil Nil 
 6-9  Nil Nil Nil Nil 
 0-3 Biomass 0.4 0.2 Nil Nil 
 3-6  0.3 0.2 Nil Nil 
 6-9  Nil Nil Nil Nil 
 0-3 Mean Body Size 0.001 0.001 Nil Nil 
 3-6  0.001 0.0005 Nil Nil 
 6-9  Nil Nil Nil Nil 
 
 
 
 
Table 5.4g  Tank 7 
Treatment Depth Parameter Capitellidae SE Spionidae SE 
190.8 g m-2 0-3 Abundance 200 100 90 90 
 3-6  300 200 Nil Nil 
 6-9  Nil Nil Nil Nil 
 0-3 Biomass 0.3 0.2 0.9 0.8 
 3-6  0.4 0.3 Nil Nil 
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 6-9  Nil Nil Nil Nil 
 0-3 Mean Body Size 0.001 0.0004 0.005 0.003 
 3-6  0.001 0.0004 Nil Nil 
 6-9  Nil Nil Nil Nil 
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Figure 5.5  Mean abundance (individuals m-2) of Capitellidae and Spionidae of four cores from
each microcosm, collected on Day 21.

Capitellidae, Spionidae.
Error bars are SE of the mean.

 

Table 5.6a-c  Statistical analysis of the infaunal data from four replicate cores to determine 
significant difference with depth in abundance, biomass and mean body size between the two 
families and across the tank treatments.  Families: Cap – Capitellidae; Spi – Spionidae.  Depth: D1 
(0-3 cm); D2 (3-6 cm); D3 (6-9 cm). Significant if p ≤ 0.05. 
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Table 5.6a  Moods Median Test 

Variable Factors and Interactions df χ2 p Significant 
Abundance Cap. vs Spi. @ D1 1 12.09 0.001 Yes 

 Cap. vs Spi. @ D2 1 0.07 0.78 No 
 Cap. vs Spi. @ D3 1 0.29 0.59 No 

Biomass Cap. vs Spi. @ D1 1 2.57 0.11 No 
 Cap. vs Spi. @ D2 1 0.29 0.59 No 
 Cap. vs Spi. @ D3 1 0.29 0.59 No 

Mean Body Size Cap. vs Spi. @ D1 1 20.88 0.000 Yes 
 Cap. vs Spi. @ D2 1 4.57 0.03 Yes 
 Cap. vs Spi. @ D3 1 0.29 0.59 No 

 
Table 5.6b  Regression Analysis 

Variable Factors and 
Interactions 

r2 (r2 adj.) 
(%) 

F p Significant 

Abundance Cap. vs Tank [ ] 
@ D1, D2 & D3 

16.3 (15.3) 15.95 0.000 Yes 

 Spi. vs Tank [ ] @ 
D1, D2 & D3 

15.4 (14.4) 14.93 0.000 Yes 

Biomass Cap. vs Tank [ ] 
@ D1, D2 & D3 

29.3 (28.4) 33.98 0.000 Yes 

 Spi. vs Tank [ ] @ 
D1, D2 & D3 

13.8 (12.7) 13.12 0.001 Yes 

Mean Body Size Cap. vs Tank [ ] 
@ D1, D2 & D3 

13.8 (12.7) 13.10 0.001 Yes 

 Spi. vs Tank [ ] @ 
D1, D2 & D3 

24.1 (23.2) 26.10 0.000 Yes 

 
Table 5.6c  Scheirer-Ray-Hare test 

Variable Factors and Interactions df ANOVA SS SS/MStotal Significant 
Abundance Tank [ ] 6 168934.50 15.11 Yes 

 Family 1 8961.48 0.80 No 
 Depth 2 105748.90 9.46 Yes 
 Family * Depth 2 4539.40 0.41 No 
 Tank [ ] * Depth 12 32172.29 2.88 No 
 Tank [ ] * Family 6 3867.85 0.34 No 

Biomass Tank [ ] 6 176873.35 17.55 Yes 
 Family 1 4280.38 0.43 No 
 Depth 2 69734.85 6.92 Yes 
 Family * Depth 2 20.75 0.002 No 
 Tank [ ] * Depth 12 22650.24 2.25 No 
 Tank [ ] * Family 6 18739.64 1.86 No 

Mean Body Size Tank [ ] 6 159820.00 18.85 Yes 
 Family 1 21082.88 2.49 No 
 Depth 2 16983.56 2.00 No 
 Family * Depth 2 6300.93 0.74 No 
 Tank [ ] * Depth 12 11772.75 1.38 No 
 Tank [ ] * Family 6 29868.62 3.52 No 

 
Toxicity Calculations  

Control Treatments 

Because a mud paste carrier was used to spike the microcosms, carrier controls were necessary 

to determine whether the carrier itself had a significant effect on mortality.  As there was no 
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significant difference in abundance between the controls and the carrier controls (Table 5.7), 

both could be used together in the toxicity calculations (McPherson & Chapman 2000).   

Table 5.7  Statistical tests to determine any significant difference in abundance between the four 
control cores and the four carrier control cores.  No statistically significant difference was shown. 
 

Test Package Family Statistical Values Significant 
ANOVA MS Excel Capitellidae p = 0.42 No 

  Spionidae p = 0.26 No 
Kruskal-Wallis Minitab 13 Capitellidae p = 0.19, H = 1.73 No 

  Spionidae p = 0.25, H = 1.33 No 
Two-tailed t-test ToxCalc Capitellidae p = 0.41 No 

  Spionidae p = 0.31 No 
 
 
LSD and ToxCalc™ Measures 

Both the LSD test (and the subsequent geometric mean calculation) and the tests performed by 

ToxCalc™ yielded the same results for the NOEC, LOEC and MATC (ChV), and these, 

together with the calculated 21-day LC50 (by ToxCalc™), are presented in Table 5.8.  This table 

also shows the tests’ results with an estimated background level (mean of Tanks 1-4 on Days 1 

and 21: n = 8, 2.07 g m-2, 72.79 μg g-1) added to the nominal dose values.  These results suggest 

that Capitellidae were affected at a lower copper dosage than Spionidae.  

 
Table 5.8  The NOEC, LOEC, MATC (ChV), and the 21-day LC50 for Capitellidae and Spionidae in 
response to increasing doses of copper, based on nominal doses.  These are also presented with an 
estimated background microcosm copper level added on (2.07 g m-2, 72.79 μg g-1).  Values were 
calculated by two methods (§ 5.2.4.2 and 5.2.4.3) with data produced from a microcosm experiment 
over a 21 day period.  For threshold definitions, refer to Table 5.1. 
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Family Tank Nominal 

Dose 
Nominal 

Dose (+ bgd) 
NOEC 
Capitellidae 4 0.19 g 

m-2

3 μg g-1

2.26 g 
m-2

75.8 μg 
g-1

Spionidae 5 1.91 g 
m-2

30 μg g-1

3.98 g 
m-2

103 μg 
g-1

LOEC 
Capitellidae 5 1.91 g 

m-2

30 μg g-1

3.98 g 
m-2

103 μg 
g-1

Spionidae 6 19.1 g 
m-2

300 μg 
g-1

21.2 g 
m-2

373 μg 
g-1

MATC (ChV) 
Capitellidae 0.60 g 

m-2

9.5 μg g-

1

3.02 g 
m-2

88.4 μg 
g-1

Spionidae 

 

6.0 g m-2

94.9 μg 
g-1

9.19 g 
m-2

196 μg 
g-1

21-day LC50
Capitellidae 0.78 g 

m-2

12.2 μg 
g-1

2.85 g 
m-2

85.0 μg 
g-1

Spionidae 

 

5.06 g 
m-2

62.7 μg 
g-1

7.13 g 
m-2

136 μg 
g-1

 

   Copper Bioaccumulation 

Figure 5.6a-b shows the copper concentration in Capitellidae and Spionidae at each depth, and 

the total copper concentration from all depths.  An exceptionally high copper concentration for 

Capitellidae at 6-9 cm depth (1645 μg g-1) in Tank 1, two orders of magnitude greater than all 

the other control core values, was presumed to be an erroneous result and has not been included.   

 

There was a significant difference in tissue copper concentration with depth for both 

Capitellidae (p = 0.000, W = 260) and Spionidae (p = 0.000, df = 26, T = 6.9), with higher 

levels usually seen nearer the surface, but there was no significant difference in concentration 

between the two families at any depth (0-3 cm: p = 0.37, df = 8, T = 0.95; 3-6 cm: p = 0.40, W = 
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23; 6-9 cm: p = 0.68, df = 5, T = 0.43).  There was a significant linear relationship between 

tissue concentrations and tank treatment for both Capitellidae (p = 0.006, r = 0.71) and 

Spionidae (p = 0.03, r = 0.57), and regression analysis showed that there was a significant 

increase in tissue concentrations with increasing tank treatment for both families (Capitellidae: p 

= 0.006, r2 = 50.8 %; Spionidae: p = 0.03, r2 = 32.5 %). 
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Figure 5.6a-b   The body tissue copper concentration (μg g-1) in Capitellidae and Spionidae 
across the microcosms at 0-3, 3-6 and 6-9 cm depth and the total body tissue copper concentration 
(μg g-1) in each core at all depths. Capitellidae, Spionidae.
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Biodiffusion Coefficients and Mixing Depth 

The diffusion equation generated copper concentrations at specific core depths, using the initial 

copper concentration at the surface (α, calculated as [A0], or Solver derived) and the 

biodiffusion coefficient (Db), based on the observed copper concentrations down core on Day 

21.  Table 5.9 gives the copper biodiffusion coefficient (Db) and the mixed layer depth (L) for 

sediment from each tank, derived from A0.  Tanks 1 and 2 were not included as A0 was zero (no 

copper paste added), and Tank 3 was not considered as it displayed a non-diffusive profile, with 

a sub-surface peak. 

 
Table 5.9  The biodiffusion coefficient (Db) and mixed layer depth (L), derived from the calculated 
concentration of copper in the mud paste (A0).  

 
Tr

eatment 
Tank 

C
u added to 

paste 

Sedi
ment in paste 

(g dwt) 

Cal
culated A0 

(μg g-1) 

Db 
(cm

2 day-1) 
 (cm) 

4 500 μg 5 100 0.8
47 /A 

5 5 mg 5 100
0 

0.0
55 

6 50 mg 5 100
00 

0.0
10 

7 0.5 g 5 100
000 

0.0
01 

 
 

There was a good fit between the modelled and observed profiles, except in Tank 4.  As A0 

increased, Db and L decreased, although L could not be determined in Tank 4 because the 

profile never reached a constant concentration with depth.   

 

Table 5.10 presents the biodiffusion coefficient (Db) and mixed layer depth (L) for each 

treatment tank, based on the Solver derived α and Db.  The observed sediment and pore water 

profiles, together with the diffusion equation generated profiles, are presented in Figures 5.7 and 

5.8. 

 

Table 5.10  The biodiffusion coefficient (Db) and mixed layer depth (L), calculated with both the 
constant (α) and Db derived by Solver, based on the best fit between observed sediment and pore 
water profiles and diffusion equation generated profiles. NDM: non-diffusive mixing. 
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Phase Treatment 
Tank 

α 
(μg g-1) 

Db 
(cm2 

day-1) 

L 
(cm) 

Sediment 1 325.6 0.103 7 
 2 NDM NDM NDM 
 3 NDM NDM NDM 
 4 557.6 0.050 6 
 5 1333.3 0.034 4 
 6 13429.8 0.007 3 
 7 54003.2 0.007 3 

Pore 
Water 

1 NDM NDM NDM 

 2 NDM NDM NDM 
 3 NDM NDM NDM 
 4 NDM NDM NDM 
 5 43.2 0.101 6 
 6 523.8 0.016 5 
 7 2208.0 0.005 3 

 
For sediment profiles, the values for Db and L decreased with increasing α values and tank 

treatment, except in Tanks 6 and 7, where they were the same (Table 5.10).  The sediment 

profiles from Tanks 1, 4 and, to a lesser extent, 5, were much shallower than those from Tanks 6 

and 7 (i.e. Tanks 6 and 7 Db << Tanks 1, 4 and 5).  Tanks 2 and 3 displayed sub-surface peaks 

and thus non-diffusive mixing behaviour, and are not presented. 

 

For pore water profiles, α increased with increasing tank treatment while Db and L decreased.  

The profiles in Tanks 6 and 7 were much steeper than in Tank 5 (i.e. Tanks 6 and 7 Db << Tank 

5).  Tanks 1, 2, 3 and 4 all displayed non-diffusive profiles, with sub-surface maxima and 

increasing concentration with increasing depth.       

 

When diffusive type mixing occurred in both sediment and pore water copper profiles from the 

same treatment tank (i.e. Tanks 5, 6 and 7), the pore water Db and L values were higher than 

sediment values in Tanks 5 and 6, but in Tank 7, pore water Db was lower and L was the same.   
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Figure 5.7  Sediment copper concentration (μg g-1) across the tank treatments, with observed
and diffusion equation predicted profiles shown.  Non-diffusive type profiles are not presented.
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Figure 5.8  Pore water copper concentration (μg l-1) across the tank treatments, with observed
and diffusion equation predicted profiles shown.  Non-diffusive type profiles are not presented.
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5.4  Discussion 

Because copper contamination presents physiological challenges to marine organisms, it is 

particularly important to understand the effects, influence, and interactions of copper released 

from fish farms, and the carrying capacity of the sediment environment for this waste.  Since the 

copper levels observed in the farm sediments in the present study were above those deemed 

acceptable by SEPA (Chapter 3 and 4), the aim of the microcosm experiment was to replicate 

ecologically appropriate fish farm conditions in a laboratory setting by using field collected 

sediments and the local benthos, and to investigate the impact of increasing doses of copper on 

the benthic invertebrates in order to determine the level at which their tolerance threshold was 

exceeded and the degree of copper bioaccumulation.  In addition, the importance of the biota for 

copper transport through farm sediment was investigated. 

Sediment, Pore Water and Tank Water Copper 

To understand the impact of the increasing copper doses, it was important to determine how 

copper conditions changed over the course of the experiment in the sediment, pore water, 

overlying water and tank water. 

 

In general, the sediment and pore water concentrations and trends were similar throughout the 

experiment in each tank (Figures 5.1-5.3), but different total sediment copper levels were 

observed in the different cores sampled on Days 1 and 21, although the same dose was added to 

each microcosm within a particular tank (Table 5.4a-b).  In Tanks 3, 5 and 6, sediment levels 

were higher on Day 21 than Day 1, despite no more copper being added after Day 0, but the 

overlying water concentration, which was high on Day 1, decreased dramatically by Day 21, 

thereby suggesting that the copper in the overlying water deposited to the sediment surface and 

was incorporated into the solid phase over the course of the experiment.  Furthermore, the 

similarity on both days between most pore water concentrations in these tanks and the controls 

signified that the sediment sorbed much of the added copper (ANZEEC 2000). 

 

In Tanks 4 and 7, the sediment copper level was higher on Day 1 than Day 21.  The difference 

in Tank 4 may have been a result of the variability in copper levels among the cores collected 
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for the microcosm experiment (discussed below).  In Tank 7, the very high levels of copper in 

the pore water and overlying water on Day 1 suggest that the liganding capacity of the paste 

particles was saturated, thereby releasing copper to the soluble phase (Willis 1998).  The 

microcosm binding sites would also have been saturated by the high dose of copper and 

therefore unavailable to bind any copper released by organic matter degradation.  This would 

have decreased solid phase copper levels over the course of the experiment.  Furthermore, as 

copper toxicity caused mortality, bioturbation would decrease and the sediments would become 

increasingly anoxic.  The consequent solubilisation of copper from manganese and iron 

oxyhydroxide binding sites in these reducing conditions, together with the microbial 

degradation of dead infaunal organisms, could have released bound metals and further 

decreased the levels of solid phase copper by Day 21. 

 

There was a general increase in sediment and pore water copper with increasing dosage (Figure 

5.3a-b), but very little difference among Tanks 1, 2, 3 and 4, which may be explained by the 

variability in background microcosm copper levels (discussed below).  Regardless of the copper 

dosage and copper levels in the surface sediments, all microcosms across the treatment range 

had similar pore water copper concentrations below 5 cm depth.  The same was also true below 

5 cm for sediment copper.  These similarities may help to validate the SEPA estimate of a 5 cm 

mixing depth for surface deposited particles.   

 

The fact that copper concentrations in the overlying water were higher on Day 1 than on Day 21 

and that concentration increased with increasing dosage suggested that the copper dose did not 

remain associated with solid phase particles, but rather was released to the overlying water after 

paste addition, as a result of the saturation of sediment binding sites.  Organic matter 

degradation could have released copper to the overlying water on Day 1, but as the experiment 

continued and no additional organic matter was added, sediment conditions potentially became 

increasingly aerobic, particularly in Tanks 1, 2, 3 and 4, and any copper released could have 

remained bound in the sediments, for example, with manganese and iron oxides.  The black and 

sulphur-smelling sediments in Tanks 6 and 7 indicated anoxic conditions, to which the benthos 
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could have adapted by increasing bioirrigation and thus solute exchange (Noji & Noji 1991).  

As a result of this increased flushing and the flux of oxygen into the sediment, sulphide-bound 

copper may have been released from the sediment into the soluble phase, and may have diffused 

into the pore water and overlying water, thereby increasing the soluble copper concentration. 

 

Since the tank water copper concentration on Day 0 increased from pre-treatment levels, and 

continued to increase with increasing treatment, it is likely that some copper was lost from the 

paste and released.  However, after Day 0, tank water copper levels generally decreased, as 

copper most likely settled back out of the tank water.  This could explain the increase in solid 

phase copper from Day 1 to Day 21 in Tanks 3, 5 and 6.  The fact that tank water copper levels 

decreased in Tank 7, but no increase in sediment levels was observed, suggests that the copper 

that settled out of the tank water was not re-deposited to the microcosm sediment.  The 

precipitation of copper sulphate from the water column has been observed with high dose 

treatments (≥ 3000 μg ml-1) in other research (Holte 1998), and blue water and blue particles on 

the holding crates and tank walls were clearly seen in the high treatment tank (Tank 7).  The 

increase in tank water copper concentration in most tanks on Day 21 suggests some input of 

copper to the tank water, perhaps through the incoming aquarium water.  However, since 

analysis of the incoming water was not taken at source, this cannot be confirmed. 

  

Based on the copper levels in the sediment, pore water, over lying water and tank water on Days 

1 and 21, it was apparent that the nominal dose was not always successfully reached in the 

treatment tanks.  Evidence of copper loss from the paste suggests that perhaps the settling period 

was inadequate or that there were insufficient binding sites available in the mud paste to adsorb 

the added copper.   

 

A major limitation in achieving the nominal dose was the variability observed in the copper 

levels in the microcosm cores (despite their being collected at the same time from within < 1 m2 

area) as a result of spatial patchiness of copper in fish farm sediment.  The variability in the 

control cores meant that the lower dose treatments in Tanks 3 and 4 were insufficient to be 
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observed over the background levels.  The measured copper levels down to 5 cm (Table 5.4) 

within the control cores varied by 0.64 g m-2 (or 26.7 μg g-1), and this variability is even greater 

when two further cores, collected at the same time as the microcosm cores, are considered (§ 

3.1.3.2).  These additional cores from the field investigations had higher copper levels, but they 

were processed in the field and not included in the microcosm experiment.  Sediment copper 

may have been lost from the solid phase in the microcosm cores as a result of, for example, the 

artificially aerated experiment conditions, and subsequent potential for increased aerobic 

organic matter degradation and oxygenation of sulphide bound copper.     

Infaunal Community 

Infaunal Abundance, Biomass and Mean Body Size 

The microcosm experiment was used to indicate the copper dose level that had an observable 

impact on benthic abundance.  The natural high variability within the environment was 

represented through the use of “real” sediments and species (Fauchald & Jumars 1979), but this 

variability also had the disadvantage of making analysis and interpretation of the toxicity test 

results more difficult, since the natural variability found in complex communities may reduce 

the ability to distinguish toxicant-related changes from those occurring naturally (Tsutsmi 

1990).  Microcosms using naturally derived communities tend to have quite variable test results, 

but if the number of organisms is large enough the range in sensitivities is randomised and thus 

repeatable (Cairns and Cherry, 1998; cited in Willis, 1998).  Although diversity in the present 

study was low (i.e. only two families), the fact that abundance was high and there were four 

replicates in each treatment tank should have helped overcome variability between the two 

species’ sensitivity.  Furthermore, three additional cores (collected at the same time as the 

microcosm cores but not involved in the experiment) were analysed, and they showed no 

significant difference between Capitellidae and Spionidae in abundance, biomass or mean body 

size (§ 3.1.3.2). 

 

The pooling of species into higher taxonomic groups in toxicity testing does not necessarily 

obscure the pollutant signal, although individual species within the larger group can be affected 

differently (Lewis and Cave, 1982; Warwick, 1988; cited in Johnston and Keough, 2000; Roach 
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et el., 2001; Rainbow 2002).  The species identified within both families in the present study 

were all small, opportunistic, pioneering polychaetes (Fauchald & Jumars 1979, Noji & Noji 

1991) but differences among individual species may have affected the tolerance of the family as 

a whole.  Capitellidae and Spionidae will be discussed as distinct family groups with their own 

particular characteristics, although it is important to recognise that the characteristic being 

discussed may not apply to all the species within the family. 

 

Abundance and biomass were significantly greater at the surface than at depth for both 

Capitellidae and Spionidae.  This is not surprising since these polychaetes are generally surface 

and subsurface deposit, detritus or suspension feeders (Word 1980, Noji & Noji 1991, Holte 

1998).  Even the tube dwelling and burrowing individuals amongst the two families maintain 

contact with the surface, because, although these opportunistic, often “r” strategist, species are 

adapted to anaerobic sediments and able to withstand brief anoxia, they do require oxygen for 

respiration, which they obtain by orienting themselves at the sediment water interface and 

irrigating their burrows with oxic overlying water (Brown et al. 1987, Tsutumi 1987, Pearson & 

Pearson 1991, Tsutsmi et al. 1991).   

 

In the surface sediment, Capitellidae were significantly more abundant than Spionidae but 

Spionidae had a significantly greater mean body size.  The greater abundance of Capitellidae is 

commonly observed at organically enriched sites (Qian & Chia 1994, Hayward & Ryland 1995, 

Johnston & Keough 2003),  and morphological measurements for the two families tend to show 

that Spionidae are larger (Grémare et al. 1988).  The measures of mean body size were 

determined by dividing biomass with abundance, although this method of calculation can lead to 

dubious results, if, for example, there was a large number of small individuals or very few, 

extra-large individuals.  However, field notes also support the differences in mean body size, 

with Spionidae being considerably larger (length: ≥ 3 cm; width: ≥ 2 mm) than Capitellidae 

(length:  ≤ 1 cm; width: ≤ 1 mm).   
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In addition to the known morphological differences, there may be some physiological difference 

between the two families that enabled Spionidae to maintain or increase growth in the 

microcosm conditions better than Capitellidae.  Community structure can change in response to 

toxic disturbance and the removal of competitors can free up resources for the remaining species 

(Qian & Chia 1994).  If Capitellidae abundance was reduced due to toxicity, the Spionidae may 

have increased in size due to the reduced competition for the available resources.  

 

The polychaetes may also have suffered some sub-lethal, physiological effect from the 

increasing copper doses that induced them to lessen bioturbation activity.  This reduction in 

activity would limit sediment mixing and aeration, thereby decreasing sediment oxygen levels 

and the growth rate of Capitellidae (Hansen et al. 1999).  Despite oxygenating the microcosms 

with aquarium air stones, this was not sufficient to maintain aerobic conditions in some of the 

microcosms.  By Day 21 in Tanks 6 and 7, almost all the biota was dead, and the sediments 

were black just below the surface with a strong smell of sulphur, indicating anoxic conditions, 

which may have been exacerbated by the increased demand for oxygen needed for 

decomposition of the worms already dead owing to copper toxicity.  Although no literature was 

found on the effects of reduced oxygen on Spionidae growth rate, both families may have been 

similarly affected, in which case reduced oxygen would not offer a satisfactory explanation for 

the smaller size of Capitellidae.   

 

Another explanation for the difference in size between the two families could be that there were 

no adult Capitellidae present, so that only young individuals were recorded at the end of the trial 

period.  If this were the case, the Capitellidae would have had to reproduce before dying, and 

would have needed a sufficiently quick generation time and growth rate for juveniles to be 

documented after 21 days.  In Maryland, U.S.A., the generation time for Capitella sp. was found 

to be 6 days at 20°C (Selck et al. 1998, Hansen et al. 1999), but benthic conditions were much 

warmer than in the present study.  Growth rates of Capitella sp. in North America suggest that a 

body length of ~8-18 mm can be reached in 21 days (Selck et al. 1998) and many Capitellidae 

in the present study were at the lower end of this size range.  During a microcosm experiment 
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using Capitella sp. cultured in sediment from Isefjorden (Denmark), several juvenile worms 

were observed at the end of the 22-day experiment, despite the fact that no females with eggs 

were initially included in the microcosms (Coull & Chandler 1992).  This suggests that the 

worms must have reproduced during the course of the experiment (Olsgard 1999).  However, 

comparison with Scottish populations of Capitellidae is difficult because of differences in 

species, water and sediment temperatures, and food type and availability, and the author has 

found no published data for comparison purposes. 

 

Capitellidae are able to use their own tissue as an energy source and can survive substantial 

reductions in body weight (Rygg 1985).  For example, during a toxicity study, Capitellidae 

exposed to cadmium underwent significant shrinkage when food was limited as they used their 

own tissues to maintain the metabolic processes needed to deal with metal stress (Rygg 1985). 

The small size of Capitellidae in the present study could be in response to a similar stress, but, 

again, no literature was found to indicate the response of Spionidae to such conditions. 

Infaunal Toxicity  

A significant result of the toxicity test was that increasing doses of copper led to a 

corresponding decrease in survival of the sediment benthos.  This decrease is not surprising, 

since toxicity tests in general show that the greater the metal concentration, the greater the 

toxicity, and the greater the increase in mortality (acute tests) or decrease in reproductive output 

and ability (chronic tests) (McPherson & Chapman 2000).  In an experimental field study of the 

effects of copper contamination on marine sub-tidal sediment organisms, a significant negative 

correlation between sediment copper content and the abundance of C. capitata showed that as 

sediment concentration increased, survival of the polychaetes decreased (Flach et al. 1998).  In 

another study of the relationship between species diversity and sediment copper concentration, 

there was a significant negative correlation, since high copper levels were toxic to a number of 

species, thereby lowering diversity (Fauchald & Jumars 1979). 

 

The toxicity thresholds (Table 5.8) indicated that Spionidae withstood a higher copper 

concentration before an observable effect took place, could tolerate a higher MATC 
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(presumably safe) level, and were treated with a higher dose of copper before 50 % of the 

population had been eliminated.  These results all suggest that Capitellidae are more sensitive 

than Spionidae to increasing copper doses.  The difference between the two families is possibly 

explained by biotic variations in such features as species, location, orientation, feeding strategy, 

size, growth rate, age, tolerance and detoxification capability. 

 

A study investigating tolerance to copper pollution of different species among phyla found that 

the most tolerant was Annelida, with less tolerant phyla including Echinodermata, Mollusca and 

Crustacea (Tsutsmi 1990).  A given metal concentration can be acceptable to one organism and 

yet toxic to another (Coull & Chandler, 1992), and within the phylum Annelida, Capitellidae 

were found to be more sensitive than Spionidae to copper contamination.  Even within the same 

family, sensitivity may differ.  For example, sediment toxicity testing of polychaete worms, 

using the SSB approach, found that two different species, but both Spionidae polychaetes, had 

different sensitivities to copper contamination (Word 1980).  

 

Capitellidae may also come into more contact with copper because of their position and 

orientation in sediments.  There was a greater abundance of Capitellidae than of Spionidae in 

the surface 0-3 cm, and more at the surface than at depth (Figure 5.5).  The highest sediment 

and pore water copper concentrations were found in the surface sediment (Figures 5.1-5.3), and 

the relatively higher abundance of Capitellidae in the surface may have led to increased contact 

with higher copper levels.   

 

Capitellidae are not usually found deep in the sediment (Fauchald & Jumars 1979), and 

although they are tube builders, they are also generally motile, deposit feeders that don’t stay 

permanently in their fixed burrows but frequently live freely in the sediment outside their tubes 

(Grassle & Grassle 1976, Fauchald & Jumars 1979, Rygg 1985).  Many Spionidae, on the other 

hand, inhabit tubes that can be quite deep.  Furthermore, if conditions are unfavourable, 

Spionidae can leave their tubes and build new ones as necessary (Pearson & Pearson 1991).  

The fact that Spionidae are tube-dwelling and able to relocate may provide them with some 
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protection from copper contamination not offered to the generally free-living Capitellidae in 

direct contact with sediment and interstitial copper. 

 

Although the identified species in the two families were all surface or subsurface detrital and 

deposit feeders, the difference in sensitivity to copper toxicity between Capitellidae and 

Spionidae may have been a result of their different feeding habits.  Even organisms with the 

same feeding strategy can have different tolerances to sediment metals.  For example, although 

copper tolerant carnivorous species were less affected by high copper concentrations, some of 

the most common species found at heavily polluted stations were deposit feeders (Heilskov & 

Holmer 2001).  These findings suggest physiological differences in copper tolerance among 

deposit feeding species.   

 

Many Capitellidae are general detritivores that live and feed predominantly just below the 

sediment-water interface, whereas Spionidae are often vertically oriented, head down deposit 

feeders (Noji & Noji 1991, Flach et al. 1998, Johnston & Keough 2000, McPherson & Chapman 

2000).  If the majority of particles ingested by Spionidae were from deeper in the sediment, they 

may have had a lower dose of copper and thus suffered a lower degree of copper toxicity.  On 

the other hand, some Spionidae can select between deposit and suspension feeding, depending 

on conditions (Reish et al. 1976, Bat & Raffaelli 1998).  If Spionidae in the microcosm 

experiment were predominantly suspension feeding, and captured particles from the overlying 

water in the tanks where the majority of copper was bound in the sediment, they may have 

suffered less exposure to the copper.  Certainly in the lower dose treatments, Spionidae 

abundance appeared less affected by the copper dosage (Figure 5.5). However, in Tank 6 there 

were no Spionidae and in Tank 7 only one survived.  The high dose treatment in these tanks, 

with peak copper levels in the sediment and in the pore water and overlying water, meant that 

regardless of feeding strategy, the Spionidae were exposed to higher levels of copper.   

The fact that the mean body size of Capitellidae was less than Spionidae in 0-6 cm depth may 

indicate a difference in developmental stage between the two families, affecting their tolerance 

to copper.  Throughout the different stages of their life history, organisms can display variable 
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sensitivity (Costa et al. 1998, Vecchi et al. 1999), and if the smaller Capitellidae were in fact 

juveniles, they may have been more susceptible to copper toxic effects than the larger, possibly 

adult, Spionidae.  Considerably higher copper sensitivities were found for larval stages than for 

adults of marine crustaceans, fish and bivalves, although annelids had similar sensitivity at all 

life stages (Mance [1987], cited in McPherson and Chapman [2000]).  Many studies do suggest 

that early embryo, larval and juvenile phases are the most sensitive to copper toxicity.  For 

example, in copper toxicity experiments using the adult and juvenile marine polychaete 

Neanthes arenaceodentata, the 28-day LC50 for adults was 250 μg l-1 but for juveniles only 140 

μg l-1, although, during the shorter 96-hr test, adult and juvenile N. arenaceodentata had similar 

values of 300 μg l-1 (Miller 1998).  In SSB tests the adult amphipod Corophium volutator had a 

10-day LC50 of 36.85 μg g-1 (Miller 2000), the juvenile amphipod Gammarus locusta only 6.8 

μg g-1 (Ingersoll 1995).  These studies suggest that the juvenile organism is more sensitive to 

copper contamination than the adult, although this too may vary, depending on the reproductive 

status of the adult.  The early life stages of Tubifex tubifex were found to be less sensitive to 

copper toxicity than the reproducing adult (Miller 1998).   

Derivation of SEPA guidelines 

As a result of concerns about increased levels of copper in sediments around salmon farms, 

SEPA has established sediment quality criteria to protect benthic invertebrates (Miller 1998, 

2000).  The purpose of the environmental quality standards is to predict the biological effects on 

benthic organisms of different concentration levels of various contaminants (Miller 2000).  By 

evaluating various techniques used to develop the guidelines and quality criteria of several 

regulatory bodies, SEPA was able to assess the advantages and disadvantages of each approach 

and determine which set of standards was most useful in creating its own sediment quality 

guidelines (Barrick et al. 1988, Barrick et al. 1989).   

 

The extensive review in the SEPA report (Barrick et al. 1988, Canada 2000) concluded that the 

most relevant standards were the Apparent Effects Threshold (AET) values (Geisy & Hoke 

1990, CCME 1995, Canada 2000); the Ontario Ministry of the Environment (OME) values 

(Long & Morgan 1990, Long 1992) and the Probable Effects Level (PEL) value (Long et al. 
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1995) ; and the Effects Range-Low (ER-L) and Effects Range-Median (ER-M) values (Barrick 

et al. 1988, Barrick et al. 1989, Ginn & Pastorok 1992, Ingersoll 1995).  Although each 

approach can make site-specific decisions and has its own advantages, no single approach 

adequately addresses overall sediment quality.  Several different methods need to be integrated, 

incorporating data from chemical analyses, benthic community assessments and laboratory 

exposure toxicity tests, in order to provide convincing evidence of the degree of pollution-

induced environmental degradation (Ginn & Pastorok 1992) 

 

The AET approach was developed as part of a management plan to reduce and ultimately 

eliminate adverse environmental effects caused by contaminated sediments in Puget Sound 

(Barrick et al. 1988, Barrick et al. 1989, Geisy & Hoke 1990).  The standards are a biological 

effects-based approach that matches sediment chemical concentrations with measures of 

biological effects on field collected data.  The AET is the lowest sediment concentration of a 

chemical above which statistically significant (p < 0.05) biological effects are always observed 

(CCME 1995, Canada 2000).   

 

The OME guidelines were based on the results of several approaches, in an attempt to determine 

the overt toxicity of a particular contaminant to benthic invertebrates (Pavlou & Weston 1984, 

Neff et al. 1986).  The guidelines incorporate three degrees of severity in relation to adverse 

effects on the benthos: the no effect level; the lowest effect level; and a limit of tolerance level.  

The PEL was determined by combining the National Status and Trends Program (which uses 

field data to demonstrate associations between chemicals and biological effects) and SSB tests, 

in order to establish cause-effect relationships (Neff et al. 1987). 

 

The ER-L and ER-M standards were produced by evaluating over 200 data sets on toxic effects, 

derived from laboratory, field and modelling studies.  They incorporate results based on the 

AET approach, the Sediment-Water Equilibrium Partitioning (EP) approach (Long et al. 1995), 

the Screening Level Concentration (SLC) approach (Long & Morgan 1990, Long 1992, Long et 

al. 1995) and the Spiked Sediment Bioassay (SSB) approach  (Neff et al. 1986, Neff et al. 1987, 
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Long 1992).  The AET, EP and SSB approaches have been discussed previously.  The SLC 

approach is similar to the AET approach, in that it matches benthic community distribution data 

with sediment chemical analyses of field collected samples, and estimates the highest 

concentration that coincides with approximately 95 % of the benthic infauna (Long & Morgan 

1990, Long 1992, Long et al. 1995).   

 

The data sets were sorted in ascending order of chemical concentrations, consensus ranges in 

values associated with adverse effects were determined, and the lower 10th and 50th percentile 

(median) were identified to represent the ER-L and ER-M standards (Long & Morgan 1990, 

Long 1992, Long et al. 1995).  Values below the ER-L are considered to be in the minimal 

effects range, where adverse effects are rarely observed; values equal to or greater than the ER-

L, but lower than the ER-M, are in the possible effects range, where adverse effects occasionally 

occur; and values equal to or greater than the ER-M are in the probable effects range, where 

adverse effects frequently or always occur (Miller 1998, 2000, SEPA 2000c, a). 

 

Based on an extensive review of various guidelines, SEPA proposed its own sediment 

environment quality criteria.  These values are now used as benchmarks, setting the acceptable 

concentrations of copper in sediments within the AZE around Scottish fish farms, and serving as 

indicators that regulatory action may need to be taken by SEPA if they are exceeded (Geisy & 

Hoke 1990, Long 1992, CCME 1995, Canada 2000).   

 

In order to compare the toxicity values in the present study with the trigger values set by 

regulatory bodies, the methodologies used must be similar.  The method used here matched 

benthic faunal data (i.e. abundance) with sediment chemical (copper) dose concentrations, and 

set dose levels where significant (p < 0.05) changes in faunal conditions occurred.  The above 

review of the international standards considered most relevant by SEPA shows that, for the most 

part, the methods are indeed comparable.   Furthermore, the chronic end points (NOEC, LOEC, 

MATC [ChV] and LC50) from the present study have comparable thresholds within the 

international standards (Table 5.11).   
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Table 5.11  Sediment quality guidelines and copper toxicity thresholds, determined by the present 
study, and the SEPA, OME, PEL and ER-L, ER-M approach (Bryan & Hummerstone 1971, Dixon 
& Sprague 1981, Bryan & Gibbs 1983, Klerks & Weiss 1987, Long & Morgan 1990, Long et al. 
1995, Miller 1998, 2000).  For threshold definitions, refer to Table 5.1 and text.  The values from the 
present study are for Capitellidae (first value) and Spionidae (second value), based on the nominal 
dose level, with estimated background concentrations included. 
 

Present 
Study 

[Cu] 
(μg g-1) 

SEPA [Cu] 
(μg g-1) 

OME, 
CCME 

[Cu] 
(μg g-1) 

ER-L, 
ER-M 

[Cu] 
(μg g-1) 

NOEC 76 - 103 Background 16 No effect 15   
LOEC 103 - 373 Possibly 

Adverse 
35 Lowest 

Effects 
25 ER-L 70 

MATC 
(ChV) 

88 - 196 Potentially 
Problematic 

108 Limit of 
Tolerance 

114 ER-M 270 

LC50 85 - 136 Probably 
Adverse 

270 Probable 
Effects 

108   

 

The table demonstrates that the NOEC and LOEC copper concentrations in the present study 

were considerably higher than the background, no effects, lowest effects and possibly adverse 

levels of other sediment guidelines.  Although the NOEC for Capitellidae was in the possible 

effects range (ER-L) in which adverse effects occasionally occur, the LOEC for Capitellidae 

and NOEC for Spionidae were nearly as high as the concentrations considered to be potentially 

problematic, and close to the limit of tolerance and the probable effects levels.  This would 

suggest that the lower end values in the guidelines are somewhat conservative and that farm 

benthic invertebrates can probably tolerate higher copper concentrations than the guidelines 

suggest.  The LOEC value for Spionidae in the present study was greater than the levels set by 

the guidelines at which adverse effects probably, occasionally or always occur, although the 

MATC (ChV) and LC50 values agreed with the guideline criteria for probably occurring and 

potentially problematic effects and the limit of tolerance.  This suggests that the guidelines at 

the higher end of the copper concentration limits are more realistic.   

 

The polychaetes in the fish farm sediments collected for the microcosm experiment may have 

developed a tolerance to the high levels of certain metals present, with the result that they were 

able to withstand higher copper levels than most guidelines suggest.  A study of natural 

populations in highly polluted areas found that many phyla, including bacteria, algae, annelids, 

molluscs and crustaceans, had developed increased resistance, although it was unclear whether 

this was a genetic adaptation or the result of physiological acclimatization through exposure 

 

240



Microcosm Experiment   Chapter 5 

(Bat & Raffaelli 1998).  Another study found that Nereis diversicolor from copper contaminated 

sediments had developed resistance to toxic copper effects by having a lower permeability to 

copper than those from non-polluted sediments, most likely as a result of genetic adaptation 

(Coull & Chandler 1992, McPherson & Chapman 2000).  In another study, organisms exposed 

to sub-lethal concentrations of copper developed resistance to toxicity at higher concentrations 

(Millward et al. 2001). 

 

The MATC (ChV) and LC50 values were similar to each other, although they should have 

represented quite different conditions, as one is a presumably safe concentration (MATC 

[ChV]) and the other lethal (LC50).  The similarity is probably a result of the limitations imposed 

on MATC (ChV) calculations, since the value obtained was based on the geometric mean of the 

LOEC and NOEC values, themselves restricted by the initial experimental dose range.  

Furthermore, the LC50 for Capitellidae is a mortality-concentration probit regression 

relationship, and since abundance massively declined in Tanks 6 and 7, this would in effect 

lower the concentration at 50 %, owing to the steeper slope of the regression curve.  The 

similarity in the two values stresses again that the microcosm should be treated as a range 

finding experiment.   

 

Sediment toxicity testing, using the SSB approach with copper spiked sediment, found that the 

amphipod Corophium volutator had a 10-day LC50 of 36.85 μg g-1 and the polychaete Arenicola 

marina one of 20 μg g-1 (Millward et al. 2001).   These values are much lower than those 

calculated from the present study but the species were not opportunistic polychaetes, tolerant of 

typical fish farm sediment conditions.  Another SSB test, using Spionidae polychaetes Polydora 

cornuta, found the 14-day LC50 was 179 μg g-1, (Coull & Chandler 1992), which is higher than 

the value calculated for Spionidae in the present study.  The species type may be comparable as 

many Polydora spp were identified.  

 

In in-vivo toxicity tests, survival rate is usually inversely proportional to concentration, but field 

and microcosm studies can be ambiguous, as abundance may increase, decrease or stay the same 
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(Rainbow 1997), and there is no simple paradigm to predict the effects of metals on in-situ 

faunal assemblages (Kristensen 2000, Rainbow 2002).  This is not surprising given the diversity 

of micro habitats, trophic groups, and biological development and physiology, and the resulting 

heterogeneity of exposure, sources of uptake and sensitivity to metal contamination.   

 

Although values were calculated for the standard toxicity measures (NOEC, LOEC, MATC 

(ChV) and LC50), these cannot be considered as definitive copper toxicity thresholds for benthic 

invertebrates in farm sediments.  The experiment was not designed to determine specific 

quantitative toxicity values for copper, but rather find the levels at which impacts occur.  It 

should best be considered as a range-finding test and used to identify the range within which 

further work should focus.  Since the NOEC and LOEC values were limited to the range of 

doses initially chosen (§ 5.2.3.2; ANZEEC 2000), the calculated NOEC was likely a minimal 

effects value and the LOEC a maximum effects value.  Further testing is now required with 

extensive dose levels between the minimum NOEC and maximum LOEC measures.  For such 

testing to yield conclusive results, it would be important to ensure that the dose remained in the 

intended solid phase when administered and that the dose levels were accurate.  The dose should 

also be mixed thoroughly in the sediment so that the concentration was homogenous 

throughout.  Furthermore, the background levels of copper in the sediment would need to be 

determined before dosing, to ensure that the difference in dose levels was greater than the 

variability in background levels, and the dose itself was greater than background levels. 

 

Since the farm-collected sediments already had enhanced levels of copper, estimated 

background levels had to be factored into the nominal doses, in order to derive more accurate 

toxicity values.  The fact that not only copper but also zinc and cadmium were enhanced in 

these farm-collected sediments (Chapters 3 & 4) increased the possibility of synergistic 

mortality effects occurring.  Although not all metals have the same toxic effect, and some are 

more, or less, toxic than others (Bryan & Gibbs 1983), synergistic toxicity could have resulted 

in mortality at a much lower dose than that predicted by copper toxicity testing alone.  In 

addition, the experimentally elevated levels of copper may have resulted in reactions with the 
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already elevated levels of copper, zinc and cadmium in the farm sediments.  If not enough 

binding sites were available for the added copper, the other two metals may have been replaced 

by copper on the binding sites and released to solution, and may then have presented a risk of 

toxicity themselves.  Furthermore, as copper is more competitive than zinc for organic ligand 

binding sites, it may have replaced zinc or other essential elements in the organisms (Wang et 

al. 1999), the result of which could also have had toxic effects on the biota.  In addition, 

sulphide in marine sediments is a potential poison to many organisms (Irving & Williams 1953), 

and may itself have caused lethal toxicity to the sediment invertebrates, especially in the anoxic, 

reducing sediments of the high dose treatments. 

Bioaccumulation 

A metal will bind with any molecule for which it has an affinity, and such affinities make all 

metals potentially toxic (Rainbow 2002).  In this study, solid phase copper associated with 

sediment particles could have been ingested by the polychaetes and then dissolved and adsorbed 

through the gut epithelium; while soluble copper could have diffused directly through the 

epidermis or through permeable membranes such as those in the gills.  However, the 

concentrations measured in whole worms (the focus of this experiment) may not always reflect 

actual bioaccumulation, since the totals can be overestimated as a result of copper passing 

through the gut that is not eventually adsorbed and assimilated (Coull & Chandler 1992) or 

through the effects of reversible binding, when metals are temporarily adsorbed onto the body 

surface (Coull & Chandler 1992).   

 

Bioaccumulation is a result of available metals binding with organic ligands and crossing cell 

membranes.  Competition between metals for organic ligand binding sites is an important 

feature of bioaccumulation, and, since copper binds the most strongly (Millward et al. 2001), it 

could replace another metal already bound with an organic ligand.  In the present study, 

elevated copper levels may have meant that copper displaced other, possibly essential, metals 

from organic ligands.  This would not only have allowed increased bioaccumulation of copper 

and potential copper toxicity, but could also have led to other toxic effects, if metabolically 
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important molecules were replaced by copper or if the excess copper blocked biofunctional 

binding sites (Millward et al. 2001).   

 

Since benthic fauna adsorb significant metals from their surrounding environment, organisms 

from heavily polluted areas generally have higher metal concentrations in their tissues than 

organisms from unpolluted sites (Millward et al. 2001).  By determining the changes in copper 

levels in the tissues with depth across the tank treatments, the microcosm study attempted to 

assess the degree of bioaccumulation, in order to see if higher levels of copper in the sediment 

were reflected in tissue levels.  This comparison can only be made for Tanks 1-5, since no metal 

analysis was completed for the few survivors from Tanks 6 and 7. 

 

There was a significant difference with depth in the body burden of copper, in that the tissues at 

the surface generally had higher copper concentrations.  There was also a significant 

relationship between tank treatment and copper levels, such that as the copper dose increased, 

the levels in the tissues also increased.  There was no significant difference between 

Capitellidae and Spionidae in copper body burden with depth or across tank treatment.  

However, these results were not conclusive, since there were no biological data available for the 

two highest dose treatments, while the low copper treatment tanks might not have had a high 

enough dose to overcome background copper levels. 

 

One factor that determines the degree of bioaccumulation is the location of the organisms in the 

sediment, and toxicity tests have shown that surface dwellers have more metals in their tissues 

than subsurface dwellers (Millward et al. 2001).  In the present study, the benthos were 

generally surface and sub-surface invertebrates, and found predominantly in the surface 

sediments, with the result that the higher copper levels and consequent increased copper 

exposure probably led to increased bioaccumulation.   

 

Another characteristic of the benthic community that has implications for the extent of 

bioaccumulation is the trophic group to which the benthos belong and the feeding strategy 
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adopted.  Both families found in the farm sediments collected for the present study were 

generally deposit and detrital feeders, that tend to have a higher rate and level of metal exposure 

than other, non-deposit feeders (Windom et al. 1982, Wang et al. 1999, Millward et al. 2001).  

Furthermore, some opportunistic Spionidae selectively feed on organically enriched particles, 

and since the increased surface area and organic coating of these particles can adsorb more 

metals, the potential for enhanced metal increases (Wang & Fisher 1998, Millward et al. 2001).  

 

The form in which a metal occurs in the sediment and its consequent uptake route have a 

significant effect on the levels of metals accumulated by sediment organisms.  The biological 

and physicochemical conditions in farm sediments mean that there is dynamic variation in the 

partitioning between solid and soluble metal phases, and copper may be found in the solid phase 

(bound with organic material, occluded with manganese and iron oxides, or precipitated with 

sulphides), or in the soluble phase (free in solution or associated with soluble organic ligands).  

Benthic animals are exposed to metals in both the particulate (sediment) and solute (interstitial 

and overlying water) phases and can absorb and accumulate metals from either source, although 

the relative importance of, and ratio between, the two mechanisms is unclear (Bryan & 

Hummerstone 1973, Lopez & Levington 1987, Wang et al. 1999, Rainbow 2002).   

 

Depending on the orientation and feeding strategies of the benthos, sediment ingestion of 

particulate copper is a likely pathway for metal uptake and adsorption (Bryan et al. 1987, Wang 

et al. 1999).  The dominant families in the farm sediments under investigation were Capitellidae 

and Spionidae, surface and sub-surface deposit and detrital feeders, that can ingest at least twice 

their body weight in sediments per day to meet nutritional requirements (Brooks et al. 2003).  

Administering the copper dose in the solid phase to the surface sediment ensured that this 

potential route of exposure was represented in the experiment.   

 

The deposit feeding strategy used by many Capitellidae and Spionidae suggests that sediment 

ingestion was the dominant uptake pathway of copper.  In the deposit feeding polychaete Nereis 

succinea, a kinetic model calculation indicated that 98% of bioaccumulation of cadmium, 
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cobalt, selenium and zinc was from sediment ingestion, as a result of high ingestion rates and 

slow uptake from the dissolved phase (Casas & Crecelius 1994).  The sediment and pore water 

copper levels provide further evidence that the principal uptake route was probably by ingestion 

of sediment associated copper.  Sediment and tissue copper levels were usually highest in the 

surface and generally increased along with treatment dose, but pore water copper levels did not 

vary considerably with depth or across treatment tanks.  Similarly, in the River Kennall, 

sediment and ragworm (Nereis diversicolor) copper levels were considerably higher than 

dissolved levels, and sediment bound copper was the primary source of copper to the ragworms 

(Brooks & Mahnken 2003).   

 

Metals are less bioavailable when they are bound to insoluble sulphides in anoxic sediments 

(Miller et al. 2000), and some studies have suggested that the strong binding of metals with acid 

volatile sulphides (AVS) in contaminated sediments could control metal availability, 

bioaccumulation, and eventual toxicity to benthic marine invertebrates (Brooks 2001, Brooks & 

Mahnken 2003, Brooks et al. 2003, Mucha et al. 2004).  Organic enrichment, reduced 

biodiversity and high oxygen demand promote anoxic conditions and consequent sulphate 

reduction in fish farm sediments, resulting in the presence of abundant sulphides available to 

bind with elevated metal concentrations.  At fish farms in British Columbia, benthic toxicity 

from elevated levels of copper and zinc was not considered a potential problem during the farm 

growing season on account of the metal binding properties of AVS and the formation of 

sulphide-metal complexes ensuring that metals were not bioavailable (Radenac et al. 1997, 

Millward et al. 2001).  However, if sediment redox conditions change, either through 

bioturbation, ventilation and irrigation, or by disturbance from dredging or strong wave action 

(Millward et al. 2001), or during farm sediment fallowing, oxidation of the metal-sulphide 

complex could release and remobilise the metals, thereby increasing bioavailability.   

 

A study of organically rich, poorly oxygenated, salt marsh sediments found that it was doubtful 

whether AVS was the major factor controlling free metal availability to sediment infauna 

because most meiofauna inhabit and associate with the oxic surface sediments, where the AVS 
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concentration was low (Bryan et al. 1987, Johns & Taylor 1997).  The study concluded that 

AVS was less significant than other sedimentary factors, such as the partitioning characteristics 

of various organic materials and metal oxides (Bryan & Gibbs 1983, Radenac et al. 1997).  

Capitellidae, which tend to be located in the surface sediment, can tolerate anoxic, sulphidic 

conditions, and these were probably the conditions that existed near the surface sediments in the 

microcosm experiment.  Sediment mixing through bioturbation could have oxygenated the 

surface sulphides, releasing any associated metals to the bioavailable, soluble phase. 

 

Another reason to doubt that AVS was a controlling influence is that although free metal ions 

can be removed from solution, the subsequent metal-sulphide precipitate could still be ingested 

by sediment infauna.  This is particularly relevant in farm sediments, where the dominant 

species are deposit-feeding polychaetes and the predominant pathway for metal accumulation is 

likely through sediment particle ingestion.  Although the ingested sulphide-bound metal may 

not be immediately available, many organisms from anoxic marine environments have 

developed an internal detoxification mechanism to defend against sulphide poisoning that 

involves the oxygenation of sulphide to thiosulphate within the organism (Bryan & 

Hummerstone 1973).  This internal sulphide oxygenation may result in the same release of 

sulphide-associated metals that occurs in sediments, so that the previously sulphide-bound metal 

could now be available within the organism, with the consequent potential for bioaccumulation. 

 

Some organisms have the ability to regulate metal uptake in response to changes in 

environmental concentration, especially if the metal is biochemically essential (Bryan & 

Hummerstone 1971).  At sites with moderate copper and zinc contamination, there was no 

significant concentration increase in Mytilus edulis, which was able to partially regulate these 

essential elements, but at highly contaminated sites its inability to regulate uptake led to 

elevated tissue concentrations (Windom et al. 1982).  Similarly, marine polychaetes were found 

to have developed an efficient efflux system to remove excess levels of certain metals, so that 

although copper levels were elevated in polychaete Nereis diversicolor tissues, zinc was 

efficiently regulated (Bryan & Hummerstone 1971, 1973, Bryan et al. 1987).     
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In the present study, the fact that there was little difference in tissue copper levels among Tanks 

1-4 (Figure 5.6) may possibly indicate copper regulation, but, as mentioned previously, since 

the sediment copper levels were variable and the treatment dose could not be positively 

identified, there was also no significant difference in sediment copper levels among the tanks.  

In Tank 5, there was a noticeable increase in copper levels in both the sediment and the tissues, 

suggesting that the farm benthos could not regulate uptake levels when sediment copper levels 

were high.  A study investigating metal bioaccumulation in Capitella capitata, based on metal 

levels in the diet, showed that although metal uptake was relatively well regulated, 

accumulation significantly increased when the metal concentration of detritus fed to the worms 

was significantly above background levels (Bryan et al. 1987).   

 

Because of acclimation, polychaetes display different sensitivities to metal pollution and 

different accumulation rates, and copper-tolerant polychaetes have been found to contain 100 

fold more copper than non-tolerant polychaetes (Bryan & Hummerstone 1971, Bryan & Gibbs 

1983).  Nereis diversicolor from highly contaminated sediments were better at regulating copper 

and zinc than normal populations, because they had developed greater resistance as a result of 

reduced permeability to both metals, efficient copper detoxification and storage mechanisms, 

and more effective excretion of zinc (Bryan & Hummerstone 1971, Rainbow 1997, 2002).   

 

All accumulated trace metals are metabolically available but the physiology of the invertebrate 

determines whether the metal is used for essential metabolic activity, detoxified and stored, or 

excreted (Nickell et al. 2003).  Although there is no limit to the amount of detoxified metal that 

may be stored in the organism (as this form presents no danger to the organism), there is a clear 

limit to the amount of metabolically available metal.  When uptake of the metal is greater than 

detoxification or excretion, and the threshold concentration of metabolically available metal is 

exceeded, toxicity may occur (Nickell et al. 2003).  Within organisms, there are various 

detoxification processes at work, such as binding with metallothioneins and storage in insoluble 

calcium or phosphoric granules, and there are subtle but important differences in these processes 
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among closely related species that can significantly alter the accumulation patterns of a 

particular metal (Nickell et al. 2003).  In the present study, the fact that there was no significant 

difference in accumulation patterns between Capitellidae and Spionidae might suggest that these 

two polychaete families react similarly to increasing levels of copper, and have comparable 

copper efflux and regulation systems, and detoxification abilities.  

 

However, although there was no difference in body burdens of copper, Capitellidae did display 

greater sensitivity to copper toxicity than Spionidae.  The deciding factor explaining this 

difference between the two families is probably not the relationship between toxicity and total 

metal concentration, but rather that between uptake and availability and the organisms’ 

detoxification and storage capabilities.  Toxicity occurs only when the uptake rate is greater 

than the ability of the organism to detoxify and excrete copper that is in excess of essential 

metabolic requirements, so that the available concentration within the organism exceeds its 

tolerance threshold. The fact that total body burdens were similar for the two families suggests 

that Spionidae were better able to tolerate higher copper levels than Capitellidae as a result of 

their increased ability to detoxify and store copper.  

Biodiffusion 

The activity of the benthos has an important influence on the movement of particles and solutes 

in sediments and, of particular relevance to this study, can remove surface pollutants and 

distribute them throughout the sediment.  Since the movement of sediment particles by 

bioturbation can resemble diffusive processes, the use of a diffusion equation is an appropriate 

strategy for modelling bioturbation.  Biodiffusion may be separated into two main processes: 

active biodiffusion, that is, the movement of particles and pore water by infaunal behaviour, 

such as sediment irrigation and mixing, and feeding and defecating; and passive diffusion, that 

is, the movement of particles and pore water as a result of physical changes in the sediment 

caused by burrows, tubes and holes created by the biological community.  In the present study, 

sediment and pore water biodiffusion coefficients represented the transport of copper down core 

by the mixing activity of the sediment biota through both active and passive biodiffusion 

processes.   
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The first method of determining Db and L was not highly reliable, since, for a number of 

reasons, the calculated value for α (A0) may not have been accurate. Firstly, the copper 

component of the paste was not analytically determined and the sediment dry weight only 

estimated.  Secondly, the copper concentration may not have been homogeneous throughout the 

paste, and the paste itself may not have been added equally over the surface of the sediment core 

as an infinitely thin layer.  Thirdly, the calculation of A0 assumed that all the copper dose was 

bound within the sediment paste, but this assumption did not hold true, especially in high dose 

treatments where the sediment paste was likely saturated, and copper released to the soluble 

phase.  Furthermore, in the lower dose treatment tanks, the pre-existing levels of copper in the 

surface sediment of the microcosm cores were higher than the actual dose, so that the diffusion 

of copper from the paste was masked.  This could explain the poor agreement between the 

predicted and observed profiles from Tank 4.  For these reasons, the second method for 

determining Db and L was employed, whereby both the constant in the equation, α (A0 in the 

first method), and Db were derived by using Solver, and the following discussion focuses on 

those results.  

 

The significant range in biological conditions across the tank treatments, from highly abundant 

to nearly abiotic, affected the gradient of the modelled sediment and pore water profiles, the rate 

of mixing (Db), and the depth of the mixed layer (L).  Since the abundance, biomass and mean 

body size of the biota were significantly lower in Tanks 6 and 7 than in the other tanks, there 

was less bioturbation and sediment activity to mix copper down core, and the Db and L were 

correspondingly much lower.  Tanks 6 and 7 displayed the same Db and L from sediment 

profiles, but this is not surprising as the infaunal population was essentially the same in both 

tanks.  In the lower dose treatment tanks (Tanks 1, 4 and 5), the fact that the Db was higher and 

L was deeper indicated that infaunal activity and sediment bioturbation remained vigorous.  The 

shallow profiles in Tanks 1, 4 and 5, compared with the steep profiles of Tanks 6 and 7, were 

indicative of the rapid mixing occurring in the sediment as a result of the greater faunal 
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abundance, biomass and mean body size, and corresponded with higher Db and L values 

(Nickell et al. 2003).     

 

Since the derived α in Tank 1 (to which no paste was added) was similar to surface copper 

concentration found in other fish farm sediments (refer to Chapter 3), the diffusive profile most 

likely represented the down core transport of copper in “undisturbed” fish farm sediment 

conditions.  A study that examined bioturbation and corresponding changes along an organic 

carbon gradient at another Scottish site, using chlorophyll a, determined diffusive mixing 

coefficients of 0.05-0.07 cm2 day-1 (Sandnes et al. 2000, Nickell et al. 2003), similar to the no 

dose (Tank 1: 0.103 cm2 day-1) and low dose (Tank 4: 0.05 cm2 day-1) coefficients in the present 

study.  The study concluded that where the mean body size of the individual was greatest, the 

biodiffusion coefficient was highest and the mixed layer depth was deepest (Wheatcroft et al. 

1990, Wheatcroft & Martin 1996).  These conclusions agree with the findings of the present 

study, where the highest values for Db and L were generated when abundance, biomass and 

mean body size were greatest.  As tank treatment increased, the values for these biotic 

parameters decreased, as did Db and L. 

 

According to several studies, it is the size of the individual and not the abundance that typically 

influences Db (Pearson & Rosenberg 1978, Noji & Noji 1991, Sandnes et al. 2000, Millward et 

al. 2001, Nickell et al. 2003).  However, these studies tended to focus on a coastal environment 

or organic gradient where changes in faunal size and diversity were recognised, expected and 

understood (e.g. Wheatcroft et al. 1990).  In contrast, the present study was predominantly 

designed as a toxicity experiment, with similar initial conditions across the treatment range, and 

no natural biological gradient existing.  As a result, there was no way of distinguishing the 

relative influence of abundance, biomass or body size on Db values. 

 

Molecular diffusion likely occurred as a result of a concentration gradient caused by the 

addition of the copper paste to the sediment surface.  This additional diffusion pathway for the 

transport of soluble copper was incorporated into the single Db and explains why Db and L 
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tended to be greater for pore water than for sediment within the same tank.  It may also be that 

proportionately more soluble than solid phase copper passively diffused down a burrow or tube 

channel, the effect of which would also result in a higher Db for pore water, although if 

sediment did pass through the burrow, it would have a greater effect than pore water, because of 

its higher copper concentration.  Furthermore, tube irrigation and burrowing by the benthos, 

such as tube dwelling Spionidae, enhance soluble biodiffusion rates (Wheatcroft et al. 1990).  

The tendency mentioned above did not hold true in Tank 7, where some of the soluble copper 

may have been bound by sulphides in the highly reducing conditions, and held in the solid 

phase.  This would explain the higher Db from sediment profiles in Tank 7, compared with pore 

water profiles.   

 

It is likely, in fact, that the movement of copper in Tanks 6 and 7 (where the majority of the 

biota was dead on Day 21) was almost entirely a result of molecular diffusion, which would 

explain why Db was so much lower than in the other treatment tanks.  Although the molecular 

diffusion pathway only applied to the movement of soluble copper, a diffusive profile can be 

modelled and a Db value determined for both sediment and soluble copper.  In the high dose 

treatment tanks, the surface binding sites could have been saturated (Wheatcroft et al. 1994) and 

copper released to the soluble phase.  Molecular diffusion would promote the downward 

movement of this soluble copper, but as it diffused down below the surface into the underlying 

sediment where copper concentrations were lower, it could have been removed from solution 

and bound in the solid phase.  In this way, a diffusive type profile was observed in both the 

sediment and pore water, despite the fact that molecular diffusion was the major contributor to 

copper transport in these high treatment, almost abiotic conditions.   

 

Although diffusive type profiles were modelled and diffusive mixing coefficients calculated, it 

is possible that the profiles were the result of factors other than biodiffusion.  For example, 

although not a biological process, molecular diffusion was incorporated in the Db (see 

discussion above).  Since the Db is an integrated measure and incorporates all animal activities 

that affect sediment and solute movement, it also includes factors such as feeding, locomotion, 

 

252



Microcosm Experiment   Chapter 5 

burrowing and tube building, and not just small-scale mixing (Boudreau 1986, Wheatcroft et al. 

1990).     

 

Conveyor belt transport, affected by head-down deposit feeding, takes particles from depth and 

deposits them at the surface, resulting in a diffusive profile, even though the mixing behaviour 

is non-local and thus not properly diffusive (Wheatcroft et al. 1990, Wheatcroft et al. 1994).  

Some Capitellidae and Spionidae feed in this manner (Wheatcroft et al. 1994, Wheatcroft & 

Martin 1996) and as these polychaetes were abundant in most of the treatment cores, this 

feeding behaviour may explain the diffusive profiles produced in the present study.  However, 

conveyor belt feeding is also considered convective, since the particles deposited at the surface 

can fall back down into the holes from which they were removed at depth, effectively producing 

a mass balance (Wheatcroft et al. 1994).  Burrow excavation also results in a movement of 

particles from depth to surface, thus producing a diffusive type profile, although this is also a 

non-local transport process and should not be interpreted as biodiffusion (Wheatcroft et al. 

1990, Wheatcroft et al. 1994, Sandnes et al. 2000).    

 

Together with classic biodiffusive processes, these animal activities all yield decreasing profiles 

with depth.  The processes cannot be distinguished within a calculation for Db, which 

incorporates all animal activities into a single coefficient, and therefore the predictive 

understanding of bioturbation as a result of Db calculations is limited (Wheatcroft et al. 1990, 

Wheatcroft et al. 1994, Nickell et al. 2003).  Evidence suggests that there are very few kinds of 

animal activity that don’t produce a diffuse-type profile (although reverse conveyor belt feeding 

is an example), but the mechanisms that produce these profiles are not actually diffusive 

(Wheatcroft et al. 1994, Wheatcroft & Martin 1996, Blanchard & Feder 2003, Nickell et al. 

2003) 

 

As a result of initial microcosm conditions and a sub-surface peak copper concentration, Tanks 

2 and 3 displayed non-diffusive mixing in both sediment and soluble copper profiles.  This peak 

was observed in other cores collected from around the farm (refer to Chapter 3) and may 
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represent the natural variability seen with depth in fish farm sediments.  With no added copper 

(Tank 2) or a very low dose (Tank 3), the usual fish farm sediment profile was not masked by 

the added paste, so that biodiffusion of the copper paste could not be modelled.  However, a 

sub-surface maximal peak often indicates non-local mixing by the sediment infauna, since a 

particle is moved a greater distance than it is by diffusive mixing (Rizzo & Amoral 2001).  This 

could be a consequence of reverse conveyor belt feeding (more accurately described as 

subductive transport), and the many tracer studies displaying a subsurface peak suggest that the 

effects of this method of feeding on particle transport may be more common, and worthy of 

more attention, than previously suspected (Rosenberg et al. 2000, Lenihan et al. 2003).  The fact 

that pore water copper did not display a diffusive profile in Tank 1, yet sediment copper did, 

suggests that the enhanced copper present in fish farm sediment was bound to the solid phase.  

The same may be true in Tank 4, where the relatively low copper dose added was bound to the 

solid phase in the mud paste, with the result that biodiffusive mixing could be modelled in the 

sediment but was not observed in the pore water profile.   

 

 

5.5  Main Conclusions 

 Capitellidae and Spionidae can survive considerable contamination levels, and 

Spionidae were more tolerant of copper pollution than Capitellidae. 

 Farm benthic invertebrates can tolerate higher copper levels than those set in existing 

sediment quality guidelines. 

 As the copper dose (and, by inference, the sediment concentration) increased across the 

tank treatments, there was an increase in copper body burden. 

 Copper concentration in tissues was highest in polychaetes from the surface sediment 

layers, where the highest concentrations of copper were observed. 

 The fact that Capitellidae and Spionidae have similar copper body burdens but different 

copper toxicity thresholds suggest that Spionidae have developed greater tolerance as a 

result of more efficient detoxification capabilities. 
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 Diffusive processes, as a result of bioturbation, transported sediment copper from the 

surface to depth, and the rate and depth of mixing (Db and L) were dependent on the 

infaunal abundance, biomass and mean body size. 

 When biological abundance, biomass and mean body size were high, there was a faster 

rate of mixing, to greater depths in the sediment (i.e. high Db and L). 

 As dose and sediment copper concentration increased, and the biological population 

decreased, there was a corresponding decrease in the biodiffusion rates and mixed layer 

depths, since copper was transported more slowly to less depth. 

 As the number and size of organisms decreased, there was a lower degree of 

bioturbation to move copper down through the sediment, and the diffusion equation 

produced a steeper profile. 

 

Other Findings 

 The microcosm experiment was essentially a range finding exercise that established a 

dose-mortality toxicity response relationship between increasing doses of copper and 

sediment benthic invertebrates. 

 The high degree of environmental realism in the SSB approach (using farm-collected 

sediments and benthic invertebrates) attempted to recognise the strong control exerted 

by sediment biogeochemical conditions on copper availability and consequent toxicity, 

and the potential ability of the benthos to adapt in order to limit the effects of copper. 

 SEPA should conduct environmentally realistic toxicity tests, incorporating ecologically 

relevant species and sediments, and then revise the guidelines to reflect the particular 

biogeochemical environment found around fish farms. 

 Initial uptake and accumulation were likely dominated by the concentration and phase 

of the copper affecting the potential uptake routes available, although they were also 

influenced by aspects of the biota, such as location, feeding group, and detoxification 

and storage abilities. 

 Some processes, such as molecular diffusion, head-down conveyor belt feeding, and 

burrowing, may have been included in the biodiffusion coefficient because they produce 
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diffusive-type profiles, although the particle movement is non-local and not actually 

diffusive. 
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6 Final Discussion 

6.1 Infaunal Community Structure in Organically Enriched Environments 

The dominant influence on sediment biogeochemical conditions around the fish farms in the 

present study was organic enrichment caused by feed and faecal waste material.  The organic 

waste resulted in a benthic community typical of that along an organic enrichment gradient 

identified in the classic work of Pearson and Rosenberg (1978), with an abundance of 

opportunistic, deposit-feeding, polychaetes, predominantly Capitellidae and Spionidae, in the 

farm enriched zone.  The findings of the present study are supported by other research that 

assessed the benthic communities in organically enriched marine environments. 

 

A recent study in Port Valdez, a shallow (< 30 m) Alaskan fjord subject to multiple stressors, 

assessed the spatial distribution and temporal variation of the benthic faunal assemblages in 

response to sediment dredging and disposal associated with the construction of a new dock 

(Santschi et al. 2001).  Immediately after sediment disposal, sites were dominated by 

opportunistic species, predominantly Capitellidae and Polydora sp., but after three years most 

sites had started to recover.  However, one site, which was affected by increased boat traffic at 

the new dock and, consequently, repeated sediment disturbance, and by organic enrichment 

from deposition of fish wastes from a reprocessing plant, slowly degraded to become a highly 

disturbed community.  Capitellidae represented 94 % of the total site abundance, with an 

absence of more tolerant species, and abundance was higher and biomass and diversity were 

lower than at the other sites.  

 

Another study, in the São Sebastiao Channel, Brazil, investigated the environmental variables 

that influenced the benthic annelids on two different beach sectors (Jones & Turki 1997).  The 

study found that there was a high density of opportunistic species (75 % of total abundance), 

predominantly Capitella capitata, as a result of the higher organic enrichment of one of the 

areas, caused by domestic waste input. 
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In response to concerns over contaminated sediments near McMurdo research station 

(Antarctica), a manipulative experiment was designed to determine if benthic community 

recruitment patterns were a reliable means of inferring the nature of pollutants (Lenihan et al. 

2003).  Colonization trays were filled with pristine, defaunated sediment, spiked with increasing 

doses of organics, copper, or both, and pushed flush into the seabed.  After one year, trays were 

collected, and the abundance of the three dominant phyla (Annelida, Arthropoda and 

Echinodermata) was related to the different dose concentrations.  In contrast to the other two 

phyla, Annelida responded positively to organic pollution and dominated the organically 

enriched sediments, with Capitellidae, Spionidae and Dorvillidae representing 90 % of the 

biomass.   

 

Although many coastal marine studies demonstrate that benthic communities respond 

predictably to changes in organic input, the same response has also been observed in 

environments further off-shore.  The Alkor Deep is a basin (~140 m) in the Kattegat channel, a 

transition zone between the North and Baltic Seas, and bottom current mediated, down-slope, 

transport of particles affects the sediment nature of the basin (Mucha et al. 2004).  The benthos 

on the slopes and in the deepest parts were found to have higher abundance and biomass than in 

shallower, flatter parts.  As a result of the transport of organic particles along the slopes and into 

the deep basin, there was a higher availability of food in these areas, and the enhanced faunal 

numbers were dominated (90 %) by deposit feeding individuals.   

6.2 Metal Behaviour and Biogeochemical Cycling 

Estuarine sediments are subject to enhanced metal concentrations from various natural sources, 

but anthropogenic inputs are also significant (refer to Annex 2).  Food, sewage, urban, 

agricultural, industrial, shipping, and scientific wastes released into the marine environment can 

provide a source of metals, such as copper, zinc, cadmium, lead, mercury and nickel, as well as 

organic pollutants such as DDT, PAH’s and PCB’s (Uotila 1991, Miller 1998, Ponce et al. 

2000, Turner 2000, Brooks 2001, Blanchard & Feder 2003, Brooks & Mahnken 2003).  

Inventories in the present study, based on the sediment metal concentrations, confirmed the 

farm as the dominant influence on sediment metal levels.  Organic farm waste, in the form of 
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feed and faecal deposits, was a source of copper, zinc and cadmium to the sediments, with anti-

foulant products also contributing significant levels of copper.  Such elevated concentrations of 

sediment metals are found at other aquaculture sites, because of the component metals within 

the organic waste (Pergent et al. 1999, Heilskov & Holmer 2001, Santschi et al. 2001, Chou et 

al. 2002, Holmer et al. 2003, Chou et al. 2004, Schendel et al. 2004).  In addition to enrichment 

of solid phase copper, zinc and cadmium, elevated pore water levels were also observed, as a 

result of the mineralisation of organic material releasing these metals to the soluble phase.  

Because of the reducing conditions, molybdenum and uranium were also enriched in the farm 

sediments, through the formation of insoluble reduced species.  With increasing distance from 

the farm, the enriched metals reached reference station levels.   

 

Organic material and the infaunal assemblage exert important influences on sediment redox 

conditions, which in turn have a profound effect on sediment metals.  The activity of abundant 

benthic fauna increases oxidation of the surface sediment and turnover of organic substrates, 

which both promote the mineralisation of organic material by microbially mediated diagenetic 

processes (Holmer et al. 2003, Warnken et al. 2003).  Enhanced benthic faunal respiration and 

organic matter mineralisation increase oxygen uptake from the water column and can lead to 

bottom water hypoxia (Warnken et al. 2003).  As long as the oxygen supply in the sediment is 

greater than demand, conditions will remain oxic, but when available oxygen is rapidly depleted 

in organically-enriched, biologically-active conditions, alternative electron acceptors are 

necessary (Holmer & Kristensen 1992, Thomson et al. 2001).  In marine environments, it is 

predominantly manganese, iron and sulphate that are successively reduced to supply the 

required energy for mineralisation of the organic input (Jones & Turki 1997, Thomson et al. 

2001, Zhang et al. 2002). 

 

Manganese and iron exist as insoluble oxyhydroxides in oxic conditions, but as redox potential 

decreases, they are reduced to soluble species, which can diffuse back into oxygenated 

sediments and be reoxidised, or be further reduced at depth and bound with sulphides (Turner 

2000, Warnken et al. 2003).  This behaviour tends to produce pore water concentrations that are 
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higher than those in the overlying water, and an increase in solid phase levels towards the 

surface, and within the sulphate reduction zone at depth (Ponce et al. 2000, Turner 2000), trends 

which can be observed in the present study.  Furthermore, the fact that manganese and iron have 

a high capacity for adsorption and a low tendency to crystallisation, as a result of successive 

cycles of precipitation and dissolution, makes them ideal species for adsorption or co-

precipitation with many other metals (Ponce et al. 2000).   

 

In the present study, the sediment redox conditions controlled the behaviour of manganese and 

iron, and of the metals associated with their oxide phases.  Due to manganese, iron and sulphate 

reduction in the sub-oxic conditions, there were deficits of manganese, iron, cobalt, nickel, 

barium and lead in the farm sediments, while enrichment of these metals at distance most likely 

reflected increased deposition in the oxic conditions away from the farm.  Solid phase 

concentrations decreased from the oxic surface as conditions became increasingly reducing, but 

increased in deeper, anoxic conditions, since the metals were bound with abundant sulphides 

from sulphate reduction.  Barium, which associates with manganese and iron oxides, followed a 

similar trend, but, in addition, the reduction of barite (barium sulphate) influenced the behaviour 

of solid phase barium.  Many other studies, which describe geochemical cycling and the 

behaviour of sediment and pore water metals, have observed similar results to those in the 

present study. 

 

Urban and industrial waste-water discharges contaminate Cadiz Bay (SW Spain), and organic 

matter diagenesis was found to lead to the release of copper, zinc, lead and cadmium to the 

soluble phase (Turner 2000).  Because of the greater association of lead and copper with organic 

matter (Thomson et al. 2001, Koschinsky et al. 2003), there was a more pronounced release of 

these metals.  Metal concentrations in the surface pore water were higher than those in the 

overlying water, and metals diffused into the overlying water where they associated with 

particulate matter and redeposited, maintaining high surface sediment concentrations.  However, 

the fact that the pore water concentration decreased with increasing depth and reducing 
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conditions suggests that the metals were bound as insoluble sulphides, or with remaining 

manganese and iron oxyhydroxides (Turner 2000).   

 

The dominant control on the concentration of copper, zinc and lead in UK estuaries is an 

association with manganese and iron oxyhydroxides, as the metals are adsorbed to, or occluded 

within, hydrogenous phases that coat particles (Jones & Turki 1997).  The same is also true in 

deep sea (~4000 m) environments, such as those of the Peruvian Pacific, where manganese and 

iron oxides can scavenge copper, zinc, cadmium, cobalt, nickel, barium and lead from the oxic 

bottom water (Zhang et al. 2002).  Deposition and subsequent burial into sub-oxic conditions 

reduces the insoluble, oxidised manganese and iron to the soluble phase, with the consequent 

dissolution and increase in soluble concentration of associated metals (Moffett & Ho 1996, 

Zhang et al. 2002). 

 

As in the present study, similar pore water profiles were observed among manganese, nickel and 

cobalt in Loch Duich (NW Scotland) sediments, measured by DGT (diffusive gradient in thin 

films) techniques (Kiratli & Ergin 1996).  The similarities could be explained by the comparable 

geochemical behaviours, mineralogy and oxidation pathways, such as the reductive dissolution 

of cobalt and nickel associated with manganese oxides, and the soluble release from metal 

sulphides transferred into oxic conditions (Jones & Turki 1997).  Uptake of manganese and 

cobalt onto suspended particles was also studied in Wasquoit Bay (USA) and the Sargasso Sea 

(N Atlantic) (Ponce et al. 2000).  The study found that a common microbial oxidation pathway 

existed for manganese and cobalt, so that the coupling was dependent on the abundance and 

activity of manganese oxidising bacteria, rather than the abundance of the manganese oxides 

(Warnken et al. 2003).  

 

A study in the Black Sea found that reducible manganese and iron oxides were important 

carriers for cobalt, nickel and lead in the surface sediments, and that a broad range of metals 

could be concentrated in the solid phase as a result of co-precipitation or adsorption by 

particulate oxides (Santschi et al. 2001).  As conditions become increasingly reducing, sulphides 
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can combine with remaining manganese and iron oxides to form monosulphides and pyrites 

(McManus et al. 1994, Kiratli & Ergin 1996, Jones & Turki 1997, Santschi et al. 2001), and in 

the anoxic Black Sea sediments cobalt, nickel and lead were predominantly associated with 

sulphide phases (Dymond et al. 1992).  

 

Copper, zinc, lead, cobalt and nickel in anoxic Tees estuary sediments were fixed as metal 

sulphides and immobilised, resulting in high sediment concentrations, although zinc and lead 

were less strongly bound into pyrite and remained potentially labile (Paytan & Kastner 1996).  

The Palos Verdes continental shelf (S California, USA), which is affected by submarine 

discharges of sewage and waste water, showed elevated levels of sulphur, copper, zinc, 

cadmium and lead at sediment depth, suggesting anoxia and minimal remobilisation, because 

the metals were efficiently sequestered in iron sulphides and therefore unavailable (Shroeder et 

al. 1997).   

 

Biogenic barium is a dissolution residue of decaying hard and soft parts of carbonate and 

siliceous biogenic debris (Dymond et al. 1992, Paytan & Kastner 1996), and 50-70 % 

precipitates to the sea floor as barite, while the remaining 30-50% associates with manganese 

and iron oxides, organic coatings and carbonates (Dymond et al. 1992, McManus et al. 1994, 

Shroeder et al. 1997).  Diagenetic remobilisation of barium can thus occur during sulphate, as 

well as manganese and iron oxide, reduction, and mineralisation of organics, leading to elevated 

soluble levels, diffusive fluxes out of the sediment, and decreases in solid phase barium levels 

(Zheng et al. 2002, Sundby et al. 2004).  The geochemical link between barium and silicate has 

led to barium being used as a proxy to track accumulation of biogenic material.  However, since 

barium dissolves and mobilises from barite, oxides, and organics in anoxic sediments, it may 

not be ideal for paleoceanographic reconstructions (Pedersen 1985, Shimmield & Pedersen 

1990). 

 

Although molybdenum and uranium are soluble in seawater, reducing conditions cause a flux of 

these elements to the sediment, where they become less and less soluble and can precipitate out, 
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thereby increasing their solid phase concentration (Thomson et al. 2001, Zheng et al. 2002, 

Sundby et al. 2004).  In the deep continental margin of the Laurentian Trough (Canadian 

Atlantic), the rate of organic matter oxidation and the sediment accumulation rate lead to 

reducing sediment conditions (Chou et al. 2004).  This results in an initial increase in 

molybdenum and uranium solid phase concentrations, which slowly decrease with depth.  

Molybdenum is also involved in the manganese cycle (Selck et al. 1998, Correia & Costa 2000), 

and in the Laurentian study soluble molybdenum, released upon manganese dissolution, was 

reduced to the insoluble phase directly, or co-precipitated with iron sulphides at depth.  

 

The deep basin of the continental margin in the NE Pacific has a high carbon flux and high 

levels of sulphides, both of which promote sediment anoxia, but the steep redox gradient was 

found to cause an overlap between oxic, sub-oxic and anoxic diagenetic reactions (Millward et 

al. 2001).  Uranium precipitated in reducing conditions, decreasing pore water concentrations, 

whilst increasing solid phase levels.  Precipitation occurred in the zones of iron and sulphate 

reduction, and the study concluded that enzymes associated with the iron and sulphate reducing 

bacteria were capable of also reducing uranium, and that the formation of solid phase uranium 

was regulated by the rate of anaerobic bacterial metabolism. 

6.3 Modelling and Budgets 

The inventories of copper and zinc were also used for comparisons with model predictions and 

budget calculations.  The DEPOMOD model was primarily designed to predict the impact of 

feed and faecal organic waste (relatively labile compounds) in fish farm environments, but was 

modified in the present study to predict the output of zinc in feed and faecal waste.  Since this 

was an original approach to predicting sediment metal concentrations around a fish farm, no 

previous studies were available for comparison purposes.  Creating a budget to determine if the 

copper and zinc released in waste could be observed in the farm sediment has also not been 

attempted previously.   

 

Overall, there was a good match between observed and model predicted zinc distribution, with 

the best fits being produced when inventories down to 1 and 5 cm depth were compared with 
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modelled outputs of 9 months’ feed input with mixing depths of 1 and 5 cm.  These findings 

were confirmed by the budget calculations, which indicated that the total zinc input from feed 

and faecal waste was observed in 1 to 5 cm sediment depth.  The copper budgets showed that 

there was considerably more copper observed in the sediment than could be accounted for by 

feed and faecal inputs, thereby indicating that feed and faecal waste was not the most significant 

source of copper.  The probable source of the copper enrichment observed in the present study 

was anti-foulant products used at the farm. 

 

Model predictions were far less successful when the process of resuspension was included.  

However, including more hydrographical measurements, that varied temporally and spatially, 

and adjusting certain set parameters within the model to meet field observed conditions could 

possibly improve predictions.  Because the model does not address the biogeochemical 

interactions of zinc in the marine environment, incorporating a module that considers the 

influence of bioturbation, redox conditions and diagenetic cycling might also improve the 

predictive capability of the model.   

 

A key prerequisite for successful modelling and budgeting is the inclusion of valid data for 

waste inputs, but in the present study inaccurate data may have been incorporated, as a result of 

the estimates used in determining feed and faecal waste.  In addition, the model predictions and 

budgets were based on the copper and zinc inputs from feed and faecal waste only, whereas in 

reality there is a significant but presently unquantified input of copper (and possibly zinc) from 

anti-foulant products, and probably also some input of zinc from sacrificial anodes.  

Furthermore, the model and budget inputs in the present study were defined by a set release 

period, that is, 1 and 9 months, but this timeframe assumes no previous input to the receiving 

environment and no accumulation of zinc and copper during the years of farm operations.  

Again, this could account for discrepancies between observed and predicted conditions.  

 

Overall, DEPOMOD does seem to have the potential for use as a tool to predict the impact of 

metals released in feed and faecal waste, and to formulate practices for the sustainable use of the 
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marine environment.  Certainly there is a need to develop sensitive tools, methods and models 

for detecting and mitigating the environmental effects of aquaculture, and to determine 

acceptable and unacceptable impacts (Wang & Fisher 1999).  With the considerations and 

modifications mentioned above, DEPOMOD could help provide a better understanding of the 

changes in sediment chemistry associated with metals in waste discharges. 

6.4 Environmental Realism in Toxicity Tests 

The intent of the present study was to establish the biogeochemical conditions around a fish 

farm, and not only identify the sources and predict the distribution of enriched metals, but also 

to determine the impact of enrichment.  When the input of anthropogenic metals to the marine 

environment and their deposition to the seabed calls for regulatory monitoring, toxicity studies 

can inform the setting of guidelines for assessment of sediment quality and pollution control.  

Such testing should involve not only extensive field studies, matching chemical concentrations 

with benthic conditions, but also laboratory experiments where dose-response relationships can 

be determined under controlled conditions. 

 

The majority of toxicity studies used to develop SQC have exposed marine invertebrates to 

metal contaminants only in the soluble phase, but such bioassays do not reflect the importance 

of sediment biogeochemical processes in controlling metal availability, nor of sediment 

ingestion as a major source for metal accumulation and toxicity.  Both of these important factors 

have been considered in the toxicity experiment of the present study.  A toxicity experiment, 

using Gammarus locusta in copper-spiked sediments, concluded that an understanding of the 

complex environmental conditions in the field and of metal-sediment geochemical interactions 

was necessary to interpret the effect of copper on the organisms (Morrisey & Underwood 1996).  

Mortality of G. locusta was found to be a function of not only dose concentration, but also the 

binding phases available, such as acid volatile sulphides (AVS), organic matter, oxides of 

manganese and iron, and carbonates.  Another study investigating the relative importance of 

soluble and sediment phase cadmium uptake in Capitella sp. found that sediment-bound 

cadmium contributed 95 % of the total amount taken up by the polychaetes (McPherson & 

Chapman 2000).  A microcosm experiment assessing the impact of a range of metals on a salt 
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marsh community also found that sediment ingestion, in particular by deposit-feeding 

polychaetes, was the predominant source of metal uptake (Austen & McEnvoy 1997).  

Similarly, a kinetic model used to separate the uptake pathways of a variety of marine 

invertebrates (copepods, mussels, and polychaetes) found that the surface deposit-feeding 

polychaete Nereis succinea obtained nearly all metals from sediment ingestion (Bryan & 

Hummerstone 1971) 

 

The toxicity experiment in the present study should be considered only as a range-finding test, 

and further testing between the minimum (NOEC) and maximum (LOEC) effects-levels is 

recommended.  However, the methodology was unique and did provide a degree of ecological 

realism not usually found in standard toxicity test procedures.  The basic methodology followed 

the SSB approach, which takes account of the natural processes that influence metal behaviour 

in sediments, but field rather than pristine sediments were used in the microcosm to represent 

realistic, geochemical conditions.  In addition, the test species used were those that were native 

to the farm sediments, in a further effort to improve the ecological relevance of the results.  

Likewise, because the dominant benthic species in farm sediments are opportunistic, surface 

deposit-feeding polychaetes, the experiment incorporated copper uptake from sediment 

particles, to reflect the likely uptake pathways in the field.   

 

Effects of contaminants in the marine environment have typically been studied either in closely 

controlled laboratory conditions, which do not allow for a range of natural environmental 

factors that may influence outcomes, or in the field, with the inevitable variability of the natural 

environment complicating data interpretation.  A manipulative field experiment, which 

combined the advantages of both these approached, while avoiding many of the disadvantages, 

was designed in Botany Bay, Australia, to investigate the response of natural faunal 

assemblages to copper pollution (Bryan & Gibbs 1983).  Plaster blocks, impregnated with 

copper sulphate, were introduced into the sediment, and faunal abundance was recorded for the 

following 4 month period.  However, as a result of temporal and spatial environmental and 

ecological variability, the nature of the benthic response varied among taxa, and abundance 
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increased or remained the same over time in the controls and treatments. Although the study 

assessed the effects of copper on the faunal community, manipulative field tests are rarely done, 

probably because of practical difficulties and environmental concerns about releasing metals to 

the marine environment.  The toxicity experiment in the present study had the ecological 

realism of a manipulative field study, incorporating relevant sediments and biota, but avoided 

the sensitive issue of releasing copper into an already heavily impacted environment.    

 

Although the modifications made to the SSB approach used in the present study incorporated a 

high degree of realism into the experiment, there were some disadvantages.  Because of the 

natural heterogeneity in farm sediments, background levels of copper in the microcosms and 

sediment concentrations after dosing were variable.  Also in order to replicate field conditions 

and natural sediment horizons, the copper dose was added to the surface of the sediment and not 

homogeneously mixed throughout.  However, this meant that dose concentrations, based on the 

SEPA assumption of 5 cm mixing, varied greatly with depth, since significant mixing did not 

occur in the high dose treatment tanks, in which an immediate lethal event may have occurred. 

 

The organisms used in toxicity experiments are usually standard test species, but the suitability 

of these standard species may be questionable.  For example, before commencing sediment 

copper toxicity experiments, the sensitivity of a validated North American amphipod test 

species (Eohaustorius estuarius) was assessed (Dixon & Sprague 1981).  The preliminary study 

found that this species, although regularly used in marine and estuarine contamination studies, 

was insensitive to copper.  As a result, a more appropriate test species was chosen.  This 

demonstrates the importance of determining the sensitivity to particular contaminants of the 

toxicity test species, since an incorrect choice could lead to erroneous conclusions and, 

eventually, environmental damage or unnecessary restrictions. 

 

The species used in a toxicity test to establish SQC should also be representative of the 

environment under review.  Using laboratory cultured Capitellidae and Spionidae species was 

considered for the microcosm experiment, but this option was rejected because of scientific and 

 

253



Final Discussion and Conclusions  Chapter 6 

logistical reasons.  Because the benthos from different locations were found to have different 

sensitivities to contaminants, a study assessing the effects of heavy metals on offshore nematode 

communities developed community level toxicity bioassays that used natural benthic 

communities in simple microcosm systems (Klerks & Weiss 1987).  The study emphasised the 

need for comparatively realistic bioassays using benthic communities that were ecologically 

relevant to the area of discharge and the impact of the contaminant.  For this reason, validated, 

standard test species were not used in the present experiment, since they would not necessarily 

have had the same sensitivity to copper as the farm species, which were particularly relevant in 

assessing the toxic effects of copper in farm sediments.  Furthermore, invertebrates from highly 

polluted sites often display increased resistance (e.g. Roach et al. 2001, Rainbow 2002), which 

would not have been represented if laboratory cultured Capitellidae species had been used in the 

toxicity test.   

 

Because there can be differences in toxicity response among closely related invertebrate taxa 

living in the same habitat, the taxonomic resolution used in toxicity testing is important 

(Petersen et al. 1998, Rainbow 2002).  A study assessing the importance of taxonomic 

resolution (species, family, phylum) in determining the effects of sediment contaminants on 

spatial and temporal patterns in benthic communities and benthic recruitment found that some 

types of impact could not be detected at phylum level, but most major effects could be identified 

at family level (Petersen et al. 1998).  In the present study, the taxonomic identification to 

family level was probably sufficient, since the toxic effect of copper was found to be different 

between the two dominant families.   

 

Although both families in the present study tolerated severely copper-impacted sediments, 

Capitellidae suffered lethal toxicity at a lower dose than Spionidae.  As the copper dose 

increased, and by inference, the sediment concentration, there was a corresponding increase in 

the levels of copper in the infaunal tissues.  An extensive review of the pathways by which 

marine invertebrates accumulate essential trace metals and the physiological measures taken to 

avoid toxicity found there was significant variability among closely related taxa, and within 
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families, as a result of the different physiological coping strategies adopted (Hansen et al. 1999).  

Zinc uptake in Palaemon elegans increased with increasing zinc availability, but body 

concentration was regulated because zinc excretion matched zinc uptake, whereas barnacles 

tended to store the zinc in detoxified form, without excretion.  Another pattern, observed in 

Orchestia gammarellus, was the excretion of accumulated zinc from detoxified stores (Ingalls et 

al. 2000).  The difference in tolerance between the two families in the present study, but 

similarity in body burdens of copper, indicated differences linked to the efficiency of their 

efflux systems and to their detoxification and storage capabilities. 

6.5 Bioturbation 

Although the microcosm experiment was primarily designed to investigate the impact of 

increasing copper doses on the farm sediment biota, it also allowed the influence of the benthic 

community and bioturbation on copper transport to be studied.  As a result of bioturbation, the 

microcosms with abundant sediment invertebrates displayed vertical mixing of copper that went 

deeper into the sediment and occurred at a faster rate than was observed in the abiotic 

treatments.   

 

A study investigating the influence of bioturbation on the flux of cadmium into estuarine 

sediment and its downcore distribution found that in cores without bioturbation activity there 

was a rapid decrease in sediment and porewater cadmium concentration in the upper sediment, 

with no cadmium observed below 2cm depth (Aller 1994).  The study suggested that the 

movement of cadmium without bioturbation was entirely a result of molecular diffusion.  

However, in the cores with benthic organisms, the sediment levels of cadmium were much 

higher and mixed to a greater depth than in the abiotic controls.  The study concluded that 

bioturbation certainly stimulates the transport of cadmium into the sediment, but that the depth 

of the distribution depends on the life habits of the species, with deeper-burrowing organisms 

promoting a deeper penetration (Aller 1994).  

 

A microcosm experiment that assessed the importance of bioturbation and feeding by different 

densities of Capitellidae on the fate of organic matter and associated pollutants found that the 
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mixing and irrigation of the sediment by deposit-feeding worms enhanced the microbial 

degradation of DEHP (di[2-ethylhexyl]phthalate), as a result of increased oxygen penetration 

(Miller 1998).  Biodiffusion coefficients (Db) were also calculated (following methods of 

Wheatcroft et al., 1990), which showed that as the density of Capitellidae increased, there was a 

corresponding increase in Db.   

 

Another controlled microcosm experiment investigated the role of bioturbation in the 

degradation of chlorophyll-a and the effects of varying abundances of the deposit-feeding 

bivalve, Yoldia limatula (Mucha et al. 2004).   Part of the experiment, which involved using a 

tracer (bromide) to assess the depth of diffusive transport, found that the bromide penetrated 

more deeply into the sediment in the presence of Yoldia.  The study also found that degradation 

of chlorophyll-a occurred most rapidly in the surface, bioturbated zone, and concluded that 

bioturbation was one of the most important controls on mineralisation and preservation of 

organic matter in oxic and anoxic sediments.  Bioturbation stimulated aerobic degradation by 

efficiently oxidating surficial sediments, but it also promoted anaerobic degradation by 

transporting sediment particles across the redox boundary and mixing reactive organic carbon 

into the sub-oxic zone.  Furthermore, bioturbation was responsible for the rapid reoxidation and 

recycling of electron acceptors used during anaerobic degradation, with the result that suboxic 

and anoxic degradation increased.   

 

Bioturbation determines the importance of manganese as an oxidant, by transporting oxygenated 

manganese into reduced sediment zones.  Manganese is characterised by the most dynamic and 

geochemically important cycles of the earth’s surface and, since it scavenges trace metals and 

organics, its reduction-dissolution-reprecipitation cycle plays a critical role in controlling the 

composition of water and sediments (Brooks 2001).  In sediments with abundant benthic 

organisms, bioturbation drives the flux of manganese oxides into anoxic sediments, leading to 

the production of reduced manganese.  The importance of manganese as an electron shuttle 

through the upward diffusion and reoxidation of reduced manganese at the sediment/water 

interface increases in bioturbated sediments (Clines 1969).  In the present study, the importance 
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of manganese in controlling the concentration of many other sediment metals has been 

demonstrated and was probably dependent on the rates of bioturbation caused by the typically 

high infaunal abundance in fish farm sediments.   

6.6 Conclusions and Directions for Future Research 

The work in this thesis shows that copper and zinc are enriched in fish farm sediments, to the 

extent that the sediment quality criteria (SQC) established by SEPA for acceptable levels within 

the allowable zone of effects (AZE) are exceeded.  However, this study only investigated two 

fish farms, and it is recommended that a more extensive survey of fish farms on the west coast 

of Scotland be conducted, in order to determine if sediment levels of copper and zinc at other 

farms are above the SQC limits.  A survey of Scottish fish farms conducted by SEPA in 1996-

97, based on a maximum of 10 sample stations per site (with stations typically within 50 m of 

the cages) found sediments were severely contaminated with copper and zinc at 7 out of 10 

Scottish farms (Allen et al. 1993).  The SEPA report recommended future studies to determine 

the harmful effects of these elevated levels on the benthos, and on the wider ecosystem, but to 

date no such work has been completed (excluding the present study).  The 1996-97 survey 

analysed metals in sediment surface scrapes  (which would not have identified sub-surface 

enrichment), and in homogenised sub-samples from ~10 cm depth grabs, but depth separation is 

important in sediment metal analysis, because, for example, the lower concentrations at depth 

may dilute higher concentrations in the surface layers (Parkes & Buckingham 1986).  In 

addition, the horizontal spatial heterogeneity observed in the present study suggests that a higher 

number of sample collections may be necessary to represent more accurately the sediment 

environment.  Since the present study has also shown that cadmium, molybdenum and uranium 

sediment levels are elevated in comparison with reference station levels, these metals too should 

be included in future studies. 

 

Although levels of copper exceeded the AZE limits, the results showed that this was less likely 

to have been caused by copper input from feed and faecal matter than by the release of copper 

from anti-foulant products.  Unfortunately, very little work has been done on copper released 

from treated farm structures and equipment, and its potential environmental pathways and 
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interactions have not been quantified at the present time.  This lack of information about the 

behaviour and longevity of copper released as a result of anti-foulant treatment certainly calls 

for further research, which could considerably improve budget calculations for copper around 

fish farms, as well as provide a realistic input value for predicting copper deposition and 

dispersion through modelling. 

 

Levels of zinc in the sediment were mainly attributable to the feed and faecal waste, which also 

contributed to copper sediment levels.  Further research would be useful to determine if the 

current levels of copper and zinc within the feed are necessary to fulfil nutritional demands.  

Certainly, a review of the sparse literature available suggests that the concentration within the 

feed is in fact considerably higher than dietary requirements dictate (§ 1.3.4).  Research leading 

to a reduction of this concentration, or the use of a more biovavailable compound, such as a zinc 

methionine analog (Allen et al. 1993), could help reduce levels of metals within the AZE and 

keep them within the SEPA guidelines.   

 

The values used in calculating the total input of copper and zinc from feed and faecal losses 

were generally estimates, yet these values were integral to modelling and budget calculations.  

Research should concentrate on the effects of improved feed technology measures, such as 

controlled release or “on-demand” release feed hoppers, which may reduce the amount of feed 

wasted and, consequently, the amount of copper and zinc released to the marine environment.  

In the present study, there were uncertainties involved in calculating faecal waste released from 

the fish, since neither the digestibility nor the retention method fully addressed the 

particularities of copper and zinc excretion, something which should also be the focus of future 

research.  The limitations for realistic modelling and budget calculations imposed by using 

estimated values for feed and faecal waste suggest the need for research into the actual amount 

of copper and zinc used and absorbed by the fish, in relation to the feed concentration.  The 

preliminary steps in such research would be to ascertain the nutritional requirements, 

assimilation efficiency (and hence the digestibility of the feed components), and storage 

capacity for copper and zinc of farmed Atlantic salmon. 
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The SQC used by SEPA are designed to protect benthic invertebrates, but the results from this 

study suggest that the sediment concentrations observed, which exceeded the SQC, did not 

significantly affect infaunal abundance, although there may have been physiological, sub-lethal 

effects occurring that did not influence abundance measures.  A comparison of the toxicity 

values calculated in the present study with currently accepted national and international 

standards suggests that the no-effects level of sediment copper for fish farm tolerant 

invertebrates is considerably higher than the guidelines indicate.  The toxicity experiment was 

essentially a range-finding test, and further environmentally realistic tests should be completed 

between the no-effects and lowest-effects levels, and the MATC (ChV) and LC50 calculated.  By 

following the modified SSB approach used in the microcosm experiment and replicating the 

biological and physicochemical conditions that exist in farm sediments, ecologically appropriate 

SQC could be determined that reflect the many site-specific controls on metal toxicity found 

around fish farms. 

 

The fact that the infauna in the sediments collected for the toxicity experiment could withstand 

higher doses of copper than the guidelines suggest may indicate a degree of resistance to copper 

pollution acquired over time.  The benthic invertebrates may have acclimatised and developed a 

certain tolerance to excess metal levels, by regulating uptake, reducing their sensitivity to 

bioaccumulated metals, or increasing the efficiency of their removal mechanisms (detoxification 

and storage or excretion).  An interesting avenue for further work would be to compare copper 

uptake, accumulation and toxicity in benthic invertebrates between those collected from farm 

sediments and those collected or cultured from other sites with different environmental 

conditions, to determine if indeed farm species were able to tolerate higher levels of copper, and 

regulate adsorption and accumulation more efficiently than non-farm individuals.   

 

The microcosm experiment examined the impact, accumulation, and transportation of only one 

metal, copper, but the field investigations and inventories showed that other metals (i.e. zinc, 

cadmium, molybdenum and uranium) were also elevated in farm sediments, and increased over 
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the farm growing season.  Many similar biological, physical and geochemical factors influence 

these metals and affect their behaviour and possible pathways: for example, the partitioning 

process between the solid and soluble phase; the metals’ potential for binding with organic 

matter, manganese and iron oxides, and sulphides, or for being released to solution; their 

bioavailability and potential for bioaccumulation and subsequent toxicity; and their mixing by 

benthic organisms and transportation through the sediment.  A fruitful avenue for further 

research would be to investigate the bioavailability, impact and potential toxicity of the other 

metals that are elevated in farm sediments and establish appropriate sediment quality criteria for 

them all.     

 

Despite enhanced levels of some sediment metals, the infaunal data showed high abundance and 

biomass, although low diversity, as would be expected in organically enriched environments.  

The low diversity may have been caused by certain species being excluded from the farm 

sediments, as a result of their sensitivity to elevated metal levels.  However, it may not have 

been only toxic effects from enriched metals that affected the benthic community.  Some of the 

metals that were depleted in the farm sediments are essential micronutrients, and there may also 

have been deficiency effects that restricted certain species. It would be worthwhile investigating 

the effect of sediment metals on a range of organic-tolerant species to determine if there is 

indeed less diversity in farm sediments as a result of the enrichment, or deficit, of certain 

metals. 

 

The temporal variation observed in the field investigations indicates that there are significant 

changes in sediment metal levels over the growing season.  It would be ecologically prudent to 

determine the longer-term effects of changes in metal concentrations, since an accumulation or 

depletion of sediment metals over time may have considerable impact on biological and 

geochemical cycling.  Even in the short term, between growing seasons, elevated metal levels 

could alter biological conditions.  For example, although organic waste is mineralised, and 

enriched, azoic sediments recover during site fallowing, metals can remain in the sediment and 

restrict re-colonisation by metal-sensitive species.  Furthermore, this research has provided 
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evidence for large-scale changes in sediment metal concentrations as a result of the varying 

redox conditions over a 9-month growing period, i.e. a relatively short term.  This dynamic 

seasonality of sediment redox conditions and trace metal behaviour has not been addressed in 

other research studies.  The magnitude of benthic trace metal fluxes and their reversal over short 

time scales has important implications for benthic communities in terms of bioavailabilty and 

toxicity, which would benefit from further research.  It would also be a useful avenue for future 

work to examine the changes that take place long term, including after a fallowing period, in 

order to determine if the recovery of the sediment is reflected in the return of sediment metal 

concentrations to near-control, non-impacted conditions. 

 

Organically enriched fish farm sediments promote sulphate reduction and the formation of 

abundant sulphides, which can then be removed from solution by binding with metals.  

Although sediment and pore water profiles from the farm sediment in the present study suggest 

that the binding of soluble metals by sulphide accounts for an increase in solid phase metals in 

reducing conditions, this was not actually confirmed by analysis.  In sediment-extracted pore 

water samples, soluble sulphates can be measured by ion chromatography, and soluble sulphides 

can be fixed in zinc acetate and precipitated as zinc-sulphide, and then measured by 

spectrophotometry (Wang & Fisher 1999).  Solid phase acid-volatile sulphides (AVS) are often 

determined by acidifying the sediment sample, trapping the evolving hydrogen sulphide in a 

sodium hydroxide solution, and measuring by titration (Selck et al. 1998).  However, since the 

acidified sample tends to oxidise rapidly to sulphate, the determination is better carried out in an 

oxygen-free, nitrogen atmosphere, where the sample is fixed with zinc acetate after 

acidification, and then measured by spectrophotometry (Millward et al. 2001).   Future research 

in this field should include a determination of total inorganic sulphide content, in order to 

establish more clearly the processes involved in the immobilisation of metals in farm sediments. 

 

A major control on the availability of metals to the benthos is thought to be the AVS content of 

a reducing sediment environment, since any metals that bind with sulphides are considered no 

longer available for biological uptake.  The relative bioavailability can be calculated by 
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subtracting the AVS content, determined by extensively oxidising the sulphides with acid, from 

the simultaneously extracted metals (SEM) in the filtered acid suspension (Johns & Taylor 

1997).  If SEM less AVS is negative, it is unlikely the metals will be bioavailable, but if it is 

positive, there is potential for bioavailability.  Farm sediments tend to be enriched with metals, 

but are also likely to have abundant AVS, and because of the importance of AVS in controlling 

metal bioavailability, the determination of AVS and SEM would aid in setting relevant 

guidelines to protect benthic invertebrates from toxic effects.   

 

Ingestion of sediment particles can be a major uptake route of metals for many species (Tessier 

et al. 1979, e.g. Bruland et al. 2000, ScottishExecutive 2002), and thus, although AVS can 

remove metals from solution, there remains considerable potential for uptake of metals from the 

sediment phase.   Furthermore, although toxic effects of sulphides within some organisms are 

avoided by oxidation of sulphides in the guts , this process itself may release and remobilise 

metals from sulphide-metal complexes, such that metal toxicity may still occur.   

 

Analysis of a suite of metals in the farm sediment and pore water provided a coherent picture of 

geochemical conditions, and led to the identification of particular factors that were controlling 

the pathways and cycling processes of metals.  Biogeochemical processes, and the potential 

bioavailability and consequent toxicity of metals, could be confirmed in the future by 

performing sequential extraction on sediment samples, and speciation analysis in pore water 

samples.  Determining the partitioning of sediment metals among the exchangeable, carbonate-

bound, reducible, oxidisable and residual mineral fractions allows the relative amounts of metals 

associated with these phases to be known .  Highly sensitive cathodic and anodic stripping 

voltammetry speciation analysis reveals what form a metal takes in the pore water, whether, for 

example, it is chelated with organic ligands, complexed with inorganic ligands or present in the 

hydrated, free ion phase .  Future research into the biogeochemical cycles of fish farm sediments 

should include both sequential extraction and voltammetric techniques, in order to provide more 

information with which to assess the environmental interactions and fate of sediment metals, 

and their potential availability and toxicity. 
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Although the biological investigation of the present study concentrated on the macrofaunal 

community, the microbial population is also of great importance in the sediment environment.  

Many aerobic and anaerobic microbes are catalysts and mediators for sediment metal 

biogeochemical activities, involved in diagenesis, organic matter degradation, oxidation-

reduction pathways, and chelation and scavenging processes.  With this in mind, it would be 

valuable for future research to investigate the influence of elevated metal levels on microbial 

sediment processing, the involvement of microbially mediated metal speciation transformations 

on metal cycling, and the resistance and tolerance of the microbial community in farm 

sediments to metal toxicity.  

 

This study focussed on the biogeochemical conditions in reducing farm sediments during a 9-

month farm growing season.  However, longer-term studies are required to determine the 

changes that may take place in physicochemical processing of sediment metals during and 

following the fallowing period, and to quantify possible metal accumulation over several years.  

Bioturbation influences organic material decomposition, sediment redox conditions, the 

reduction-dissolution-reoxidation pathways of manganese, iron and sulphur species and 

associated metals, and the influx of contaminants into the sediment.  The composition, 

abundance and activity of infaunal populations can also change over time, and long-term studies 

could illuminate any associated biological trends.   

 

Metals are released from the sediment to the overlying water during the farm season, but this 

release may be enhanced during the fallowing period as a result of changes in sediment 

physical, biological and geochemical conditions.  The release of metals to the water column 

may have wider environmental implications because of the potential for metal bioaccumulation, 

particularly in commercially important filter feeding species, such as oysters and mussels, which 

are often cultivated in the same waters as farmed fish.  Future research should investigate the 

potential for this release and quantify the impact of elevated soluble metals on various 

organisms around fish farms. 
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There is a considerable research base already established for some of the environmental impacts 

of salmon farming in Scottish sea lochs.  However, an extensive review of Scottish aquaculture, 

commissioned by the Scottish Executive , identified research gaps that need to be filled in order 

to promote future sustainable development of marine salmon farming in Scotland.  Among these 

gaps was the ecological effect of metals in waste discharges.  In order to fill some of these gaps, 

the intent of the present study was to establish the physical and biogeochemical conditions in 

the sediment around two fish farms, predict the distribution of sediment zinc and calculate 

budgets for copper and zinc from one of the farms, investigate the bioavailability and potential 

for toxicity and bioaccumulation of copper, and, finally, demonstrate the importantance of 

bioturbation in farm sediments.   Following these various lines of enquiry, the study has 

attempted to begin the necessary investigation into the physical and biogeochemical processes 

of fish farm sediments, focussing in particular on the interactions and fate of sediment metals.  
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