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Abstract 

It is widely recognised that the inadequate removal of pharmaceuticals within 

wastewater treatment plants (WWTPs) may results in these compounds (and their 

transformation products (TPs) and metabolites) entering surface water. Knowledge gaps 

exist on pharmaceutical presence and potential effects in rural regions (e.g., Scotland’s 

Highlands and Islands), where historic monitoring has been limited. These areas may face 

challenges relating to wastewater management and environmental pollution, as 

wastewater is generally treated at small, less advanced WWTPs. These WWTPs may 

struggle to adequately eliminate pharmaceutical compounds as populations grow, 

wastewater volumes increase and pharmaceutical usage continues to rise.  

This thesis sought to fill knowledge gaps on pharmaceutical occurrence, distribution 

and degradation in rural wastewaters and surface waters in Scotland. The aim was carried 

out through: (i) comprehensive literature review; (ii) target compound selection; (iii) 

characterisation of hospital wastewater and its impact on pharmaceutical concentrations 

in a rural ‘source-to-sink’ water cycle; (iv) targeted monitoring and suspect screening of 

pharmaceuticals, TPs and metabolites within separate stages of a rural WWTP; and (v) 

assessment of temporal and spatial trends in pharmaceutical presence in the River Dee 

(Aberdeenshire) over 12 months using both passive and grab sampling. Eight common 

pharmaceutical compounds were selected for this work: paracetamol, diclofenac and 

ibuprofen (analgesics/nonsteroidal anti-inflammatory drugs); clarithromycin and 

trimethoprim (antibiotics); carbamazepine and fluoxetine (psychoactive drugs); and 17α-

ethynylestradiol (synthetic hormone).  

Overall, results suggest that the studied rural community produced wastewater 

with significant concentrations of the target compounds. Paracetamol was generally 

detected in highest concentration within the hospital and municipal wastewaters. Values 
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ranged: 3 ng/L (carbamazepine) to 105910 ng/L (paracetamol) in hospital discharge; 5 ng/L 

(ibuprofen) to 127437 ng/L (paracetamol) in WWTP influent; 95 ng/L (diclofenac) to 273859 

ng/L (paracetamol) in WWTP primary wastewater; 6 ng/L (paracetamol) to 1047 ng/L 

(carbamazepine) in WWTP secondary wastewater; and 60 ng/L (clarithromycin) to 36201 

ng/L (paracetamol) in WWTP effluent. The WWTP was unable to fully eliminate some 

compounds, with average removals ranging from >80% (for paracetamol, ibuprofen) to 

<0% (for diclofenac, carbamazepine and clarithromycin). Compound removal and 

behaviour (e.g., solid-phase sorption and biodegradability) within the WWTP may be 

related to the significant pharmaceutical–water quality relationships identified here, such 

as carbamazepine with dissolved inorganic carbon, dissolved organic carbon and 

wastewater flow. Suspect screening with high resolution mass spectrometry tentatively 

identified 12 TPs and metabolites. Several proposed compounds (e.g., 14-hydroxy-

clarithromycin, n-acetyl-benzoquinonimine) were unmodified at the pharmacologically 

active site of the parent drug, and may possess similar (or higher) activity and potential 

ecotoxicity. Reference standard comparison is necessary for unambiguous confirmation of 

the TPs.   

Grab and passive sampling performed in the River Dee (Aberdeenshire) revealed 

that pharmaceutical concentration and distribution is generally linked to catchment 

urbanisation. Paracetamol, ibuprofen, diclofenac, carbamazepine and trimethoprim were 

the most abundant compounds throughout the river, and detected at the highest 

concentrations (maximum concentrations >100 ng/L). The concentrations were most 

pronounced near WWTP discharge sites, but passive sampling revealed persistent, low-

level pollution of most compounds throughout the river. Combination of grab sampling (to 

characterise the magnitude of contamination peaks) and passive sampling (to capture trace 

concentrations and average overtime) may therefore provide the best assessment of 
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contamination. Temporal trends and significant river flow relationships were identified for 

diclofenac and carbamazepine, indicating that dry weather may result in greater 

pharmaceutical pollution issues for the River Dee in future.  

This work highlights the need to reduce pharmaceuticals entering surface water in 

rural communities. Recommendations herein may guide site-specific research to assess 

sustainable and economically viable interventions (e.g., separate treatment of hospital 

wastewater), or preventative measures (e.g., source control). Focused research should 

continue filling knowledge gaps on the presence of pharmaceutical-based compounds in 

rural areas, and characterise degradation behaviour and fate in effluent-receiving surface 

water. Continued work is essential to provide evidence to policymakers, environment 

agencies and water regulators on pharmaceutical pollution to evaluate associated risks and 

mitigate environmental impacts.  
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1.1 Pharmaceutical prescribing and usage in Scotland 

A pharmaceutical is a molecule with medicinal properties that is manufactured to 

treat, diagnose, cure or prevent disease in the consumer (Jones, 2011). According to the 

Scottish National Health Service (NHS), pharmaceutical prescribing rates in Scotland have 

increased by approx. 37% over the past 14 years, with more than 103 million 

pharmaceutical items prescribed in 2018-2019 (Information Services Division, 2019). This 

is an increase from 75 million items dispensed in 2004-2005, and current estimates suggest 

continued rise in prescribing rates (Information Services Division, 2019). In parallel with 

prescribing activity, pharmaceutical expenditure in the United Kingdom (UK) healthcare 

industry represents a large portion of the current economy; NHS Scotland spends more 

than £1 billion per year on pharmaceuticals (including costs of manufacturing, packaging 

and dispensing), and total expenditure in the UK is approx. £20 billion per year (Information 

Services Division, 2019). Over-the-counter (OTC) sales are also a significant route by which 

consumers may privately attain pharmaceutical drugs, and UK sales reached £2.56 billion 

in 2017 (“Breakdown of the OTC medicines market in Britain,” 2018) . This extensive use 

and expenditure is in response to growing and aging populations, new technological 

advances, pharmaceutical availability and also the “pill for every ill” culture, which has 

become a common theme in today’s modern society.  

Pharmaceutical prescribing is now the most common medical intervention in 

modern healthcare (Jones, 2011). Currently, there are more than 5000 different 

pharmaceutical substances used for human and veterinary medicine worldwide, not 

including drugs of abuse (e.g., methamphetamine, cocaine, etc.) and homeopathic agents 

(Dorival-García et al., 2013; Van Doorslaer et al., 2014). In the UK, there are approx. 3000 

pharmaceutical items licensed for human use (Boxall et al., 2012; Helwig et al., 2016). The 

British National Formulary details the current, and previously available, drugs supported by 
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the NHS (British National Formulary, 2020). From this national formulary, NHS national 

health boards (e.g., NHS Scotland) and regional health boards (e.g., NHS Highland, NHS 

Greater Glasgow and Clyde) are able to modify their own formularies to best suite user and 

prescriber needs (British National Formulary, 2020). However, as self-medication and OTC 

drug availability continues to rise, pharmaceutical use has increasingly been put into the 

hands of the consumers. Indeed, for ibuprofen, one of the most commonly used analgesics 

to relieve pain and cold or flu symptoms, 311.8 tonnes were sold in England and Wales 

between 2016-2017 (Scottish data unavailable), compared to 97.6 tonnes prescribed in the 

same year (Austin et al., 2020).  

Pharmaceuticals are represented by a broad group of chemically-refined 

therapeutic agents, which are separated into several classes including: analgesics, non-

steroidal anti-inflammatories (NSAIDs), antibiotics, antidepressants/psychoactive drugs, 

hormones, lipid regulators, β-blockers and cytostatic agents, among others (Comber et al., 

2018; Van Doorslaer et al., 2014; Wilkinson et al., 2017). Examples of pharmaceutical 

compounds within these groups are shown in Table 1.1. These compounds are complex 

organic molecules with a wide range of physicochemical properties. However, to increase 

biological activity, the vast majority are moderately water soluble and lipophilic (log Kow >4 

indicating lipophilicity; Lajeunesse et al., 2012; Ternes et al., 2004), and many have 

molecular masses below 500 grams per mol (Ikehata and Gamal El-Din, 2006). Following 

ingestion, inoculation or topical application, these characteristics enhance bioavailability 

to promote absorption and distribution in the body, in order to elicit the desired 

pharmacological effect (Ikehata and Gamal El-Din, 2006; Verlicchi et al., 2012b). 

Subsequent metabolism through biological and chemical reactions in the liver and kidneys 

generally increases water solubility for enhanced elimination with urine (Ikehata and 

Gamal El-Din, 2006).  
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Table 1.1. Therapeutic classes and pharmaceutical compounds which are the most commonly 
found in the environment. Adapted from Verlicchi et al., (2012b) and Nikolaou et al., (2007). 

Class Compound 

Analgesic/NSAID Paracetamol, ibuprofen, diclofenac, naproxen, ketoprofen, 
tramadol, mefenamic acid, acetylsalicylic acid 
 

Antibiotics Amoxicillin, sulfamethoxazole, sulfonamide, ciprofloxacin, 
enrofloxacin, norfloxacin, ofloxacin, tetracycline, doxycycline, 
oxytetracycline, clarithromycin, erythromycin, azithromycin, 
trimethoprim, tylosin, Penicillin G, Penicillin V 
 

Antidepressants/psychoactive 
drugs 

Fluoxetine, sertraline, paroxetine, lorazepam, diazepam, 
carbamazepine 
 

β-blockers Atenolol, metoprolol, propranolol, sotalol, timolol 
 

Hormones 17β-Estradiol, estriol, estrone, 17α-ethynylestradiol  
 

Cytostatic agents Tamoxifen, cyclophosphamide, ifosphamide 
 

Lipid regulators Bezafibrate, clofibrate, clofibric acid, fenofibrate, simvastatin 

1.2 Pharmaceutical sources and pathways into the environment 

1.2.1 Pharmaceutical entrance into wastewater  

After administration, pharmaceutical compounds are metabolised and excreted 

with urine (and faeces) into the wastewater cycle (Petrie et al., 2015; Verlicchi et al., 2012b; 

Wilkinson et al., 2017). These compounds may be excreted in metabolised, or partially 

metabolised form, resulting in a large variety of parent compounds and metabolites 

entering waste streams (Celiz et al., 2009; Metcalfe et al., 2010; Zhang and Li, 2011) . 

Additional activity, such as washing off topically applied medical creams, and improper 

disposal by flushing down the sink or toilet, adds to the problem. Once present in 

wastewater, pharmaceuticals may undergo further transformation and deconjugation via 

natural reactions, such as photolysis, hydrolysis and microbial degradation (Hübner et al., 

2015; Menz et al., 2017; Zhang and Li, 2011). Due to the widespread use and consumption, 

pharmaceutical-based compounds (including parent compounds, human metabolites and 

transformation products) continuously enter municipal wastewater treatment plants 
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(WWTPs) in growing quantities (aus der Beek et al., 2016; Nikolaou et al., 2007; Ternes et 

al., 2004).  

Figure 1.1 demonstrates the multiple pathways by which pharmaceuticals may be 

introduced into wastewater, and subsequently enter WWTPs (or the environment). 

Wastewater from domestic settings is the dominant source for introduction of 

pharmaceuticals into WWTPs; however, other significant sources include waste from 

pharmaceutical manufacturers, commercial businesses, hospitals, healthcare facilities and 

laboratories (Helwig et al., 2013; Oliveira et al., 2018; Petrie et al., 2015). Landfill leachates 

may also present a significant contribution to receiving WWTPs, but these may undergo 

separate treatment as indicated in the figure (Nikolaou et al., 2007).  

 
Figure 1.1. Sources and pathways of pharmaceutical compounds into WWTPs, or the environment. 

Potential instances of metabolism, and biological or chemical degradation indicated. Adapted from 

Fatta-Kassinos et al., (2011) and Nikolaou et al., (2007).   
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Additionally, there are instances where pharmaceutical compounds may avoid 

municipal wastewater treatment and enter the environment directly. In most cases, waste 

from agricultural and fisheries industries will not be treated at WWTPs, and this may 

subsequently introduce veterinary medicines into the environment (Fairbairn et al., 2016; 

Liu and Wong, 2013). Application of treated sewage sludge or manure to soil as a fertiliser, 

or irrigation of fields with treated wastewater effluent, may result in pharmaceutical and 

veterinary compounds entering surface water with field runoff following rain events 

(Lajeunesse et al., 2012; Monteiro and Boxall, 2009).  

1.2.2 Hospitals and healthcare facilities  

Outside of domestic settings, hospitals and healthcare facilities are critical and key 

point sources for pharmaceuticals, wherein a diverse range of compounds are used and 

consumed (Mendoza et al., 2015; Oliveira et al., 2018; Santos et al., 2013; Verlicchi et al., 

2012a). For example, in three German healthcare facilities (psychiatric and general 

hospitals, as well as a nursing home), total pharmaceutical consumption ranged from 32 to 

1263 kg per year, with annual values ranging between 0.1 to 1000 g per bed (Herrmann et 

al., 2015). The main therapeutic classes of drugs consumed or infused in hospitals are 

contrast media, laxatives, analgesics, anti-inflammatories and antibiotics (Daouk et al., 

2016). In Germany, approximately 25% (105 tonnes) of the total antibiotics used (412 

tonnes, 0.5 g per capita per year) were in healthcare facilities (Kümmerer and Henninger, 

2003). Antibiotic use in hospitals is variable across the globe, with antibiotics accounting 

for 5 – 20% (Europe), 25% (United States of America, USA) and 30% (UK) of total drugs used 

in hospitals (Chonova et al., 2018). Antibiotic consumption in hospitals in the Netherlands, 

France and Scotland was 63, 106 and 185 g per bed per year, respectively (Helwig et al., 

2013).  
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This activity subsequently results in the detection of a complex variety of 

pharmaceutical compounds (and their metabolites) in the mid to high nanogram per litre 

(ng/L) range in hospital wastewaters (Santos et al., 2013; Verlicchi et al., 2012a; Verlicchi 

and Zambello, 2016). Table 1.2 indicates the variety of concentrations and compounds 

detected in hospital wastewater, with concentrations ranging from 18 ng/L (fluoxetine, 

Italy) to >44,000 ng/L (paracetamol, Spain). Additionally, wastewater may contain partially 

metabolised or degraded pharmaceutical compounds, such as acridone (carbamazepine 

degradation product) and norfluoxetine (fluoxetine human metabolite), in appreciable 

concentrations (Santos et al., 2013). The pharmaceutical composition of hospital 

wastewater is highly complex and dependent on several factors, including medical services 

provided at the hospital, prescribing practices and laboratory/research activity (Oliveira et 

al., 2018; Santos et al., 2013; Verlicchi et al., 2012a). Also, as pharmaceutical concentrations 

in wastewater are directly impacted by the administered amount, percentage excreted and 

physicochemical properties of the drug (e.g., water solubility, stability and 

biodegradability); this will impact occurrence in wastewater (Oliveira et al., 2018). 

Table 1.2. Pharmaceuticals detected in hospital wastewater in select European countries, 
reported in range of concentrations (ng/L), ND = not detected. 

Class Pharmaceutical 
Concentration 

(ng/L) 
Country Reference 

Analgesic/NSAID Paracetamol 15100 – 44300 Spain Mendoza et al., 2015 

  1400 – 5900 Italy Verlicchi et al., 2012a 

  20 – 190 Switzerland Kovalova et al., 2012 

 Diclofenac 572 – 676 Spain Mendoza et al., 2015 

  650 – 1060 Switzerland Kovalova et al., 2012 

  170 – 530 Italy Verlicchi et al., 2012a 

 Ibuprofen 827 – 2196 Spain Mendoza et al., 2015 

  380 – 3200 Italy Verlicchi et al., 2012a 

Antibiotic Trimethoprim 1596 – 4791 Spain Mendoza et al., 2015 

  68 – 1800 Italy Verlicchi et al., 2012a 

  40 – 1820 Switzerland Kovalova et al., 2012 

 Clarithromycin 78 – 498 Spain Mendoza et al., 2015 

  50 – 14000 Italy Verlicchi et al., 2012a 

  1000 – 4120 Switzerland Kovalova et al., 2012 

Diuretic Furosemide 6373 – 14730 Spain Mendoza et al., 2015 

  1440 – 3130 Switzerland Kovalova et al., 2012 

β-blocker Atenolol 630 – 2320 Spain Mendoza et al., 2015 
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  1680 – 2640 Switzerland Kovalova et al., 2012 

 Propranolol 30 – 94 Italy Verlicchi et al., 2012a 

  75 – 160 Switzerland Kovalova et al., 2012 

Anti-epileptic  Carbamazepine 123 – 571 Spain Mendoza et al., 2015 

  64 – 1200 Italy Verlicchi et al., 2012a 

  100 – 340 Switzerland Kovalova et al., 2012 

 Acridone* ND – 3  Portugal Santos et al., 2013 

Antidepressant Paroxetine 107 – 884 Spain Mendoza et al., 2015 

 Fluoxetine 18 – 69 Italy Verlicchi et al., 2012a 

  18 – 128  Portugal Santos et al., 2013 

 Norfluoxetine* ND – 85 Portugal Santos et al., 2013 

*Degradation product or human metabolite. 

Following excretion or entry into hospital wastewater, pharmaceuticals may behave 

differently (e.g., undergo various degradation and/or adsorption/desorption processes) 

based on their physicochemical properties and that of the wastewater (e.g., its pH, 

temperature, organic carbon and suspended solid load) (Oliveira et al., 2018, 2015). Other 

ancillary activities such as laundry, estates, kitchen services, laboratory and research 

practices, will also introduce other potential pollutants (e.g., disinfectants, surfactants and 

diagnostic agents) alongside other components (e.g., pathogens, suspended solids, carbon 

and nutrients) (Oliveira et al., 2018; Santos et al., 2013). Furthermore, it has been reported 

that sanitation (42%; Environment Science Center, 2013) and laundry (29%; Helwig et al., 

2013) account for most of the total water usage within a hospital. Thus, it is expected that 

varying dilution levels and interactions with other wastewater components will greatly 

influence pharmaceutical behaviour in hospital discharge, and impact detectable 

concentrations entering the wastewater system.  

It is evident that hospitals are an important source of pharmaceuticals, with 

generally greater variety and concentrations than municipal wastewater. Santos et al., 

(2013) reported that discharges from four Portuguese hospitals introduced 32%, 41% and 

51% of the total mass loads of NSAIDs, antibiotics and analgesics (respectively), into 

receiving municipal wastewater. Helwig et al., (2013) compared hospital wastewater to 

municipal WWTPs and observed antibiotics originating in hospital wastewater accounted 
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for 53% (sulfamethoxazole) to >99% (ciprofloxacin) of the total pharmaceutical loads. This 

introduction of highly polluted, and generally more complex, wastewater into receiv ing 

WWTPs may lead to challenges in successful remediation. Separate treatment of hospital 

wastewater may reduce the burden on WWTPs, and prevent dilution of the most 

frequently administered and ecotoxicologically relevant drugs (e.g., cytostatic agents, 

hormone therapy drugs, contrast media) in municipal sewer systems (Al Aukidy et al., 

2014). This is particularly important as WWTPs may treat waste from industries which 

dispose of large quantities of water (e.g., textile manufacturers, fish processing plants, 

distilleries) and road flooding or rain drainage (Helwig et al., 2013; Oliveira et al., 2018; 

Santos et al., 2013). However, before interventions can be implemented, further site-

specific research into micropollutant loads and the impact of hospital wastewater on 

receiving municipal WWTPs is needed. 

1.2.3 The wastewater treatment process  

The introduction of pharmaceuticals into WWTPs with wastewater across the UK 

and Europe has been well documented (Ashton et al., 2004; aus der Beek et al., 2016; 

Gardner et al., 2012; Loos et al., 2010; Lyko et al., 2012; Wilkinson et al., 2017) . WWTPs 

were designed to remove dissolved organic matter, solid waste, bacteria, pathogens and 

nutrients from raw wastewater (Kümmerer, 2009; Vieno et al., 2007). Conventional and 

advanced wastewater treatment are characterised by two or three treatment stages, 

respectively; these are primary, secondary and (if available) tertiary (Figure 1.2). Raw 

sewage will undergo treatment based on the individual WWTP configuration, and the level 

of treatment may vary on a case-by-case basis. WWTP removal efficiency for 

pharmaceuticals (and other macro- and micropollutants) is generally estimated from the 

percent difference in influent and final effluent concentrations.  
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Figure 1.2. General three-step advanced wastewater treatment process employing secondary CAS 
and tertiary disinfection. The red box highlights the activated sludge cycle.  Adapted from U.S. Water 
Treatment Factsheet, (2020).  

Primary treatment generally involves two screening processes (preliminary 

filtration and sedimentation) followed by clarification to remove large debris and floating 

items, and separate liquid and solid waste (Michael et al., 2013). This stage may also include 

coagulation and flocculation with chemical agents, such as iron (III) chloride and aluminum 

sulfate, to increase treatment efficiency (Lonappan et al., 2016). Limited pharmaceutical 

removal is generally reported during primary treatment, but may occur via natural 

biodegradation, photolysis or conjugation with metabolites and degradation products 

(Evgenidou et al., 2015; Gardner et al., 2013; Petrie et al., 2014). Due to the high complexity 

of wastewater, interactions between organic pollutants and other wastewater substituents 

(e.g., dissolved organic carbon, dissolved metals, nutrients, suspe nded matter, etc.) may 

occur during any stage of the treatment process (Kümmerer, 2009; Lonappan et al., 2016) .  

Secondary biological treatment generally utilises conventional activated sludge 

(CAS; indicated in Figure 1.2 with a red box), membrane bioreactors or trickling filters 

(Guerra et al., 2014; Petrie et al., 2015; Tran and Gin, 2017). Biological degradation is used 

for removal of organics and nutrients, which may occur under various aerobic, anaerobic 

and anoxic conditions (Lajeunesse et al., 2012; Michael et al., 2013; Petrie et al., 2014). CAS 
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is the most commonly employed secondary treatment step, which facilitates the growth of 

a diverse microbial community that consumes organic matter; during which 

microorganisms may fully mineralise or partially breakdown macro- and micro-carbon 

molecules, including pharmaceuticals (Celiz et al., 2009; Lajeunesse et al., 2012; Michael et 

al., 2013; Ternes et al., 2004). Biodegradation and adsorption by activated sludge are the 

two dominant mechanisms for organic pollutant removal during secondary treatment 

(Petrie et al., 2014; Verlicchi et al., 2012b). However, compound desorption from sludge, 

limited microbial activity and increased wastewater volumes entering treatment could limit 

efficiency and thus introduce pharmaceuticals into the environment, if no additional 

treatment is used to clarify secondary effluent (Liu and Wong, 2013; Nikolaou et al., 2007; 

Van Doorslaer et al., 2014). 

Tertiary treatment has been incorporated into advanced WWTPs to increase 

effluent quality through chemically intensive disinfection or clarification methods, such as 

chlorination, ozonation and ultraviolet light irradiation (Klamerth et al., 2010; Moreira et 

al., 2016; Sultana et al., 2017). Also, advanced oxidation processes (AOPs, usually catalyst 

assisted photolysis), membrane ultra- and nano-filtration, reverse osmosis and activated 

carbon adsorption may be employed in conjunction with traditional treatment (Hübner et 

al., 2015; Moreira et al., 2016). These processes employ strong chemical conditions (e.g., 

high ozone and chlorine doses) and additional oxidizing agents, such as hydrogen peroxide 

(H2O2), titanium dioxide (TiO2) and iron (Fe2+ or Fe3+), to degrade organic pollutants (Ikehata 

and Gamal El-Din, 2006; Mohapatra et al., 2014; Postigo and Richardson, 2014). Tertiary 

treatment effectively treats wastewater for pathogens, bacteria and (to some extent) 

pollutants, and is particularly necessary if reclaimed wastewater is recycled into municipal 

water supplies (Reungoat et al., 2012; Rosario-Ortiz et al., 2009). However, complete 

pharmaceutical elimination may not be achieved during treatment, and these harsh 
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conditions may produce unintended and unidentified degradation products (Han et al., 

2018; Mohapatra et al., 2014; Postigo and Richardson, 2014).  

1.2.4 Pharmaceutical behaviour during wastewater treatment  

According to Petrie et al., (2014), the fate of pharmaceuticals in WWTPs can be 

characterised by three pathways: sorption to solid-phase sludge, biodegradation and 

persistence in aqueous-phase wastewater. This behaviour will be partly controlled by their 

physicochemical properties (e.g., water solubility, sorption potential, acid dissociation 

constant, biodegradability), and the physical and chemical qualities of the wastewater (e.g., 

pH, turbidity, conductivity, total suspended solids, dissolved organic carbon) (Oliveira et al., 

2018, 2015). As pharmaceuticals have broad ranges of physicochemical properties, and 

wastewater is a complex and continuously changing medium, predicting behaviour during 

wastewater treatment is challenging. This is particularly difficult to characterise as 

compounds with similar physicochemical properties and chemical structures may exhibit 

different behaviour. This was the case for three estrogen hormones, which demonstrated 

varying removal, 70% (17α-ethynylestradiol), 40% (17β-estradiol) and 15% (estrone), in a 

study assessing micropollutant removal in 160 WWTPs in the UK (Gardner et al., 2013).  

Pharmaceutical affinity to the particulate phase is characterised by solid-phase 

sorption, which may occur through absorption (via lipophilic interactions with 

microorganisms and suspended matter) or adsorption (via electrostatic interactions) 

(Gardner et al., 2013; Petrie et al., 2014; Verlicchi et al., 2012b). These reactions will vary 

depending on the compound, and may be linked to the compound’s solid-liquid partition 

coefficient (log Kd <3 indicating poor sorption capacity) and octanol-water partition 

coefficient (log Kow >4 indicating lipophilicity) (Lajeunesse et al., 2012; Ternes et al., 2004) . 

However, these factors may not fully represent complex behaviour, as highly 

lipophilic/hydrophobic compounds may not associate with the solid phase. For example, 
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sorption of enrofloxacin (antibiotic, log Kow = 1.1, log Kd = 4.5) and diclofenac (NSAID, log 

Kow = 4.5, log Kd = 1.2) to sludge was reportedly 65% and <5%, respectively (Jelic et al., 2011; 

Jia et al., 2012; Verlicchi et al., 2012b).  

Estimating solid-phase partitioning is challenging, and it is likely that wastewater pH 

and compound ionisation state will be a significant driver in sorption behaviour. Acidic 

pharmaceuticals, such as diclofenac and naproxen (NSAIDs, pKa <5) may be negatively 

charged in wastewater (approx. pH 7), and thus present in the aqueous-phase (Nikolaou et 

al., 2007; Verlicchi et al., 2012b). Basic compounds, such as clarithromycin and enrofloxacin 

(antibiotics, pKa >8) may be positively charged and subsequently sorb to sludge via 

electrostatic interactions with negatively charged biomass (Göbel et al., 2005; Verlicchi et 

al., 2012b). Additionally, molecular characteristics (e.g., aromatic, carboxy, hydroxyl, and 

carbonyl groups) may increase sorption potential and biodegradation rates, while the 

presence of halogens, ethers and complex side chains and ring structures can slow these 

processes (Kümmerer, 2009; Muter et al., 2017; Verlicchi et al., 2012b). 

Removal through biological degradation is the main elimination mechanism in CAS-

operating WWTPs, however, not all pharmaceutical compounds are readily biodegradable. 

Several compounds, including carbamazepine (anti-epileptic), diclofenac (NSAID), 

ciprofloxacin (antibiotic) and fluoxetine (antidepressant) are commonly observed to 

undergo limited biodegradation, with <40% removal reported following CAS treatment 

(Comber et al., 2018; Verlicchi et al., 2012b; Wilkinson et al., 2017). High concentrations of 

pharmaceuticals in wastewater, particularly antibiotics, may inhibit microorganism activity 

and reduce biodegradation rates. For example, clarithromycin (a macrolide antibiotic) is 

not readily biodegradable, with varying CAS removals spanning -45 – 20% (Göbel et al., 

2007), 0 – 55% (Santos et al., 2013) and 0 – 60% (Guerra et al., 2014). Another persistent 
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compound, carbamazepine, is recalcitrant to biological degradation (<10% removal), and 

increases in concentration during treatment have been observed (Clara et al., 2005; Gurke 

et al., 2015; Mohapatra et al., 2014; Muter et al., 2017; Santos et al., 2009; Tran and Gin, 

2017). This may be due to reformation of carbamazepine following deconjugation of a 

human metabolite, carbamazepine-10,11-epoxide, during biological treatment (Gurke et 

al., 2015; Joss et al., 2005; Kasprzyk-Hordern et al., 2009; Petrie et al., 2014; Radjenović et 

al., 2009b; Tran and Gin, 2017). Reformation of the parent compound during secondary 

treatment has also been reported for diclofenac (Kimura et al., 2007; Lonappan et al., 2016; 

Ziylan and Ince, 2011), paracetamol (Kovalova et al., 2012; Żur et al., 2018), venlafaxine 

(Gurke et al., 2015) and sulfamethoxazole (Göbel et al., 2007, 2005). 

Apparent ‘removal’ of pharmaceuticals through observed absence in wastewater 

effluent may not be accurate. Complete mineralisation to carbon dioxide and water may 

occur during wastewater treatment, however, degradation to transformation products 

(TPs) may be a more realistic situation (Evgenidou et al., 2015; Ibáñez et al., 2017; 

Lekkerkerker-Teunissen et al., 2012; Poirier-Larabie et al., 2016). TPs may form through 

natural reactions in wastewater (e.g., photolysis, hydrolysis, microbial degradation), or 

through chemical and biological wastewater treatment processes (e.g., chlorination, UV -

irradiation, advanced oxidation processes, aerobic/anaerobic biological degradation) 

(Hübner et al., 2015; Menz et al., 2017; Zhang and Li, 2011). In particular, advanced, 

chemically intensive disinfection techniques may form partially degraded and 

uncharacterised compounds through photolysis, photocatalysis or oxidation-reduction 

reactions (Fatta-Kassinos et al., 2011; Hübner et al., 2015; Postigo and Richardson, 2014) . 

For example, persistence of the stable carbamazepine degradation product, acridine, has 

been observed in wastewater following photolysis, photocatalysis, chlorination and 

ozonation treatment (McDowell et al., 2005; Postigo and Richardson, 2014). These 
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processes may occur simultaneously, and indicate the importance of including TPs and 

human metabolites when monitoring WWTP efficiency in order to avoid overestimations 

in pharmaceutical removal. 

Extraneous factors, such as WWTP configuration, sludge and hydraulic retention 

times, temperature, wastewater volumes and season also impact pharmaceutical 

behaviour and removal (Comber et al., 2018; Petrie et al., 2014; Verlicchi et al., 2012b). 

Temperature fluctuations during cold seasons, increased concentrations in raw influent 

(e.g., from hospital sources), interference of organic matter/suspended material and 

dilution effects from high volumes of wastewater entering WWTPs (e.g., following rain 

events) may reduce microbial activity and secondary biological treatment efficiency (Jones 

et al., 2014; Petrie et al., 2014; Van Doorslaer et al., 2014). Comparison of WWTPs which 

use CAS secondary treatment to other methods, such as trickling filters (Gardner et al., 

2013; Kasprzyk-Hordern et al., 2009; Petrie et al., 2014) and membrane bioreactors (Clara 

et al., 2005; Gardner et al., 2013; Göbel et al., 2007; Radjenović et al., 2009b; Verlicchi et 

al., 2012b) indicate that CAS is less effective for pharmaceutical removal than membrane 

bioreactors, but similar to trickling filters. Membrane bioreactors are characterised by 

longer sludge and hydraulic retention times, increased temperatures and biomass 

concentration, and (sometimes) nitrifying and denitrifying steps (Gardner et al., 2013; 

Michael et al., 2013; Verlicchi et al., 2012b). These processes consistently correspond to 

increased removal of most pharmaceuticals, particularly analgesics/anti-inflammatories, 

antibiotics, lipid regulators and hormones (Baker and Kasprzyk-Hordern, 2013; Guerra et 

al., 2014; Gurke et al., 2015; Radjenović et al., 2009b; Santos et al., 2013; Tran and Gin, 

2017). Nonetheless, CAS remains by far the most commonly employed secondary 

treatment step in WWTPs.  
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1.2.5 Pharmaceutical occurrence in final wastewater effluents  

Table 1.3 presents WWTP influent and effluent concentrations, and associated 

removal efficiencies (where reported). These studies demonstrate the large range of 

concentrations observed in wastewater in several different countries, including the UK, 

Greece, Portugal, Sweden, Finland, Canada, the USA, South Korea and China. It should be 

acknowledged that differences in pharmaceutical use and prescribing behaviour exist 

between countries which may affect observed concentrations and comparisons between 

countries (Helwig et al., 2013; Verlicchi et al., 2012b). Nonetheless, it is clear in literature 

that pharmaceuticals have been quantified in the low (<10 ng/L, e.g., fluoxetine and 

estrone) to high (>1000 ng/L, e.g., paracetamol, trimethoprim) concentration range in 

wastewater effluent, with the analgesics/NSAIDs, antibiotics and psychoactive drugs 

consistently quantified in highest concentrations. Additionally, high variability in 

concentrations is frequently reported, with values spanning several orders of magnitude 

within the same study, i.e., for carbamazepine ranging 0 – 1100 ng/L (Kosma et al., 2010)  

and ibuprofen ranging 40 – 3640 ng/L (Gardner et al., 2012) detected in final effluent. This 

variability of concentrations and compounds represents the high complexity of 

pharmaceuticals in final wastewater effluents.  
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Table 1.3. Concentration ranges of select pharmaceuticals quantified in final wastewater effluent, reported in nanogram per litre (ng/L), NSAID = non-steroidal anti-
inflammatory drug, ND = not detected.   

Class Pharmaceutical 
Influent 

Concentration 
(ng/L) 

Effluent 
Concentration 

(ng/L) 

Removal 
Efficiency (%) 

Country Reference 

Analgesic/ Paracetamol 108000 – 246000 80 – 1575  100 UK Kasprzyk-Hordern et al., 2009 

NSAID  4700 – 52500  500 – 1700  97 Greece Kosma et al., 2010 

  80 – 9290 83 – 106  0 – 99  Portugal Santos et al., 2013 

  3540 – 10234 0 – 27   99 South Korea Behera et al., 2011 

 Ibuprofen 11000 – 18000  40 – 3640  99 UK Gardner et al., 2012 

  9500 – 12900  10 – 22   USA Thomas and Foster, 2005 

  2800 – 25400 500 – 2600  77  Greece Kosma et al., 2010 

  ND – 4926 ND – 369  0 – 99 Portugal Santos et al., 2013 

  1599 – 2853  15 – 75  98 South Korea Behera et al., 2011 

 Diclofenac 300 – 1700 90 – 850  30 UK Gardner et al., 2012 

  ND – 3900  ND – 2600  9 Greece Kosma et al., 2010 

  ND – 269 24 – 83  <0 – 87  Portugal Santos et al., 2013 

  59 – 243  13 – 49  80 South Korea  Behera et al., 2011 

Antibiotic Ciprofloxacin 90 – 405  ND – 60  87 Sweden Lindberg et al., 2005 

  ND – 4230  ND – 130   Finland Vieno et al. 2007 

  78 – 111  21 – 53   China Jia et al., 2012 

 Trimethoprim 464 – 6796  625 – 3052  100 UK Kasprzyk-Hordern et al., 2009 

  99 – 1300  66 – 1340  0 Sweden Lindberg et al., 2005 

  110 – 168  68 – 80    Switzerland Göbel et al., 2004  

  ND – 360 66 – 299  0 – 20  Portugal Santos et al., 2013 

  13 – 154  101 – 277  63 South Korea Behera et al., 2011 

 Clarithromycin 160 – 234  220 – 329   Switzerland Göbel et al., 2004 

  ND – 52 12 – 40 <0 – 55  Portugal Santos et al., 2013 

 Erythromycin 242 – 6755  292 – 2841   50 UK Kasprzyk-Hordern et al., 2009 

  9 – 220 20 – 134  0 – 60  Portugal Santos et al., 2013 

 Lincomycin 3095 – 19401  1437 – 21278  -11 South Korea Behera et al., 2011 
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Antimicrobial Triclosan 2100 – 2900  40 – 780   UK Gardner et al., 2012 

   10 – 342   China Liu and Wong, 2013 

  3000 – 3600  28 – 72   USA Thomas and Foster, 2005 

  79 – 149  247 – 785  80 South Korea Behera et al., 2011 

Anti-epileptic Carbamazepine 104 – 3110 152 – 2324  -20 – -40  UK  Kasprzyk-Hordern et al., 2009 

  437 – 673 364 – 496  6 – 31  Portugal Santos et al., 2013 

  ND – 1100  ND – 1100  11 Greece Kosma et al., 2010 

  160 – 820  290 – 2440   Finland Vieno et al., 2007 

  108 – 3124  361 – 1059  1 – 10  Canada Lajeunesse et al., 2012 

  40 – 74  43 – 127  23 South Korea Behera et al., 2011 

Antidepressant Fluoxetine 50 – 100  5 – 90  0 – 88  UK Gardner et al., 2012 

  27 45   USA Schultz & Furlong, 2008  

  10 – 26  4 – 22  0 – 36  Canada Lajeunesse et al., 2012 

 Norfluoxetine* 45 – 226  ND – 99  0 – 24  Portugal Santos et al., 2013 

 Venlafaxine 38 – 260  184 – 322  0 – 24  Portugal Santos et al., 2013 

β-blocker Propranolol 200 – 310  40 – 300  21 UK Gardner et al., 2012  

  2 – 23  4 – 10  <0 – 17  Portugal Santos et al., 2013 

 Atenolol 3090 – 33106  1260 – 7602  33 – 80  UK Kasprzyk-Hordern et al., 2009 

  350 – 1710  40 – 1180   Finland Vieno et al., 2007 

  361 – 751  411 – 782  0 – 17  Portugal Santos et al., 2013 

  5113 – 11239  261 – 5911  64 South Korea Behera et al., 2011 

Hormone Estrone 36 – 61  2 – 101 75 UK Gardner et al., 2012 

  32 – 70  0 – 24 87 South Korea Behera et al., 2011 

 17β-Estradiol 15 – 24  1 – 12 90 UK Gardner et al., 2012 

  0 0 – 4  100 South Korea  Behera et al., 2011 

*Human metabolite
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Due to limited sample size and low sampling frequency (i.e., without using 

composite sampling or regular monitoring), removal efficiencies may not be reported; 

where possible, these were included in Table 1.2. It is evident that pharmaceutical removal 

is also highly variable, and several compounds demonstrate inconsistent removal between 

studies, particularly diclofenac (<0 – 87%), trimethoprim (0 – 100%) and carbamazepine (-

20 – 31%). As previously discussed, removal efficiencies will vary by study based on the 

individual compound, WWTP operating conditions and configuration (e.g., type of 

secondary treatment method, use of tertiary treatment) and climate (e.g., dilution effects 

from rain events, temperature). Additionally, removal <0% has been reported, such as for 

carbamazepine, clarithromycin and propranolol, indicating potential reformation of parent 

compounds from TPs or metabolites during treatment (Behera et al., 2011; Gardner et al., 

2013; Kasprzyk-Hordern et al., 2009).  

Since current wastewater treatment methods are unable to eliminate or fully 

degrade pharmaceuticals, these compounds (including TPs and human metabolites) are 

subsequently introduced into the environment with final wastewater effluent (Gardner et 

al., 2013; Lajeunesse et al., 2012; Liu and Wong, 2013; Radjenović et al., 2009b) . In 

particular, rural communities that employ small and conventional WWTPs, may struggle to 

cope with pollutant removal as infrastructure ages, populations grow, wastewater volumes 

increase and pharmaceutical use and diversity continues to rise. This is the case for the 

Highlands and Islands of Scotland, where studies have indicated significant pharmaceutical 

concentrations in wastewater and effluent-receiving surface water in rural areas (Letsinger 

et al., 2019; Nebot et al., 2015; Niemi et al., 2020). However, due to limited historic 

monitoring, knowledge gaps are present in the extent of pharmaceutical presence and 

distribution across this region in Scotland. Additionally, low income countries may not be 

capable of employing wastewater treatment services (e.g., parts of Eastern Europe, Africa, 
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Asia and Central and South America); which may result in direct release of untreated 

wastewater into rivers, streams, lakes and coastal waters (aus der Beek et al., 2016; Behera 

et al., 2011; Liu and Wong, 2013; Wilkinson et al., 2017). This activity may cause deleterious 

effects in effluent-receiving ecosystems.   

1.3 Emerging environmental contaminants 

1.3.1 Pharmaceutical presence in the environment  

The continual and unregulated release of pharmaceuticals into the aquatic 

environment through final WWTP effluent (or direct discharge of untreated wastewater) 

has become a major environmental concern over the past two decades (Al Aukidy et al., 

2014; aus der Beek et al., 2016; Gardner et al., 2013; Halling-Sorensen et al., 1998; Van 

Doorslaer et al., 2014). Due to the enhanced sensitivity, accuracy and robustness of 

instrumental analysis and sampling techniques, effective characterisation of 

pharmaceuticals has revealed widespread presence in complex environmental media. This 

includes fresh surface water (Baker and Kasprzyk-Hordern, 2013; Kolpin et al., 2002; Loos 

et al., 2010; Nakada et al., 2017), coastal water (Alygizakis et al., 2016; Cantwell et al., 2016; 

Letsinger et al., 2019), groundwater (López-Serna et al., 2013; Pinasseau et al., 2019; Stuart 

et al., 2012) and sediment (Huber et al., 2016; Schultz et al., 2010; Vazquez-Roig et al., 

2012). As a result, pharmaceuticals have been labelled ‘emerging environmental 

contaminants’, along with personal care products (e.g., soaps, detergents , fragrances, UV 

filters, artificial sweeteners, caffeine), synthetic organic chemicals (e.g., plasticisers, fire 

retardants, perfluoroalkyl substances), agricultural chemicals (e.g., herbicides, insecticides, 

biocides) and micro- and nanoparticles (e.g., plastics, synthetic fibres) (Rosal et al., 2009; 

Ternes et al., 2004; Wilkinson et al., 2017). 
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A comprehensive review by aus der Beek et al., (2016), reported that more than 

630 pharmaceutical compounds have been detected in aquatic media (ground water, 

surface water, marine and coastal waters) in 71 countries around the world. Diclofenac 

(NSAID) was the most frequently detected compound, with monitoring data from 50 

countries and a global average concentration of 320 ng/L (7017 number of positive 

detections) in surface water (aus der Beek et al., 2016). Other compounds that were 

ubiquitously detected globally included carbamazepine (anti-epileptic), paracetamol 

(analgesics), ibuprofen (analgesic), sulfamethoxazole (antibiotic), trimethoprim (antibiotic) 

and estrone (hormone) (aus der Beek et al., 2016). Indeed, these compounds have now 

been detected in remote and rural environments, due to increasing tourism or population 

growth. Paracetamol, ibuprofen and diclofenac, along with personal care products and 

organic chemicals (e.g.,  caffeine, sweeteners, flame-retardants), have been detected in 

marine coastal water in Antarctica (González-Alonso et al., 2017) and surface water in 

Iceland and Greenland (Huber et al., 2016). However, data on the environmental presence 

of pharmaceuticals varies by geographical region (e.g., rural or urban) and location (e.g., 

Western or Eastern European countries), as historic monitoring has been limited or non-

existent in rural regions and lower-income countries (aus der Beek et al., 2016). In the UK, 

for example, knowledge gaps exist in the Scottish Highlands and Islands (Nebot et al., 2015; 

Niemi et al., 2020).   

Examples of pharmaceutical concentrations detected in European surface water are 

included in Table 1.4. Overall, this table demonstrates that environmental concentrations 

are highly variable, with values spanning several orders of magnitude within the same study 

(e.g., paracetamol 7 – 112 ng/L, Spain; Vazquez-Roig et al., 2012), and also between studies 

(e.g., paracetamol 185 – 1530 ng/L, UK; Kasprzyk-Hordern et al., 2009). Detection 

frequencies will also vary between studies, with some compounds more ubiquitous than 
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others. For example, diclofenac was detected in 100% of samples collected from a UK river 

(Kasprzyk-Hordern et al., 2009), however detection in surface water varied in other studies: 

3% in a river in Spain (Vazquez-Roig et al., 2012), 50% in a lake in Greenland (Huber et al., 

2016) and 100% in a lake in Sweden (Wahlberg et al., 2011). Additional variability in 

literature may be due to differences between study techniques, such as sampling method, 

sample preparation and instrumental analysis (Celiz et al., 2009; Fatta-Kassinos et al., 2011; 

Verlicchi et al., 2012b). Other factors may also impact results, including: point-source (e.g., 

WWTP effluent or diffuse pollution); receiving water characteristics (e.g., river flow, de pth, 

water chemistry); catchment level of urbanisation (e.g., intensive farming, multiple 

cities/towns); and prescribing activity (Kasprzyk-Hordern et al., 2009; Wahlberg et al., 

2011; Zhang et al., 2018). Weather, in particular dilution by precipitation or high river flows, 

is expected to have the greatest impact on observed contaminant levels and detection 

frequencies in surface waters (Wilkinson et al., 2017).  

Table 1.4. Pharmaceuticals detected in surface water in select European countries, reported in 
range of concentrations (ng/L).   

Class Pharmaceutical 
Concentration 

(ng/L) 
Country Reference 

Analgesic/ Paracetamol 185 – 1530  UK Kasprzyk-Hordern et al., 2009 

NSAID  7 – 112  Spain Vazquez-Roig et al., 2012 

  5 – 698  Greenland Huber et al., 2016 

 Diclofenac 9 – 40  UK Kasprzyk-Hordern et al., 2009 

  0.5 – 16 Spain Vazquez-Roig et al., 2012 

  1 – 14  Austria Loos et al., 2008 

  1 – 17  France Loos et al., 2008 

  500 – 1200 Germany Ferrari et al., 2004 

  0.3 – 2 Sweden Wahlberg et al., 2011 

  2 – 30  Greenland Huber et al., 2016 

 Ibuprofen 12 – 62  UK Kasprzyk-Hordern et al., 2009 

  16 – 59  Spain Vazquez-Roig et al., 2012 

  4 – 63  Austria Loos et al., 2008 

  8 – 66  France Loos et al., 2008 

  0.4 – 872  Greenland Huber et al., 2016 

  0.3 – 2.0  Sweden Wahlberg et al., 2011 

Antibiotic Trimethoprim 30 – 120  UK Kasprzyk-Hordern et al., 2009 

  0.1 – 3  Spain Vazquez-Roig et al., 2012 

  0.3 – 2 Sweden Wahlberg et al., 2011 

 Sulfamethoxazole 0.5 – 8  UK Kasprzyk-Hordern et al., 2009 

  1.6 – 15  Spain Vazquez-Roig et al., 2012 
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  480 Germany Ferrari et al., 2004 

  0.6 – 5 Sweden Wahlberg et al., 2011 

Anti- Carbamazepine 71 – 327  UK Kasprzyk-Hordern et al., 2009 

epileptic  5 – 38  Spain Vazquez-Roig et al., 2012 

  1100 – 2100  Germany Ferrari et al., 2004 

Diuretic Furosemide 35 – 197  UK Kasprzyk-Hordern et al., 2009 

  4 – 48 Greenland Huber et al., 2016 

  1 – 2 Sweden Wahlberg et al., 2011 

β-blocker Atenolol 190 – 560  UK Kasprzyk-Hordern et al., 2009 

  20 Greenland Huber et al., 2016 

  0.5 – 17  Sweden Wahlberg et al., 2011 

 Propranolol 9 – 40  UK Kasprzyk-Hordern et al., 2009 

  590 – 1000  Germany Ferrari et al., 2004 

Lipid  Clofibric acid 0.3 – 3  UK Kasprzyk-Hordern et al., 2009 

regulating  0.5 – 18  Spain Vazquez-Roig et al., 2012 

agent  90 – 1750 Germany Ferrari et al., 2004 

 Benzafibrate 10 – 64  UK Kasprzyk-Hordern et al., 2009 

  5 – 26  Austria Loos et al., 2008 

  15 – 348  France Loos et al., 2008 

 Fenofibrate 4 – 21  Spain Vazquez-Roig et al., 2012 

 

1.3.2 Potential environmental impacts  

The subsequent impact of widespread pharmaceutical presence in the aquatic 

environment is not fully characterised. However, given that pharmaceuticals are 

biologically active, there is evidence of effects in non-target organisms at environmentally 

relevant concentrations (i.e., the low ng/L levels expected in surface water). Behavioural 

changes in aquatic species have been reported, such as altered salmon migration in the 

presence of anti-anxiety drugs (Hellström et al., 2016), and premature spawning in zebra 

mussels in the presence of psychoactive drugs (Fong, 1998). Similarly, endocrine disruption, 

which impacts neurological, immune and reproductive functions, was observed in fish 

exposed to the estrogen hormone 17α-ethynylestradiol (Nash et al., 2004) and the 

antidiabetic metformin (Niemuth and Klaper, 2015); and in frogs exposed to the 

antidepressant fluoxetine (Foster et al., 2010). This may greatly affect reproductive success 

through reduced gonad size or disrupted ovarian and testicular functions (Nash et al., 2004; 

Parrott and Blunt, 2005; Vajda et al., 2008). Dramatically reduced reproductive success due 

to endocrine disruption was observed in white sucker fish in surface water downstream of 
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a WWTP (Vajda et al., 2008). Additionally, the presence of antibiotics in wastewaters and 

surface waters may inhibit microbial activity (Baumann et al., 2015), or influence the 

promotion and development of antimicrobial resistance (AMR) in microorganisms 

(Giebułtowicz et al., 2020; Johnson et al., 2015; Wilkinson et al., 2017) .  

Once in the environment, pharmaceuticals may also undergo reactions with 

sediment, soil and suspended particulate matter (e.g., biofilms, algae, micro- and nano-

plastics) via solid-phase sorption (Baker and Kasprzyk-Hordern, 2013; Wilkinson et al., 

2017; Yamamoto et al., 2009). Many unknowns remain on the solid-phase transport and 

attenuation pathways of pharmaceuticals. It has been suggested that sorption may reduce 

biological availability, as observed by the lowered antimicrobial activity and partial 

mineralisation of the antibiotic ciprofloxacin in soil (Girardi et al., 2011). However, there is 

potential for accumulation of organic pharmaceuticals on suspended matter, such as 

micro- and nano-plastic, which may act as vectors for further distribution of these 

compounds throughout ecosystems (Bakir et al., 2014; Zhang et al., 2020). Li et al., (2018)  

reported that several antibiotics, including trimethoprim, amoxicillin, ciprofloxacin and 

tetracycline, readily adsorbed onto microplastic, and determined that this would readily 

distribute antibiotics throughout freshwater environments. Additionally, if contaminated 

medium is ingested, solid-bound pollutants may leach from the original medium and elicit 

biological effects, or bioaccumulate and transfer through food webs (Brandts et al., 2018; 

Zhang et al., 2020). Very little information is available on pharmaceutical biomagnification, 

but antidepressant bioaccumulation was reported in neural tissue of fish living in effluent-

impacted rivers (Schultz et al., 2010), which suggests the possibility for biomagnification 

(i.e., further distribution through food webs).  

The impact of pharmaceutical pollution may also include introduction of these 

compounds into drinking water supplies. Pharmaceutical contamination of raw water 
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sources from wastewater discharge (either WWTP effluent or untreated waste) was 

reported in several countries, including the United States (Focazio et al., 2008), UK (Stuart 

et al., 2012), Spain (López-Serna et al., 2013), Sweden (Wahlberg et al., 2011) and China 

(Liu and Wong, 2013). Due to the increased pressure on freshwater sources from climate 

change and population growth, among others, there are growing instances of reuse of 

treated wastewater effluent as a water supply, such as in the United States (Scruggs et al., 

2020), India and Australia (Mekala et al., 2008), China (Lyu et al., 2016) and South Africa 

(Adewumi et al., 2010). It is possible that abstraction of contaminated water or reuse of 

treated wastewater effluent as a drinking water supply would result in contaminated final 

drinking water (Focazio et al., 2008; Scruggs et al., 2020), as drinking water treatment 

inadequately eliminates pharmaceuticals (Padhye et al., 2014; Ternes et al., 2002).  

Pharmaceuticals may also enter soil and food items due to agricultural practices. 

These compounds have been reported in soil after irrigation with reclaimed wastewater 

(Durán-Álvarez et al., 2015) and after fertiliser application with treated sewage sludge 

(Monteiro and Boxall, 2009). Additionally, once applied to soil, pharmaceuticals may be 

further transported into groundwater and surface water with field run-off following rain 

events and irrigation (Fairbairn et al., 2016; Wilkinson et al., 2017). This will be mediated 

by the physicochemical properties of the individual compounds and soil, and therefore be 

compound specific (Li, 2014). Durán-Álvarez et al., (2015) observed that the analgesic 

naproxen was mobile in soil and present in leachate, while the anti-epileptic 

carbamazepine and antibacterial triclosan were persistent. The solid-bound fraction of 

pharmaceuticals may accumulate in soil to an unknown extent following subsequent 

wastewater irrigation or sewage sludge application (Vazquez-Roig et al., 2012). This may 

result in pharmaceutical accumulation in crops, as observed in potatoes, carrots,  tomatoes 

(Sabourin et al., 2012), and soybeans (Wu et al., 2010). 
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These multiple and complex pathways complicate accurate assessments of 

pharmaceutical fate and transport in the environment, and therefore the subsequent 

ecotoxicological risks remain unknown. It is likely that most compounds in treated drinking 

water and food items would be present below the effective concentrations of the individual 

compounds (Postigo and Richardson, 2014; Sabourin et al., 2012). Chronic toxicity through 

exposure to sub-therapeutic doses, and exposure to complex mixtures of pharmaceutical 

compounds, may result in potential deleterious human health effects (e.g., genotoxicity 

leading to cancer) (Garcia-Käufer et al., 2012; Halling-Sorensen et al., 1998; Toolaram et al., 

2016). However, some compounds are active in the low ng/L concentration range (e.g., 

17α-ethynylestradiol at <1 ng/L) and environmental concentrations, and those in drinking 

water and food items, may exceed this (Focazio et al., 2008; Kolpin et al., 2002; Wilkinson 

et al., 2017). This is particularly concerning in countries lacking wastewater and drinking 

water treatment services, as there is potential for consumption of highly contaminated 

water and food (Adewumi et al., 2010; Lyu et al., 2016; Scruggs et al., 2020). The presence 

of uncharacterised TPs from wastewater treatment, drinking water clarification and natural 

degradation processes adds further uncertainty to the risks associated with pharmaceutical 

pollution in the environment (Mathon et al., 2016; Postigo and Richardson, 2014). More 

research is needed to assess the environmental fate of pharmaceuticals, and the potential 

ecological and human health impacts.  

1.3.3 European legislation and environmental regulatory standards 

The Water Framework Directive (WFD) and Priority Substances Directive are 

European Union (EU) legislation  that regulate water pollution and provide a framework to 

define compounds for which environmental quality standards (EQS) should be set for 

compounds which pose a significant risk to surface water and the environment (Austin et 

al., 2021; European Commission, 2018; Loos et al., 2018). These directives require surface 
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water monitoring of pharmaceuticals, personal care products, herbicides, insecticides and 

other organic pollutants throughout the EU member states (European Commission, 2018, 

2015). Data is collated during these campaigns, and every two years the WFD Watch List is 

updated based on the findings (i.e., compound prevalence, concentration and predicted 

no-effect risk) to determine substances for continued monitoring (Loos et al., 2018) . 

Pharmaceuticals currently on the 2nd Watch List include macrolide antibiotics 

(azithromycin, erythromycin and clarithromycin) and estrogen hormones (estrone, 17β-

estradiol and 17α-ethynylestradiol); diclofenac was removed after the 1st Watch List (2015 

– 2018) (European Commission, 2018, 2015). Diclofenac was removed as further WFD 

monitoring is not required since current data meets the Watch List requirements of 

quantity and quality (i.e., removal criteria was fulfilled) (European Commission, 2018; Loos 

et al., 2018). Predicted no-effect concentrations have been defined at 0.036 – 3.6 ng/L 

(estrogen hormones) and 19 – 200 ng/L (macrolide antibiotics) (Loos et al., 2018). However, 

pharmaceuticals currently do not have environmental quality standards or legal regulations 

set for maximum allowable concentrations in wastewater discharge or surface water at the 

EU or UK level. If an EQS is set, EU member states will be legally required to comply and 

reduce concentrations of priority substances in surface water.  

Additional short- or long-term monitoring campaigns may be performed by water 

regulators and environment protection agencies in individual EU countries. For example, 

the UK Water Industry Research (UKWIR) ran the Chemical Investigation Programme (CIP; 

2012 – 2015 phase 1, 2015 – 2018 phase 2) (Comber et al., 2018; UKWIR, 2019, 2014). Over 

a 12 month period, CIP1 targeted 70 chemicals, including 16 emerging contaminants (i.e., 

herbicides, consumer chemicals and pharmaceuticals) in wastewater effluent and 

associated risk to receiving waters from 162 WWTPs in England, Wales and Scotland 

(Gardner et al., 2013, 2012); of which influent, intermediate process and final effluent 
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removal efficiencies in 16 WWTPs were investigated (Gardner et al., 2013). CIP2 furthered 

this by considering a larger number of emerging contaminants, including human 

metabolites, in influents and effluents of 45 WWTPs over 24 months in the UK (Comber et 

al., 2018). Studies such as this have provided evidence to policymakers in the UK on the 

potential inclusion of pharmaceuticals (and other pollutants) in national regulatory 

standards for wastewater effluent and surface water.  

In Scotland, monitoring pollutants in surface water is necessary under Scottish 

Water and Scottish Environment Protection Agency (SEPA) regulations. Following the UK 

exit from the EU in 2020, Scotland will continue to be free as a devolved nation to develop 

national standards for pharmaceuticals and other emerging contaminants as river basin 

specific pollutants under the Scotland River Basin District (Standards) Directions 

(Environment and Forestry Directorate, 2014). It is likely that the Scottish and other UK 

governments will work together to set EQS in a similar procedure to the EU WFD process 

to address common pollutants and sectoral issues across the UK.   

1.4 Pharmaceutical degradation in aqueous media  

1.4.1 Pharmaceutical degradation behaviour 

Once introduced into the environment, pharmaceutical behaviour and fate is highly 

complex, and natural attenuation through degradation is poorly understood. Photolysis 

and biological degradation are considered the dominant processes for pharmaceutical 

degradation in surface water, compared to volatilisation and hydrolysis (Batchu et al., 2014; 

Lonappan et al., 2016; Poirier-Larabie et al., 2016; Wilkinson et al., 2017). Molecular 

characteristics such as aromatic rings, conjugated π systems, functional groups and 

heteroatoms (e.g., O, N, F, Cl) will facilitate the direct absorption of solar radiation to 

initiate photolysis, or provide reactive sites for indirect reactions with photosensitised 
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species (Mathon et al., 2016; Postigo and Richardson, 2014). Microorganisms in surface 

water may breakdown pharmaceuticals to a high degree, however, these reactions may be 

limited by the biological activity and bioavailability of the pharmaceutical compound 

(Benotti and Brownawell, 2009; Li and Mclachlan, 2019).  

Controlled laboratory experiments have offered insight into pharmaceutical 

degradation behaviour (Table 1.5). These processes will be mediated by the study 

conditions (e.g., starting concentrations, media, light source and continuity and microbial 

community), as well as the individual pharmaceutical (e.g., bioavailability, sorption 

potential, ionisation potential, solubility) (Fatta-Kassinos et al., 2011; Menz et al., 2017; 

Wilkinson et al., 2017). For example, natural and simulated sunlight was found to degrade 

certain pharmaceuticals relatively quickly in freshwater, with the NSAIDs ketoprofen and 

diclofenac having half-lives (t1/2) of 0.5 – 2.4 min and 39 min, respectively (Matamoros et 

al., 2009; Packer et al., 2003). Biodegradation proceeded at a slower rate, with fluoxetine 

and paracetamol t1/2 of approx. 12 days, and observed recalcitrance of carbamazepine, 

diclofenac, sulfamethoxazole and trimethoprim (t1/2 > 25 days) (Baena-Nogueras et al., 

2017; Poirier-Larabie et al., 2016). These studies have identified persistent compounds in 

aqueous media, such as ibuprofen in drinking water following chlorination and ozonation 

treatment (Q. Wu et al., 2012), and atenolol persistence in fresh and salt water to 

photolytic and biological degradation (Baena-Nogueras et al., 2017).  

Table 1.5. Example studies which investigated pharmaceutical degradation behaviour under 
controlled conditions in various media and via various degradation methods.  

Compound Media 
Degradation 

Method 
Degradation Behaviour References 

Trimethoprim Deionised 
water, 
Simulated 
seawater 

Photolysis, 
photocatalysis/ 
TiO2  

Resistant to photolytic degradation 
in both matrices, 100% removal 
observed with photocatalysis/ TiO2 
treatment with reduced rate in 
seawater 

Sirtori et al., 
2010 

Carbamazepine Deionised 
water 

Ozonation Limited reactivity, <40% 
degradation observed 

Andreozzi et al., 
2002  
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Diclofenac Diluted 
river water 

Photolysis, 
Biodegradation 

Resistant to biodegradation, but 
readily degraded (100%) via 
photolysis  

Poirier-Larabie 
et al., 2016 

Atenolol River 
water, 
Seawater 

Photolysis, 
Biodegradation 

Resistant to both photolytic and 
biodegradation 

Baena-
Nogueras et al., 
2017 

Clarithromycin Deionised 
water, 
River water 

Photolysis, 
photo-Fenton 

Degradation rate slowed increased 
in presence of Fe(III) as complex 
formed 

Vione et al., 
2009 

Ciprofloxacin Deionised 
water 

Photolysis,  
photocatalysis/ 
TiO2   

Degradation strongly dependent 
on pH, 100% removal observed at 
pH 9 for both processes, 
photocatalysis/TiO2 more effective 
across several pH values 

Salma et al., 
2016 

Fluoxetine Deionised 
water 

Photocatalysis + 
O3, H2O2,  
TiO2  
 

Limited degradation observed with 
H2O2 catalyst, increased rates 
observed with O3 and TiO2 catalyst 
 

Méndez-Arriaga 
et al., 2011  

Ibuprofen Deionised 
water, 
River water 

Chlorination, 
ozonation 

Resistant to degradation under 
both processes in both matrices 

Q. Wu et al., 
2012 

 

In surface water, biological degradation or chemical reactions (e.g., photolysis, 

hydrolysis, volatilisation) will vary based on the dynamic ecosystem which the compounds 

have entered, and be affected by extraneous factors such as season, surface water 

hydrology, water quality (WQ) and the presence of other macro- and micro-carbon 

compounds (Wilkinson et al., 2017). Water clarity and turbidity (among other factors) will 

influence light irradiance through the water column, and the physical distribution of 

pharmaceuticals within the water column will affect photodegradation rates (Baena-

Nogueras et al., 2017; Batchu et al., 2014). Scottish freshwater (for example) tends to be 

dark in colour, slightly alkaline and rich in carbon (e.g., DOC, humic and fulvic acid), metals 

(e.g., calcium, potassium, zinc) and nutrients (e.g., ammonium, phosphate), due to the peat 

origin (Gaffney et al., 2018). These conditions may facilitate direct absorption of light, 

indirect photolysis or quench photolysis reactions (Carlos et al., 2012; Vione et al., 2009) . 

For example, studies have reported that DOM and fulvic and humic acids limited direct 

photodegradation of several pharmaceuticals in wastewater and surface water, as the 
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pharmaceuticals were out-competed for abstraction of reactive free-radical species (Huber 

et al., 2003; Ikehata and Gamal El-Din, 2006; Mathon et al., 2016; Mohapatra et al., 2014) . 

Additionally, pharmaceuticals are generally present in the low to mid ng/L range, compared 

to other major carbon pools (e.g., DOC and nutrients in the mid to high mg/L range) that 

may preferentially be consumed by microorganisms (Li and Mclachlan, 2019).  

It is also possible that pharmaceutical degradation may vary by geographical 

location (Benotti and Brownawell, 2009; Wilkinson et al., 2017). In Scotland, there is large 

variability in day length throughout the year (e.g., daylight averages 7.2 h/d in December, 

17.5 h/d in June) and proportion of clear, sunny days (compared to cloudy, overcast days) 

(MetOffice, 2020). In this case, it is likely that laboratory experiments would overestimate 

photolysis rates, as they generally use clear vessels (e.g., quartz tubes, Erlenmeyer flasks), 

which allow light passage from all directions, and constant light/full irradiance programmes 

(Baena-Nogueras et al., 2017; Yamamoto et al., 2009). Also, it is possible that limited 

biological degradation may occur in rural environments, compared to urban areas, as 

microorganisms may be better acclimated to pharmaceutical presence in urban areas with 

significant point-source pollution (e.g., near WWTP discharge points) (Baena-Nogueras et 

al., 2017; Benotti and Brownawell, 2009). The likelihood of pharmaceutical attenuation 

through photolysis and biological degradation in rural Scottish surface waters may 

therefore be lower than anticipated. Further research is needed to characterise compound 

degradation behaviour under natural water conditions in rural areas to assess compound 

fate in the environment. 

1.4.2 Identification of degradation products 

Following biological or chemical degradation, pharmaceuticals may transform into 

other compounds. Identification of pharmaceutical TPs is challenging due to several 

factors, including the lack of reference standards, presence in the low ng/L concentration 
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range, matrix complexity and advanced instrumentation required for confirmation (e.g., 

high resolution mass spectrometry, isotope analysis and nuclear magnetic resonance) (Boix 

et al., 2016a; Evgenidou et al., 2015; Fatta-Kassinos et al., 2011; Yang and Zhang, 2016). A 

systematic approach is generally adopted for TP identification following: ‘target analysis’ 

with reference standards; ‘suspect screening’ for expected substances based on literature 

review without reference standards; or ‘non-target’ screening with no reference standards 

and no prior information (Evgenidou et al., 2015). Suspect screening analysis is generally 

performed through comparison with a holistic compound database (i.e., parent and 

fragment ion retention times, accurate masses, mass spectra) (Evgenidou et al., 2015) . 

Successful, unambiguous identification will usually result from combination of suspect 

screening and target analysis with reference standards in series. Otherwise, it is possible to 

identify TPs with suspect screening analysis after degradation experiments to generate the 

compounds of interest (Yang and Zhang, 2016).  

Several studies have proposed pharmaceutical TPs following laboratory-scale 

experiments, with identification of compounds in pure solution, simulated media, 

wastewater and surface water (Table 1.6). These products may be the result of mono- or 

di-hydroxyl (R-OH) substitution of the parent compound, which is generally an initial step 

in photolytic and microbial degradation (Calisto et al., 2011a; Calza et al., 2012; Kosjek et 

al., 2009; Lekkerkerker-Teunissen et al., 2012; Vogna et al., 2004). This is the case for the 

ciprofloxacin, fluoxetine and trimethoprim (b) products shown in the table. Other products 

may be formed by loss of reactive substituents, such as the chlorine atom in diclofenac, or 

the carbonyl functional group in carbamazepine. It is likely that simultaneous formation of 

products through various hydroxylation, demethylation and cleavage reactions will occur 

in environmental media (Michael et al., 2012; Sirtori et al., 2010).  
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Table 1.6. Example studies which have identified TPs of pharmaceuticals, including proposed structure, degradation method, experimental media, observed stability, 
availability of chemical reference standards (Ref std) and references. Two proposed trimethoprim TPs are differentiated a, b.  

Parent 
Compound 

Proposed Structure 
Degradation 

Method 
Media Observed Stability 

Ref 
std 

References 

Diclofenac   Photolysis,  
Photocatalysis 

Pure solution,  
Simulated surface 
water,  
Freshwater, 
Wastewater 

Major photoproduct abundant in 
pure solution and further 
degraded, Stability observed in 
surface water and wastewater 

Yes Aguera et al., 2005; Buser 

et al., 1998; Lekkerkerker-

Teunissen et al., 2012; 

Poiger et al., 2001; 
Poirier-Larabie et al., 

2016; Qin et al., 2012; 

Salgado et al., 2013 

 

Ciprofloxacin  

 
 

Photolysis,  
Photocatalysis, 
Ozonation 

Pure solution, 
Fresh water, 
Saltwater 

Increased stability and high 
abundance in all media 

Yes Batchu et al., 2014; 

Garcia-Käufer et al., 2012; 

Haddad and Kümmerer, 
2014; Paul et al. 2010; 

Salma et al. 2016; 

Toolaram et al. 2016; 

Zhou and Jiang, 2015 
 

Carbamazepine 
 

 

Photolysis, 
Photocatalysis, 
Chlorination, 
Ozonation 

Pure solution, 
Drinking water, 
Fresh water, 
Wastewater 

Increased stability observed in 
drinking water, wastewater and 
surface water, may be further 
degraded under strong oxidant 
conditions  

Yes Andreozzi et al., 2002; 

Calisto et al., 2011b; 

Chiron et al., 2006; 

Donner et al., 2013; 
Gebhardt and Schröder, 

2007; Huber et al., 2005; 

Kosjek et al., 2009; 

Lekkerkerker-Teunissen et 
al., 2012; McDowell et al., 

2005; Soufan et al., 2013; 

Vogna et al. 2004 
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Propranolol 
 

 

Photocatalysis, 
Photolysis,  

Pure solution, 
Wastewater 

High stability and abundance in 
pure water and wastewater 
 

No Menz et al., 2017; 

Santiago-Morales et al., 

2013 

 
 

     

Trimethoprim 
 

Chlorination product (a) 
 

 

 
 
 
 

 
Photocatalysis and Ozonation 

product (b) 
 
 
 
 
 
 
 
 

 

Chlorination; 
Photocatalysis
; Ozonation 

Pure solution, 
Simulated surface 
water, Simulated 
wastewater, 
Wastewater 
 
 
 
 
 
 
 
 
 
 
 

(a) Major chlorination product, 
highly abundant in pure solutions 
and simulated surface water;  
 
(b) Highly abundant and stable in 
pure solutions; poor stability with 
further degradation observed in 
wastewater  

Yes 
(a) 
No 
(b) 

Dodd and Huang, 2006; 
Kuang et al., 2013; 

Michael et al., 2012; 

Radjenović et al., 2009a;  

Wang et al., 2012; Wu et 
al., 2016 

 

       

Fluoxetine 
 

 

Photolysis, 
Photocatalysis, 
Ozonation 

Pure solution High abundance and stability 
observed in pure solution, but 
may further degrade under 
strong oxidant conditions 

No Méndez-Arriaga et al., 

2011; Zhao et al., 2017 



56 
 

Monitoring TP stability in wastewater and surface water is an important 

consideration to assess the environmental impact, as the stable products may persist and 

accumulate in environmental media (De Bel et al., 2009; Ikehata and Gamal El-Din, 2006; 

Rizzo et al., 2009). Persistent products which form under environmental conditions may be 

difficult to identify, as laboratory-based studies may not apply the correct conditions to 

form these products. For example, the trimethoprim ozonation and photocatalysis product 

(b) in Table 1.6 reportedly had high persistence in pure water (Kuang et al., 2013), but little  

stability and low persistence in wastewater (Dodd and Huang, 2006). Similarly, the 

fluoxetine TP was observed to have high abundance and stability in pure  solution, but was 

likely to further degrade in environmental media to other products (Méndez-Arriaga et al., 

2011; Zhao et al., 2017). The products of diclofenac, ciprofloxacin, carbamazepine and 

propranolol were found to have high abundance and high persistence in different media 

(wastewater, fresh and salt waters). These studies provide initial insight into TP formation 

and stability. However products formed through single-process degradation in simplified 

matrices (e.g., tap water, deionised water, simulated surface water) may exclude 

preferential and uncharacterised mixed-process interactions within wastewater and 

surface water.  

Another important consideration in pharmaceutical degradation is TP ecotoxicity, 

as pharmaceuticals might possess biological activity similar to, or higher than, the parent 

compounds (Celiz et al., 2009; Manzetti and Ghisi, 2014; Mohapatra et al., 2014; Piram et 

al., 2008). Chlorination of paracetamol formed two degradation products (1,4-

benzoquinone and N-acetyl-p-benzoquinone imine) with increased biological activity 

compared to the parent compound (Bedner and Maccrehan, 2006). Photodegradation 

products of ciprofloxacin were more toxic than the parent pharmaceutical, and elicited 

genotoxic effects on human liver cells (Garcia-Käufer et al., 2012; Van Doorslaer et al., 
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2014). Similarly, carbamazepine photocatalyst produced acridine and other polycyclic 

aromatic derivatives, which are more harmful to aquatic organisms than carbamazepine 

(Doll and Frimmel, 2005a; Donner et al., 2013; Vogna et al., 2004). Although some TPs are 

suggested to have increased biological activity against organisms, the ecotoxicological 

effects of complex mixtures and effects at environmentally relevant concentrations in 

natural water are unclear; and more work is needed to characterise this.  

1.5 Summary and thesis aims 

The widespread occurrence of pharmaceuticals in wastewaters and surface waters 

has been reported globally (aus der Beek et al., 2016; Comber et al., 2018; Liu and Wong, 

2013; Loos et al., 2010). However, knowledge gaps exist on the presence and persistence 

of pharmaceutical compounds during wastewater treatment, and the introduction and fate 

in effluent-receiving surface water. These are particularly prominent in regions where 

historic monitoring has been limited, such as the Highlands and Islands of Scotland. The 

aim of this research is to investigate pharmaceutical occurrence, distribution and 

degradation in wastewaters and surface waters in rural communities in Scotland. This will 

be achieved through the following specific objectives: 

1. Literature review; 

2. Target compound selection;  

3. Characterisation of hospital wastewater and its impact on pharmaceutical 

concentrations in a rural ‘source-to-sink’ water cycle; 

4. Monitoring pharmaceuticals and transformation products within separate 

treatment stages of a rural, conventional WWTP; 

5. Assessment of temporal and spatial trends in pharmaceutical presence in 

effluent-receiving surface water through passive and grab sampling.  

Overall, this work aims to fill knowledge gaps on pharmaceutical introduction into 

rural wastewater systems, pharmaceutical persistence and behaviour in receiving WWTPs 
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and compound distribution in rural surface water in Scotland. Rural areas may face 

challenges relating to wastewater management and environmental pollution, as receiving 

WWTPs are generally small and operate conventional treatment, without additional 

effluent clarification (Letsinger et al., 2019; Nebot et al., 2015; Niemi et al., 2020). These 

WWTPs may struggle to adequately remove all pharmaceutical compounds as populations, 

wastewater volumes and pharmaceutical usage increase in future. Due to this, 

pharmaceutical-based compounds (parent drugs, TPs and metabolites) may be introduced 

into rural surface water in significant concentrations, where the fate and potential 

environmental impacts remain largely uncharacterised.   

This research may provide evidence to policymakers, environment agencies and 

water regulators on the need for sustainable and economically feasible interventions to 

reduce pharmaceuticals entering wastewater and effluent-receiving surface water. 

Characterising WQ and pollutants in surface water is necessary to mitigate environmental 

risk and ensure agreement with Scottish Water and SEPA regulations in Scotland 

(Environment and Forestry Directorate, 2014), and WFD compliance in the EU (European 

Commission, 2018; Loos et al., 2018). Pharmaceuticals currently do not have environmental 

quality standards in the UK or Europe for maximum concentrations in wastewater effluent 

or surface water (Austin et al., 2021; Comber et al., 2018). This research may therefore 

support policy changes for updated regulatory standards for pharmaceuticals, as well as 

provide recommendations for pharmaceutical TPs to include in water monitoring 

campaigns, or sustainable solutions to reduce healthcare impact and safeguard Scotland’s 

environment.  

 



59 
 

Chapter 2. Target compound selection 
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2.1 Target compounds 

There are >3000 pharmaceutical compounds licensed for use across the European 

Union (EU) (Li et al., 2021; Van Doorslaer et al., 2014). Following administration (i.e., 

consumption or application) or disposal (i.e., flushing down sink or washing off of topical 

creams), pharmaceuticals are continuously entering wastewater treatment plants 

(WWTPs) in increasingly complex varieties of compounds and concentrations (Austin et al., 

2021; Comber et al., 2018). Inadequate removal during wastewater treatment may 

subsequently lead to release into the environment with final wastewater effluent (Al 

Aukidy et al., 2012; Wilkinson et al., 2017). Environmental monitoring programmes are 

required to assess pharmaceutical introduction, removal and discharge from WWTPs, and 

the fate and distribution in effluent-receiving surface water. Target compounds for these 

monitoring campaigns should be selected based on ecotoxicological risk (where possible), 

or those with high consumption rates and potential to reach the aquatic environment 

(Boxall et al., 2014, 2012). A literature review was undertaken to select target 

pharmaceuticals to monitor in wastewater and surface water. The selection process 

followed the framework proposed by Li et al., (2021) (Figure 2.1), which considers 

therapeutic classes, physicochemical properties, prescribing rates, environmental 

concentrations, ecotoxicological risk and prioritisation in national/EU-wide water pollution 

lists and/or regulatory standards.  
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Figure 2.1. Framework to guide target compound selection for environmental monitoring 
programmes, adapted from Li et al., (2021). 

An initial list of 17 compounds, with existing, validated extraction and analysis 

methods was available from Yuan Li (PhD student at the Environmental Research Institute) 

(Li et al., 2021). Eight compounds were subsequently selected from this list (Table 2.1), 

including: paracetamol, ibuprofen and diclofenac (analgesics/NSAIDs); clarithromycin and 

trimethoprim (antibiotics); carbamazepine and fluoxetine (psychoactive drugs); and 17α-

ethynylestradiol (synthetic hormone). Scottish prescribing data (reported as number of 

prescription items dispensed per year, 2018 – 2019) was accessed from the NHS and 

Information Services Division which detail annual prescribing and prescription costs 

(Information Services Division, 2019). Measured environmental concentrations (MEC) in 

surface water were gathered from a review (>1000 studies) that reported global 

occurrence of pharmaceuticals in environmental media (aus der Beek et al., 2016), as an 

example of the widespread environmental presence of the target compounds. The 

predicted no-effect concentration (PNEC) is the environmental concentration at which 

biological effects may be elicited, and was used as an indicator of potential ecotoxicological 

risk (Li et al., 2021; Verlicchi et al., 2012b). However, it is acknowledged that adverse 
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ecotoxicological effects (acute or chronic) in nontarget organisms is highly variable 

between species, and subsequently challenging to quantify with a “blanket” approach (i.e., 

case-by-case species assessment and PNEC determination may be more accurate). Priority 

status is specified by inclusion in the UK Water Industry Research’s CIP 1 and 2 (UKWIR, 

2019, 2014), and the EU WFD Watch Lists of 2015 and 2018 (European Commission, 2018, 

2015).  
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Table 2.1. Target compounds with pharmaceutical class, molecular structure and physicochemical properties (water solubility (Ws, mg/L), acid dissociation constant (pKa), 
octanol-water partition coefficient (log Kow) and solid-phase sorption coefficient (log Kd)). With prescription items dispensed in Scotland (2018 – 2019), WWTP removal 
efficiencies (%), surface water measured environmental concentration (MEC, ng/L; average, number of detects (n) and range), predicted no-effect concentrations (PNEC, 
ng/L) and prioritisation on the EU WFD and UK CIP monitoring programmes. References indicated in superscripts.  

Class Compound 
(Abbrev.) 

Molecular structure Molecular 
weight 
(g/mol) 

Ws (mg/L) Prescription 
items 
(2018 – 
2019) i 

WWTP 
removal 
(%) c,o 

MEC Avg 
(ng/L) (n; 
range) j 

PNEC 
(ng/L) 

Priority 
status Log Kow 

Log Kd 
pKa 

Analgesics/ 
NSAIDs 

Paracetamol 
(PAR) 
 

 

 
 

151.16 14000 a;  
0.4 b; 
3.0 c; 
9.4 a 

2,401,013 0 – 90  161  
(937; 0 – 
230000) 

1000 c No 

 Ibuprofen 
(IBU) 
 

 
 
 
 
 

206.29 21 a; 
3.7 – 3.9 b; 
0.9 c; 
4.4 a 

958,585 72 – 90  108  
(6950; 0 – 
303000) 

1650 c UK CIP1 m 
and 2 n 

 Diclofenac 
(DCF) 
 

 
 
 
 
 

296.14 5000 d;  
4.0 – 4.5 d; 
1.2 c 

4.1 – 4.5 d,e 

442,531 3 – 60  32  
(7017; 0 – 
18700) 

50 l EU WFD* p; 
UK CIP1 m 
and 2 n 

Antibiotics Clarithromycin 
(CLAR) 
 
 
 
 
 
 

 
 
 
 
 
 
 
 

748.95 0.3 c; 
3.1 c; 
2.5 – 2.6 c; 
8.9 c 

210,514 0 – 24  2290 
(313; 0 – 
87000) 

70 c; 120 l EU WFD p,q ; 
UK CIP2 n 
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 Trimethoprim 

(TRI) 
 

 
 
 
 
 

290.32 400 – 615 f; 
0.9 a; 
2.2 – 2.6 c; 
7.2 c  

451,736 0 – 50  37 
(3060; 0 – 
13600) 

2600 c, 
500 o 

No 

Psychotics Carbamazepine 
(CBZ) 

 
 
 
 
 

236.26 17 g; 
2.2 – 2.4 g; 
0.1 c; 
13.9 f  

201,448 
 

0 – 53  187  
(25115; 0 
– 8050) 

13800 c, 
420 o 

UK CIP1 m 
and 2 n 

 Fluoxetine 
(FLX) 
 

 
 
 
 
 

309.33 38 c;  
4.0 – 4.6 a; 
0.7 c; 
10.1 h 

876,812 3 – 60  740  
(159; 0 – 
43000) 

50 c UK CIP1 m 
and 2 n 

Synthetic 
hormone 

17α-
ethynylestradiol 
(EE2) 

 

 
 
 
 
 
 

296.41 116 c; 
4.1 c; 
2.5 – 2.8 c; 
10.2 c 

366,156 0 – 85  43  
(1530; 0 – 
5900) 

0.03 l EU WFD p,q;  
UK CIP1 m 
and 2 n 

*Diclofenac was removed from the EU Water Framework Directive (WFD) watch list in 2018; a US EPA, 2012 b Petrie et al., 2014; c Verlicchi et al., 2012b; d Pérez-Estrada et al., 2005; e 

Poirier-Larabie et al., 2016; f Dodd and Huang, 2006; g Durán-Álvarez et al., 2015; h Serna-Galvis et al., 2015; i Information Services Division, 2019; j aus der Beek et al., 2016; k Carvalho et 

al., 2015; l Loos et al., 2018; m UKWIR, 2014; n Comber et al., 2018; o Li et al., 2021; p European Commission, 2015; q European Commission, 2018 
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2.1.1 Analgesics/NSAIDs 

Three compounds were selected from the analgesics/NSAIDs class: paracetamol, 

ibuprofen and diclofenac. These compounds are commonly used to alleviate pain and 

inflammation (Mezzelani et al., 2018). Scottish prescribing data reveals that paracetamol 

(2,401,013 prescription items) had the highest prescribing rates between 2018 – 2019, 

compared to ibuprofen (958,585) and diclofenac (442,531) (Information Services Division,  

2019). These values do not include OTC sales, which are significant for the analgesics and 

NSAIDs. In 2016 – 2017, total masses of ibuprofen and diclofenac distributed OTC reached 

311.8 and 2.9 tonnes, receptively, in England and Wales (Scottish and paracetamol data 

unavailable), accounting for 76% and 35% of the total mass distributed (e.g., sum of 

prescription and OTC masses) (Austin et al., 2021). Paracetamol, ibuprofen and diclofenac 

are therefore expected to enter wastewater in high quantities, and reported 

concentrations in WWTP influent reached >10000 ng/L (Ashton et al., 2004; Gardner et al., 

2012; Gurke et al., 2015; Kasprzyk-Hordern et al., 2009; Kosma et al., 2010; Santos et al., 

2013; Tran and Gin, 2017).  

 These compounds have various water solubilities, lipophilicity, sorption potential 

and acidities, which will affect behaviour during wastewater treatment and in the 

environment. Paracetamol and diclofenac have high water solubilities (>1000 mg/L), 

ibuprofen and diclofenac are lipophilic (log Kow >3.7) and paracetamol has high sorption 

potential (log Kd = 3) (Pérez-Estrada et al., 2005; Petrie et al., 2014; US EPA, 2012; Verlicchi 

et al., 2012b). At wastewater pH (varying between pH 6 – 8), paracetamol is expected to 

be neutral or positively charged, while ibuprofen and diclofenac will be negatively charged 

(Rout et al., 2021; Verlicchi et al., 2012b). Wastewater removal efficiencies for paracetamol 

and ibuprofen are high (approx. 80 – 100%) via CAS treatment, indicating either appreciable 

biodegradability or sorption to sludge (Clara et al., 2005; Petrie et al., 2014; Radjenović et 



 

66 
 

al., 2009b; Santos et al., 2013; Vieno et al., 2007). Diclofenac, however, demonstrates 

various removal efficiencies in CAS WWTPs in literature, with observed values spanning <0 

– 80% (Aymerich et al., 2016; Behera et al., 2011; Gardner et al., 2013; Kasprzyk-Hordern 

et al., 2009; Kosma et al., 2010). In WWTPs operating CAS, membrane bioreactor and 

trickling filter secondary treatment, the UK CIP observed generally high elimination of 

ibuprofen (85 – 100%), but varying diclofenac removal (-12 – 81%) (Gardner et al., 2013).  

Due to the high concentrations entering WWTPs, and incomplete removal from 

final effluent, these compounds have been widely detected in surface water around the 

world. Literature has reported concentrations of diclofenac in various rivers ranging 0.5 – 

16 ng/L in Spain (Vazquez-Roig et al., 2012), 9 – 40 ng/L in England (Kasprzyk-Hordern et 

al., 2009) and 500 – 1200 ng/L in Germany (Ferrari et al., 2004). Similarly, ibuprofen 

concentrations spanned 0.3 – 2 ng/L in a Swedish lake (Wahlberg et al., 2011), 0.4 – 420 

ng/L in various surface water across Greenland (Huber et al., 2016) and 8 – 66 ng/L in 

several rivers in France (Loos et al., 2008). Paracetamol concentrations in 139 rivers in the 

USA spanned 9 – 10000 ng/L, with positive detections in 26% of those sampled (Kolpin et 

al., 2002). Other studies identified paracetamol river concentrations of 7 – 112 ng/L in Spain 

(Vazquez-Roig et al., 2012) and 0 – 1600 ng/L in Scotland (Ramage et al., 2019). Global 

average concentrations of paracetamol, ibuprofen and diclofenac in surface water reached 

161 ng/L, 108 ng/L and 32 ng/L, respectively (aus der Beek et al., 2016).  

Of the analgesics/NSAIDs, diclofenac has the lowest reported PNEC (50 ng/L), 

compared to ibuprofen and paracetamol (PNEC >1000 ng/L), indicating that biological 

effects may be elicited at concentrations exceeding this value (Loos et al., 2018; Verlicchi 

et al., 2012b). The ecotoxicological effects of diclofenac at environmentally relevant 

concentrations in surface water include organ malfunction of rainbow trout (Oncorhynchus 
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mykiss), developmental defects in egg phase and delayed hatching of Japanese medaka fish 

(Oryzias latipes), chronic toxicity to crustacean species (Daphnia magna and Moina 

macrocopa) and impacted metabolism and growth of Baltic Sea blue mussels (Mytilus 

edulis trossulus) (Dietrich et al., 2010; Ericson et al., 2010; Lee et al., 2011; Triebskorn et 

al., 2007). Paracetamol and ibuprofen effects at environmentally relevant concentrations 

are less well characterised. Ibuprofen exposure (>5 mg/L) resulted in growth inhibition of 

aquatic bacteria (Vibrio fischeri) and acute toxic effects in crustacean (D magna) species 

(Farré et al., 2001; Halling-Sorensen et al., 1998; Ra et al., 2008). Similarly, paracetamol 

exhibited effects against aquatic algae, invertebrate and fish species, but usually at 

concentrations exceeding those expected in surface water (e.g., >1 mg/L) (Petrie et al., 

2015; Stuer-Lauridsen et al., 2000; Verlicchi et al., 2012b). However, in mixtures with other 

pharmaceuticals at environmentally relevant concentrations, paracetamol exposure 

resulted in reduced embryo production in zebrafish (Danio rerio) (Galus et al., 2013).  

Diclofenac was included on the EU WFD 1st Watch List (2015 – 2018) for monitoring 

in European surface water; however it was recently removed from the 2nd Watch List (2018 

– present), as data was sufficient from the 1st Watch List to evaluate the environmental risk 

(European Commission, 2018, 2015; Loos et al., 2018). Similarly, in the UK, diclofenac and 

ibuprofen were included in both phases of the UKWIR CIP, and monitored in wastewater 

influent, effluent and surface water to assess environmental distribution and highlight the 

necessary improvements required for conventional water treatment (Comber et al., 2018; 

UKWIR, 2014). Paracetamol was not listed as a priority substance for inclusion in the WFD 

and CIP monitoring programmes; however, due to the high usage, continued evaluation of 

the environmental presence should be considered.  
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2.1.2 Antibiotics 

 The macrolide antibiotic clarithromycin, and trimethoprim were selected for target 

monitoring in this study. Antibiotics are used to treat bacterial infections, and are one of 

the most commonly used class of pharmaceuticals; Scottish prescribing data reveals that 

trimethoprim (451,736) and clarithromycin (210,514) were highly dispensed between 2018 

and 2019 (Information Services Division, 2019). However, these values do not include 

hospital prescribing and use, which are likely to be significant for antibiotics (Oliveira et al., 

2018). The Hospital Medicines Utilisation Database (HMUD) details pharmaceutical usage 

in Scottish hospitals, but is not available to non-NHS staff (National Health Service and 

National Services Scotland, 2012). Although antibiotic usage is known to vary by country, 

concentrations of trimethoprim and clarithromycin in WWTP influent have been identified 

in the mid to high ng/L range in several countries, including the UK, Sweden, Switzerland, 

Germany, Italy, Portugal, South Korea and Canada (Al Aukidy et al., 2012; Behera et al., 

2011; Göbel et al., 2007; Guerra et al., 2014; Gurke et al., 2015; Hua et al., 2006; Kasprzyk-

Hordern et al., 2009; Lindberg et al., 2005; Santos et al., 2013).  

Antibiotics generally demonstrate poor removal during wastewater treatment, 

particularly in WWTPs operating secondary biological degradation without further 

treatment (i.e., tertiary disinfection or clarification). Clarithromycin and trimethoprim 

removals of <30% are reported in literature, and are most likely due to the antimicrobial 

activity and low biodegradability of trimethoprim and clarithromycin; as both compounds 

are not expected to readily sorb to solid-phase sludge (log Kow <3.1, log Kd <2.6) (Guerra et 

al., 2014; Gurke et al., 2015; Kasprzyk-Hordern et al., 2009; Radjenović et al., 2009b; Santos 

et al., 2013; Verlicchi et al., 2012b). As a result, both antibiotics have been detected in final 

WWTP effluents in concentrations exceeding 100 ng/L (Al Aukidy et al., 2012; Göbel et al., 

2007; Karaolia et al., 2014; Kasprzyk-Hordern et al., 2009; Lindberg et al., 2005; Margot et 
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al., 2013). This results in direct entry into effluent-receiving surface water, and average 

global concentrations of 2290 ng/L and 37 ng/L were reported for clarithromycin and 

trimethoprim, respectively (aus der Beek et al., 2016). Individual studies have identified 

trimethoprim concentrations in surface water of 1.6 ng/L in Scotland (Letsinger et al., 

2019), 0.3 – 2.0 ng/L in Sweden (Wahlberg et al., 2011), 14 – 300 ng/L in the USA (Kolpin et 

al., 2002), 40 ng/L in England (Ashton et al., 2004) and 94 – 344 ng/L in Canada (Hua et al., 

2006). For clarithromycin, surface water concentrations ranged 1 – 20 ng/L in France 

(Feitosa-Felizzola and Chiron, 2009), 17 ng/L in the USA (Klosterhaus et al., 2013), 17 – 59 

ng/L in Spain (Gros et al., 2012) and 30 – 40 ng/L in Germany (Wiegel et al., 2004).  

The ecotoxicological concerns relating to antibiotics are high, usually in relation to 

the potential promotion of drug resistant bacterial strains and assistance in the 

development of AMR in surface water bacterial communities. Inhibited microbial activity,  

or potential development of resistant bacteria, may result from antibiotic presence in 

surface water (even at trace concentrations), with a higher risk generally acknowledged for 

clarithromycin compared to trimethoprim (Baumann et al., 2015; Giebułtowicz et al., 2020; 

Johnson et al., 2015; Karaolia et al., 2014). Clarithromycin has PNEC values of 70 ng/L 

(Verlicchi et al., 2012b) and 120 ng/L (Loos et al., 2018), and trimethoprim PNECs of 2600 

ng/L (Verlicchi et al., 2012b) and 500 ng/L (Li et al., 2021). Acute toxicity and growth 

inhibition in green algae (Pseudokirchneriella subcapitata) was observed at clarithromycin 

concentrations of 0.04 – 0.06 mg/L (Yang et al., 2008), and D rerio embryo lethality and D 

magna immobilisation was observed at concentrations >2 mg/L (Baumann et al., 2015) . 

Similarly, the effective concentration of trimethoprim to green algae (P subcapitata), 

crustacean (D magna) and fish has been reported as 8 – 10 mg/L (Kim et al., 2007; 

Radjenović et al., 2009a; Verlicchi et al., 2012b) . Limited direct toxicity is expected in 

surface water, and the effective concentrations in these studies were several orders of 
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magnitude higher than expected environmental concentrations; however, mixture and 

chronic toxicity against aquatic bacteria may occur under certain conditions (e.g., low flow 

situations, ‘hotspots’ from agricultural/untreated effluent  release) in surface water 

(Johnson et al., 2015).  

Neither clarithromycin nor trimethoprim were included in the UKWIR CIP phase 1 

monitoring programme (Gardner et al., 2012; UKWIR, 2014), but clarithromycin was added 

to the phase 2 list and is currently a prioritised compound on the EU WFD Watch Lists 

(Comber et al., 2018; Loos et al., 2018). If an EQS is set following WFD monitoring, EU 

member states will be legally required to comply and reduce concentrations of 

clarithromycin entering surface water (Austin et al., 2021). The widespread presence of 

antibiotics in wastewater and wastewater effluent may accelerate the promotion and 

development of AMR in bacterial communities in effluent-receiving surface waters 

(Giebułtowicz et al., 2020; Johnson et al., 2015; Michael et al., 2013; Rout et al., 2021). AMR 

is widely acknowledged as one of the most significant human health risks of the 21st 

century, and the World Health Organization has declared it in the top 10 list of global public 

health threats facing humanity (World Health Organization, 2020). Characterising the 

environmental presence and impact of antibiotics, including clarithromycin and 

trimethoprim, is therefore of high importance.  

2.1.3 Psychoactive drugs 

Two psychoactive compounds were selected: carbamazepine and fluoxetine. 

Fluoxetine is a selective serotonin reuptake inhibitor (SSRI) antidepressant, and is 

commonly prescribed to treat clinical depression, obsessive-compulsive disorder, 

personality disorders and panic attacks (Metcalfe et al., 2010; Mezzelani et al., 2018) . 

Carbamazepine is an anti-epileptic used to prevent seizures and convulsions, and as a mood 

stabiliser (Donner et al., 2013). Prescribing rates in Scotland reached 876,812 and 201,448 
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(respectively, by items dispensed) in 2018 – 2019 (Information Services Division, 2019); this 

reflects the majority of compound use as OTC sales and hospital dispensing for 

psychoactive drugs is minimal (Daouk et al., 2016; Helwig et al., 2016; Oliveira et al., 2018) . 

These compounds are therefore expected to enter WWTPs primarily from domestic 

wastewater, and have been quantified in raw influent at concentrations ranging 10 – 175 

ng/L (fluoxetine) and 40 to 3124 ng/L (carbamazepine) (Baker and Kasprzyk-Hordern, 2013; 

Behera et al., 2011; Gardner et al., 2012; Gurke et al., 2015; Kasprzyk-Hordern et al., 2009; 

Kosma et al., 2010; Lajeunesse et al., 2012; Petrie et al., 2014; Santos et al., 2013; Schultz 

and Furlong, 2008; Vieno et al., 2007).  

Both compounds are weakly acidic and may be positively charged or neutral at 

wastewater pH, and have low water solubilities (<40 mg/L) and low sorption potentials (log 

Kd <1), which will impact removal and behaviour during wastewater treatment (Durán-

Álvarez et al., 2015; Verlicchi et al., 2012b). A study as part of the UK CIP observed limited 

and varied fluoxetine removal during wastewater treatment, with elimination ranging from 

<0 – 88% in WWTPs operating CAS, membrane bioreactors and tertiary treatment (Gardner 

et al., 2013); and literature further supports this with CAS removals of 0% (Petrie et al., 

2014), 0 – 36% (Lajeunesse et al., 2012), 33% (Radjenović et al., 2009b) and 53% (Baker and 

Kasprzyk-Hordern, 2013). Additionally, fluoxetine, which is lipophilic (log Kow >4), has been 

frequently detected in solid-phase sludge (Jones et al., 2014; Metcalfe et al., 2010; Niemi 

et al., 2013; Petrie et al., 2014). Carbamazepine is widely recognised as a highly persistent 

compound which undergoes limited removal during wastewater treatment, with values 

spanning -100% (Petrie et al., 2014), -40 – -20% (Kasprzyk-Hordern et al., 2009), -6% (Gurke 

et al., 2015), 0 – 19% (Tran and Gin, 2017), 6 – 31% (Santos et al., 2013), 11% (Kosma et al., 

2010), 23% (Behera et al., 2011). Reformation of carbamazepine during wastewater 

treatment from conjugation of TPs or human metabolites may account for the <0% 
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removals reported in literature (Gurke et al., 2015; Joss et al., 2005; Kasprzyk-Hordern et 

al., 2009; Petrie et al., 2014; Radjenović et al., 2009b; Tran and Gin, 2017). 

As a result of poor removal during wastewater treatment, both carbamazepine and 

fluoxetine are continuously introduced into surface water, and reported average global 

concentrations were 187 ng/L and 740 ng/L, respectively (aus der Beek et al., 2016) . 

Individual studies have reported fluoxetine concentrations of 0.8 – 120 ng/L in surface 

water (Baker and Kasprzyk-Hordern, 2013; Kolpin et al., 2002; Petrie et al., 2015; Schultz et 

al., 2010). Carbamazepine concentrations in different surface water studies have been 

identified at 0 – 231 ng/L in Belgium (Wille et al., 2011), 0.3 – 10.9 ng/L in Singapore (Bayen 

et al., 2013), 0.2 – 192 ng/L in Scotland (Zhang et al., 2018), 5 – 38 ng/L in Spain (Vazquez-

Roig et al., 2012), 5 – 44 ng/L in the USA (Klosterhaus et al., 2013) and 71 – 327 ng/L in 

England (Kasprzyk-Hordern et al., 2009). It is evident that the predicted no-effect 

concentrations may be exceeded in receiving surface water, particularly for fluoxetine 

(PNEC = 50 ng/L), and as such, there may be biological effects associated with these 

detected concentrations.   

Fluoxetine is a suspected endocrine-disrupting compound, with a variety of adverse 

physiological, developmental and behavioural effects observed in exposed aquatic 

organisms. Laboratory exposures have reported acute toxicity to green algae ( P 

subcapitata) and reduced prey capture ability in stripped bass (Morone saxatilis) at high 

concentrations (4 – 1000 µg/L) (Gaworecki and Klaine, 2008; Johnson et al., 2007). At 

environmentally relevant concentrations (29 – 300 ng/L), delayed tadpole development in 

Leopard frogs (Rana pipiens) and decreased egg production in zebrafish (D rerio) was 

observed (Foster et al., 2010; Lister et al., 2009). Carbamazepine has demonstrated acute 

toxicity against fish (D rerio, Oryzias latipes), crustacean (D magna), green algae (P 
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subcapitata) and bacteria (V fischeri) at concentrations >5 mg/L, which are unlikely to be 

observed in environmental media (Ferrari et al., 2003; Ginebreda et al., 2010; Kim et al., 

2007). Chronic effects were reported in literature, such as reduced fish ( D rerio) embryo 

production at environmentally relevant concentrations in mixture with paracetamol, 

gemfibrozil and venlafaxine (Galus et al., 2013). Donner et al., (2013) tested the ecotoxicity 

of carbamazepine and its photolysis TPs against species of bacteria (V fischeri), green algae 

(P subcapitata) and crustacean (D magna), and reported that the photolytic products were 

more toxic against all species compared to carbamazepine. Additionally, both 

carbamazepine and fluoxetine were detected in tissue of fish living in surface water 

impacted by WWTP effluent (Garcia et al., 2012; Schultz et al., 2010), indicating the 

potential to bioaccumulate in nontarget organisms and aquatic media.  

Despite these ecotoxicological concerns, neither fluoxetine nor carbamazepine 

were included in the EU WFD surface water monitoring watch list (European Commission, 

2018, 2015). However, the UK CIP monitored both in phases 1 and 2 (Comber et al., 2018; 

UKWIR, 2014). Due to the associated ecotoxicological risks and observed persistence during 

wastewater treatment, further environmental monitoring of both compounds is 

warranted.  

2.1.4 Estrogen hormone 

 The synthetic estrogen hormone, 17α-ethynylestradiol, was chosen for inclusion in 

this study. This compound is used in oral contraceptive pills to inhibit ovulation, and also 

as a prescription medication for hormone replacement therapy and palliative treatment of 

breast cancer (Almeida et al., 2020). Prescription items reached 366,156 in Scotland 

between 2018 and 2019 (Information Services Division, 2019). Hospital use and OTC sales 

for estrogen hormones is minimal (Oliveira et al., 2018), and the main source of this 

compound entering WWTPs is through domestic wastewater. Concentrations of 17α -
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ethynylestradiol in raw influent ranged 0.1 – 1 ng/L (Gardner et al., 2012), 0.5 ng/L (Comber 

et al., 2018), 0.5 – 8.1 ng/L (Wang et al., 2005), 0.7 – 5.2 ng/L (Joss et al., 2004) and 1.7 ng/L 

(Heffley et al., 2014). In Beijing (China), WWTP influent concentrations averaged 42 ng/L, 

with a maximum concentration >3000 ng/L, which was attributed to the dense population 

and low dilution effects (Zhou et al., 2012).  

 17α-ethynylestradiol is weakly acidic (pKa 10.2), and may be positively charged or 

neutral at wastewater pH; it also has low water solubility (116 mg/L) and is lipophilic (log 

Kow >4) with moderate sorption potential (log Kd <3) (Verlicchi et al., 2012b). The UK CIP, 

observed highly variable removal during wastewater treatment, with elimination ranging 

from -100 – 88% in WWTPs operating CAS, membrane bioreactors and tertiary treatment 

(Gardner et al., 2013). Increases in concentration following primary treatment were 

observed, most likely due to reformation of the parent compound from human metabolites 

or TPs (Gardner et al., 2013). In literature, 1 – 39% (Wang et al., 2005), 10 – 20% (Suarez et 

al., 2009), 53 – 71% (Heffley et al., 2014), 82 – 95% (Joss et al., 2004) and >90% (Koh et al., 

2009) removal has been observed. As a result, final effluents introduce 17α -

ethynylestradiol into surface water in varying amounts, posing a significant ecotoxicological 

risk as estrogen compounds are biologically active at trace concentrations (i.e., in the low 

ng/L range).  

The PNEC value for 17α-ethynylestradiol, 0.03 ng/L, has been exceeded in surface 

water around the world (aus der Beek et al., 2016; Loos et al., 2018). The global average 

concentration in surface water was 43 ng/L, which seemed unrealistically high when 

considering concentrations observed in wastewater influent and WWTP removal (aus der 

Beek et al., 2016), but may be linked to point-source pollution from pharmaceutical 

factories. Individual studies have reported surface water concentrations ranging 0.05 – 0.3 
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ng/L in Australia (Ferguson et al., 2013), 0.9 – 10.2 ng/L in the UK (Wilkinson et al., 2017) ,  

4 – 102 ng/L in Portugal (Ribeiro et al., 2009; Rocha et al., 2012), 5 – 831 ng/L in the USA 

(Kolpin et al., 2002) and 180 – 280 ng/L in Spain (Camacho-Muñoz et al., 2010).  

 Estrogen compounds, including 17α-ethynylestradiol, cause endocrine-disruption 

in nontarget aquatic organisms. The main effects include impaired reproductive and 

developmental functions, such as delayed embryonic development, reduced gonad size, 

disrupted ovarian and testicular functions and hermaphroditism (Nash et al., 2004; Parrott 

and Blunt, 2005; Vajda et al., 2008). Decreased egg fertilisation, reduced sex ratios and 

intersex of male fish at concentrations of 0.3 – 0.9 ng/L were observed in fathead minnows 

(Pimephales promelas) (Parrott and Blunt, 2005); and infertility due to absent or intersex 

gonads was observed in zebrafish (D rerio) at concentrations of 5 ng/L (Nash et al., 2004) . 

Also, chronic toxicity has been observed in several aquatic invertebrate and crustacean 

species exposed to concentrations >0.03 mg/L (Hutchinson et al., 1999; Radix et al., 2002; 

Roepke et al., 2005). Additionally, bioaccumulation of 17α-ethynylestradiol was reported 

in wild bivalves in freshwater and coastal environments, indicating the risk of 

biomagnification and potential adverse effects in different trophic levels throughout 

aquatic ecosystems (Almeida et al., 2020).  

It is evident that environmentally relevant concentrations of 17α -ethynylestradiol 

may lead to reproductive impairment and population collapse of affected species in 

impacted aquatic ecosystems. Recent studies have shown that estrogen pollution in 

surface water is causing endocrine disruption in wild fish populations around the world, 

including Portugal (Ribeiro et al., 2009), the USA (Vajda et al., 2008), the Netherlands 

(Vethaak et al., 2005), Japan and South Korea (Aoki et al., 2010) and the UK (Allen et al., 

1999; Gross-Sorokin et al., 2006). Due to the severe risk estrogen compounds pose to 
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aquatic environments, 17α-ethynylestradiol is currently a priority substance on the EU WFD 

watch list (European Commission, 2018, 2015), and was included in both phases of the UK 

CIP monitoring programme (Comber et al., 2018; UKWIR, 2014).  

2.2 Transformation products 

In order to investigate pharmaceutical degradation and identify TPs in 

environmental media, a systematic literature review was performed to create an original 

database of TPs and common metabolites of the eight target compounds. This review 

initially considered published data on TPs and metabolites that have been observed in 

wastewater and surface water; but also included those formed through laboratory 

degradation studies via photolysis and microbial degradation. These processes may occur 

naturally during wastewater treatment, or in surface water (Mathon et al., 2016; Poirier-

Larabie et al., 2016). Products formed through advanced wastewater treatment processes 

(e.g., photocatalysis, chlorination and ozone disinfection) were considered to a lesser 

extent, as the primary focus was to apply this database in identification of pharmaceutical 

TPs formed in rural, conventional WWTPs which do not utilise advanced treatment. 

Additionally, as the database was intended to identify TPs formed through photolysis and 

biodegradation in surface water, inclusion of TPs formed through advanced oxidation 

processes (i.e., those using chemical degradation) was not deemed necessary.  

Two advanced online databases, MetlinTM (Scripps Research, USA, 

https://metlin.scripps.edu/) and mzCloudTM (Thermo Fisher Scientific, USA, 

https://www.mzcloud.org/), were accessed to gather TP information. These extensively 

curated databases are free, open-access, searchable collections of high resolution mass 

spectrometry (HRMS) and accurate mass data, including both theoretical and experimental 

compound information including: name; synonyms; chemical structure; metabolite 

https://metlin.scripps.edu/
https://www.mzcloud.org/
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information; mass to charge ratio (m/z); predicted fragment structures; and identified 

adducts (Scripps Research, 2020; Thermo Fisher Scientific, 2020). Mass spectrometric 

information is also available (e.g., ionisation energies, collision energies, MS n fragments, 

etc.). These resources were also accessed during data analysis, for comparison of raw high 

HRMS data (i.e., mass spectra, accurate masses) with archived data.  

 The database containing common TPs and metabolites of the eight target 

pharmaceuticals is included in Appendix Table A2.1. The chemical formula, accurate mass, 

theoretical mass to charge ratio (m/z; [M+H]+ or [M-H]-) and reference standard availability 

is shown. In total, 71 prospective TPs were initially included in the primary database after 

literature review (e.g., compounds identified in peer-reviewed journal articles). However, 

following comparison with the MetlinTM and mzCloudTM data archive, 40 TPs were included 

in the final database, as not all TPs proposed in literature were identified in the online data 

resources (Table 2.2). Inclusion in at least one of the online databases, or reference 

standard availability, was required to reduce potential misidentification. By creating a 

database of compounds of interest, a systematic suspected screening approach could be 

applied to analyse TPs and metabolites in wastewater and surface water through HRMS 

analysis to gain accurate mass data (Evgenidou et al., 2015; Ibáñez et al., 2017). This 

approach would also enable identification of compounds formed during laboratory -scale 

degradation studies.   
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Table 2.2. Pharmaceutical compounds and associated TPs included in the primary database (initial 
= after literature review; final = after comparison with advanced online databases).  

Parent compound Number of TPs (initial) Number of TPs (final) 

Paracetamol 11 9 
Ibuprofen 5 2 
Diclofenac 12 5 
Clarithromycin 7 4 
Trimethoprim 15 6 
Carbamazepine 14 12 
Fluoxetine 5 2 
EE2 2 0 

2.3 Conclusion 

This chapter details the comprehensive literature review and in-depth target 

compound selection process which was performed to achieve the first research objective. 

Eight target compounds (paracetamol, ibuprofen, diclofenac, clarithromycin, 

trimethoprim, carbamazepine, fluoxetine and 17α-ethynylestradiol) were selected from 

several different therapeutic classes. These compounds demonstrate varying 

physicochemical properties, high prescribing rates in Scotland, frequent occurrence in 

environmental media and potential adverse effects to aquatic organisms. From the target 

compounds, an original database of 40 TPs and common human metabolites was created 

for suspect screening analysis in environmental media. Pharmaceuticals currently do not 

have environmental quality standards or legal regulations for maximum allowable 

concentrations in wastewater effluents or surface waters (Austin et al., 2021; Loos et al., 

2018). As such, the target list and database identified here may provide novel insight into 

the environmental occurrence and persistence of pharmaceutical compounds in rural 

regions of Scotland, where historic monitoring has been limited or non-existent. This may 

subsequently provide evidence to policymakers, water regulators and environment 

protection agencies on pharmaceutical pollution and the environmental risk associated 

with these compounds in Scotland. 
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Chapter 3. Assessing hospital impact on pharmaceutical levels in a 
rural ‘source-to-sink’ water system 
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3.1 Introduction 

Numerous studies have shown that pharmaceuticals, and their 

metabolites/degradation products, are present in wastewater around the world (aus der 

Beek et al., 2016; Loos et al., 2010; Verlicchi et al., 2012b). Recently, hospitals and 

healthcare facilities have been identified as significant sources of pharmaceuticals entering 

municipal wastewater (Mendoza et al., 2015; Oliveira et al., 2018; Santos et al., 2013; 

Verlicchi et al., 2012a). Hospitals are important sites of pharmaceutical distribution and 

consumption, with modern medical interventions generally relying on drug administration 

to patients. In general, the main drugs consumed in hospitals are analgesics, anti-

inflammatories, antibiotics, contrast media, laxatives and cytostatic drugs (Daouk et al., 

2016; Herrmann et al., 2015; Oliveira et al., 2018; Santos et al., 2013). In a comparison 

between European hospitals, the most consumed drugs were contrast agents, with 

iopamidol (>687 g/bed/yr, Scotland) and iopromide (>248 g/bed/yr, the Netherlands), and 

antibiotics, with amoxicillin values ranging 28 g/bed/yr (Germany) to 125 g/bed/yr 

(Scotland) (Helwig et al., 2013). It is expected that pharmaceutical prescribing activity will 

vary by country (Helwig et al., 2013; Verlicchi et al., 2012a). Nonetheless, complex mixtures 

of pharmaceutical compounds (and their metabolites and degradation products) have been 

detected in the mid to high ng/L concentration range in hospital wastewaters (Oliveira et 

al., 2018; Santos et al., 2013; Verlicchi and Zambello, 2016).  

The variety and concentration of pharmaceuticals in hospital wastewater is 

generally greater than that in municipal wastewater. Literature has reported hospital 

contributions of total pharmaceuticals entering municipal WWTPs accounting for 1 – 76% 

(Switzerland; Daouk et al., 2016), 2 – 12% (Norway; Langford and Thomas, 2009), 5 – 56% 

(Australia; Ort et al., 2010) and 10 – 25% (Germany; Kümmerer and Henninger, 2003) . 
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Discrepancies are strongly dependent on study site (e.g., hospital size, location, water 

usage, sewer systems), complexity of the wastewater matrix (e.g., heterogeneity, temporal 

changes) and experimental methods (sampling technique, target compounds, instrumental 

analysis techniques). It is expected that specific drug classes (and individual compounds) 

will have higher hospital contribution on urban wastewater, based on prescribing practices 

(e.g., hospital-specific substances) and national formularies. For example, the hospital 

contribution of clarithromycin (antibiotic) to the total WWTP influent load was 36% (UK; 

Helwig et al., 2013), 53% (Italy; Verlicchi et al., 2012a) and 94% (Germany; Beier et al., 

2011).  

To better control pharmaceutical pollution, effective methods to successfully treat 

wastewater, or, separate (at source) pharmaceutical-rich hospital effluent from domestic 

wastewater are now needed. Indeed, the possibility of separating hospital wastewate r has 

been explored (Chonova et al., 2016; Rodriguez-Mozaz et al., 2018; Wiest et al., 2018), and 

this is now a topic of discussion for water regulators and government legislators within the 

UK and Europe (Helwig et al., 2013; Verlicchi, 2018). A framework developed by Al Aukidy 

et al., (2014) evaluated the environmental risk from hospital effluents to aid guidance of 

hospital management and environmental regulations. However, variations between 

hospitals, receiving WWTPs and compound concentrations indicated that interventions 

should be formulated on a case-by-case basis. Therefore, for such interventions to become 

a reality, further site-specific research into micropollutant loads in hospital wastewaters 

and the impact on receiving municipal WWTPs is needed. Knowledge around the impacts 

of hospitals in rural settings, and their impact on the rural water cycle, is particularly 

lacking. Such hospitals may produce wastewater that is treated at smaller, less advanced 

WWTPs, and the potential of applying advanced treatment techniques to WWTPs and/or 

‘at source’ solutions may be financially and logistically challenging to implement. 
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Therefore, research into rural hospital contribution of pharmaceuticals and subsequent 

treatment at receiving WWTP will provide evidence for policymakers, health care 

representatives, environment agencies and water regulators looking to minimise 

pharmaceutical pollution (and subsequent environmental impact) from hospitals.  

This chapter reports on a temporally intensive water cycle-based study focussed on 

Caithness General Hospital (CGH) in Wick, a small town (with a population of <7000) in the 

Northern Highlands of Scotland. The main objective was to determine the impact of CGH 

on pharmaceutical loads entering the local wastewater system, and, to consider the 

efficiency of the WWTP at removing the combined hospital and municipal pharmaceutical 

load. The study was carried out within the context of the broader water cycle and involved 

quantification of WQ parameters and pharmaceutical concentrations in: (i) the untreated 

raw water supply; (ii) the treated tap water entering the hospital; (iii) the combined hospital 

wastewater discharge; (iv) the combined municipal WWTP influent; and (v) the final WWTP 

treated effluent. This is the first ‘source-to-sink’ study to date to provide data regarding 

WQ and pharmaceutical loads in relation to a rural hospital in the UK. 

3.2 Methods  

3.2.1 Study sites  

The study locations for this work are shown on Figure 3.1, alongside a schematic 

diagram showing the sample points tested.  
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Figure 3.1. Caithness, Scotland map with Wick town indicated with sampling sites within the 
water cycle surrounding CGH in Wick. 

The first sampling site, Loch Calder, provides raw water for much of the county of 

Caithness, Scotland, including the town of Wick (Figure 3.1). Raw water is drawn from the 

middle of the loch and taken through mechanically raked fine screens. Lime and alum are 

added for pH correction and coagulation prior to passing through flocculation tanks and 

sand/anthracite filters (Bateman, 2003). After disinfection with sodium hypochlorite, final 

pH correction (with lime) and dechlorination (with ammonium sulphate), resultant drinking 

water is held in tanks before pumping to local service reservoirs that supply water to 

households and businesses in Caithness towns, including CGH (Bateman, 2003). 

CGH is a small, rural hospital in Wick operated by NHS Highland, which of fers 

general medicine/surgery services, diagnostics (X-ray, ultrasound and computerised 

tomography (CT)), accident and emergency, and limited high dependency, renal and 

palliative care services. The hospital serves a population of approx. 26,000, and is the 
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referral centre for acute medical services across the Caithness Highland region, covering 

approx. 1,600 km2 (Healthcare Improvement Scotland, 2019). CGH has 20 medical and 42 

surgical beds, a limited obstetric/midwifery unit (six beds) and an on-site laboratory and 

pharmacy (“Caithness General Hospital, Services, NHS Highland,” 2020) . Wastewater from 

all points (patient wards and surgeries, the laboratory and pharmacy, and the kitchen and 

laundry services) is routed to one main wastewater outflow which joins directly to the Wick 

sewerage system (containing all other Wick municipal wastewater); all of which is the n 

pumped to the Wick WWTP.   

Wick WWTP (operated by Scottish Water, 2003) was designed for a population 

equivalent (PE) of ~13500 PE, and includes primary and secondary CAS treatment. Upon 

entry, raw wastewater is screened (6 mm mesh) and grit is separated (Samson, 2003) . 

Wastewater is then pumped into a primary holding tank, operated on an ad-hoc basis to 

control flow-to-full treatment (FFT), before entering primary settlement (Samson, 2003) . 

The maximum FFT capacity is 14774 cubic metres per day (CMD), and the daily average FFT 

is recorded (Spreight, 2019). The CAS process is used for aeration and settlement in two 

open-air basins; with cycles following six four-hour or eight three-hour cycles in a day 

(Samson, 2003). Sludge is stored for five days, before dewatering (to ~22% dry solids), 

caking and transport off-site. Treated effluent is decanted every three or four hours 

(following CAS cycle completion) from CAS basins and released into the North Sea through 

a 500 m long offshore pipe discharging north of Wick harbour.  

3.2.2 Sample collection 

Sampling (grab) was performed over four consecutive weeks in February 2018. The 

CGH discharge, WWTP influent and WWTP effluent were collected every day (alternating 

between morning and afternoon each consecutive day), except on weekends (when 
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samples were not collected due to site restrictions). One sample per week was also taken 

from Loch Calder and from the CGH kitchen tap water, as chemical variations were 

expected to be minimal in the raw source and treated tap waters. Amber glass bottles (2.5 

L) and plastic HDPE bottles (1 L) were used to collect samples for pharmaceutical and WQ 

analysis, respectively. Before use, all sample bottles for WQ were cleaned with tap water, 

soaked in 3% Decon® for 24 h and then rinsed with Milli-Q® Type I water three times. Amber 

glass bottles were cleaned consecutively with tap water, methanol and Milli-Q water (three 

rinses with each). A stainless-steel bucket on a chain was used to collect wastewater 

samples; while surface water and tap water was collected directly into bottles. All sampling 

materials were rinsed in triplicate with the water being sampled, prior to sample collection. 

Bottles containing wastewater were cleaned externally with 10% high level laboratory 

disinfectant (HLD4L, ChemGene®) antibacterial spray. Samples were transported back to 

the laboratory in cool boxes. Samples were refrigerated at 4 °C on return to the laboratory, 

and processed immediately or within 24 h of collection.  

3.2.3 Chemicals and reagents 

 All pharmaceutical standards were of high purity (>98%) and supplied from Sigma-

Aldrich (UK). Isotopically labelled internal standard (ILIS) solutions (100 mg/L, in pure 

solvent) were purchased from QMX (UK). Stock standards of target compounds (1000 

mg/L) and ILIS (1 mg/L) were prepared by weight in 100% methanol (MeOH), and then 

further diluted to create calibration and reference standards in 1:1 (v:v) MeOH:Milli-Q 

water. All such solutions were para-filmed and then stored in amber glass vials at -20 C 

until use. Milli-Q Type I water was produced from a Millipore purification system (18.2 MΩ, 

USA). HPLC-grade pure organic solvents (ethyl acetate, EtOAc; acetone, ACE; acetonitrile, 

ACN; methanol, MeOH) were supplied from VWR Chemicals (UK). Formic acid and 



 

86 
 

ammonium hydroxide buffers were prepared from analytical grade standards purchased 

from Fluka (Germany).  

3.2.4 Pharmaceutical analysis 

3.2.4.1 Target compounds 

Target pharmaceuticals were chosen based on the selection process performed in 

Chapter 2. Eight common pharmaceutical compounds were monitored: paracetamol, 

diclofenac and ibuprofen (analgesics/anti-inflammatories); clarithromycin and 

trimethoprim (antibiotics); carbamazepine and fluoxetine (psychoactive drugs); and 17α -

ethynylestradiol (synthetic hormone). These were chosen as they represented four 

different pharmaceutical classes, have a range of physicochemical properties, have high 

usage in Scotland, and have been regularly detected in surface waters (aus der Beek et al., 

2016; Information Services Division, 2019; Verlicchi et al., 2012b). Additionally, several are 

of regulatory concern and are present on EU WFD and/or UKWIR monitoring programmes 

(European Commission, 2018, 2015; UKWIR, 2019, 2014). Compounds currently on the 

WFD surface water 2nd Watch List are clarithromycin and 17α-ethynylestradiol; diclofenac 

was removed from the 1st Water List (2015 – 2018) (European Commission, 2018; Loos et 

al., 2018). In the UK, both ibuprofen, diclofenac, clarithromycin, carbamazepine, fluoxetine 

and 17α-ethynylestradiol were prioritised on the CIP to monitor in  wastewater and surface 

water (Gardner et al., 2013; UKWIR, 2019).    

3.2.4.2 Sample preparation and solid phase extraction 

All water/wastewater samples (1 L) were first vacuum filtered through 0.7 μm glass 

microfiber filters (47 mm diameter, MF300; Fisherbrand) immediately after sampling. Solid 

phase extraction (SPE) was then performed. Immediately prior to SPE, samples were spiked 

with 0.25 mL of ILIS solution (which contained 100 μg/L (in 100% MeOH) of paracetamol-

d4, trimethoprim-d9, carbamazepine-d10, roxithromycin, fluoxetine-d5, diclofenac-d4 and 
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estrone-d2. Roxithromycin was used as an ILIS for clarithromycin, as this compound is not 

prescribed in the UK and is therefore unlikely to be present in UK wastewaters and surface 

waters (Information Services Division, 2016). SPE was performed using Oasis Prime HLB 

cartridges (200 mg, 6 cc capacity; Waters) conditioned with 5 mL of MeOH and 5 mL of 

Milli-Q water at a flow rate of 1 mL/min. Samples (1000 mL) were passed continuously 

through the cartridges at a flow rate of 2 – 4 mL/min under vacuum (approx. 50 kPa). 

Cartridges were then dried under vacuum for >60 min before eluting with 12 mL of 1:1 (v:v) 

EtOAc:ACE. Eluent was collected in 20 mL glass tubes, and a gentle flow of nitrogen gas 

(Caliper TurboVap LV bath, at 40 C) was used to evaporate samples to near dryness. 

Samples were finally reconstituted with 0.5 mL of 1:1 (v:v) MeOH:Milli-Q water and then 

transferred to amber glass LC vials and stored at -20 C prior to analysis.  

3.2.4.3 Instrumentation and analysis 

All pharmaceutical analysis was performed using reverse-phase liquid 

chromatography (LC) coupled to electrospray ionisation (ESI) tandem mass spectrometry 

(MS/MS) – using an Agilent 1100 LC stack (with CTC Analytics PAL autosampler) and a 

Micromass Quattro Ultima Platinum triple quadrupole MS/MS system. LC-MS/MS analysis 

was carried out using multiple reaction monitoring (MRM) mode, in positive and negative 

ESI modes (ESI+ and ESI-). Paracetamol, trimethoprim, carbamazepine, clarithromycin and 

fluoxetine were analysed with ESI+; ibuprofen, diclofenac and 17α-ethynylestradiol with 

ESI-. LC separation for ESI+ compounds was performed using an XBridge BEH C18 column 

(2.5 μm, 2.1 x 100 mm) with the mobile phases 0.1% formic acid in Milli-Q (solvent A) and 

100% ACN (solvent B). The solvent gradient was: 95% solvent A held for 3 min, moving to 

30% solvent A held from 21 – 24 min, then back to 95% solvent A for 25 – 32 min (for re-

equilibration), with a constant flow rate of 0.220 mL/min and a column temperature of 45 

°C. For ESI- compounds, a Kinetex EVO C18 column (2.6 μm, 3.0 x 100 mm) was used with 
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0.025% ammonia hydroxide in Milli-Q (solvent A) and 100% ACN (solvent B). The solvent 

gradient was: 85% solvent A for 1 min, moving to 10% solvent A held from 14 – 17 min, 

then back to 85% solvent A held for 18 – 25 min (for re-equilibration), with a constant flow 

rate of 0.200 mL/min and a column temperature of 25 °C. The injection volume used was 5 

μL, and the injection was performed using a chilled (4 °C) autosampler. Data acquisition 

and reprocessing was carried out using MassLynx 4.1 software. The optimised MS/MS 

parameters for each compound (e.g., MS/MS settings, cone voltage, collision energy and 

MRM ion transitions) and example chromatograms in a reference standard and hospital 

discharge sample are detailed in the Appendix (Table A3.1 and Figures A3.1, A3.2).  

3.2.4.4 Quality assurance and quality control  

All samples were analysed alongside Milli-Q water blanks and mixed eight 

pharmaceutical calibration standards at concentrations of 2, 10, 25, 50, 75, 100, 200, 300, 

400 and 500 μg/L. A mixed reference standard containing all eight pharmaceuticals (at 500 

μg/L) and ILIS (at 50 μg/L) was also analysed after every 10 injections to monitor, and 

correct for, instrument drift in sensitivity during the analysis. The frequent injection of 

blanks enabled identification of compound carry over (which was not observed). 

Pharmaceuticals were identified using retention time (RT) and MRM transitions (two per 

analyte). The most abundant product ion was used for quantification, and the second for 

confirmation. Final reported concentrations were corrected against recovery of the ILIS (50 

μg/L final concentration after SPE enrichment), using the relative response factor ( RRF) 

equation (Equation 3.1).  

𝑅𝑅𝐹 = (
𝐴𝑛𝑎𝑙𝑦𝑡𝑒  𝑎𝑟𝑒𝑎

𝐴𝑛𝑎𝑙𝑦𝑡𝑒 𝑐𝑜𝑛𝑐𝑒𝑛𝑡𝑟𝑎𝑡𝑖𝑜𝑛
) × (

𝐼𝐿𝐼𝑆 𝑐𝑜𝑛𝑐𝑒𝑛𝑡𝑟𝑎𝑡𝑖𝑜𝑛

𝐼𝐿𝐼𝑆  𝑎𝑟𝑒𝑎
)  

Equation 3.1. Relative response factor (RRF) equation.  

Standard calibration curves were tested for linearity (through correlation  

coefficient, r2), and these were consistently good (r2 > 0.99 for each compound). The limit 



 

89 
 

of quantitation (LOQ) was determined as the lowest concentration which gave a signal to 

noise ratio (s:n) of ≥ 10 (Huber et al., 2016; Nebot et al., 2015).  

3.2.5 WQ determination 

WQ parameters were split into three subgroups: physico-chemical, nutrients/ions 

and metals. Physico-chemical parameters were: pH, electrical conductivity, turbidity, total 

suspended solids (TSS), chemical oxygen demand (COD), dissolved organic carbon (DOC) 

and dissolved inorganic carbon (DIC). Nutrients/ions were: total oxidised nitrogen (TON, a 

measure of the sum of the inorganic forms of nitrogen, nitrate (NO3-) and nitrite (NO2-)), 

soluble reactive phosphorous (SRP, a measure of orthophosphate (PO43-)), dissolved 

ammonium-nitrogen (referred to as ammonium (NH4+)), sulphate (SO42-) and chloride (Cl-). 

The dissolved metals were: copper (Cu), iron (Fe), zinc (Zn), lead (Pb), cadmium (Cd), nickel 

(Ni), aluminium (Al), sodium (Na), magnesium (Mg), potassium (K), calcium (Ca), 

manganese (Mn) and arsenic (As). These parameters were chosen as an atypical WQ 

monitoring suite.  

The pH and conductivity of filtered samples (0.45 μm nylon syringe filters, 

Fisherbrand) were determined with a hand-held probe (HANNA HI991300 portable meter). 

This was calibrated for conductivity with a 1413 µS/cm CRM, and for pH with certified pH 

4, 7 and 10 solutions. Turbidity of raw samples was analysed using a HACH 2100Qis portable 

turbidimeter, calibrated with certified reference materials (CRMs 10, 20, 200 and 800 NTU). 

TSS were determined gravimetrically by comparing the mass difference of pre -

dried/desiccated/accurately weighed filter papers (1.2 μm glass microfiber, Whatman 

GF/C) before and after filtering a known volume. COD was analysed through the reactor 

digestion method using a DR890 Hach colorimeter.  
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Analysis of DOC, DIC, nutrients and metals followed methods described elsewhere 

(Gaffney et al., 2018). In summary, samples were vacuum-filtered (0.45 μm nylon Syringe 

filters, Fisherbrand, pre-washed with 30 mL of Milli-Q water). DOC and DIC analyses were 

carried out with a high temperature catalytic combustion Shimadzu TOC-L total organic 

carbon analyser. CRM solutions (20 mg/L DOC, 10 mg/L DIC) were used for quality 

assurance. Nutrients/ions were measured using a Seal Analytical AQ2 discrete analyser, 

following ISO international WQ standards methods as reported in Gaffney et al., (2018). 

Samples for sulphate and metals were acidified after filtration (to 5% v/v with trace metal 

grade nitric acid) and analysed by inductively coupled plasma optical emission 

spectrometry (ICP-OES, Varian 720-ES). Nutrient, ion and metal CRMs validated the AQ2 

and ICP-OES methods (TON 200 mg/L, MERCK; SRP and ammonium 1000 mg/L, Fluka; and 

multi-element CRM MAURI-09 Lot #913, Environment Canada).   

3.2.6 Statistical analysis 

Microsoft Excel (version 2016), and RStudio (version 0.95.501; R Core Team, 2017)  

were used for statistical analysis. One-way and two-way ANOVAs were used to test 

significance (p < 0.05) between covariates (e.g., pharmaceutical concentrations and water 

type, sampling week and sampling time), depending on agreement with the Shapiro-Wilk’s 

test for normality and Levene’s test for homogeneity of variance. Otherwise, non -

parametric Kruskal-Wallis tests or Mann Whitney tests were performed. Where 

appropriate, Tukey’s honestly significant difference test, or the Wilcoxon rank sum test for 

multiple comparisons, was performed for post-hoc analysis between variables. To elucidate 

potential relationships within the full pharmaceutical-WQ dataset, Spearman’s correlation 

coefficients were calculated and a correlation matrix produced (package corrplot; R Core 

Team, 2017) with the dataset bounded at zero and significance identified at the 95% 

confidence level (Wei and Simko Viliam, 2017). Principal component analysis (PCA, package 
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stats; R Core Team, 2017) was carried out as a way of holistically visualising measured 

pharmaceutical and WQ data points by splitting the dataset into PC axes which explained 

the most variation within the dataset.  

3.3 Results 

3.3.1 Pharmaceutical trends  

Table 3.1 summarises the CGH and WWTP data obtained for pharmaceuticals, with 

average values expressing the mean of positive detections (non-detects and values <LOQ 

not included in the calculations). No pharmaceuticals were detected in Loch Calder source 

water or CGH kitchen tap water. The pharmaceutical concentrations in CGH discharge, 

WWTP influent and WWTP effluent are also shown in Figure 3.2. Overall, concentrations 

ranged from below LOQ – 29 ng/L (for fluoxetine, WWTP effluent), up to 7959 – 105910 

ng/L (for paracetamol, CGH discharge). Of the individual compounds, maximum mean 

concentrations for paracetamol, ibuprofen, diclofenac and fluoxetine were measured in 

the WWTP combined influent. Maximum mean values for clarithromycin and trimethoprim 

were detected in the CGH discharge; whilst carbamazepine was highest in the WWTP 

effluent. Concentration differences between sampling points were only statistically 

significant for paracetamol, diclofenac and carbamazepine, with the Wilcoxon rank sum 

test indicating significant differences between carbamazepine and paracetamol for all 

wastewater types and diclofenac only between CGH discharge and WWTP influent (shown 

in table with superscript letters). Paracetamol and carbamazepine were the only 

compounds with a 100% detection rate in all wastewater samples; while EE2 was never 

detected (although this had the highest LOQ, at 4.01 ng/L). Ibuprofen and trimethoprim 

has 100% detection in the WWTP influent samples, and clarithromycin 100% in the WWTP 

effluents samples. 



 

92 
 

Table 3.1. Mean concentration (± standard deviation) and range of pharmaceuticals quantified in CGH discharge and Wick WWTP influent and effluent. The number of 
detects (n), detection frequency (DF, %), limit of quantification (LOQ, ng/L) and relative standard deviation (RSD, %) are included. Results of Kruskal-Wallis tests (p value) 
and significance level (*, **, ***; <0.05, <0.01, <0.001) are indicated, and superscript letters (a, b, c) indicate results of post-hoc significant difference test. 

Pharmaceutical Sample 
LOQ 

(ng/L) 
n DF (%) 

 Range 
(ng/L) 

Mean Conc (± SD) 
(ng/L) 

 
RSD (%) p value 

 

  

Paracetamol (PAR) 

CGH Discharge   20 100  7959 – 105910 33267 (± 24961) b  75   

WWTP Influent 0.78 19 100  5849 – 105780 67483 (± 27952) a  41 <0.001***  

WWTP Effluent   19 100  516 – 36201 8567 (± 8455) c  98   

Ibuprofen  
(IBU) 

CGH Discharge   9 45  ND – 675 139 (± 214)  153   

WWTP Influent 0.78 19 100  5 – 6018 471 (± 1361)  288 0.521  

WWTP Effluent  14 73  ND – 178 73 (± 63)  85   

Diclofenac (DCF) 

CGH Discharge  15 75  ND – 593 77 (± 146) b  188   

WWTP Influent 0.77 12 63  ND – 392 196 (± 120) a  61 0.009**  

WWTP Effluent  7 36  ND – 250 102 (± 91) ab  89   

Clarithromycin 
(CLAR) 

CGH Discharge   9 45  ND – 7940 1271 (± 2250)  200   

WWTP Influent 0.81 11 57  ND – 830 246 (± 230)  93 0.203  

WWTP Effluent  19 100  60 – 836 371 (± 220)  59   

Trimethoprim (TRI) 

CGH Discharge   17 85  ND – 9111 818 (± 2146)  262   

WWTP Influent 0.78 19 100  155 – 2170 621 (± 547)  88 0.083  

WWTP Effluent  16 84  ND – 634 440 (± 127)  28   

Carbamazepine 
(CBZ) 

CGH Discharge   20 100  3 – 47 13 (± 11) c  86   

WWTP Influent  0.81 19 100  40 – 684 306 (± 184) b  60 <0.001***  

WWTP Effluent   19 100  212 – 709 459 (± 133) a  29   

Fluoxetine (FLX) 

CGH Discharge   7 32  ND – 37 16 (± 10)  61   

WWTP Influent 3.60 5 26  ND – 46 19 (± 15)  82 0.948  

WWTP Effluent  3 15  ND – 29 16 (± 12)  74   
+17α-ethynylestradiol (EE2) was not detected. 
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Figure 3.2. Boxplots of pharmaceutical concentrations in CGH discharge, WWTP influent and WWTP 
effluent, on a logarithmic scale. Boxes represent the interquartile range and notches indicate the 
median. The whiskers show the range of concentrations (those <3x the interquartile range), 
otherwise points appear as outliers (circles). 
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Temporal trends in pharmaceutical data were assessed according to intra-day (am 

vs pm) and inter-week (weeks one – four) variations in wastewater samples. 

Pharmaceutical levels were comparable in am and pm samples for all wastewater types 

and compounds, with two-sample t-tests showing no statistical difference between values 

(p > 0.05; Appendix Table A3.2 summarises the am vs pm data). Assessment of inter-week 

trends was performed using two-way ANOVAs (Type III, sum of squares), as test 

assumptions were satisfied for all pharmaceuticals (except for fluoxetine, due to a small 

sample size across the four weeks). Statistically significant differences for each 

pharmaceutical (concentration) across the four different sampling weeks and three 

different wastewater types was tested, by assessing the interaction between sampling 

week*wastewater type. Significance for the week*wastewater type term (p) indicates that 

there is a significant interaction between the two covariates on pharmaceutical 

concentration, and that both the individual week and wastewater covariates are also 

significant. No significant week*wastewater type relationships were found for the majority 

of pharmaceuticals tested (p > 0.05, Appendix Table A3.3). However, for carbamazepine, 

the relationship was statistically significant (p = 0.015). Tukey post-hoc tests indicated 

significant differences in carbamazepine concentrations between week one as compared 

to weeks two, three and four (for all three wastewater types). The relationship between 

carbamazepine concentration and sampling site was therefore related to week of sampling.  

3.3.2 WWTP flow and pharmaceutical concentrations  

The WWTP flow data was accessed from the WWTP operators (recorded as the daily 

average over the 24-hour period). The average FFT during the sampling campaign was 5212 

CMD (m3 per day) ± 2058 (39% RSD). There were peak FFTs in the first and fourth sampling 

weeks (01/02/18 and 19/02/18) which corresponded to two rain events (Scottish 

Environment Protection Agency, 2018; Spreight, 2019). The recorded FFT for these dates 
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were 11385 CMD and 6789 CMD, respectively. No statistically significant correlation was 

observed for the total influent (p = 0.105) and effluent (p = 0.678) loads vs FFT (through 

linear regression modelling; Appendix Figure A3.3). However, plotting the combined 

concentration of all pharmaceuticals detected in the WWTP influent and effluent (as a 

proxy for ‘total’ pharmaceutical load) against FFT visually indicated a weak negative 

correlation between FFT and pharmaceutical load (Figure 3.3A). Periods of very high flow 

(i.e., around the 01/02/18 rain event) seemingly corresponded to comparably low influent 

and effluent totals. Likewise, increased pharmaceutical concentrations (i.e., in week 3) 

were observed during periods of consistently low flow. However, for the individual 

pharmaceuticals, a statistically significant correlation (p = 0.029) was observed only 

between FFT and carbamazepine effluent concentration (Figure 3.3B, Appendix Figure 

A3.3).  
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Figure 3.3. A: Total pharmaceutical concentrations in WWTP influent and effluent plotted against  
Wick WWTP flow to full treatment (FFT, m3 per day (CMD)). B: Carbamazepine concentrations in 
WWTP influent and effluent plotted against Wick WWTP FFT (CMD). Dates cover 29/01/2018 – 
23/02/2018. Flow data is missing for weekends and 13/02/2018, as is pharmaceutical data for 
07/02/2018. 
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3.3.3 Pharmaceutical removal 

A range of differences between WWTP influent and effluent were observed for the 

target pharmaceuticals, reflecting removal rates and efficiency of the WWTP process 

(Figure 3.4). Concentrations of both carbamazepine (p = 0.006) and paracetamol (p = 

<0.001) were found to differ significantly between the two wastewater types, through 

Mann Whitney tests (as test assumptions for one-way ANOVAs and two-sample t tests 

were not met). Average removal calculation demonstrated appreciable removal of 

paracetamol (87%), ibuprofen (54%) and diclofenac (47%), little removal of trimethoprim 

(29%) and fluoxetine (15%), and that clarithromycin (-51%) and carbamazepine (-50%) 

concentration appeared to increase during treatment.
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Figure 3.4. Paired boxplots for individual pharmaceuticals  in WWTP influent and WWTP effluent, with average removal (x, in %) and post-hoc letterings (a, b) indicating 

significance between the samples following Mann Whitney tests. Boxes represent the interquartile range and notches indicate the median. The whiskers show the range 

of concentrations (those <3x the interquartile range), otherwise points appear as outliers (circles).  
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3.3.4 WQ determination 

3.3.4.1 Physico-chemical characterisation 

The physico-chemical data for all samples, and associated statistical results, are 

shown in Appendix Table A3.4, with mean, minimum and maximum values, LOQ, detection 

frequency and RSD (%) presented. Maximum mean values of TSS (182 ± 140 mg/L), COD 

(439 ± 295 mg/L) and DOC (107 ± 78 mg/L) were observed in CGH discharge. Maximum 

mean values of pH (7.75 ± 0.16), turbidity (85 ± 52 NTU) and DIC (52 ± 10 mg/L) were 

observed in WWTP influent; while minimum pH (7.34 ± 0.12) and highest mean 

conductivity (1242 ± 348 µS/cm) were observed in WWTP effluent. Significant differences 

between water types were observed for all physico-chemical parameters, with one-way 

ANOVA p values reported in the Appendix. The data are also presented graphically in Figure 

3.5, with significant Tukey post-hoc relationships shown. COD and DOC were the only 

parameters which differed significantly between CGH discharge and the four other sample 

types.  
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Figure 3.5. Boxplots of physico-chemical properties compared between sites, with results of Tukey pairwise test indicating significant differences between Loch Calder 
(CAL), CGH tap water (TAP), CGH discharge (CGH), WWTP influent (INF) and WWTP effluent (EFF). Boxes represent the interquartile range and notches indicate the median. 
The whiskers show the range of concentrations (those <3x the interquartile range), otherwise points appear as outliers (circles). 
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3.3.4.2 Nutrients and ion content 

Appendix Table A3.5 reports the TON, SRP, ammonium, sulphate and chloride 

contents of all samples, which are also shown graphically in Figure 3.6. SRP (3.9 ± 3.0 mg/L) 

was observed in highest mean concentration in CGH discharge, while ammonium (10 ± 4 

mg/L), TON (0.78 ± 0.44 mg/L) and sulphate (66 ± 19 mg/L) were observed in highest 

concentration in WWTP influent. Chloride (298 ± 119 mg/L) was observed in maximum 

mean concentration in WWTP effluent. One-way ANOVA tested variability between the 

parameters and water types (Appendix Table A3.5), with Tukey pairwise comparison tests 

performed (Figure 3.6). Significant differences were observed for all parameters between 

the water types, and only chloride lacked a significant pairwise relationship between CGH 

discharge and WWTP influent. As SRP was observed in highest concentration in CGH 

discharge, the ANOVA test indicates CGH impact on SRP content in Wick wastewater.  
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Figure 3.6. Boxplots of nutrients/ions compared between sites, with results of Tukey pairwise test indicating significant differences between Loch Calder (CAL), CGH tap 
water (TAP), CGH discharge (CGH), WWTP influent (INF) and WWTP effluent (EFF). Boxes represent the interquartile range and notches indicate the median. The whiskers 
show the range of concentrations (those <3x the interquartile range), otherwise points appear as outliers (circles).   
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3.3.4.3 Metal characterisation 

 The dissolved metal content (Al, As, Ca, Cd, Cu, Fe, K, Mg, Mn, Ni, Na, Pb, S and Zn) 

of samples is presented in Appendix Table A3.6, and graphically in Figure 3.7. Only certain 

metals were detected in all samples (i.e., Al, Ca, Fe, K, Mg, Mn, Na, P, S, Zn); No boxplots 

appear for As and Pb due to the low number of samples >LOQ (n = 4, n = 2, respectively), 

and Cd was not detected in any samples. Individually, most metals were detected in highest 

mean concentration in WWTP influent samples, including: Al (30 ± 14 µg/L),  Ca (65308 ± 

11039 µg/L), Fe (285 ± 210 µg/L), Mg (21225 ± 9589 µg/L), Ni (3.9 ± 1.4 µg/L) and S (22426 

± 6587 µg/L). Maximum mean concentrations of K (14349 ± 3358 µg/L), Cu (18 ± 8 µg/L), 

Pb (16 µg/L, one detect >LOQ) and Zn (166 ± 116 µg/L) were observed in CGH discharge, 

while maximum mean concentrations of As (49 ± 30 µg/L), Mn (105 ± 50 µg/L) and Na 

(177696 ± 63104 µg/L) were detected in WWTP effluent. One-way ANOVA reported 

significant differences between water types for all metals excluding As, Ni and Pb (Appendix 

Table A3.6). No significant differences were observed for Ni concentrations between the 

five water types. Significant differences of K and Zn between CGH discharge and all other 

water types suggested CGH impact on these metals in Wick wastewater.  
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Figure 3.7. Boxplots of metals compared between sites, with results of Tukey pairwise test indicating significant differences between Loch Calder (CAL), CGH tap water 
(TAP), CGH discharge (CGH), WWTP influent (INF) and WWTP effluent (EFF). Boxes represent the interquartile range and notches indicate the median. The whiskers show 
the range of concentrations (those <3x the interquartile range), otherwise points appear as outliers (circles).  
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Figure 3.7. Continued. 

 

 

3.3.5 Pharmaceutical and WQ correlations 

Relationships in the dataset were explored with a correlation matrix to help 

consider which WQ characteristics (if any) vary in association with pharmaceutical 

concentrations. The correlation matrix (Figure 3.8) plotted significant correlations at the 

95% confidence level between all detected variables (excluding EE2, Cd, As and Pb). Loch 

Calder source water and CGH tap water data were also excluded as no pharmaceuticals 

were detected. While many relationships between individual WQ parameters were 

observed (e.g., Na and chloride; TSS, turbidity, DOC and COD; Mg, Ca and S), strong 

relationships where r ≥0.9 between pharmaceutical and WQ data were not observed. 

Spearman’s correlations did indicate significant correlations between: paracetamol and 
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turbidity and pH (r > 0.5); carbamazepine and ammonium and Mn (r > 0.7); and 

carbamazepine and S, Ca, Mg, sulphate and DIC (r > 0.5). Weak relationships (r < 0.4) were 

observed between diclofenac and paracetamol and ammonium. The strongest negative 

correlations within the dataset (r < -0.8) were observed between carbamazepine and DOC 

and Cu.  

 

Figure 3.8. A correlation matrix plotting Spearman’s correlation coefficients between 

pharmaceuticals and WQ parameters. There are only circles where correlations are significant at 

the 95% confidence level. Size and colour of circles indicates strength and direction of correlation 

(SO4
2- = sulphate, NH4

+ = ammonium, Cl- = chloride, EC = conductivity, Turb = turbidity). 
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3.3.6 Principal component analysis 

PCA of the full dataset (with all sites included) revealed that >45% of the variance 

in the data could be explained with the first two PC axes (PC1 27.6%, PC2 18.2%). A biplot 

(Figure 3.9A) showed that PC1 was strongly associated with Ca, Mn, Mg, S, sulphate, 

ammonium, DIC and carbamazepine; while PC2 was most strongly associated with TSS, 

turbidity, COD, DOC, K, Fe and paracetamol. In examining the correlation matrix, 

relationships were found between many of these parameters. The lack of chemical 

similarity between the “clean” water sites (Loch Calder and CGH tap water) and the various 

wastewater types sampled is also evident on Figure 3.9A. Confidence ellipses (at the 95% 

level) are also included on the PC biplot – and the complete overlap for Loch Calder and 

the CGH tap water indicates their close similarity, and, shows how little the samples varied 

over time (points tightly spaced). Much larger variance was observed within the 

wastewater data as indicated by the scattering of the individual points and increased size 

of the ellipses (with the WWTP effluent being slightly more chemically consistent in 

nature). The lack of overlap between the CGH discharge and the WWTP influent in the 

biplot also highlights the dissimilarity between these sample types. Additionally, it is 

evident that most pharmaceuticals are associated with PC2 (paracetamol, diclofenac, 

trimethoprim, ibuprofen, clarithromycin and fluoxetine), although the PCA loadings 

(indicated by length of red arrows) indicate that these are weak overall patterns for all but 

paracetamol.  

A second PCA biplot (Figure 3.9B) explored correlations between the three 

wastewater sample types only. This biplot showed that PC1 (29.3% of dataset variation) 

was strongly associated with Ca, Mn, DIC, Zn and carbamazepine; PC2 (11.9% of dataset 

variation) was most strongly associated with paracetamol, ibuprofen, Al and Fe. As 

previously observed, the size of the confidence ellipses (and scattering of points) indicated 
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the large variance between samples (over time), which was most evident within the CGH 

discharge (and least evident in the WWTP effluent). The lack of overlap between ellipses 

again showed the dissimilarity between these sample types. Of the pharmaceuticals, only 

carbamazepine had a distinct association within this biplot, towards the WWTP effluent (as 

indicated by the orientation and length of the red arrow). Paracetamol appeared to be 

more closely associated with the WWTP influent cluster, but the presence of CGH discharge 

points within the lower right quadrant of the biplot indicates similarity to these samples 

too.  
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Figure 3.9. A: PCA biplot includes full dataset, all 66 samples and all sites. B: PCA biplot includes 
wastewater samples only, 58 samples from 3 sites. The individual samples are indicated, with 
groupings shown in the legend. The 95% confidence ellipses also highlight groupings by sample site, 

(SO4
2- = sulphate, NH4

+ = ammonium, Cl- = chloride, EC = conductivity, Turb = turbidity).   
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3.4 Discussion 

3.4.1 General remarks 

 This study offers a one month “snapshot” of the WQ and pharmaceutical 

concentrations in a rural water cycle around a hospital in the rural Scottish Highlands. It is 

recognised that water chemistry within sewer systems can change rapidly and that the grab 

sampling  used in this work has limitations (Huber et al., 2016). This study therefore does 

not seek specifically to quantify variability through comparisons with flow patterns, or, 

accurately assess drug mass balance within the hospital discharge to WWTP influent to 

WWTP effluent. Rather, it provides initial insights into the presence and temporal 

variability of selected pharmaceuticals alongside WQ parameters, and the relative 

significance of a hospital on pharmaceutical loads in municipal wastewater.   

3.4.2 Pharmaceutical characterisation 

3.4.2.1 Loch Calder and CGH tap water 

 

The lack of quantifiable pharmaceuticals in the Loch Calder raw source water and 

CGH tap water was largely expected, as Loch Calder does not receive WWTP effluent, nor 

any drainage from domestic septic tanks, etc. While there is some low intensity sheep 

grazing in fields in the vicinity of the loch, it was not expected that the pharmaceuticals 

targeted in this study would enter surface water through veterinary/animal use. 

Pharmaceutical monitoring is not performed by Scottish Water, but testing is carried out 

for other organic pollutants including trihalomethanes, pesticides, herbicides and 

hydrocarbons (e.g., phenols; Scottish Water, 2015). Trihalomethanes may form from 

pharmaceuticals during chlorination, and these compounds are known to have significant 

health risks (Sichel et al., 2011). In areas which recycle wastewater to domestic water 

supplies through drinking water treatment, trihalomethanes and pharmaceuticals may 

require further monitoring, however, this is not the case in Caithness.  
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3.4.2.2 CGH discharge 

The drugs used in greatest quantities in Scottish hospitals are analgesics, anti-

inflammatories, antibiotics and contrast media, with paracetamol listed as one of the most 

commonly used compounds (Helwig et al., 2013). This was evident in the CGH discharge 

data, where paracetamol concentrations were two to three orders of magnitude greater 

than the other target pharmaceuticals. Overall, mean concentrations followed the trend: 

paracetamol >> trimethoprim > clarithromycin > ibuprofen > diclofenac > carbamaze pine > 

fluoxetine. Paracetamol, diclofenac, clarithromycin and trimethoprim were observed at 

their highest concentrations in the CGH discharge compared to the other wastewater types 

sampled. This indicates the elevated use of these compounds within CGH, which reflects 

the general medicine/A&E services provided here. Hospitals with multiple specialised 

wards (e.g., oncology, geriatric, psychiatric, maternity, paediatric, etc.) can be expected to 

produce wastewater with a much wider range of pharmaceuticals, as a greater number of 

different drugs will be routinely used (Oliveira et al., 2018; Santos et al., 2013). 

It is reported that pharmaceutical loads in hospital wastewater will be impacted by 

other factors apart from prescribing practices, including number of medical beds, size and 

facilities (Daouk et al., 2016; Herrmann et al., 2015; Oliveira et al., 2018). CGH discharge 

concentrations were compared to wastewater discharges from a variety of hospitals 

(medical beds ranging 96 – 1456; Table 3.2), and paracetamol, fluoxetine and the 

antibiotics were detected in similar concentrations to the literature studies. For example,  

fluoxetine concentrations ranged ND – 37 ng/L (this study), <LOD – 128 ng/L (Santos et al., 

2013) and <LOD – 18 ng/L  (Verlicchi et al., 2012a) for hospitals with 68, 96 and 300 beds 

respectively. This suggests little correlation between hospital size (defined by number of 

beds) and pharmaceutical concentrations. Ancillary services performed at the hospital will 

impact observed pharmaceutical loads. Hospitals undertake a large number of non-medical 
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activities; and dilution from laundry, kitchen and cleaning services was observed at the CGH 

discharge sampling point. This will have a direct impact on the detection of 

pharmaceuticals, with high flow generally corresponding to reduced pharmaceutical 

detection from dilution effects. 

Table 3.2. Pharmaceutical concentrations observed in hospital wastewater, comparison between 
literature values and CGH discharge, n = number of hospital beds. References in superscripts. 

Pharmaceutical Conc RangeCGH 
(ng/L), (n=53) 

 Conc Rangeliterature 
(ng/L), (n) 

Paracetamol 7959 – 105910  2270 – 57000 (n=110) c 
   5000 – 1370000 (n=741) a 

   15100 – 44300 (n=1000) b 

   13000 – 58900 (n=1456) c 
Ibuprofen ND – 675  1260 – 38100 (n=110) c 

   70 – 43000 (n=741) a 

   380 – 3200 (n=900) d 

   827 – 2200 (n=1000) b 
   230 – 5810 (n=1456) c 
Diclofenac ND – 593  ND – 169 (n=110) c 

   170 – 460 (n=300) d 
   240 – 15000 (n=741) a 

   572 – 676 (n=1000) b 

   ND – 189 (n=1456) c 
Clarithromycin ND – 7940  ND – 960 (110) c 

   50 – 14000 (n=900) d 
   78 – 498 (n=1000) b 

   2 – 199 (n=1456) c 

Trimethoprim ND – 9111  12 – 1080 (n=110) c 

   800 – 1800 (n=300) d 
   30 – 1182 (n=350) c 

   10 – 15000 (n=741) a 

   1600 – 4800 (n=1000) b 
Carbamazepine 3 – 47  19 – 2040 (n=110) c 

   640 – 870 (n=300) d 

   540 – 2000 (n=741) a 
   123 – 570 (n=1000) b 

   428 – 1050 (n=1456) c 

Fluoxetine ND – 37  ND – 128 (n=96) c 

   ND – 18 (n=300) d 
   18 – 43 (n=350) c 

a Oliveira et al., 2018; b Mendoza et al., 2015; c Santos et al., 2013, ; d Verlicchi et al., 2012a 

There was a lack of significant temporal trends (am vs pm, inter-week) in 

pharmaceutical concentrations in CGH discharge. A significant inter-week difference was 

observed for carbamazepine between the first sampling week compared to the subsequent 

three weeks, with higher concentrations observed in week 1. This is potentially due to 
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increased carbamazepine use in CGH during the first sampling week, or decreased dilution 

effects in week 1. Overall, the increased variability and lack of clear trends in 

pharmaceutical data correspond with the variety of inpatient, outpatient and rehabilitation 

services provided at CGH, in addition to maintenance and diagnostic work routinely 

performed at a hospital which will impact water use and wastewater production in the 

hospital.  

The impact of hospital discharges on pharmaceutical loads in municipal wastewater 

is highly variable, as hospitals are only one of several important pharmaceutical sources 

(e.g., households, elderly care facilities and businesses), and their contribution is 

dependent on multiple factors (e.g., hospital services, prescribing practices, wastewater 

management, season, etc.) (Chonova et al., 2018; Helwig et al., 2013; Herrmann et al., 

2015; Kosma et al., 2019). Hospital contributions can be particularly pronounced for certain 

groups of pharmaceuticals, such as contrast media and antibiotics. For example, hospital 

contributions of such drugs to municipal wastewater were reported to be as high as 80% 

for iopromide (contrast agent; Santos et al., 2013), 79% for iopamidol (contrast agent; 

Helwig et al., 2013), 53% for sulfamethoxazole (antibiotic; Helwig et al., 2013), 56% for 

roxithromycin (antibiotic; Ort et al., 2010) and 67% for ofloxacin (antibiotic; Verlicchi et al., 

2012a). However, less significant contributions tend to occur for commonly used OTC drugs 

(such as anti-inflammatories and analgesics), with reported hospital contributions of 8% for 

ibuprofen (Ort et al., 2010), <9% for diclofenac (Helwig et al., 2013) and 12% for 

paracetamol (Langford and Thomas, 2009). 

This study observed paracetamol, diclofenac, clarithromycin and trimethoprim at 

their maximum concentrations in the CGH discharge and found there was a significant 

difference between paracetamol concentrations in CGH discharge compared to WWTP 
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influent and effluent. This suggests that CGH is a significant source of paracetamol in the 

Wick municipal wastewater system. However, it is important to note that dilution effects 

would likely be far lower for the CGH discharge vs the WWTP influent, due to the high 

volume of additional waste entering the WWTP from other sources (e.g., road run-off, 

industry, businesses, schools, households, etc.). Also, as wastewater from Wick municipal 

sewer was not collected pre and post-receiving CGH discharge, CGH contribution on 

pharmaceutical loads cannot be stated as the drug mass differences are unknown; in 

addition to the unavailable flow data for CGH discharge. This study indicates which target 

drugs (paracetamol) CGH may impact in Wick WWTP. However, 24-hour composite 

sampling, flow comparison and micropollutant mass difference are needed to confirm this 

between CGH discharge and municipal wastewater.   

3.4.2.3 Wick WWTP influent and effluent  

Pharmaceutical concentrations are known to be highly variable in wastewater 

influents and effluents, and reported values in the literature (and the current study) span 

several orders of magnitude for most compounds (Gardner et al., 2013; Petrie et al., 2014; 

Verlicchi et al., 2012b). In this study, WWTP influent mean concentrations followed the 

order: paracetamol >> ibuprofen > trimethoprim > clarithromycin > carbamazepine > 

diclofenac > fluoxetine. Analgesics/anti-inflammatories and antibiotics were observed at 

the highest overall concentrations. In the effluent, the order was: paracetamol >> 

clarithromycin > carbamazepine > trimethoprim > diclofenac > ibuprofen > fluoxetine. The 

observed high concentration of paracetamol (in both WWTP influent and effluent) was 

expected due to its extensive usage throughout the UK, with 2.39 million prescriptions 

dispensed in 2018-2019 (Information Services Division, 2019). This does not account for 

additional OTC purchases, which are likely to be significant for analgesics/NSAIDs (Austin 

et al., 2021). Comparisons between the Wick WWTP data and literature (Table 3.3) broadly 
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shows good agreement between the studies. Nebot et al., (2015) also investigated effluents 

from two rural WWTPs in Scotland, and reported average concentrations of paracetamol 

(22782 ng/L), ibuprofen (2206 ng/L), diclofenac (927 ng/L) and trimethoprim (969 ng/L) 

which are comparable with this study. However, the clarithromycin concentrations in Wick 

WWTP effluent were not in good agreement with literature, which may be linked to the 

persistence of macrolide antibiotics during CAS secondary treatment, such as employed in 

Wick (Ghosh et al., 2009; Göbel et al., 2005; Verlicchi et al., 2012b). EE2 has been reported 

in WWTP influent and effluent in concentrations <2 ng/L (Heffley et al., 2014), which may 

explain why this compound was not detected in the Wick study (LOQ >4 ng/L).  
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Table 3.3. WWTP influent and effluent pharmaceutical concentrations (ng/L), and removal, comparison between literature and Wick values. References in superscript. 

Pharmaceutical Conc RangeWick 
Influent (ng/L) 

Conc Rangeliterature 
Influent (ng/L) 

Conc RangeWick 
Effluent (ng/L) 

Conc Rangeliterature 
Effluent (ng/L) 

Avg RemovalWick 
(%) 

Removalliterature 
(%) 

Paracetamol 5850 – 105780 108000 – 246000c 516 – 36201 80 – 1575 c 87 95 – 100 c 
  80 – 9290 m  83 – 106 m  99 n 
    762 – 22782 a  86 – 100 o 
Ibuprofen 5 – 6018 984 – 6328 c ND – 178 65 – 491 c 54 90 – 100 c 
  14000 i  604 – 4617 i  99 h 
  <LOQ – 4926 m  <LOQ – 369 m  4 m 
    278 – 2206 a  13 p 
Diclofenac ND – 392 57 – 1161 c ND – 250 6 – 496 c 47 -40 – 40 c 
  107 – 981 h  172 – 927 a  70 – 92 q 
    599 f  -25 – 5 n 
    90 – 850 j  7 – 9 r 
    228 – 2830 i  9 – 47 p 
Clarithromycin ND – 830 524 d 60 – 836 92 d -51 82 d 
  ND – 52.3 m  12 – 40 m  4 l 
  330 – 600 l    50 s 
Trimethoprim 155 – 2170 1514 – 4673 c ND – 634 385 – 1218 c 29 40 – 70 c 
  ND – 360 m  66 – 299 m  -34 – 41 t 
    266 – 969 a  7 l 
Carbamazepine 40 – 684 104 – 3110 c 212 – 709 152 – 2324 c -50 -20 - -40 c 

  437 – 673 m  364 – 496 m  -10 n 
    230 – 1110 k   
Fluoxetine ND – 46 5 – 176 b ND – 29 5 – 45 b 15 44 h 
  70 h  23 h  33 – 100 q 
    5 – 90 j  20 – 40 n 
17α- ND 1.7 g ND 0.33 – 0.78 g NA 52 h 
ethynylestradiol    0.1 – 1.4 j  53 – 71 q 

a Nebot et al., 2015; b Baker and Kasprzyk-Hordern, 2013; c Kasprzyk-Hordern et al., 2009; d Singer et al., 2014; e Zhou et al., 2009; f Ashton et al., 2004; g Heffley et al., 2014; h Gardner et al., 

2013; i Kay et al., 2017; j Gardner et al., 2012; k Liu and Wong, 2013; l Göbel et al., 2007; m Santos et al., 2013; n Petrie et al., 2014; o Verlicchi et al., 2012b; p Clara et al., 2005; q Comber et 
al., 2018; r Radjenović et al., 2009b; s Ghosh et al., 2009; t Lindberg et al., 2005
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No significant intra-day or inter-week differences were observed for most WWTP 

influent and effluent pharmaceutical concentrations. However, there was a significant 

difference in carbamazepine levels in both matrices between week one and the subsequent 

three weeks. This may relate to rainfall levels as data from the closest gauging station, 16.5 

miles from Wick, showed two large rain events in the first and final sampling weeks (9 and 

10 mm of rainfall in a day, respectively; (Scottish Environment Protection Agency, 2018) . 

Additionally, the WWTP FFT data showed two spikes (11385 CMD and 6789 CMD), in the 

first and fourth weeks of sampling. As a significant linear relationship was observed 

between flow and carbamazepine effluent concentrations, the peak FFT in week one 

correlated with statistically lower carbamazepine concentration in final effluent in week 

one (compared to the other weeks). The lack of consistent daily or weekly trends was to be 

expected, given the variance and complexity of the wastewater matrix and the semi-

continuous nature of WWTP process. Continuous monitoring as well as grab sampling may 

have provided additional insights.  

Pharmaceutical loads entering WWTPs are dependent on community size and the 

origin of the wastewater (e.g., domestic, hospital, industry discharges), with larger 

communities (generally with more hospitals and healthcare facilities) producing more 

heavily polluted wastewater compared to small, rural communities (Nebot et al., 2015; 

Verlicchi et al., 2012b). However, in comparing pharmaceutical concentrations at the Wick 

WWTP to those in the literature from urban sites in the UK (Ashton et al., 2004; Baker and 

Kasprzyk-Hordern, 2013; Gardner et al., 2013; Kasprzyk-Hordern et al., 2009; Kay et al., 

2017), Spain (Santos et al., 2009), Portugal (Santos et al., 2013), Sweden (Göbel et al., 2007)  

and China (Liu and Wong, 2013), pharmaceuticals concentrations were comparable. A 

population will produce wastewater proportional to its size, but it may be that the presence 

of certain industries which dispose of large quantities of water to municipal sewers (e.g., 
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fish processing plants, textile manufacturers) will effectively dilute pharmaceutical levels 

entering a WWTP. The Wick WWTP receives wastewater from approx. 7000 inhabitants, 

and several non-domestic sites including an elderly care facility, a distillery and other local 

businesses (in addition to CGH). There are therefore multiple sources which may introduce 

pharmaceuticals into wastewater, and effect wastewater volumes entering the WWTP. 

3.4.2.4 Pharmaceutical change within Wick WWTP 

In the Wick WWTP, appreciable removal of NSAIDs and analgesics seemed to occur, 

while clarithromycin and carbamazepine concentrations seemingly increased during 

treatment. Fluoxetine and trimethoprim were largely unaffected by the WWTP process 

(with average removal <30%). These results are in good agreement with literature, 

particularly for paracetamol (87%, this study), carbamazepine ( -50%, this study) and 

fluoxetine (15%, this study). In literature, removal of paracetamol ranges 86 – 100% 

(Gardner et al., 2013; Petrie et al., 2014; Tran and Gin, 2017; Verlicchi et al., 2012b)  and 

removal of carbamazepine ranges <-20 – 30% (Kasprzyk-Hordern et al., 2009; Petrie et al., 

2014; Santos et al., 2013; Tran and Gin, 2017). Fluoxetine removal is variable between 

studies, with reported values of 0% (Petrie et al., 2014), 33 – 100% (Comber et al., 2018)  

and 40 – 60% (Baker and Kasprzyk-Hordern, 2013). Additionally, diclofenac, ibuprofen and 

trimethoprim removals vary greatly across studies, ranging from -40 – 92% for diclofenac 

(Petrie et al., 2014; Radjenović et al., 2009b; Santos et al., 2013; Tran and Gin, 2017) , -13 – 

99% for ibuprofen (Clara et al., 2005; Gardner et al., 2013; Santos et al., 2013), and -40 – 

70% for trimethoprim (Göbel et al., 2007; Gurke et al., 2015; Kasprzyk-Hordern et al., 2009; 

Lindberg et al., 2005; Santos et al., 2013). 

The results from the current work fell within these ranges, however clarithromycin 

removal in this study (-51%) was in poor agreement with most literature values e.g., 4% 
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(Göbel et al., 2007), 50% (Ghosh et al., 2009), 82% (Singer et al., 2014) and 0 – 55% (Santos 

et al., 2013). Increases in aqueous clarithromycin concentration after wastewater 

treatment was observed by Göbel et al., (2007), and this may be due to desorption, as other 

macrolide antibiotics (i.e., erythromycin and roxithromycin) may be released into solution 

during biological treatment (Guerra et al., 2014; Verlicchi et al., 2012b). Macrolide loads 

entering WWTPs may be underestimated, as they are mainly excreted within faeces, and 

so enter the WWTP bound within the solid-phase (Verlicchi et al., 2012b), but latterly 

desorb.  

Biodegradation and solid-phase sorption (which precipitate to become WWTP 

sludge) are considered the dominant processes controlling micropollutant removal from 

wastewater (Petrie et al., 2014; Van Doorslaer et al., 2014). The data here suggests that 

carbamazepine is resistant to removal through these mechanisms. Carbamazepine was 

detected at statistically significantly higher concentrations in the Wick WWTP effluent than 

in influent. This may be due to enzymatic cleavage of TPs/human metabolites during 

secondary treatment (Petrie et al., 2014; Radjenović et al., 2009b; Verlicchi et al., 2012b) ,  

or, re-partitioning from the solid-phase sludge into the liquid phase (Mohapatra et al., 

2014; Pérez-Estrada et al., 2005). These processes may occur simultaneously and will 

impact pharmaceutical behaviour during treatment, and detection when sampling 

aqueous-phase wastewater.  

Variability in removal could also be due to WWTP working parameters (e.g., sludge 

and hydraulic retention times, flow rate), the WWTP configuration (e.g., primary 

settlement/screening processes, CAS/membrane bioreactor, advanced tertiary treatment) 

and external factors (e.g., rain events, season/temperature, wastewater origin) (Comber et 

al., 2018; Petrie et al., 2014; Verlicchi et al., 2012b). The efficacy of micropollutant removal 
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by CAS is particularly susceptible to precipitation and decreased hydraulic retention times; 

and, wastewater dilution by rain and road-runoff may reduce the time/degree of 

interaction between biological flocculants and pollutants (Joss et al., 2005). Reduced 

pharmaceutical removal during wet periods has also been reported elsewhere for 

carbamazepine, ibuprofen and diclofenac (Kasprzyk-Hordern et al., 2009). During this 

study, local rainfall data indicated mostly dry conditions during the sampling period (apart 

from two rain events in the first and fourth weeks), with 52 mm of total rainfall recorded 

over 4 weeks and a daily average of 2mm (Scottish Environment Protection Agency, 2018) .  

However, due to the sampling method, correlations between the flow and day-to-day 

pharmaceutical removal could not be determined. 

3.4.3 WQ characterisation 

Scottish Water regularly monitors drinking WQ at its treatment facilities, and 

conductivity, turbidity, chloride, TON, sulphate, aluminium, copper, iron, manganese and 

sodium levels observed in this study were within Scottish Water quality standard ranges 

(Table 3.4). Several of the metals monitored here were observed at higher concentrations 

in the Loch source water, compared to the CGH tap water (i.e., Al, Fe, Mg, Mn), indicating 

that the drinking water treatment process removes these. However, comparable  levels of 

Zn, S, Na, K and Ca were observed in the CGH tap water and Loch source water, suggesting 

limited removal for these. Increased Na, Ca, sulphate (SO42-), SRP  and pH (in CGH tap water) 

were most likely due to the addition of ammonium sulphate and sodium hypochlorite for 

dechlorination, and lime for pH correction (Bateman, 2003).  
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Table 3.4. WQ characterisation of Wick values (CGH tap water, CGH discharge and WWTP effluent) compared to Scottish Water standardised values (stds) and literature 
values. References in superscripts.   

Parameter 
(unit) 

Conc 
RangeCGH,tap 

Conc  
RangeStds,tap

a 

Conc 
RangeCGHdis 

Conc 
Rangehospital,lit

b 

Conc 
RangeWick,Effluent 

Conc 
RangeEffluent,lit

c 

pH  7.1 – 7.6 6.5 – 6.9 5.0 – 7.9 6.1 – 9.0 7.0 – 7.5 6.9 – 8.1 
Conductivity (µS/cm) 262 – 293 <2500 499 – 1538 300 – 2700   
TSS (mg/L)   27 – 553 116 – 3260 3 – 35 3 – 31 
Turbidity (NTU) 0.2 – 1.0 <4     
Chloride (mg/L) ND <250 108 – 431 80 – 400 143 – 634 64 – 342 
TON (mg/L) 0.06 – 0.08 50 0.1 – 0.4 1 – 2 0.03 – 1.72 9 – 160 
COD (mg/L)   100 – 1113 39 – 7764 10 – 44 20 – 100 
DOC (mg/L)   42 – 386 31 – 180 ND – 17 6 – 32 
Ammonia-Nitrogen (mg/L)   1 – 4 42 – 63 1 – 16 0.06 – 32 
Phosphate (mg/L)   0.2 – 6 8 – 37 0.2 – 1.6 0.8 – 19 
Sulphate (mg/L) 33 – 38 250   ND – 92 35 – 185 
Arsenic (µg/L) ND 0 ND – 25 0.8 – 11   
Aluminium (µg/L) ND – 12 200   ND – 51 4 – 122 
Calcium (µg/L)     42000 – 76000 37000 – 141000 
Copper (µg/L) 16 – 22 200 ND – 38 50 – 230 ND – 11 1 – 24 
Iron (µg/L) ND – 14 200   27 – 134 14 – 310 
Lead (µg/L) ND 10 ND – 16 3 – 19 ND – 9 0.1 – 2 
Manganese (µg/L) 1 – 2 50     
Magnesium (µg/L)     13100 – 33600 4500 – 30000 
Nickel (µg/L)   ND – 3 7 – 71 ND – 4 1 – 14 
Potassium (µg/L)   9510 – 23220 42800 d 5800 – 13800 9200 – 34000 
Zinc (µg/L)   44 – 545 70 – 670 24 – 136 9 – 69 
Sodium (µg/L) 17100 – 18900 200000   99200 – 329000 53000 – 235000 

a Scottish Water standards (Scottish Water, 2015), b Adapted from Verlicchi et al., 2015; Chonova et al., 2016; Oliveira et al., 2018;  c Gardner et al., 2013, 2012; d Ory et al., 2016 
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It is evident that the composition of CGH discharge varied greatly from the raw 

water source and CGH tap water. Conductivity, turbidity, TSS, COD, DOC, Cl-, Al, Fe, Na and 

Zn concentrations were several orders of magnitude higher in the CGH discharge when 

compared to the corresponding tap water. Comparison with literature reveals that several 

WQ parameters are in good agreement (Table 3.4), including conductivity, pH, chloride, 

SRP and Zn concentrations. However, the TSS, TON, ammonium (NH4+), Cu and Ni 

concentration ranges were lower than those reported in literature, while the DOC and As 

concentrations were higher than expected in CGH discharge. Variations here could be due 

to hospital size, age and medical and maintenance services (among others) (Oliveira et al., 

2018). Additionally, K was unexpectedly observed in statistically significantly higher 

concentrations in CGH discharge (9510 – 23220 µg/L) compared to the other water types. 

Little information is available on K concentration in hospital effluents, but one study 

reported 42.8 ± 5.2 mg/L K in effluent from a hospital (Clermont-Ferrand, France) with 1100 

beds (Ory et al., 2016). Intravenous administration of K (KCl, 15% solution) in Scottish 

hospitals occurs within specialist wards (intensive care, high dependency, renal and cardiac 

units); and CGH supports a limited high dependency unit and renal care facility (“Caithness 

General Hospital, Services, NHS Highland,” 2020). Although the corresponding Cl- 

concentrations in CGH discharge were not significantly different from other wastewater 

types. This may suggest other K sources are administered in CGH (e.g., mineral supplements 

administered with diuretics, dietary additives) (Oliveira et al., 2018; Ory et al., 2016).  

Of the WQ parameters, TSS, turbidity, COD, DOC, SRP, K, Cu, Pb and Zn 

concentrations were highest in the CGH discharge, and were statistically different from 

most of the other water types. Indeed, hospitals generally have turbidity, COD and TSS 

levels that are 2-3 times higher than municipal effluents (Verlicchi et al., 2010). However, 
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TSS, turbidity and SRP values were not statistically different from the WWTP influent. 

Overall, the WQ data suggests that CGH has a significant impact on COD, DOC, K, Zn and Cu 

in municipal wastewater, despite the presence of other important sources of organic and 

inorganic material outside of the hospital. 

There was a notable reduction in most WQ parameters between the WWTP influent 

and effluent. Statistical differences between WWTP influent and effluent samples for 

certain WQ parameters (pH, turbidity, TSS, COD, TON, Fe, Cu, Al), with gre ater 

concentrations observed in the influent, indicating reduction during wastewater 

treatment. Limited change was observed for conductivity, DOC, sulphate, SRP, ammonium, 

Ca, Cl-, Na, K, Ni, Zn, S, Mn and Mg. Based on a survey of >160 WWTPs across the UK, 

Gardner et al., (2012) also reported that sulphate, Ca, Na, Cl-, K and Ni were unaffected by 

wastewater treatment. The effluent values presented in this work were largely comparable 

to the values from Gardner et al., (2012; Table 3.4), with only Cl-, Na, Zn, Pb and Mg higher 

than expected in the Wick effluent. The Wick WWTP is required to treat its effluent to meet 

the Urban Wastewater Treatment regulations for coastal discharge, and meets these 

standards (i.e.,  COD  <125 mg/L, total phosphorus  <2 mg/L, and total nitrogen <15 mg/L; 

Samson, 2003).  

3.4.4 Pharmaceutical and WQ relationships 

Statistical analysis demonstrated some significant correlations at the 95% 

confidence level between pharmaceuticals and WQ. Strong correlations (r >0.9) were only 

observed between certain WQ parameters (Na, Cl-, TSS, turbidity, COD, Mg, Ca and S) as 

previously reported by Gardner et al., (2012) and Verlicchi et al., (2012b). Moderate 

correlations (r = 0.5 to 0.9) between pharmaceuticals and WQ were observed which might 

indicate interactions. Upon excluding “clean” water samples, both PCA and the correlation 
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matrix identified relationships between paracetamol and turbidity, and carbamazepine and 

Ca, Mn, Mg, S, sulphate, ammonium and DIC; also, negative relationships between 

carbamazepine and DOC and Cu. This may indicate certain interactions related to the 

presence (or absence) of these pharmaceuticals in solution. More specifically, that these 

compounds may associate with the aqueous phase under the prevailing WQ conditions, as 

controlled by their physico-chemical properties (e.g., acid dissociation constant, octanol-

water partition coefficient and sorption capacity) (Guerra et al., 2014; Petrie et al., 2014; 

Verlicchi et al., 2012b). Gardner et al., (2012) also observed weak correlations between 

ibuprofen, 17α-ethynylestradiol and sanitary parameters (biological oxygen demand, TSS 

and ammonium); and, diclofenac, erythromycin, fluoxetine and DOC in effluents. 

Significant correlations between fluoxetine, erythromycin, ofloxacin and propranolol were 

also reported in wastewater effluent (Gardner et al., 2012), most likely due to the fact that 

these pharmaceuticals are largely from the same source (human use -excretion) and co-

administered. Co-administration may also account for the weak correlation observed here 

between diclofenac and paracetamol.  

3.5 Conclusion 

The objective of this research was to determine the impact of a rural hospital on 

pharmaceutical levels in relation to a ‘source-to-sink’ assessment of WQ. This included 

monitoring pharmaceutical presence in raw source water and treated tap water, 

introduction into municipal wastewater and removal within the receiving WWTP. No 

pharmaceuticals were detected in the untreated source water or the treated tap water, 

indicating lack of pollution in the raw water source. Seven of the eight pharmaceuticals 

targeted were detected in the CGH discharge and Wick WWTP influent and effluent, with 

paracetamol and carbamazepine the only compounds with 100% detection frequency in all 
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wastewater samples. Comparisons between the three wastewater types revealed that 

paracetamol, diclofenac, clarithromycin and trimethoprim were detected at maximum 

concentrations in the CGH discharge. This is reflective of the general medicine/A&E services 

provided at this hospital, and future work should monitor hospital impact on these 

compounds (and additional macrolide antibiotics). Overall, this study indicates that 

hospital impact on pharmaceutical loads in municipal wastewater is highly variable, as 

hospitals are only one of several important pharmaceutical sources (e.g., households, 

elderly care facilities and businesses) and their contribution is dependent on multiple 

factors (e.g., hospital services, prescribing practices, wastewater management and dilution 

effects). 

No significant intra-day or inter-week trends were observed for most 

pharmaceuticals, and no significant correlations (r >0.9) with other WQ data were found. 

Carbamazepine was detected in significantly lower concentrations in WWTP influent and 

effluent in the first week of sampling. This may be the result of dilution from a rain event 

which caused increased wastewater FFT in the WWTP, as a significant correlation was 

observed between carbamazepine effluent concentration and FFT. Pharmaceutical 

removal in the Wick WWTP was variable, with paracetamol being the most efficiently 

removed (87%), and carbamazepine and clarithromycin the least ( -50% and -51%, 

respectively). The observed increase in clarithromycin concentration during wastewater 

treatment is less reported than other macrolide antibiotics, however carbamazepine 

persistence in WWTPs employing CAS secondary treatment is well documented.  

This work highlights the ongoing pharmaceutical micropollutant burden entering 

and being discharged from rural WWTPs. This is only set to increase as WWTP 

infrastructure ages, and pharmaceutical use and diversity increases within, and beyond, 
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the clinical setting. Rural WWTPs (such as that studied here), are failing to entirely remove 

pharmaceutical contaminants which enter their facilities in the mid-high ng/L range, and 

these compounds are now increasingly impacting receiving surface waters. Wick WWTP 

releases effluent into the North Sea, and tidal zones and harbours are reportedly acting as 

sinks for organic pollutants, including pharmaceuticals (Alygizakis et al., 2016; Cantwell et 

al., 2016; Letsinger et al., 2019). This study supports previous work showing that rural 

communities with low population densities also produce wastewater with significant 

concentrations of pharmaceuticals (Nebot et al., 2015). However, their wastewater 

infrastructure is often less advanced, as compared to advanced tertiary systems that may 

be present in urban settings. Results here indicate that the persistence and wider lifecycle 

of these compounds should continue to be investigated, particularly their stability and 

degradation in wastewater and receiving surface waters (to seek to prevent adverse 

environmental effects). Further work may act to inform government legislators, healthcare 

practitioners, environment agencies and water regulators regarding pharmaceutical fate 

and behaviour in the wastewater system – and ultimately lead to potential improvements 

in hospital wastewater management. 
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Chapter 4. Pharmaceutical and transformation product 
characterisation within separate treatment stages of a rural 
conventional WWTP 
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4.1 Introduction 

Pharmaceuticals are widely present in municipal wastewater, and subsequently 

enter wastewater treatment plants (WWTPs) where inadequate removal leads to release 

into surface waters with final effluent (Gardner et al., 2013; Wilkinson et al., 2017). The 

effect of wastewater treatment on pharmaceutical removal is not fully understood, 

particularly the formation and persistence of transformation products (TPs) (Aymerich et 

al., 2016; Fatta-Kassinos et al., 2011). TPs may form through natural reactions in 

wastewater (e.g., photolysis, hydrolysis, microbial degradation), or through engineered 

chemical and biological wastewater treatment processes (e.g., chlorination, UV-irradiation, 

advanced oxidation processes, aerobic/anaerobic biological degradation) (Hübner et al., 

2015; Menz et al., 2017; Zhang and Li, 2011). Also, human metabolites which are excreted 

following pharmaceutical ingestion, add further compounds into wastewater and these 

may undergo additional transformation to new products or deconjugate to reform the 

parent compound (Celiz et al., 2009; Metcalfe et al., 2010). This variable assortment of 

pharmaceutical-based compounds (i.e., TPs and metabolites) may retain similar (or 

higher/lower) pharmacological activity to the parent compounds, and subsequently pose a 

threat to surface WQ if not adequately removed from final effluent (Celiz et al., 2009; Fatta-

Kassinos et al., 2011). Characterising the formation and presence of pharmaceuticals, TPs 

and metabolites in WWTPs is therefore necessary to fully assess their fate, behaviour and 

potential environmental impact in effluent-receiving surface waters.  

In particular, rural environments may be at additional risk as the small, conventional 

WWTPs frequently employed in rural communities are less effective at micropollutant 

elimination (Nebot et al., 2015; Petrie et al., 2014; Verlicchi et al., 2012b). Rural WWTPs 

most frequently employ conventional activated sludge (CAS) treatment, which facilitates 

biological degradation through the growth of a diverse microbial community to consume 
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organic matter, macro- and micro-carbon molecules (Jewell et al., 2016; Lajeunesse et al., 

2012; Ternes et al., 2004). Pharmaceuticals may undergo various adsorption/desorption 

processes, or degrade through biological and chemical reactions during CAS treatment 

(Aymerich et al., 2016; Verlicchi et al., 2012b). However, complete mineralisation in CAS is 

limited, due to several factors including: reduced interactions of pharmaceuticals with the 

biological floc (e.g., due to dilution effects, low sludge/hydraulic retention times); 

compound presence in the low ng/L concentration range (compared to nutrients, organic 

matter and other wastewater constituents in the mid-high mg/L range); and variable 

physicochemical properties of wastewater which can affect pharmaceutical behaviour 

(e.g., solubility, ionisation, sorption potential, biodegradability) (Fatta-Kassinos et al., 2011; 

Mathon et al., 2016; Michael et al., 2013; Ziylan and Ince, 2011). As secondary wastewater 

effluent undergoes no further clarification during conventional treatment, complex 

mixtures of parent pharmaceuticals and potentially bio-active TPs and metabolites are 

introduced into the rural environment within final effluent.  

The research objective of this chapter was to characterise the presence and 

potential persistence of pharmaceuticals, metabolites and TPs within separate stages of a 

rural WWTP. Hospital discharge wastewater was also analysed as it is a significant source 

of pharmaceutical compounds entering the rural wastewater system in the study location. 

Quantitative analysis assessed concentrations of target compounds, while qualitative  

analysis identified TPs and metabolites through a systematic ‘suspect screening’ approach. 

This required the creation of a database containing pharmaceutical TPs and metabolites 

following a literature review, and comparisons with online mass spectra data sources. A 

combination of targeted monitoring and suspect screening methods enabled assessment 

of both the magnitude and occurrence of pharmaceutical compounds within the 

wastewater system. WQ analysis additionally established if relationships between 
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compound presence and wastewater characteristics were evident. This work seeks to 

identify abundant pharmaceutical TPs in final WWTP effluent, which could be considered 

for further monitoring in receiving surface waters. This is the first study (to our knowledge) 

which has investigated pharmaceuticals and TPs within different water treatment stages at 

a Scottish Highlands WWTP.  

4.2 Methods 

4.2.1 Study sites 

The study locations were the same as those for Chapter 3, involving the Caithness 

General Hospital (CGH) and Wick WWTP. The location and sampling sites are shown in 

Figure 4.1. 

 
Figure 4.1. Caithness, Scotland with Wick town indicated. Sampling sites numbered one through 

five including CGH and within the WWTP in Wick, Scotland.  

CGH is a small rural general hospital (62 medical beds) in Wick, which offers general 

medicine/A&E services, diagnostics (X-ray, ultrasound and CT) with an on-site laboratory 
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and pharmacy (“Caithness General Hospital, Services, NHS Highland,” 2020). Wastewater 

from all points (patient wards/surgeries, laboratory, pharmacy, kitchen and laundry) is 

routed to one main wastewater outflow which then joins directly to the Wick sewerage 

system (containing all other Wick municipal wastewater); all of which is then pumped to 

the Wick WWTP.  The Wick WWTP (PE ~13500) uses primary and secondary CAS treatment. 

Upon entry, raw wastewater is screened (6 mm mesh) and separated; after which it is 

pumped into a primary holding tank before primary treatment (settlement) to control flow 

to full treatment (FFT, maximum 14774 CMD) (Samson, 2003). Wastewater aeration and 

microbial degradation occurs during CAS in two open-air basins, with cycles following six 

four-hour or eight three-hour cycles in a day (Samson, 2003). Sludge is stored for five days, 

before dewatering (to ~22% dry solids), caking and transport off -site. Treated effluent is 

decanted from CAS basins and released into the North Sea through a 500 m long off -shore 

pipe discharging north of Wick harbour.  

4.2.2 Sample collection 

Sampling was performed following the same procedure detailed in Chapter 3 

(methods section 3.2.2). Samples were collected on a weekly basis for seven weeks in May 

– July 2018, for a total of seven sampling events (n = 6 for the WWTP primary and secondary 

samples). Briefly, amber glass bottles (2.5 L) and plastic HDPE bottles (1 L) were used to 

collect samples for pharmaceutical and WQ analysis, respectively. A stainless-steel bucket 

(on a chain) was used to collect CGH discharge and wastewater influent and effluent 

samples; while the primary and secondary wastewater samples were collected in a 

precleaned bucket by the Scottish Water Wick WWTP site manager. Those samples were 

then poured into the amber glass or HDPE bottles. All sampling materials were rinsed in 

triplicate with the water being sampled, prior to sample collection. Bottles containing 

wastewater were cleaned externally with 10% high level laboratory disinfectant (HLD4L, 
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ChemGene®) antibacterial spray. Samples were transported back to the laboratory in cool 

boxes, refrigerated at <4 °C on return and processed immediately (or, within 24 h of 

collection). Before use, all sample bottles were cleaned following the method detailed in 

Chapter 3. 

4.2.3 Sample preparation and solid phase extraction 

All wastewater samples (1 L) were first vacuum filtered through 0.7 μm glass 

microfiber filters (47 mm diameter, MF300; Fisherbrand) immediately after sampling. SPE 

was then performed as detailed in Chapter 3 (methods section 3.2.4.2). Immediately prior 

to SPE, samples were spiked with ILIS solution, and SPE of 1000 mL of sample was 

performed using preconditioned Oasis Prime HLB cartridges (200 mg, 6 cc capacity; 

Waters). Elution was performed with 1:1 (v:v) EtOAc:ACE, and samples were reconstituted 

with 1:1 (v:v) MeOH:Milli-Q water after evaporation with nitrogen gas (Caliper TurboVap 

LV bath, at 40 C). Samples were transferred to 2 mL amber glass LC vials and stored at -20 

C prior to analysis.  

4.2.4 Chemicals and reagents 

 All pharmaceutical standards were of high purity (>98%) and supplied from Sigma-

Aldrich (UK). Isotopically labelled internal standard (ILIS) solutions (100 mg/L, in pure 

solvent) were purchased from QMX (UK). Preparation and storage of stock standards for 

target compounds (1000 mg/L) and ILIS (1 mg/L) followed the same procedure as detailed 

in Chapter 3. An internal standard for ibuprofen (ibuprofen-d3), and a replacement for 17α-

ethynylestradiol (17β-estradiol-d5, a less expensive alternative to estrone-d2), were added 

to the analytical method to improve analytical accuracy and provide individual compound 

recovery data. Milli-Q Type I water, HPLC-grade pure organic solvents and analytical grade 

buffers were the same as those detailed in Chapter 3.  
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4.2.5 Pharmaceutical analysis and instrumentation 

4.2.5.1 Target compounds and quantitative analysis 

The eight target pharmaceuticals, which were the focus for the parent compound 

work, are shown in detail in Chapter 2, Table 2.1. Compounds from four therapeutic groups 

were monitored in wastewater samples. These included: paracetamol, diclofenac and 

ibuprofen (analgesics/anti-inflammatories), clarithromycin and trimethoprim (antibiotics), 

carbamazepine and fluoxetine (psychiatric drugs) and 17α -ethynylestradiol (synthetic 

hormone).  

All quantitative pharmaceutical analysis was performed using reverse-phase liquid 

chromatography (LC) coupled to electrospray ionisation (ESI) tandem mass spectrometry 

(MS/MS), with the same system used in Chapter 3. LC-MS/MS analysis was carried out using 

multiple reaction monitoring (MRM) mode, in positive and negative ESI modes (ESI+ and 

ESI-). As before, paracetamol, trimethoprim, carbamazepine, clarithromycin and fluoxetine 

were analysed with ESI+; ibuprofen, diclofenac and 17α-ethynylestradiol with ESI-. The 

mobile phases, solvent gradient, LC column conditions and working parameters are 

described in Chapter 3 (methods section 3.2.4.3). The optimised MS/MS parameters for 

each compound (e.g., MS/MS settings, cone voltage, collision energy and MRM ion 

transitions) and example chromatograms are detailed in the Appendix (Table A 3.1 and 

Figure A3.1). The additional ILIS compounds (ibuprofen-d3 and 17β-estradiol-d5) included 

in Table A3.1 are annotated with a double asterisk. Pharmaceuticals were identified using 

characteristic RT and MRM transitions (two per analyte). The most abundant product ion 

was used for quantification, and the second for confirmation.  

4.2.5.2 TPs and qualitative analysis 

As described in Chapter 2, a database containing common TPs and metabolites of 

the eight parent target pharmaceuticals listed above, was compiled from the literature 
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(Appendix Table A2.1). This included chemical formula, accurate mass, theoretical mass to 

charge ratio ([M+H]+ or [M-H]-, m/z) and reference standard availability. Also included was 

mass spectral data collected using two advanced online databases, MetlinTM (Scripps 

Research, USA, https://metlin.scripps.edu/) and mzCloudTM (Thermo Fisher Scientific, USA, 

https://www.mzcloud.org/).  

A systematic suspect screening method was then followed to investigate TP 

presence in the wastewater samples (Figure 4.2). After HRMS analysis, the observed 

masses within the raw data were compared to the database, followed by comparison with 

MetlinTM and mzCloudTM data. The elemental composition was then proposed, and the 

mass tolerance values (Δ ppm) were calculated and compared between the observed 

experimental mass and theoretical mass. Mass tolerance values within ±5 ppm are 

reportedly acceptable as positive identification in the literature (Boix et al., 2016a; Calza et 

al., 2012; Zhao et al., 2017), however, ±2 ppm was used in this case to decrease potential 

misidentification. The TPs were tentatively identified at this stage. Reference standard 

comparison (to involve retention time) was the final step to confirm tentative TPs (based 

on reference standard availability and cost). However, this could (ultimately) not be 

performed due to time constraints and limited laboratory access following the COVID-19 

pandemic.  

 
Figure 4.2. Flow chart of the suspect screening method used for identification of TPs. *Reference 
standards may not be readily available for all compounds. 

All HRMS analysis was performed with a ThermoFisher Exactive Orbitrap mass 

analyser. A ThermoFisher (Accela) ultra-high pressure liquid chromatography (UHPLC) 

https://metlin.scripps.edu/
https://www.mzcloud.org/
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system was coupled to the Orbitrap. An ESI source was used, with the MS operating in both 

positive and negative modes. Chromatography was performed with a Hypersil GOLD C18 

column (1.9 μm, 2.1 x 100 mm, ThermoFisher), at 45 ˚C. The mobile phases and the solvent 

gradients were the same as those used for the LC-MS/MS parent compound analysis, and 

the flow rate was set to 100 µL/min. Mass spectra were acquired in the m/z range 100 – 

2000 (ESI+) and 100 – 500 (ESI-), with mass resolution power at 100,000 full-width at half 

maximum (FWHM, indicating mass separation of two ions to the fourth decimal place). 

Through this technique, suspect screening for non-target compounds could be performed 

with high confidence. Appendix Table A4.1 details the chemical formula, exact mass, 

retention time, observed mass and mass tolerance values (Δ ppm) for the target 

compounds and ILIS reference standards. Example chromatograms and mass spectra of 

reference standards are included in the Appendix (Figure A4.1).  

4.2.6 Quality assurance and quality control  

On the LC-MS/MS system, before sample analysis the LC was purged (to waste) with 

95% solvent B (ACN), followed by equilibration with the starting solvent gradient 

conditions. All samples were analysed alongside Milli-Q water blanks and mixed eight 

pharmaceutical calibration standards (concentrations 2, 10, 25, 50, 75, 100, 200, 300, 400 

and 500 μg/L). Linearities of the standard calibration curves were consistently good (r2 > 

0.99). Also, a mixed reference standard (1:1 v:v MeOH:Milli-Q) containing all eight 

pharmaceuticals (500 μg/L) and ILIS (at 50 μg/L) was also analysed after every 10 injections 

to monitor and correct for instrument drift. Final concentrations were corrected against 

recovery of the ILIS (50 μg/L final concentration after SPE enrichment), using the RRF 

equation (Chapter 3, Equation 3.1).  



 

136 
 

Prior to sample analysis, the Orbitrap system was purged with MeOH. It was then 

tuned to the mass range of 100 – 2000 m/z (ESI+) and 100 – 500 m/z (ESI-), using a standard 

tuning mixture (Pierce™ LTQ ESI calibration solution, ThermoFisher). This was directly 

injected into the Orbitrap (100 µL, 5 µL/min flow). The mass error was kept below 5 ppm 

by routine calibrations on both polarities. The UHPLC system was also purged (to waste) 

with 100% solvent A (0.1% formic acid in MQ) and then 100% solvent B (ACN), followed by 

equilibration with the starting solvent gradient conditions. Mixed reference standards (500 

μg/L pharma and 50 μg/L ILIS, 1:1 MeOH:Milli-Q) and Milli-Q water blanks were analysed 

at the start and after every 10 instrument injections to monitor sensitivity and fluctuations 

in mass accuracy.  

4.2.7 WQ determination 

A similar, but smaller suite of WQ parameters to that used in Chapter 3 were 

monitored in addition to the pharmaceuticals. This included pH, conductivity, turbidity, 

total suspended solids (TSS), dissolved organic carbon (DOC) and dissolved inorganic 

carbon (DIC). The methods used are detailed in Chapter 3 (section 3.2.5) for the individual 

WQ parameters.  

4.2.8 Statistical analysis 

Similar to Chapter 3, Microsoft Excel (version 2016), and RStudio (version 0.95.501; 

R Core Team, 2017) were used for statistical analysis. One-way and two-way ANOVAs were 

used to test for significant differences (p < 0.05) between variables (i.e., pharmaceutical 

concentration by wastewater type), or, non-parametric Kruskal-Wallis tests were 

performed. Where appropriate, Tukey’s honestly significant difference tests, or Wilcoxon 

rank sum tests for multiple comparisons, were performed for post-hoc analysis. Principal 

component analysis (PCA, package stats; R Core Team, 2017) was carried out to elucidate 
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relationships between the pharmaceutical concentrations and WQ data, by splitting the 

dataset into PC axes which explained the most variation within the dataset.  

4.3 Results 

4.3.1 Pharmaceutical trends  

Table 4.1 summarises the data obtained for pharmaceuticals at the five sampling 

sites, with average values expressing the mean of positive detections (non-detects not 

included in the calculations). The pharmaceutical concentrations are also shown in Figure 

4.3, with boxplots grouped by compound to highlight differences between sites. Observed 

concentrations ranged from 8 – 529 ng/L (for ibuprofen, WWTP effluent), up to 15596 – 

273859 ng/L (for paracetamol, WWTP primary sample). Maximum mean concentrations of 

paracetamol, diclofenac and carbamazepine were detected in the WWTP primary sample; 

in the WWTP influent for ibuprofen, clarithromycin and trimethoprim; and in the WWTP 

effluent for fluoxetine. Trimethoprim and carbamazepine had the highest detection 

frequency, with 100% detection in four of the five sample types (all except CGH effluent). 

EE2 was not detected in any samples. Statistical analysis indicated statistically significant 

differences between sample sites for paracetamol, ibuprofen and clarithromycin, with 

Wilcoxon rank sum post-hoc results included in Table 4.1 and Figure 4.3. 



 

138 
 

Table 4.1. Mean concentration (± standard deviation) and range for pharmaceuticals quantified in CGH discharge, Wick WWTP influent, WWTP primary, WWTP 
secondary and WWTP effluent. The number of detects (n), detection frequency (DF, %), limit of quantification (LOQ, ng/L) and relative standard deviation (RSD, %) are 
included. There were 6 sampling events only (n = 6) for WWTP primary and secondary samples. Results of non-parametric Kruskal-Wallis tests (by site), with significance 
level (*, **, ***; <0.05, <0.01, <0.001) are indicated and post-hoc letterings (a, b, c) included. 

Pharmaceutical Sample 
LOQ 

(ng/L) 
n DF (%) 

 Range Conc 
(ng/L) 

Mean Conc (± SD) 
(ng/L) 

 
RSD (%) p value 

 

  

 
 
Paracetamol (PAR) 

CGH Discharge   6 85  ND – 45067  15899 (± 17379) ab  109   

WWTP Influent   7 100  7616 – 127437 56307 (± 46446) a  82   

WWTP Primary  0.78 6 100  15596 – 273859 122806 (± 105317) a  85 <0.001***  

 WWTP Secondary   3 50  ND – 61  33 (± 27) c  81   

 WWTP Effluent   6 85  360 – 4248 1890 (± 1665) b  88   

Ibuprofen  
(IBU) 

CGH Discharge   7 100  141 – 17282  4069 (± 6074) ab  149   

WWTP Influent   6 85  ND – 8034 5257 (± 2072) a  39   

WWTP Primary  0.78 5 83  ND – 6235  4162 (± 1239) a  29 0.001**  

WWTP Secondary   5 83  ND – 585  161 (± 237) c  147   

WWTP Effluent   7 100  8 – 529 203 (± 176) bc  86   

Diclofenac (DCF) 

CGH Discharge   4 57  ND – 175 60 (± 77)  128   

WWTP Influent  3 42  ND – 153 123 (± 33)  26   

WWTP Primary 0.77 5 83  ND – 1344  407 (± 529)  129 0.147  

WWTP Secondary  4 66  ND – 280  176 (± 112)  63   

WWTP Effluent   4 57  ND – 289 232 (± 65)  28   

Clarithromycin 
(CLAR) 

CGH Discharge   4 57  ND – 85 37 (± 34) b  91   

WWTP Influent   5 71  ND – 3613 1295 (± 1506) ab  116   

WWTP Primary  0.81 4 66  ND – 738  555 (± 222) a  39 0.045*  

WWTP Secondary   6 100  241 – 954  512 (± 278) a  54   

WWTP Effluent  7 100  153 – 584 343 (± 149) a  43   
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Trimethoprim (TRI)  

CGH Discharge   6 85  ND – 3047 735 (± 1148)  156   

WWTP Influent  7 100  133 – 1718 978 (± 618)  63   

WWTP Primary 0.78 6 100  549 – 1080  855 (± 201)  23 0.226  

WWTP Secondary  6 100  401 – 985  719 (± 234)  32   

WWTP Effluent   7 100  400 – 943 670 (± 181)  27   

Carbamazepine 
(CBZ) 

CGH Discharge   2 28  ND – 53 44 (± 13)  30   

WWTP Influent   7 100  66 – 1484 798 (± 496)  62   

WWTP Primary 0.81 6 100  541 – 2155  1235 (± 606)  49 0.087  

WWTP Secondary  6 100  445 – 1047  741 (± 247)  33   

WWTP Effluent   7 100  503 – 1003 764 (± 186)  24   

Fluoxetine (FLX) 

CGH Discharge   0   ND ND     

WWTP Influent   1 14  ND – 21 21     

WWTP Primary 3.60 0   ND ND   0.154  

WWTP Secondary  6 100  48 – 132  80 (± 31)  39   

WWTP Effluent   7 100  65 – 235 107 (± 58)  54   
+17α-ethynylestradiol (EE2) was not detected. 
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Figure 4.3. Boxplots of pharmaceutical concentrations in CGH discharge (CGH), WWTP influent (INF), primary (PRI), secondary (SEC) and effluent (EFF),  on a logarithmic 
scale. Boxes represent the interquartile range and notches indicate the median. The whiskers show the range of concentrations (those <3x the interquartile range), 
otherwise points appear as outliers (circles). Post-hoc letterings show significant differences between sites, and average removal (x, in %) included. 
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4.3.2 Pharmaceutical removal 

The average WWTP influent and effluent pharmaceutical concentrations were used 

to calculate the removal efficiency of the WWTP process (shown in Figure 4.3). Apparent 

average removal spanned from 96% (for paracetamol and ibuprofen) to -88% (for 

diclofenac). Paracetamol (96%), ibuprofen (96%) and clarithromycin (73%) demonstrated 

appreciable removal, while trimethoprim (31%) and carbamazepine (4%) underwent little  

change. Diclofenac (-88%) seemingly increased during treatment. Removal was not 

calculated for fluoxetine due to limited sample size.   

4.3.3 WQ characterisation 

The WQ data for all samples, and associated statistical results, are shown in 

Appendix Table A4.2, with mean, minimum and maximum values, LOQ, detection 

frequency and relative standard deviation. Maximum mean values of turbidity (373 ± 310 

NTU) and conductivity (1998 ± 815 µS/cm) were observed in WWTP primary samples, while 

WWTP influent had the highest mean pH (8.12 ± 0.17) and DIC (53 ± 10 mg/L). Maximum 

mean for DOC (114 ± 51 mg/L) and TSS (1049 ± 857 mg/L) were observed in the CGH 

discharge and the WWTP secondary sample, respectively. No turbidity data was collected 

for the WWTP secondary sample as values were outside the upper limit of the instrument 

(>1000 NTU). One-way ANOVAs identified significant differences between the sample sites 

for all WQ parameters. Data are also presented graphically in Figure 4.4, with Tukey post-

hoc relationships showing significant differences between the sites.
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Figure 4.4. Boxplots of WQ parameters in CGH discharge (CGH), WWTP influent (INF), WWTP primary (PRI), WWTP secondary (SEC) and WWTP effluent (EFF) samples. 
Boxes represent the interquartile range, notches indicate the median, whiskers show range (<3x the interquartile range) and circles indicate outliers. Tukey post-hoc 
tests show significant differences between the sites.  
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4.3.4 Pharmaceutical and WQ associations 

Pharmaceutical and WQ associations were explored through PCA, which revealed 

that >40% of variance was captured by two PC axes (PC1 22.1%, PC2 18.9%). The biplot 

(Figure 4.5) showed that PC1 was strongly associated with turbidity, paracetamol and 

diclofenac; PC2 was most strongly associated with ibuprofen, DOC and pH (positively), and 

carbamazepine, DIC, clarithromycin, TSS and trimethoprim (negatively). The close 

clustering of red loading arrows indicated similarities between these variables, which is 

particularly evident for carbamazepine and DIC, and ibuprofen, DOC and pH. Overlapping 

confidence ellipses (at the 95% level) showed some similarity between all four WWTP 

samples; but this was most pronounced by grouping for WWTP effluent and secondary 

samples, and also, WWTP influent and primary samples (with CGH somewhat separate, and 

off to the top right). WWTP influent and CGH discharge samples showed some 

similarity/overlap; while the difference between CGH discharge and the other 3 

sites/sample types was clear. The scattering of points and large ellipse indicated the high 

degree of variance within the WWTP primary sample.  
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Figure 4.5. PCA biplot of pharmaceutical and WQ data, with dataset variation described by PC1 
(22.1 %) and PC2 (18.9%) and confidence ellipses at the 95% confidence level.  

4.3.5 Suspect screening of TPs  

 Orbitrap HRMS analysis enabled identification of certain pharmaceutical TPs in the 

wastewater samples, whereby samples were individually screened for 40 TPs from the 

database created. Table 4.2 summarises the data obtained for 12 tentatively identified TPs, 

the other TPs (28 total) included in the primary database were not identified in the samples.  

Carbamazepine was the parent compound with the most tentatively identified TPs (five, 

with one set of isomers with identical masses and chemical formulas). Three paracetamol 

TPs were detected, and two trimethoprim and clarithromycin TPs (with one set of isomers 

each). Detection varied between compounds. 3’-hydroxytrimethoprim (TRI-TP1) was 

detected in the most samples (n = 28, 85% detection frequency); and acridine (CBZ-TP1), 

carbamazepine-10,11-epoxide (or hydroxy-carbamazepine, CBZ-TP2), 10,11-dihydro-10-

hydroxycarbamazepine (CBZ-TP3) and 2,3-dihydroxy-carbamazepine (CBZ-TP4) were each 

detected in 27 samples (82% detection frequency). The α -hydroxytrimethoprim compound 



 

145 
 

(or trimethoprim-N-oxide, TRI-TP2) was detected in the least samples (n = 9, 27% detection 

frequency). Between individual sample points, TP detection also varied. All 12 TPs were 

tentatively identified in WWTP primary, secondary and effluent samples, while 10 were 

identified in the CGH discharge and WWTP influent. Accuracy in TP tentative identification 

was determined by the mass tolerance difference (Δ ppm) between the theoretical and 

observed m/z values, with a limit of ±2 ppm applied to avoid misidentification (Boix et al., 

2016a; Zhao et al., 2017). Overall, observed average values ranged 0 ppm (CBZ-TP1) to -

1.36 ppm (CLAR-TP2). Also included in the table is average retention time, which will 

require comparison/confirmation against reference standards (where available) in future 

work.  
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Table 4.2. HRMS data for tentatively identified TPs, grouped by parent compound (bolded in italics). Chemical formula, retention time (RT, average ± standard deviation), 
exact mass, theoretical mass (m/z), observed mass (m/z), mass tolerance (Δ ppm, average ± standard deviation), total detection frequency (DF, %), wastewater matrix (and 
n value), reference standard availability and references (superscript letters) included. 

Compound  
(Abbrev.) 

Chemical 
Formula 

RT  
(min, avg 

± SD) 

Exact 
mass 
(amu) 

Theoretical 
Mass 
(m/z)a 

Observed 
Mass  
(m/z) 

Δ ppm 
(avg ± 

SD) 

Total 
DF (%) 

Wastewater Matrix  
(n, DF%) 

Ref 
Std? 

Carbamazepine C15H12N2O 13.54 236.0650 237.1022 237.1019 -1.20    
Acridine (CBZ-TP1) b,c C13H9N 9.19 179.0735 180.0808 180.0808 0 82% CGH Discharge (1, 14%) √ 
  (± 1.03)      WWTP Influent (7, 100%)  
        WWTP Primary (6, 100%)  
        WWTP Secondary (6, 100%)  
        WWTP Effluent (7, 100%)  
Carbamazepine 10,11- C15H12N2O2 10.23 252.0898 253.0972 253.0971 -0.39 82% CGH Discharge (1, 14%) √ + 

epoxide+  OR  (± 0.01)    (± 0.25)  WWTP Influent (7, 100%)  
Hydroxy-        WWTP Primary (6, 100%)  
carbamazepine        WWTP Secondary (6, 100%)  
(CBZ-TP2) c,g        WWTP Effluent (7, 100%)  
10,11-Dihydro-10-  C15H14N2O2 11.98 254.1055 255.1128 255.1129 0.47 82% CGH Discharge (1, 14%) √ 
hydroxycarbamazepine    (± 0.01)    (± 0.29)  WWTP Influent (7, 100%)  
(CBZ-TP3) c        WWTP Primary (6, 100%)  
        WWTP Secondary (6, 100%)  
        WWTP Effluent (7, 100%)  
2,3- C15H12N2O3 11.11 268.0847 269.0921 269.0921 0.01 82% CGH Discharge (2, 29%)  
Dihydroxycarbamazepine  (± 0.01)    (± 0.41)  WWTP Influent (6, 86%)  
(CBZ-TP4) b,c        WWTP Primary (6, 100%)  
        WWTP Secondary (6, 100%)  
        WWTP Effluent (7, 100%)  

10,11-Dihydro-10,11- C15H14N2O3 10.24 270.1004 271.1077 271.1076 -0.18 79% CGH Discharge (0)  
dihydroxy-  (± 0.01)    (± 0.18)  WWTP Influent (7, 100%)  
carbamazepine        WWTP Primary (6, 100%)  
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(CBZ-TP5) c,g        WWTP Secondary (6, 100%)  
        WWTP Effluent (7, 100%)  

Paracetamol C8H9NO2 3.13 151.0633 152.0704 152.0703 -0.60    
N- C8H7NO2 2.81 149.0476 150.0550 150.0548 -1.20 73% CGH Discharge (4, 57%)  
Acetylbenzoquinonimine  (± 0.02)    (± 0.27)  WWTP Influent (7, 100%)  
(PAR-TP1) d,j        WWTP Primary (6, 100%)  
        WWTP Secondary (3, 50%)  
        WWTP Effluent (4, 57%)  

3-Methoxy- C9H11NO3 4.73 181.0738 182.0812 182.0812 0.11 79% CGH Discharge (5, 71%) √ 
acetaminophen  (± 0.02)    (± 0.22)  WWTP Influent (7, 100%)  
(PAR-TP2) d,j        WWTP Primary (6, 100%)  
        WWTP Secondary (3, 50%)  
        WWTP Effluent (5, 71%)  
S-Methyl-3- C9H11NO2S 8.13 197.0510 198.0583 198.0583 0.20 70% CGH Discharge (3, 43%) √ 
thioacetaminophen  (± 0.01)    (± 0.51)  WWTP Influent (6, 86%)  
(PAR-TP3) d,j        WWTP Primary (6, 100%)  
        WWTP Secondary (4, 67%)  
        WWTP Effluent (4, 57%)  

Trimethoprim C14H18N4O3 8.13 290.1379 291.1443 291.1442 -0.30    
3'-Hydroxytrimethoprim C13H16N4O3 5.60 276.1222 277.1295 277.1293 -0.86 85% CGH Discharge (4, 57%) √ 
(TRI-TP1) e,h  (± 0.40)    (± 0.18)  WWTP Influent (7, 100%)  
        WWTP Primary (6, 100%)  
        WWTP Secondary (6, 100%)  
        WWTP Effluent (5, 71%)  

α-Hydroxytrimethoprim +    C14H18N4O4 8.24 306.1328 307.1401 307.1399 -0.98 27% CGH Discharge (1, 14%) √ + 
OR  (± 0.06)    (± 0.27)  WWTP Influent (0)  
Trimethoprim-N-oxide        WWTP Primary (0)  
(TRI-TP2) e,h        WWTP Secondary (6, 100%)  
        WWTP Effluent (2, 29%)  
Clarithromycin C38H69NO13 14.84 747.4769 748.4842 748.4824 -2.0    
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N-Desmethyl- C37H67NO13 13.59 733.4612 734.4685 734.4678 -0.88 39% CGH Discharge (0) √ 
clarithromycin  (± 0.03)    (± 0.20)  WWTP Influent (0)  
(CLAR-TP1) b,i        WWTP Primary (0)  
        WWTP Secondary (6, 100%)  
        WWTP Effluent (7, 100%)  

Clarithromycin-N-oxide +  C38H69NO14 12.67 763.4718 764.4791 764.4781 -1.36 78% CGH Discharge (1, 14%) √ + 
OR  (± 0.21)    (± 0.57)  WWTP Influent (6, 86%)  
14-Hydroxy-        WWTP Primary (6, 100%)  
clarithromycin        WWTP Secondary (6, 100%)  
(CLAR-TP2) b,i        WWTP Effluent (7, 100%)  

+ Indicates which isomer has an available reference standard. aMetlin Scripps and mzCloud; b Ibáñez et al., 2017; c Han et al., 2018; d Żur et al., 2018; e Michael et al., 2012; f Vione et al., 
2009; g Calza et al., 2012; h Jewell et al., 2016; i Lange et al., 2006; j Wu et al., 2012  
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4.3.5.1 Carbamazepine TPs  

 Five carbamazepine TPs were tentatively identified in wastewater samples, and 

example chromatograms with corresponding mass spectra are shown in Figure 4.6. CBZ-

TP1 (180.0808 m/z) had the lowest Δ ppm value of all proposed TPs (0 ppm) but was not 

identified at a consistent retention time (9.19 min ± 1.03, 8.15 min in Figure 4.6A). This 

compound is also not the base peak of the example mass spectrum (340.2591 m/z). 

Compounds TP2, TP3 and TP4 appeared at consistent retention times (10.23 min, 11.99 

min, 11.11 min, respectively) with low variability (standard deviation ± 0.01 min, each). 

These ions are the base peaks in the example corresponding mass spectra (253.0971 m/z, 

255.1128 m/z and 269.0922 m/z, respectively), and had consistent Δ ppm values (standard 

deviation ≤0.41 ppm). CBZ-TP5 (271.1077 m/z) is not the base peak in the mass spectrum 

(253.0971 m/z, Figure 4.6E), but appeared at consistent retention times (10.24 ± 0.01 min) 

in the samples and had a low Δ ppm value (-0.18 ± 0.18 ppm). Reference standards are 

available for CBZ-TP1, TP2 (carbamazepine-10,11-epoxide isomer) and TP3.  
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Figure 4.6. Tentative carbamazepine TP example chromatograms and corresponding mass spectra 
in wastewater samples, with m/z, observed retention time and average mass tolerance values. A. 
CBZ-TP1; B. CBZ-TP2; C. CBZ-TP3; D. CBZ-TP4; E. CBZ-TP5. 
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Figure 4.6 continued. 
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Figure 4.6 continued. 

 

 

4.3.5.2 Paracetamol TPs  

 Three paracetamol TPs were tentatively identified in the samples, with example 

chromatograms and corresponding mass spectra shown in Figure 4.7. PAR-TP1 (150.0548 

m/z) and PAR-TP2 (182.0812 m/z) appear as the base peak in the individual mass spectra 

(Figures 4.7A, B), while PAR-TP3 appears as the second most abundant peak after the base 

peak (340.2589 m/z, Figure 4.7C). All TPs were identified at consistent average retention 

times, with standard deviations ≤0.02 min. The highest mass tolerance difference for the 

PAR TPs was observed for PAR-TP1 (-1.20 ± 0.27 ppm). Reference standards are available 

for proposed compounds PAR-TP2 and TP3. 
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Figure 4.7. Tentative paracetamol TP chromatograms and corresponding mass spectra in 
wastewater samples, with m/z, observed retention time and average mass tolerance. A. N-
acetylbenzoquinoneimine (PAR-TP1), B. 3-methoxyacetaminophen (PAR-TP2) and C. 3-methyl-3-
thioacetaminophen (PAR-TP3). 
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Figure 4.7 continued. 

 

 

4.3.5.3 Trimethoprim TPs  

 Two trimethoprim TPs were tentatively identified in the samples, with example 

chromatograms and mass spectra shown in Figure 4.8. TRI-TP1 (277.1291 m/z) does not 

appear as the base peak in the mass spectrum (193.0720 m/z) and was identified at variable 

retention times in the samples (5.60 ± 0.40 min). While TRI-TP2 (307.1398 m/z) is the base 

peak in the corresponding mass spectra and appeared at consistent retention times (8.24 

± 0.06 min). Reference standards are available TRI-TP1, and the α-hydroxytrimethoprim 

isomer of TRI-TP2. 
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Figure 4.8. Tentative trimethoprim TP chromatograms and corresponding mass spectra in 
wastewater samples, with observed retention time and m/z, and average mass tolerance. A. TRI-
TP1 and B. TRI-TP2. 
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4.3.5.4 Clarithromycin TPs  

 Two clarithromycin TPs were tentatively identified, and example chromatograms 

and mass spectra are included in Figure 4.9. CLAR-TP1 appears as the base peak in the mass 

spectrum (734.4677 m/z), but another ion appears in similar abundance (389.2506 m/z). 

CLAR-TP2 is the base peak in the mass spectra; however, the largest average mass tolerance 

difference (-1.36 ± 0.57 ppm) was observed for this compound. Both TPs appeared at 

consistent retention times in the samples, with standard deviations ≤0.21 min. Reference 

standards are available for CLAR-TP1 and CLAR-TP2 (clarithromycin-N-oxide isomer). 
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Figure 4.9. Tentative clarithromycin TP chromatograms and corresponding accurate mass spectra 
in wastewater samples, with m/z, observed retention time and average mass tolerance. A. CLAR-
TP1 and B. CLAR-TP2. 
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4.4 Discussion 

 The purpose of the work described in this chapter was to assess parent 

pharmaceutical presence and screen for TPs within various stages of a WWT system. Due 

to the sampling method used (grab), sampling frequency (weekly) and sample size (n = 7), 

pharmaceutical removal at separate stages of the WWTP could not be assessed accurately. 

Composite sampling (e.g., over 24 hr) over an intensive sampling period with full flow 

characterisation would be necessary to analyse mass balance and drug removal/formation 

of TPs fully. This study therefore seeks to provide initial insights into the occurrence and 

likely behaviour of target pharmaceuticals within a rural Highlands WWTP, and provide a 

first analysis of selected TPs.  

4.4.1 Pharmaceutical trends 

Overall concentration levels followed the trend of paracetamol >> ibuprofen > 

trimethoprim > carbamazepine > clarithromycin > diclofenac > fluoxetine.  Paracetamol 

concentrations were generally two to three orders of magnitude greater than the other 

target pharmaceuticals in all samples, except in secondary and f inal effluent. 17α-

ethynylestradiol was not detected in any samples. This is consistent with previous results 

regarding pharmaceuticals in the CGH hospital discharge and Wick WWTP influent and 

effluents (Niemi et al., 2020). The concentrations and detection frequencies in the CGH 

discharge reflect the work of CGH (general A&E services), as analgesics, anti-inflammatories 

and antibiotics are routinely used in this type of hospital (Oliveira et al., 2018). Similarly, as 

paracetamol and ibuprofen are widely prescribed and commonly used OTC 

pharmaceuticals in Scotland, the high concentrations detected in samples were not 

unexpected (Helwig et al., 2013; Information Services Division, 2019).  

Within the Wick WWTP, pharmaceutical concentrations were highly variable, but 

values were broadly in agreement with existing literature results from WWTPs operating 
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CAS secondary treatment (Table 4.3). Pharmaceutical variability in wastewater may be 

affected by differences in compound usage, wastewater origin and WWTP population 

equivalent and capacity (Jewell et al., 2016; Petrie et al., 2014; Tran and Gin, 2017). The 

Wick WWTP (13500 PE, 14774 CMD) is comparable to the population equivalents (ranging 

3000 – 740000 PE) and flow-to-full treatment volumes (ranging 650 – 440000 CMD) seen 

in the literature (Table 4.3), therefore overall comparability of values was expected. 

However, the Wick primary sample concentrations for paracetamol (15596 – 273859 ng/L), 

trimethoprim (549 – 1080 ng/L) and clarithromycin (ND – 738 ng/L) were higher than many 

of those in the literature, with reported ranges of 1438 – 11400 ng/L (paracetamol), 80 – 

430 ng/L (trimethoprim) and 160 – 440 ng/L (clarithromycin) (Table 4.3). This may be due 

to differences in sampling, as the Wick primary sample was taken during the primary 

process (e.g., within the primary settlement tank), while the literature studies generally 

considered primary treatment effluent. One study (Petrie et al., 2014) analysed 

pharmaceuticals within the CAS secondary stage (i.e., a sample of secondary effluent that 

is recycled back to the start of CAS treatment), and it is evident that the Wick  

carbamazepine values (445 – 1047 ng/L) were not in agreement with this literature 

example (average 88 ng/L). This may be due to usage differences, or, differences in CAS 

operation between the Wick WWTP (operating 6 x 4 hr or 8 x 3 hr cycles) and the literature 

study site (operating 2 x 12 hr cycles), as reduced hydraulic/sludge retention time may 

result in less effective removal of certain compounds (Lajeunesse et al., 2012; Mathon et 

al., 2016; Petrie et al., 2014). 
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Table 4.3. Pharmaceutical concentrations (ng/L) observed in Wick WWTP (bolded and italicised values) influent, primary, secondary and effluent samples compared to 
literature values from CAS WWTPs (references in superscript). Physicochemical properties (octanol-water partition coefficient (log Kow), acid dissociation constant (pKa), 
and water solubility (Ws, mg/L)) included. Reported removals (in CAS systems) shown, with population equivalent (PE) and flow to full treatment (FFT,  cubic meters per 
day (CMD)). 

Compound 
Log Kow 

pKa 
Ws (mg/L) 

Conc Range 
Influent (ng/L) 

Conc Range 
Primary (ng/L) 

Conc Range 
Secondary 

(ng/L) 

Conc Range 
Effluent (ng/L) 

Removal 
(%) 

PE; FFT (CMD) 

Paracetamol 0.46 a 7616 – 127437 15596 – 273859 ND – 61 360 – 4248 96 13500 PE, 14774 CMD 

 9.4 g ND – 15213 a ND – 9633 a ND – 197 a ND – 187 a 98 a 3000 PE; 650 CMD a 

 14000 g 79100 – 105817 i 1438 – 2637 i  727 – 1374 i 98 – 99 i 361000 CMD i 

  108000 – 246000d   80 – 1575 d 100 d 30000 PE; 12960 CMD d 

  80 – 9290 e   83 – 106 e 0 – 99 e 213000 PE e 
   7100 – 11400q  7 – 70 q 99 q 277000 PE; 42000 CMD q 
  36000 – 500000 r   16 – 62000 r 99 r 42000 – 440000 CMD r 
Ibuprofen 3.79 – 3.97 a ND – 8034 ND – 6235 ND – 585 8 – 529 96 13500 PE, 14774 CMD 
 4.4 g ND – 14738 a ND – 6566 a ND – 796 a ND – 375 a 97 a 3000 PE; 650 CMD a 
 21 g 29075 – 55975 i 1011 – 1605 i  965 – 1072 i 96 – 98 i 361000 CMD i 
  984 – 6328 d   65 – 491 d 90 – 100 d 30000 PE; 12960 CMD d 
  <LOQ – 4926 e   <LOQ – 369 e 0 – 99 e 213000 PE e 
   14600 – 31300 q  <LOQ – 1710 q 99 q 277000 PE; 42000  CMD q 
  2500 – 45000 r   16 – 47000 r 15 – 99 r 42000 – 440000 CMD r 
Diclofenac 4.02 – 4.51 b ND – 153 ND – 1344 ND – 280 ND – 289 -88 13500 PE, 14774 CMD 
 4.15 – 4.51 b,c ND – 102 a ND – 100 a ND – 317 a ND – 182 a -77 a 3000 PE; 650 CMD a 
 50000 b 318 – 390 i 254 – 356 i  271 – 394 i -19 – 28 i 361000 CMD i 
  57 – 1161 d   6 – 496 d -40 – 40 d 30000 PE; 12960 CMD d 
  <LOQ – 269 e   24 – 83 e 0 – 87 e 213000 PE e 
   1000 – 1600 q  360 – 1510 q 20 q 277000 PE; 42000  CMD q 
Clarithromycin       3.16 g ND – 3613 ND – 738 241 – 954 153 – 584 73 13500 PE, 14774 CMD 
 8.9 g 330 – 600 o 160 – 440 o  150 – 460 o -45 – 20 p 55000 PE; 16500 CMD o 

 0.33 g ND – 52 e   12 – 40 e 0 – 55 e 213000 PE e 
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  48 – 8000 r   130 – 7000 r <0 – 60 r 42000 – 440000 CMD r 
Trimethoprim 0.91 g 133 – 1718 549 – 1080 401 – 985 400 – 943 31 13500 PE, 14774 CMD 
 7.1 j 1514 – 4673 d   385 – 1218 d 40 – 70 d 30000 PE; 12960 CMD d 
 400 – 615 k ND – 360 e   66 – 299 e 0 – 20 e 213000 PE e 
  146 – 317 n 120 – 341 n  148 – 385 n -10 n 740000 PE; 150680 CMD n 
  210 – 440 o 80 – 340 o  80 – 400 o -40 – 20 p 55000 PE; 16500 CMD o 
   150 – 430 q  50 – 140 q 40 q 277000 PE; 42000 CMD q 
  79 – 810 r   18 – 580 r -43 – 22 r 42000 – 440000 CMD r 
Carbamazepine 2.25 – 2.47 a,f 66 – 1484 541 – 2155 445 – 1047 503 – 1003 4 13500 PE, 14774 CMD 
 13.9 f ND – 80 a ND – 83 a ND – 88 a ND – 161 a -100 a 3000 PE; 650 CMD a 
 17 f 323 – 339 i 294 – 325 i  261 – 336 i 0 – 19 i 361000 CMD i 
  104 – 3110 d   152 – 2324 d -20 - -40 d 30000 PE; 12960 CMD d 
  437 – 673 e   364 – 496 e 6 – 31 e 213000 e 
  815 – 2436 n 727 – 2831 n  1020 – 2309 n -6 n 740000 PE; 150680 CMD n 

   54 – 220 q  60 – 140 q 0 q 277000 PE; 42000 CMD q 
Fluoxetine 4.05 – 4.65 a ND – 21 ND 48 – 132 65 – 235 NA 13500 PE, 14774 CMD 
 10.05 l ND – 41 a ND – 25 a ND – 109 a ND – 41 a 0 a 3000 PE; 650 CMD a 
 38.35 m 4 – 175 h   5 – 44 h 53 h 190000 PE; 31622 CMD h 
   120 – 2300 q  100 – 380 q 33 q 277000 PE; 42000 CMD q 

a Petrie et al., 2014; b Perez-Estrada et al. 2005; c Poirier-Larabie et al. 2016; d Kasprzyk-Hordern et al., 2009;  e Santos et al., 2013; f Duran-Alvarez et al. 2015; g US EPA, 2012; h Baker and 

Kasprzyk-Hordern, 2013; i Tran and Gin, 2017; j Adams et al. 2002; k Dodd et al. 2006; l Serna-Galvis et al., 2015; m Verlicchi et al., 2012b;  n Gurke et al., 2015; o Göbel et al., 2005; p Göbel et 
al., 2007; q Radjenović et al. 2009b; r Guerra et al., 2014 
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Sorption onto sludge and biodegradation are the two main mechanisms controlling 

pharmaceutical fate within CAS WWTPs, which may account for their observed behaviour 

in the Wick WWTP (Comber et al., 2018; Martínez-Alcalá et al., 2017; Verlicchi et al., 

2012b). Fluoxetine may preferentially bind to negatively-charged sludge surfaces due to its 

high sorption capacity (log Kow >4, water solubility <100 mg/L) and positive charge (10.05 

pKa) in wastewater (Méndez-Arriaga et al., 2011; Metcalfe et al., 2010; Petrie et al., 2014) . 

Microbial degradation may then release solid-bound fluoxetine into solution (Petrie et al., 

2014; Radjenović et al., 2009b; Schultz and Furlong, 2008) , resulting in the observed 

increase in fluoxetine in secondary wastewater. Conversely, paracetamol is less likely to 

partition into sludge (log Kow <4, water solubility >1000 mg/L) and the observed decrease 

in concentration between the primary and secondary samples may be due to effective 

biological degradation, as reported elsewhere (Guerra et al., 2014; Petrie et al., 2014; Tran 

and Gin, 2017). Carbamazepine persistence may be due to negligible sorption onto sludge 

(log Kow <4, water solubility <100 mg/L, neutral charge pKa = 13.9) and poor 

biodegradability during CAS, as observed in the Wick WWTP and in the literature (Gurke et 

al., 2015; Joss et al., 2005; Kasprzyk-Hordern et al., 2009; Tran and Gin, 2017; Vieno et al., 

2007).  

However, sorption processes and biological degradation are not the only 

mechanisms that will impact pharmaceutical occurrence/elimination, as reactions with 

metabolites and TPs may occur. Apparent increases in carbamazepine concentrations 

within WWTPs are most likely due to enzymatic cleavage of carbamazepine glucuronide 

conjugates (human and microbial metabolites) to reform the parent compound 

(Radjenović et al., 2007; Verlicchi et al., 2012b; Vieno et al., 2007) . This may lead to 

increased carbamazepine concentrations as waters pass from influent to primary to 

secondary to final effluent, as observed in the Wick WWTP and literature (Gurke et al., 
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2015; Langford and Thomas, 2009; Petrie et al., 2014; Radjenović et al., 2009b) . Similar 

deconjugation reactions of glucuronide, N-acetyl and hydroxyl conjugates during 

wastewater treatment have also been reported for diclofenac (Kimura et al., 2007; 

Lonappan et al., 2016; Ziylan and Ince, 2011), paracetamol (Kovalova et al., 2012; Żur et al., 

2018), venlafaxine (Gurke et al., 2015) and sulfamethoxazole (Göbel et al., 2007, 2005).  

Additionally, complete pharmaceutical elimination or mineralisation should not be 

assumed simply from the disappearance of the parent compound, as apparent ‘removal’ 

through transformation to uncharacterised degradation products may occur during 

treatment (Petrie et al., 2014; Verlicchi et al., 2012b; Wilkinson et al., 2017). For example, 

the biotransformation of ibuprofen to hydroxylated and carboxyl-substituted drug 

conjugates may result in apparent ‘removal’ from final effluents (Boix et al., 2016b; 

Ferrando-Climent et al., 2012; Ibáñez et al., 2017). Both deconjugation and transformation 

processes may occur simultaneously, which highlights the importance  of monitoring TPs 

and human metabolites when assessing WWTP efficiency and pharmaceutical removal. In 

most cases/studies, only parent compound disappearance is monitored and thus, the 

effectiveness of WWTPs may often be overestimated. 

4.4.2 Apparent pharmaceutical removal in CAS WWTPs 

Average apparent pharmaceutical removals were compared to studies which 

calculated removal (from WWTP influent and effluent concentrations) in CAS WWTPs 

(Table 4.3). Overall, removals observed from the Wick data and literature were in good 

agreement, particularly for paracetamol and ibuprofen (>90% removal each), and 

carbamazepine (4% removal) (Gurke et al., 2015; Kasprzyk-Hordern et al., 2009; Petrie et 

al., 2014; Tran and Gin, 2017). Carbamazepine is resistant to biological degradation, and 

the limited removal observed (in the literature and at Wick) is consistent with this (Göbel 

et al., 2007; Lonappan et al., 2016; Verlicchi et al., 2012b). Less consistent removal 
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efficiencies were seen for diclofenac, clarithromycin and trimethoprim, which also vary by 

study in relation to WWTP operating conditions, location and experimental methods. 

Variable diclofenac removals span from -88% (Wick WWTP) to -77% (Petrie et al., 2014) ,  

20% (Radjenović et al., 2009b) and 0 – 87% (Santos et al., 2013). Similar trends are reported 

for the antibiotics studied here, with clarithromycin removal efficiencies varying from -45 

– 20% (Göbel et al., 2007), <0 – 60% (Guerra et al., 2014) and 73% (Wick WWTP); and 

trimethoprim removal efficiencies ranging between -40 – 20% (Göbel et al., 2007), 31% 

(Wick WWTP) and 40 – 70% (Kasprzyk-Hordern et al., 2009). Reduced bioavailability and 

increased pharmacological activity against microorganisms may account for removal of 

<0%.  

CAS efficiency is also impacted by WWTP configuration, sludge and hydraulic 

retention times, temperature and season (Clara et al., 2005; Comber et al., 2018; Göbel et 

al., 2007; Petrie et al., 2014; Verlicchi et al., 2012b). Wet periods with increased wastewater 

volume and decreased hydraulic retention time have been linked to reduced 

carbamazepine, ibuprofen and diclofenac removal, potentially through reduced 

interactions between these compounds and the biological floc present within CAS 

treatment (Joss et al., 2005; Kasprzyk-Hordern et al., 2009). Other secondary treatment 

processes may offer enhanced and less variable pharmaceutical removal. In comparisons 

of CAS with trickling filters (Gardner et al., 2013; Kasprzyk-Hordern et al., 2009; Petrie et 

al., 2014; Santos et al., 2013) and membrane bioreactors (Clara et al., 2005; Gardner et al., 

2013; Göbel et al., 2007; Radjenović et al., 2009b; Tran and Gin, 2017; Verlicchi et al., 

2012b), CAS efficiency was considered similar to tricking filters, but less effective versus 

membrane bioreactors. Membrane bioreactors are characterised by longer sludge and 

hydraulic retention times, increased temperatures and biomass concentrations, and 

(sometimes) nitrifying and denitrifying steps (Gardner et al., 2013; Verlicchi et al., 2012b). 
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In the literature, these operating conditions consistently correspond to increased removal 

of analgesics/anti-inflammatories, antibiotics, lipid regulators and hormones, but 

carbamazepine persistence is still frequently reported (Clara et al., 2005; Comber et al., 

2018; Gardner et al., 2013; Radjenović et al., 2009b; Verlicchi et al., 2012b). Nonetheless, 

CAS remains by far the most common secondary WWTP step. 

4.4.3 WQ characterisation and association with pharmaceuticals  

For the WQ parameters, reductions in DOC, TSS and turbidity were evident during 

treatment within the WWTP. Statistically significant differences were observed for DOC and 

turbidity between primary and final effluent samples, and TSS between secondary and final 

effluent samples. For TSS, large reductions between the secondary (197 – 2416 mg/L) and 

final effluent samples (2 – 25 mg/L) were expected due to the nature of the CAS process 

(e.g., settlement of solid waste and decanting of aqueous waste). This is also consistent 

with the literature, which (for example) reports TSS reductions from 2450 – 2679 mg/L 

(secondary CAS sample) to 9 – 53 mg/L (final effluent) (Radjenović et al., 2009b). 

Additionally, reduced organic carbon and turbidity are expected following biological 

degradation of organic matter (Mathon et al., 2016; Verlicchi et al., 2012b), as observed 

here between primary samples (DOC 41 – 244 mg/L, turbidity 55 – 852  NTU) and final 

effluents (DOC 3 – 27 mg/L, turbidity 2 – 6 NTU). Further, it has been reported that 

wastewater treatment processes of this type do not generally affect conductivity, DIC or 

pH to a large extent (Gardner et al., 2012).  

The PCA biplot here identified possible relationships between paracetamol, 

diclofenac and turbidity, and between carbamazepine and DIC, which are consistent with 

the previous observations in Chapter 3. Additionally, associations were identified between 

clarithromycin and trimethoprim, and ibuprofen, DOC and pH. The ellipses in the biplot 

indicated trends in terms of the presence (or absence) of these pharmaceuticals within 
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certain wastewater samples; with paracetamol and diclofenac strongly associated with 

WWTP influent and primary samples, and fluoxetine strongly associated with WWTP 

secondary and final effluent samples. It is likely that compounds may associate more with 

these samples under the prevailing WQ conditions, as controlled by the drugs’ physico -

chemical properties (e.g., acid dissociation constant, octanol-water partition coefficient 

and sorption capacity) (Verlicchi et al., 2012b). Also, the lack of separation between the 

ellipses for the influent, primary, secondary and effluent samples indicates their similarity,  

as expected within a continuous process such as wastewater treatment. This is reflective 

of limited change/removal in certain WQ parameters (conductivity, DIC and pH) and 

pharmaceuticals (diclofenac and trimethoprim) throughout the process.   

4.4.4 TP tentative characterisation  

The accurate mass data gathered resulted in the tentative identification of twelve 

TPs. Carbamazepine was the parent compound with the most proposed TPs (five), with one 

set of isomers. Three paracetamol TPs, two trimethoprim and two clarithromycin (both 

with one set of isomers), were also proposed. All mass tolerance values were within the ±2 

ppm quality assurance range. The compounds CBZ-TP2 (carbamazepine-10,11,epoxide), 

CBZ-TP4 (2,3-dihydroxycarbamazepine), CBZ-TP5 (10,11-dihydro-10,11-dihydroxy-

carbamazepine), TRI-TP1 (3’-Hydroxytrimethoprim), CLAR-TP1 (N-desmethyl-

clarithromycin) and CLAR-TP2 (14-hydroxy-clarithromycin) have all been identified 

previously in wastewater effluent through HRMS (Gracia-Lor et al., 2014; Hernández et al., 

2011; Ibáñez et al., 2017; Jewell et al., 2016). The presence and stability of such TPs in 

wastewater may vary between studies depending on environmental factors (e.g., pH, 

organic carbon content, light penetration, temperature, season, bacterial community) and 

WWTP operating parameters (e.g., hydraulic and sludge retention times, biological 

treatment conditions, chemical dosage in tertiary treatment) (Ibáñez et al., 2017) . 
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However, consistent identification of these TPs in several studies indicates likely 

persistence or common/widespread formation.  

4.4.4.1 Carbamazepine TPs  

 All five proposed carbamazepine TPs have been observed in pure solutions and 

wastewater following biological degradation (Aymerich et al., 2016; Gracia-Lor et al., 2014; 

Hernández et al., 2011; Kosjek et al., 2009), photodegradation (Calisto et al., 2011a; Kosjek 

et al., 2009; Lekkerkerker-Teunissen et al., 2012; Vogna et al., 2004) and chlorination (Han 

et al., 2018; Soufan et al., 2013). Carbamazepine-10,11-epoxide and the hydroxylated 

carbamazepine derivatives (CBZ-TPs 2 – 5) are also human metabolites, and will be 

excreted as glucuronide conjugates which may deconjugate within wastewater (Kosjek et 

al., 2009; Radjenović et al., 2007; Verlicchi et al., 2012b) . 

Transformation pathways for these compounds have been proposed. The major 

primary TP is carbamazepine-10,11-epoxide (CBZ-TP2 isomer), which forms through initial 

epoxidation at the 10,11 carbon-carbon double bond, the most reactive site of the 

carbamazepine molecule (Figure 4.10) (Han et al., 2018; Kosjek et al., 2009; Lekkerkerker-

Teunissen et al., 2012). Simultaneous reactions through mono/di-hydroxylation at the 

10,11 double bond, forming CBZ-TP3 and CBZ-TP5, or at an aromatic ring, forming hydroxy-

carbamazepine (CBZ-TP2 isomer) and CBZ-TP4 have also been observed (Calza et al., 2012; 

Chiron et al., 2006; Kosjek et al., 2009; Lekkerkerker-Teunissen et al., 2012; Vogna et al., 

2004). Further transformation of these TPs may form acridine (CBZ-TP1), following amine 

cleavage and loss of the carboxyaldehyde group (Han et al., 2018; Vogna et al., 2004).  
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Figure 4.10. Degradation of carbamazepine, showing proposed TPs with mass to charge ratios (M+H+, m/z). Both CBZ-TP2 isomers are shown, carbamazepine-10,11-
epoxide (top left) and hydroxy-carbamazepine (bottom left). Dotted purple circles indicate site of transformation.   



 

169 
 

Within the mass spectra, compounds CBZ-TP2 (253.0971 m/z), CBZ-TP3 (255.1128 

m/z) and CBZ-TP4 (269.0922 m/z) appeared as the base peaks. The mass spectra of CBZ-

TP1 (180.0808 m/z) and CBZ-TP5 (271.1076 m/z) have base peaks of 340.2591 m/z and 

253.0971 m/z, respectively. In-source fragmentation was also observed for the 

carbamazepine reference standard (Appendix Figure A4.1), with a peak appearing at 

194.0946 m/z (the HPLC-MS/MS product ion). Similar fragmentation may result in the loss 

of water in CBZ-TP5 (271.1076 m/z), resulting in detection of the prominent 253.0971 m/z 

ion, as reported elsewhere (Calza et al., 2012; Han et al., 2018). The ion at 340.2591 m/z in 

the CBZ-TP1 mass spectrum has, however, not been identified in literature. It may result 

from other TPs in the sample, including tri-hydroxylated carbamazepine or the 

carbamazepine carboxaldehyde derivative (Calza et al., 2012). Sodium adducts [M + Na]+ 

were also reported in the mass spectrometric analysis of carbamazepine photodegradation 

products (Calisto et al., 2011a), which may result in less abundant ions appearing at the 

expected [M + H]+ mass.  

Low detection of all CBZ TPs was observed in the CGH discharge (0% TP5, 14% TP 1-

3 and 29% TP4), compared to nearly 100% detection in other wastewater samples. Only 

CBZ-TP4 had <100% detection in WWTP influent samples (86%). As there was reduced 

detection of carbamazepine in the CGH discharge (28%) as compared to the WWTP influent 

(100%), this suggests that carbamazepine largely entered the municipal wastewater 

outside the hospital (e.g., from domestic settings). It is possible that the TPs also followed 

this trend, or, formed through degradation/conjugation within wastewater entering the 

WWTP, as observed elsewhere (Aymerich et al., 2016; Kosjek et al., 2009). All CBZ TPs had 

100% detection frequency in the WWTP primary, secondary and effluent samples, 

suggesting high abundance within the WWTP. Similar persistence to the parent compound 

was observed for CBZ-TP2 (carbamazepine-10,11-epoxide) in previous work, with <30% 
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average removal in WWTPs employing CAS, trickling filters, membrane bioreactors and 

advanced oxidation (Comber et al., 2018). Persistent behaviour has also been proposed for 

CBZ-TP1, CBZ-TP2 (hydroxy-carbamazepine) and CBZ-TP5 in wastewater effluents and 

surface waters (Aymerich et al., 2016; Doll and Frimmel, 2005b; Gracia-Lor et al., 2014; 

Santos et al., 2013). 

Effluent receiving surface water may be at risk due to the abundant and potentially 

persistent nature of carbamazepine TPs present in final WWTP effluent. Most 

carbamazepine TPs are of environmental concern due to the preservation of the core 

aromatic rings and nitrogen-substituted aromatic rings, as evident in all proposed TPs 

(Donner et al., 2013; Lam and Mabury, 2005; Mathon et al., 2016). In particular, CBZ-TP1 

has a higher ecotoxicity than carbamazepine, due to both mutagenic and carcinogenic 

activity (Chiron et al., 2006; Doll and Frimmel, 2005a; Evgenidou et al., 2015; Postigo and 

Richardson, 2014; Vogna et al., 2004). Additionally, the biological activity of CBZ-TP2 

(carbamazepine-10,11-epoxide) (Donner et al., 2013; Soufan et al., 2013), and possibly 

other carbamazepine TPs, supports the need for further characterisation of the fate of 

these TPs in effluent-receiving surface waters.  

4.4.4.2 Paracetamol TPs  

The three proposed paracetamol TPs (N-acetyl-benzoquinonimine, PAR-TP1; 3-

methoxy-acetamoniphen, PAR-TP2; S-methyl-3-thioacetaminophen, PAR-TP3) have been 

previously identified in the literature. These compounds were produced during 

biodegradation experiments in pure culture, and in biologically treated wastewater (Li et 

al., 2014; S. Wu et al., 2012; Żur et al., 2018), but are not typically observed after advanced 

ozonation or photolysis treatment (Andreozzi et al., 2003; De Luna et al., 2012; Trovó et al., 

2012). However, PAR-TP1 was a primary stable product observed after chlorine disinfection 
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of aqueous media and wastewater; but PAR-TP2 was only detected in pure solutions 

(Bedner and MacCrehan, 2005).  

Biological degradation (Figure 4.11) proceeds through initial hydroxylation (product 

not observed) followed by loss of water (PAR-TP1), or methylation of a hydroxy group (PAR-

TP2) (Li et al., 2014; S. Wu et al., 2012; Żur et al., 2018). This process occurs during human 

metabolism, in addition to paracetamol glucuronidation and sulphate conjugation (Walker 

et al., 2017; S. Wu et al., 2012). PAR-TP3 is most likely a human metabolite formed through 

direct transformation, or conjugation of PAR-TP1, through thiol (-SH) addition followed by 

methyl substitution, but the pathway here is not well characterised (S. Wu et al., 2012). In 

the presence of strong oxidants (e.g., chlorine, ozone, H2O2), hydroxylation at the phenol 

group and ring cleavage was also observed (Andreozzi et al., 2003; Bedner and Maccrehan, 

2006; Trovó et al., 2012).  
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Figure 4.11. Biological degradation of paracetamol, showing proposed TPs with mass to charge ratios (M+H+, m/z). Dotted purple circles indicate site of transformation. 
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Both PAR-TP1 (150.0548 m/z) and PAR-TP2 (182.0812 m/z) were the base peaks in 

their corresponding mass spectra. However, PAR-TP3 (198.0583 m/z) appears as the 

second most abundant peak, after a base peak at 340.2589 m/z. Identification of this 

compound is unknown, but it may be another product formed by addition of O-sulphate or 

O-glucuronide functional groups via oxidation at the electron-rich sulphur or oxygen atoms 

(S. Wu et al., 2012). Similarly, this ion may result from the addition of adducts within the 

sample or during instrumental analysis (i.e., from buffers or modifiers in the solvent/mobile 

phase), as it was observed in the CBZ-TP1 mass spectrum (previously discussed, ion 

340.2591 m/z). But it was not observed in the mass spectra for the paracetamol or 

carbamazepine reference standards (Appendix Figure A4.1). Common adducts are sodium 

[M + Na]+, methanol [M + CH3]+ and ammonium [M + NH4]+, which have been observed in 

paracetamol degradation product analysis previously (Bedner and MacCrehan, 2005), but 

not at this specific ion mass-to-charge ratio. 

As these compounds are formed through metabolic and biological degradation (Li 

et al., 2014; S. Wu et al., 2012; Żur et al., 2018), the high detection frequencies in the CGH 

discharge and WWTP influent were expected. PAR-TP1 and TP2 were detected in >50% of 

CGH discharge samples, and 100% of WWTP influent and primary samples. Detection of 

PAR-TP3 was variable in the CGH discharge (43%) and WWTP influent (86%) samples, but 

it was detected in 100% of the WWTP primary samples. It is likely that these compounds 

are generally introduced into wastewater following paracetamol metabolism and excretion 

in urine (S. Wu et al., 2012), but may also undergo conjugation/biological degradation 

within wastewater as proposed elsewhere (Kovalova et al., 2012; Żur et al., 2018). The TPs 

may be susceptible to biological degradation, or sorption, within CAS treatment, as 

detection frequencies reduced from 100% (in primary samples) to 50% (in secondary 

samples, PAR-TP1 and TP2) and 67% (in secondary samples, PAR-TP3). It is possible that 
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these compounds have similar biodegradability to the parent compound (Li et al., 2014; S. 

Wu et al., 2012; Yamamoto et al., 2009). However, these TPs were also detected in final 

effluent samples (>57% detection frequency), which suggests incomplete attenuation 

within CAS, and subsequent introduction into surface water.  

As paracetamol degradation proceeds through initial hydroxylation, it was unusual 

that the primary degradation product (hydroxylated-paracetamol, m/z 168.0655, Appendix 

Table A2.1) was not identified in any of the wastewater samples. This compound has been 

observed in spiked pure cultures and wastewater exposed to bacteria (S. Wu et al., 2012; 

Żur et al., 2018), and detected in solution after ozonation and photodegradation treatment 

(Andreozzi et al., 2003; Trovó et al., 2012). However, its stability is not well understood, 

and it may be readily oxidised to n-acetyl-benzoquinonimine (PAR-TP1) (Trovó et al., 2012; 

S. Wu et al., 2012; Żur et al., 2018). Significant health risks are associated with PAR-TP1, 

including hepatotoxicity and acute liver failure (Bedner and Maccrehan, 2006; Li et al., 

2014; Walker et al., 2017; Żur et al., 2018), and it may exhibit similar ecotoxicological effects 

in the aquatic environment. The paracetamol TPs noted therefore require further 

characterisation with regard to their environmental fate and potential biological activity.  

4.4.4.3 Trimethoprim TPs  

The two trimethoprim TPs tentatively identified (3’-hydroxytrimethoprim, TRI-TP1; 

α-hydroxytrimethoprim isomer, TRI-TP2) have been detected in pure solutions, and in 

simulated and real wastewater after biological degradation (Eichhorn et al., 2005; Jewell et 

al., 2016), ozonation (Kuang et al., 2013), photolysis/photocatalysis (Michael et al., 2012; 

Sirtori et al., 2010) and chlorination (Wang et al., 2012). TRI-TP1 and TRI-TP2 

(trimethoprim-N-oxide) are minor human metabolites (Jewell et al., 2016; Michael et al., 

2012; Pérez and Barceló, 2007). However, the N-oxide isomer of TRI-TP2 has not been 
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observed following biological or chemical degradation of wastewater or aqueous media, 

suggesting the isomer observed here may be α-hydroxytrimethoprim.  

During biological degradation (Figure 4.12), the proposed TPs are formed via 

hydroxylation (TRI-TP2, α-hydroxytrimethoprim isomer), and demethylation of an aromatic 

methoxy group (TRI-TP1) (Eichhorn et al., 2005; Jewell et al., 2016; Pérez and Barceló, 

2007). These compounds have been noted as primary photocatalysis and ozonation 

products, but frequently undergo further transformation of the trimethoxybenzene group 

and ring cleavage (Kuang et al., 2013; Michael et al., 2012; Sirtori et al., 2010). Under 

environmental conditions, these reactions may occur simultaneously which may lead to a 

greater variety of TPs in wastewater (Michael et al., 2012; Sirtori et al., 2010).  

 
Figure 4.12. Biological degradation of trimethoprim, showing proposed TPs with mass to charge 
ratios (M+H+, m/z). One isomer of TRI-TP2 (α-hydroxytrimethoprim) is shown. Dotted purple circles 
indicate sites of transformation. 

Within the mass spectra, TRI-TP1 (277.1293 m/z) is present in relatively low 

abundance compared with the base peak (193.0720 m/z), which is most likely formed 

through in-source fragmentation of TRI-TP1 during ionisation at the ESI-Orbitrap interface. 

The TRI-TP1 methoxy groups and hydroxyl group are susceptible to fragmentation, as 
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demonstrated by Jewell et al., (2016) and Michael et al., (2012) through HRMS2 

fragmentation. Loss of these three groups (2 x -OCH3, 1 x -OH) would account for a mass 

difference of 84 m/z, and produce the ion at 193.0720 m/z in the mass spectra. TRI -TP2 

(307.1399 m/z) is the base peak in the corresponding mass spectra, however, another 

prominent ion (289.1597 m/z) was also observed. This ion most likely corresponds to the 

loss of water (-18 m/z), as previously identified following TRI-TP2 MS2 fragmentation 

(Eichhorn et al., 2005). Additionally, the presence of the 289.1597 m/z ion suggests that 

TRI-TP2 is most likely the α-hydroxytrimethoprim isomer, due to the energetically 

favourable conjugated π-system which would enable formation of a double bond at the α-

carbon (between the trimethoxybenzene and diaminopyrimidine rings), following the loss 

of water (Eichhorn et al., 2005). This transformation is not likely to occur at the N–H or N–

OH position, since a double bond must be formed; or, through oxidation of a methoxy or 

aromatic C–H, as there would be a lack of protons required for a resonance stable structure 

(Eichhorn et al., 2005).  

As TRI-TP1 and TP2 (N-oxide isomer) are minor human metabolites, this may 

account for detection in the CGH discharge samples (57% and 14%, respectively), compared 

to 100% trimethoprim detection. TRI-TP1 was detected in 100% of influent samples, and 

TRI-TP2 was not detected, suggesting TRI-TP1 is a more abundant and persistent TP. It is 

likely that TRI-TP1 enters the WWTP and persists through the process (with 100% detection 

in primary and secondary samples); or else trimethoprim is biodegraded to TRI-TP1 during 

treatment, as suggested elsewhere (Göbel et al., 2007; Vieno et al., 2007). Within CAS 

treatment, TRI-TP1 may be biodegraded (Jewell et al., 2016) or undergo natural photolytic 

degradation in the open-air CAS tanks (Michael et al., 2012; Sirtori et al., 2010), potentially 

accounting for reduced detection in the final effluent (71%). The high detection of TRI -TP2 

in secondary sample (100%), as compared to the influent and primary samples (0%), 
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suggests that this is readily formed during CAS treatment via biological degradation, as 

observed for the α-hydroxytrimethoprim isomer (Eichhorn et al., 2005; Pérez and Barceló, 

2007). TRI-TP2 has been observed under environmental conditions before (Jewell et al., 

2016; Pérez and Barceló, 2007; Sirtori et al., 2010), however, its stability is relatively 

unknown, which may explain its low detection frequency (29%) in final effluent.  It is 

possible that natural photolytic degradation or further biological degradation may occur 

within the WWTP (Eichhorn et al., 2005).  

One of the most important considerations regarding pharmaceutical chemical and 

biological transformations is whether biologically active sites will be deactivated. In 

trimethoprim, this would relate to the diaminopyrimidine group (Dodd et al., 2006; Kuang 

et al., 2013). The TPs proposed in this work retain the two-ring structure, with major 

changes occurring in the trimethoxybenzyl moiety, and hence these products are expected 

to remain biologically active (Kuang et al., 2013; Michael et al., 2012; Sirtori et al., 2010) . 

Variable trimethoprim removal and TP abundance during CAS treatment may also be 

attributed to the antimicrobial activity of the parent compound and its TPs, which may 

result in toxic/inhibition effects in the microbial community (Jewell et al., 2016; Radjenović 

et al., 2009b; Vieno et al., 2007). Further persistence and antimicrobial effects, particularly 

promotion of the development of AMR in surface water bacterial populations should be 

considered.  

4.4.4.4 Clarithromycin TPs  

The two clarithromycin TPs tentatively identified (N-desmethyl-clarithromycin, 

CLAR-TP1; and 14-hydroxy-clarithromycin or clarithromycin-N-oxide, CLAR-TP2) have been 

detected in pure solutions, surface water and wastewater effluents after biological 

degradation, ozonation treatment and natural photolysis (Baumann et al., 2015; Calza et 

al., 2012; Gracia-Lor et al., 2014; Hernández et al., 2011; Hübner et al., 2015; Ibáñez et al., 
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2017; Lange et al., 2006). These compounds are known human metabolites, with CLAR-TP2 

(14-hydroxy-clarithromycin isomer) a major primary metabolite (Baumann et al., 2015; 

Gracia-Lor et al., 2014).  

Biological and photolytic CLAR transformation reactions have been suggested in the 

literature (Figure 4.13). The 14-hydroxy isomer of CLAR-TP2 is formed through 

hydroxylation of the 14-membered lactone ring, while demethylation of the dimethylamine 

group forms CLAR-TP1 (Baumann et al., 2015; Calza et al., 2012). Oxidation of the 

dimethylamine group, forming the CLAR-TP2 isomer (clarithromycin-N-oxide), has also 

been observed to a lesser extent (Hübner et al., 2015; Lange et al., 2006; Postigo and 

Richardson, 2014). This TP was a major product observed following ozone treatment of 

wastewater and aqueous media (Lange et al., 2006; Postigo and Richardson, 2014). Limited 

detection of clarithromycin-N-oxide in existing literature suggests that the CLAR-TP2 

isomer is likely the 14-hydroxy-clarithromycin product. Both CLAR-TP1 and CLAR-TP2 (14-

hydroxy-clarithromycin) have been detected in final WWTP effluents and surface waters 

(Gracia-Lor et al., 2014; Hernández et al., 2011; Ibáñez et al., 2017). 
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Figure 4.13. Clarithromycin degradation showing proposed TPs with mass to charge ratios (M+H+, m/z). Two isomers of CLAR-TP2, clarithromycin-N-oxide (middle) and 14-
hydroxy-clarithromycin (bottom) are shown. Dotted purple circles indicate sites of transformation.  
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Both CLAR-TP1 (734.4677 m/z) and CLAR-TP2 (764.4786 m/z) were identified as the 

base peaks in their corresponding mass spectra. However, two abundant ions (389.2506 

m/z, 365.1809 m/z) were also observed in the CLAR-TP1 mass spectra, which may have 

resulted from in-source fragmentation. Comparison with the Metlin Scripps and mzCloud 

mass fragmentation data did not identify the 389 ion, but the 365 ion was a noted MS n 

fragment of CLAR-TP1 (C37H67NO13). This was most likely made up of the 14-membered 

lactone ring (C21H33O5) after loss of water (H2O) and the dimethylamine and six-membered 

rings (accounting for C16H32NO7) (Calza et al., 2012; Scripps Research, 2020). As 

modification of CLAR-TP1 was proposed at the dimethylamine site, the tentatively 

identified fragment with preserved lactone ring suggests correct identification of this TP.    

As CLAR-TP2 (14-hydroxy-clarithromycin isomer) is a major human metabolite 

(Baumann et al., 2015), detection in the CGH discharge (14%) and WWTP influent (86%) 

samples was expected. However, the high detection in primary, secondary and effluent 

(100%) indicates that it may also be formed through conjugation/de-conjugation reactions 

in wastewater, as indicated elsewhere (Calza et al., 2012; Hernández et al., 2011). CLAR-

TP1 demonstrated similar behaviour, with 0% detection in influent and primary 

wastewater, but 100% detection in secondary wastewater. Macrolide antibiotics may also 

be released from solid-phase sludge during wastewater treatment (Göbel et al., 2007; 

Verlicchi et al., 2012b), and similar desorption mechanisms may account for increased 

detection of CLAR-TP1 and CLAR-TP2 within the primary and secondary wastewater 

samples. Additionally, poor clarithromycin elimination during CAS treatment has been 

observed previously (Ghosh et al., 2009; Göbel et al., 2004; Guerra et al., 2014; Santos et 

al., 2013), and this incomplete attenuation may account for the high detection (100%) of 

both TPs in final effluent.  
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High clarithromycin CLAR persistence is attributed to its antimicrobial activity and 

structural characteristics (e.g., lack of aromatic rings, conjugated π systems, heteroatoms) 

which reduce bioavailability and reactive sites (Lange et al., 2006; Muter et al., 2017; 

Poirier-Larabie et al., 2016). Hence, clarithromycin  and its TPs may be highly persistent in 

surface waters (Calza et al., 2012; Gracia-Lor et al., 2014; Hernández et al., 2011; Ibáñez et 

al., 2017). As the antimicrobial active site of clarithromycin is the dimethylamine ring 

(Baumann et al., 2015; Postigo and Richardson, 2014), TPs which retain this structure are 

likely to retain biological activity. This is the case for 14-hydroxy-clarithromycin (isomer 

CLAR-TP2) (Baumann et al., 2015; Calza et al., 2012), but CLAR-TP1 and clarithromycin-N-

oxide (isomer CLAR-TP2) may be inactivated due to ring alterations (Hübner et al., 2015; 

Lange et al., 2006; Postigo and Richardson, 2014). Ecotoxicological concern regarding 14-

hydroxy-clarithromycin is therefore high, due to its potential to promote antibiotic 

resistance in bacteria (Baumann et al., 2015; Gracia-Lor et al., 2014; Ibáñez et al., 2017). 

4.5 Conclusion 

The objective of the work in this chapter was to characterise the presence of 8 

pharmaceuticals and their TPs in a rural wastewater system, including a hospital discharge 

and separate stages of a receiving WWTP. Combined targeted monitoring and suspect 

screening methods enabled assessment of the parent compound concentrations, and the 

presence of previously uncharacterised TPs within the wastewater samples. Overall, the 

analgesics and anti-inflammatories were observed at the highest concentrations, and most 

frequently detected, while 17α-ethynylestradiol was not detected. Due to the sampling 

methods used, pharmaceutical removal during separate stages of the treatment process 

could not be fully determined. However, average apparent removal (between influent and 

effluent concentrations) indicated that paracetamol and ibuprofen underwent appreciable 

removal, while diclofenac and carbamazepine underwent limited change. This is consistent 
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with other studies that have investigated pharmaceutical removal in CAS systems (Göbel 

et al., 2007; Petrie et al., 2014; Verlicchi et al., 2012b). The observed increase in fluoxetine 

concentration during treatment may be due to desorption from sludge, as mediated by the 

compound’s physicochemical properties. Pharmaceutical relationships with WQ 

parameters were proposed (e.g., for ibuprofen, clarithromycin and carbamazepine with 

DOC, pH and TSS), and these may be linked to pharmaceutical behaviour (e.g., 

sorption/desorption, biodegradability) under specific WQ conditions during wastewater 

treatment.  

A total of 12 TPs (with three pairs of structural isomers) were tentatively identified 

in wastewater. Of these, 6 compounds have been identified as major human metabolites, 

which may deconjugate within wastewater (Kosjek et al., 2009; Radjenović et al., 2007; 

Verlicchi et al., 2012b). Additional comparison with literature data indicated that several 

TPs which were observed in high abundance in wastewater samples were likely formed via 

biological or chemical degradation during conventional wastewater treatment. Reference 

standard comparison would be necessary for final confirmation, but this could not be 

completed here due to time restraints and the COVID-19 pandemic.  

High detection frequencies of certain pharmaceuticals and TPs in final effluent 

indicated their entry into the aquatic environment via the WWTP. Their ultimate 

persistence and potential effects remain uncharacterised. In particular, the proposed 

clarithromycin (CLAR-TP2) and paracetamol (PAR-TP1) compounds, and all proposed 

trimethoprim and carbamazepine TPs, are of ecotoxicological concern. These all likely 

retain pharmacological activity, since active sites within the compounds may be 

unmodified (Baumann et al., 2015; Donner et al., 2013; Michael et al., 2012; Żur et al., 

2018). As limited historic monitoring has been performed in rural regions in Scotland, 
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future monitoring should consider characterising these pharmaceutical compounds and 

their TPs in receiving surface waters in order to assess environmental behaviour and 

accurately classify their risk. 

 

  



 

184 
 

Chapter 5. Temporal and spatial trends in pharmaceutical 
concentrations in an effluent-receiving river 
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5.1 Introduction 

The discharge of pharmaceuticals with final effluent from wastewater treatment 

plants (WWTPS) across the UK and Europe has been well documented (aus der Beek et al., 

2016; Gardner et al., 2012; Gravell et al., 2020; Wilkinson et al., 2017). Most WWTPs 

(except the newest and most advanced) were not designed to efficiently remove the variety 

of novel and often complex organic pollutants (such as pharmaceuticals), which they are 

now required to eliminate from wastewater. As such, many recalcitrant compounds often 

undergo limited degradation and/or mineralisation during treatment (Gardner et al., 2013; 

Niemi et al., 2020; Verlicchi et al., 2012b). Therefore, as wastewater effluent is discharged 

into surface water, pharmaceuticals have a direct pathway into the wider environment. 

Advanced tertiary treatment techniques (for further wastewater clarification) can be 

applied to further degrade such compounds (Klamerth et al., 2010; Moreira et al., 2016) ; 

but, these are normally very energy intensive and high cost, or logistically challenging to 

implement, especially in rural regions. Smaller, older and more conventional WWTPs, such 

as those most commonly employed in rural communities, may also increasingly fail to cope 

with pharmaceutical removal in the future as infrastructure ages, populations grow and 

pharmaceutical use and diversity continue to increase.  

More than 600 pharmaceuticals and their metabolites have been detected in rivers, 

lochs, groundwater, seas and estuaries around the world, with antibiotics, anti-

inflammatories and analgesics most widely reported and at the highest concentrations (aus 

der Beek et al., 2016; López-Serna et al., 2013; Rimayi et al., 2019). The subsequent 

environmental impact of this widespread presence is not yet fully characterised. However, 

behavioural changes in aquatic species exposed to this pollution have been reported, such 

as altered salmon migration in the presence of anti-anxiety drugs (Hellström et al., 2016) . 

Similarly, morphological impairments and endocrine disruption have been observed in fish 
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exposed to estrogen hormones (Nash et al., 2004), and in frogs exposed to antidepressants 

(Foster et al., 2010). Further, antibiotics present in surface waters may accelerate the 

promotion and development of AMR in bacteria (Johnson et al., 2015).  

The impact of such pollution is also not limited to the environment, as 

contamination of raw drinking water sources may additionally occur from wastewater 

discharge (Ebele et al., 2017; Focazio et al., 2008; Pinasseau et al., 2019). Pharmaceutical 

concentrations within drinking water would rarely be high enough to elicit effects in human 

consumers, however, there remains uncertainty regarding whether exposure to sub-

therapeutic doses, and exposure to complex mixtures, could lead to relevant impacts. 

Additionally, due to factors such as climate change and population growth (among others), 

increased pressure on freshwater resources may result in greater use of contaminated 

surface water (or recycled treated wastewater) as a water source. This may lead to 

consumption of highly contaminated water in areas where inadequate, or non-existent, 

drinking water treatment is employed (Liu and Wong, 2013; Scruggs et al., 2020; Ternes et 

al., 2002). Studies have assessed pharmaceutical pollution in source waters (e.g., ground 

water, surface water or reclaimed wastewater), and highlighted potential risks in the 

United States (Focazio et al., 2008; Scruggs et al., 2020), the UK (Stuart et al., 2012), France 

(Pinasseau et al., 2019; Poulier et al., 2014), Spain (López-Serna et al., 2013), India (Fick et 

al., 2009; Mekala et al., 2008), Australia (Mekala et al., 2008), China (Liu and Wong, 2013; 

Lyu et al., 2016) and South Africa (Adewumi et al., 2010; aus der Beek et al., 2016). More 

research is therefore needed to monitor the environmental presence of pharmaceuticals 

and assess any associated ecological and human health risks.  

Passive sampling is an advancing field in the environmental monitoring of pollutants 

in water, which is increasingly being applied to pharmaceuticals and other emerging 
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contaminants. This technique seeks to overcome many of the limitations of traditional 

‘grab’ sampling, especially temporal variations in concentrations (Li et al., 2010; Stuer-

Lauridsen, 2005; Taylor et al., 2019). It can also be used to reduce sampling frequency, 

sample degradation and improve limits of analytical quantification and detection (Lissalde 

et al., 2014; Zhang et al., 2018). Passive sampling enables the in-situ exposure of a receiving 

phase (i.e., a sorbent) in an environmental media (i.e., river water, wastewater) over a 

period of time, during which continuous accumulation of micropollutants (or other 

analytes) occurs (Sultana et al., 2017; Taylor et al., 2019; Zhang et al., 2018). Subsequent 

extraction and analysis of the analytes allows the integration and calculation of time 

weighted average concentrations (TWAC) of the target analytes (Taylor et al., 2019; Togola 

and Budzinski, 2007). This effectively integrates/smooths the pollutant signal over time and 

better enables the quantification of contamination at very low concentrations. Polar 

organic chemical integrative sampling (POCIS) is the most commonly used passive sampling 

technique for organic compounds, including pharmaceuticals, as it is widely applicable in 

terms of the diversity of compounds it can capture (Lissalde et al., 2014; Poulier et al., 2014; 

Taylor et al., 2019).  

This chapter reports on an intensive 12-month monitoring study on the River Dee, 

Aberdeenshire, Scotland; sampling from the river’s source (upstream of Braemar), down to 

its estuarine discharge to the North Sea (in Aberdeen City). The main objective was to 

perform both grab and passive sampling in the River Dee to determine spatiotemporal 

trends in pharmaceutical occurrence and distribution over the 12-month period (August 

2018 – 2019). This work utilised a POCIS passive sampling device (developed at the 

Environmental Research Institute by Pavlina Landova (PhD, Institute of Technology Brno)), 

and assessed POCIS performance in comparison to grab sampling. This is the first long-term 

assessment of pharmaceuticals in the River Dee.  
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5.2 Methods 

5.2.1 Study sites  

The River Dee (Aberdeenshire) is a SEPA priority catchment in North East Scotland 

that is subject to anthropogenic stress due to urbanisation, including drinking water 

abstraction, wastewater discharges and diffuse pollution from septic tanks and agricultural 

activity (Scottish Environment Protection Agency, 2020). The river is also designated as a 

Special Area of Conservation for Atlantic salmon (Salmo salar), freshwater pearl mussel 

(Margaritifera margaritifera) and Eurasian otter (Lutra lutra) (Scottish Environment 

Protection Agency, 2010). Point-source pollution from WWTP effluent directly affects the 

River Dee (Figure 5.1) between Ballater and Banchory (the largest towns in the catchment), 

in addition to other waters which feed into the Dee (e.g., Loch of Skene, Brodiach, Kinnernie 

and Beltie Burns) (Scottish Environment Protection Agency, 2010). Scottish Water and SEPA 

regulate and monitor discharges into the Dee to ensure WQ is maintained and that risk 

mitigation guidelines are followed; however, no emerging contaminants (including 

pharmaceuticals) are routinely monitored, despite the prevalence of WWTPs and septic 

tanks in this catchment.  

Here, eight sites (Figure 5.1) were monitored along the main river, above and below 

points of interest (e.g., WWTP discharge sites and drinking water treatment works 

(DWTWs) abstraction sites). Figure 5.1 indicates the points where grab and POCIS passive 

sampling was performed, with grab sampling performed at all sites and POCIS at four of the 

eight sites.  
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Figure 5.1. Schematic map of sampling points along the River Dee, with towns and sites 
above/below WWTPs or DWTWs indicated.  

 Sampling site 1 was the Bridge of Dee within Aberdeen City, above the estuary line 

(GPS coordinates and full site descriptions of all sites are included in Appendix Table A5.1). 

Site 2 was above the Inchgarth Reservoir drinking water treatment works (DWTW) 

abstraction site; while sites 3, 4 and 5 were in Banchory, which has the largest population 

(8,735) of the towns along the River Dee (UK Urban Wastewater, 2017). Site 3 was 50 m 

below the WWTP effluent discharge point, and site 4 was at the effluent discharge p ipe. 

The Banchory WWTP (capacity PE 9,700, operated by Scottish Water) is a secondary WWTP 

which utilises conventional activated sludge (CAS) (UK Urban Wastewater, 2017). All 

municipal wastewater from Banchory is combined and routed into the facility; sewage is 
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then screened and undergoes primary settlement to remove large debris. The CAS process 

undergoes aeration and settlement in two open-air basins, and treated effluent is decanted 

during the process and discharged into the River Dee (Scottish Water, 2012). The Banchory 

DWTW abstraction site was sampling site 5. This DWTW is operated by Scottish Water and 

provides drinking water to several areas in Aberdeenshire, including Banchory and 

Aberdeen City (“Banchory, Invercannie Waterworks,” 2007, accessed Apr 2020) .  

 Site 6 was below the Aboyne WWTP, and site 7 above it. This facility treats 

wastewater from a population of ~3,460, and has a PE capacity of 3,640 (UK Urban 

Wastewater, 2016). Similar to the Banchory WWTP, all wastewater from the town is routed 

via a combined sewer through a screening filter and into the primary settlement tank. CAS 

treatment is then performed, and the final effluent is decanted for discharge into the River 

Dee (UK Urban Wastewater, 2016). The final sampling site (site 8) was upstream of 

Braemar, where there is a small widely distributed rural population likely resulting in 

limited water pollution (e.g., from septic tanks, dispersed agricultural run-off).  

5.2.2 Sample collection 

 Two sampling methods were used, grab and POCIS. Grab sampling was performed 

twice over a two-week period, every three months for 12 consecutive months (Aug 2018, 

Nov 2018, Feb 2019, May 2019, Aug 2019). This resulted in a total of 10 sampling events, 

with representative samples taken during the four seasons of the year. Passive sampling 

via POCIS was performed once every three months at the same timepoints in the year (n = 

5), and the samplers remained in the river for a 14-day deployment period. The grab 

samples were taken at the deployment and retrieval of the POCIS passive samplers (e.g., 

day 0 and day 14). Passive samplers were placed directly into the middle of the river at a 
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depth of approximately 1.0 m (where possible) and tied to a weighted nylon line anchored 

on the shore to limit movement in the river.  

Amber glass bottles (2.5 L) and plastic HDPE bottles (1 L) were used to collect grab 

samples for pharmaceutical and WQ analysis, respectively. All grab samples were collected 

from the middle of the river (when safe to do so), at a depth of ~0.5 m. The Banchory WWTP 

effluent was collected with a stainless-steel bucket directly at the discharge pipe. Bottles 

(and bucket) were rinsed three times with the sample before collection. Washing methods 

used for the WQ sample bottles and amber glass bottles were the same as those detailed 

in Chapter 3, and bottles containing river water collected near WWTP discharge points 

were cleaned externally with 10% high level laboratory disinfectant (HLD4L, ChemGene®) 

antibacterial spray. Samples were transported back to the laboratory in coolboxes with 

ice/icepacks, refrigerated at 4 °C upon return and processed within 24 h of collection. 

5.2.3 Chemicals and reagents 

All pharmaceutical standards were of high purity (>98%) and supplied from Sigma-

Aldrich (UK). Isotopically labelled internal standard (ILIS) solutions (100 mg/L, in pure 

solvent) were purchased from QMX (UK). Preparation and storage of stock standards for 

target compounds (1000 mg/L) and ILIS (1 mg/L) followed the same procedures as detailed 

in Chapter 3, section 3.2.3. Internal standards for ibuprofen (ibuprofen-d3), and 17α-

ethynylestradiol (17β-estradiol-d5), were included in the analysis in order to improve 

analytical accuracy and provide individual recovery data. Milli-Q Type I water, HPLC-grade 

pure organic solvents and analytical grade buffer standards were the same as those 

detailed in Chapter 3.  
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5.2.4 Pharmaceutical analysis 

5.2.4.1 Target compounds 

Target pharmaceuticals were chosen based on the selection process performed in 

Chapter 2. Eight common pharmaceutical compounds were monitored: paracetamol, 

diclofenac and ibuprofen (analgesics/anti-inflammatories), clarithromycin and 

trimethoprim (antibiotics), carbamazepine and fluoxetine (psychiatric drugs ) and 17α-

ethynylestradiol (synthetic hormone). The same compounds were monitored using both 

sampling techniques.  

5.2.4.2 Sample preparation and solid phase extraction 

All grab samples (1 L) were first vacuum filtered through 0.7 μm glass micro-fibre 

filters (47 mm diameter, MF300; Fisherbrand) immediately after sampling. SPE was then 

performed as detailed in Chapter 3, section 3.2.4.2. Immediately prior to SPE, samples were 

spiked with ILIS solution, and SPE (of 1000 mL) was performed using preconditioned Oasis 

Prime HLB cartridges (200 mg, 6 cc capacity; Waters). Elution was performed with 1:1 (v:v) 

EtOAc:ACE, and samples were reconstituted to 0.50 mL with 1:1 (v:v) MeOH:Milli-Q water 

after evaporation with nitrogen (Caliper TurboVap LV bath, at 40 C). Samples were 

transferred to amber glass LC vials and stored at -20 C prior to analysis.  

5.2.4.3 POCIS passive sampler preparation and processing 

POCIS passive samplers were composed of three cells inside a stainless-steel cage. 

The sorbent was placed between two membranes, that were held together between two 

stainless steel discs (Figure 5.2). Cells were prepared using 220 mg of Oasis HLB sorbent 

(Waters) and two Supor® membranes (0.1 µm x 90 mm polyethylsylfone (PES)). The cells 

were screwed into holders that fixed cells into the middle a stainless-steel cage to ensure 

water could move freely through both sides of the membranes (i.e., not directly sitting on 

the riverbed). Three cells were placed in one cage (Figure 5.3), to explore reproducibility of 



 

193 
 

results, and one cage deployed at a single site. Four cages were deployed in the river in 

total during the sampling events. A laminated note reading “Scientific equipment – please 

do not disturb, property of the Environmental Research Institute (Thurso)” with contact 

information was tied to the cage and nylon line.  

 
Figure 5.2. A passive sampler cell schematic, with the stainless-steel discs, PES membranes and HLB 
sorbent indicated. 
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Figure 5.3. Pictures of a POCIS cage with three cells inside (top), and picture of a cage prepared 
for deployment in the field (bottom).   

Upon retrieval, passive sampler cages were opened, and cells removed. The cell 

exteriors were rinsed with MilliQ water (to remove biofouling), and then cells were 

wrapped in aluminium foil and stored at -4 C until processing. The cells were then 

unwrapped from the foil, and placed in a fume hood to defrost and dry for 4 h. The sorbent 

was then carefully removed from individual cells, and transferred into individual empty SPE 

cartridges (with one frit at the bottom of the cartridge to retain the sorbent) to test three 

individual cells. Immediately prior to SPE, sorbents were spiked with ILIS solution (0.25 mL, 

100 μg/L ILIS), and allowed to completely dry (for approx. 60 min). Elution was performed 

with 40 mL of 100% MeOH, and samples were reconstituted to 0.50 mL with 1:1 (v:v) 
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MeOH:Milli-Q water after evaporation with nitrogen (Caliper TurboVap LV bath, at 40 C). 

Samples were transferred to amber glass vials and stored at -20 C prior to analysis.  

5.2.4.4 Instrumentation and analysis 

All quantitative pharmaceutical analysis was performed using reverse-phase liquid 

chromatography (LC) coupled to electrospray ionisation (ESI) tandem mass spectrometry 

(MS/MS), using the methods detailed in Chapters 3 and 4. LC-MS/MS analysis was carried 

out using multiple reaction monitoring (MRM) mode, in positive and negative ESI modes 

(ESI+ and ESI-). Paracetamol, trimethoprim, carbamazepine, clarithromycin and fluoxetine 

were analysed with ESI+; ibuprofen, diclofenac and 17α-ethynylestradiol with ESI-. The LC 

column separation and working parameters are described in Chapter 3, section 3.2.4.3. The 

optimised MS/MS parameters for each compound (e.g., MS/MS settings, cone voltage, 

collision energy and MRM ion transitions) are detailed in Chapter 3 Appendix (Table A3.1), 

and additional ILIS compounds used here (ibuprofen-d3 and 17β-estradiol-d5) are marked 

with a double asterisk therein. Pharmaceuticals were identified using their RT and MRM 

transitions (two per analyte). The most abundant product ion was used for quantification, 

and the second for confirmation. Data acquisition and reprocessing was carried out using 

MassLynx 4.1 software. Example chromatograms from a POCIS sample and reference 

standard are included in the Appendix (Figure A5.1).  

5.2.4.5 Quality assurance, quality control and calculations 

On the LC-MS/MS system, all samples were analysed alongside Milli-Q water blanks 

and mixed pharmaceutical calibration standards (at concentrations of 2, 10, 25, 50, 75, 100, 

200, 300, 400 and 500 μg/L). Linearity of the standard calibration curves were consistently 

good (r2 > 0.99). Also, a mixed reference standard containing all eight pharmaceuticals (at 

500 μg/L) and ILIS (at 50 μg/L) was analysed after every 10 injections to monitor and correct 

for instrumental drift. As detailed in Chapter 3 (section 3.2.4.4), final concentrations were 
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corrected against recovery of the ILIS (50 μg/L final concentration after SPE enrichment), 

using the RRF equation (Chapter 3, Equation 3.1).  

For the POCIS samples, calculation of the TWACs (ng/L) for each target compound 

followed equation 5.1. Wherein, the variables are: Ms (mass of analyte accumulated on 

sorbent, ng), t (exposure time, 14 days), Rs (sampling rate constant, L/day). For the sampling 

rate constant (Rs), there is an assumption that the accumulation of analyte on the receiving 

phase is linear with time, and this was individually tested previously (by Pavlina Landova 

during method validation of the passive samplers). The full method for the POCIS 

calibration and laboratory validation (performed by Pavlina Landova) is included in 

Appendix 5 (Method A5.1); Appendix Table A5.2 shows the limits of quantitation and rate 

constant (Rs) for each target compound.  

𝑇𝑊𝐴𝐶 = (
𝑀𝑠

𝑅𝑠 𝑥 𝑡
)  

Equation 5.1. Time weighted average concentration (TWAC) equation. 

Pharmaceutical fluxes in the river were calculated following equation 5.2. For 

comparison purposes, the daily average flux (F, g) was calculated using the TWAC value 

from the passive sampler work, or, the grab sampling concentration value ( C), over the 

passive sampler exposure period (14 d) as described elsewhere (Cantwell et al., 2016; 

Poulier et al., 2015). Variables were: C (grab concentration or TWAC, ng/L), Q is the average 

water flow over the successive POCIS exposure period (L/day). The annual POCIS and grab 

sampling fluxes were determined for each compound from the average daily river flow over 

365 d sampling period, and the average concentrations (TWACs and grab, respectively) 

over the same period.  

𝐹𝑙𝑢𝑥 (𝐹) = 𝐶 𝑥 𝑄 𝑥 𝑡   
Equation 5.2. Flux (F) equation. 
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5.2.5 WQ determination 

A similar (but reduced) suite of WQ parameters to those in Chapter 3 were 

monitored in addition to pharmaceuticals. These were pH, conductivity, turbidity, total 

suspended solids (TSS), dissolved organic carbon (DOC), dissolved inorganic carbon (DIC), 

chloride (Cl-), dissolved ammonium-nitrogen (referred to as ammonium, NH4+), total 

oxidised nitrogen (TON, a sum of nitrate (NO3
-) and nitrite (NO2

-)) and soluble reactive 

phosphorous (SRP, PO43-). The full methods for WQ analysis are included in Chapter 3, 

section 3.2.5.  

5.2.6 River Dee flow data 

Daily average flow data (m3/s) was available from the River Dee gauging stations at 

Park (Cults, nearest to sites 1 and 2), Woodend (Banchory, nearest to sites 3 – 5), Polhollick 

(Ballater, nearest to sites 6 and 7) and Mar Lodge (Braemar, nearest to site 8). The 

Woodend Banchory gauging station data was publicly available from the UK Water 

Resources Portal and UK National River Flow Archive (UK Centre for Ecology and Hydrology, 

2020; UK National River Flow Archive, 2020). Data from the other gauging stations was not 

publicly available, and was accessed through direct enquiry to SEPA through the online 

environmental data contact platform 

(https://www.sepa.org.uk/environment/environmental-data/). This flow data was used to 

explore associations between pharmaceutical concentration and flow over the 12-month 

period.  

5.2.7 Statistical analysis 

Microsoft Excel (version 2016) and RStudio (version 0.95.501; R Core Team, 2017)  

were used for statistical analysis. One-way and two-way ANOVAs were used to test for 

significant differences (p < 0.05) between covariates, including sampling sites, sampling 

mode (e.g., grab or passive) and sampling time (e.g., between months). If ANOVA was not 

https://www.sepa.org.uk/environment/environmental-data/
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appropriate, non-parametric Kruskal-Wallis tests were performed. Where appropriate, 

Tukey’s honestly significant difference test, or the Wilcoxon rank sum test for multiple 

comparisons, was performed for post-hoc analysis between variables (i.e., pharmaceutical 

concentrations by sample site or month). Multiple linear regression models were used to 

consider the possible relationship between concentration and river flow (as two 

continuous variables), and interaction terms were added to consider the significance of 

additional variables (e.g., site) (Thomas et al., 2017). The assumption of normal distribution 

was checked through plotting histograms and performing the Shapiro-Wilk test for 

normality, and the dependent variable (e.g., concentration) was transformed through log 

or power transformation if the assumption was violated (Thomas et al., 2017). To elucidate 

relationships within the full dataset, Spearman’s correlation coefficients were calculated 

and a correlation matrix produced (package corrplot¸ R Core Team, 2017) with the dataset 

bounded at zero and significance identified at the 95% confidence level (Wei and Simko 

Viliam, 2017). 

5.3 Results 

5.3.1 Pharmaceutical trends grab sampling 

Table 5.1 summarises the grab sampling data obtained for the target 

pharmaceuticals at the eight sampling sites over the 12-month period, with average 

concentrations expressing the mean of positive detections only. Maximum mean 

concentrations of all compounds were observed in the Banchory WWTP discharge samples 

(site 4), and this site also had the highest detection frequencies for all compounds, except 

for carbamazepine, which was detected in 100% of samples (n = 10) collected below the 

Banchory WWTP (at site 3). The antibiotics were the least frequently detected compounds 

across the eight sites; while ibuprofen, paracetamol and carbamazepine had the highest 

detection frequencies. Only ibuprofen was detected at all sampling sites, while EE2 and 
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fluoxetine were not detected in any grab samples. Across all samples (n = 80 total), 

ibuprofen (n = 53) and carbamazepine (n = 47) were the compounds detected most 

frequently. The Kruskal-Wallis test indicated statistically significant differences between 

the sample sites for ibuprofen and diclofenac, with Wilcoxon rank sum post-hoc results 

included in Table 5.1. The sample size for clarithromycin (n = 3) was too low to perform 

statistical analysis, as the compound was only detected at one site (site 4, Banchory WWTP 

discharge). The concentrations of paracetamol, ibuprofen, diclofenac and carbamazepine 

are also presented in Figure 5.4, with boxplots grouped by pharmaceutical to highlight 

differences between sites (and post-hoc results shown). 
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Table 5.1. Grab sampling mean concentration (± standard deviation) for pharmaceuticals tested during a 12-month sampling campaign (positive detections only). The 

number of detects (n), detection frequency (DF, %), limit of quantification (LOQ, ng/L) and relative standard deviation (RSD, %) are also given. Results of non-parametric 

Kruskal-Wallis test (by site), with significance level (*, **, ***; <0.05, <0.01, <0.001) indicated and post-hoc letterings (a, b, c, d) included.  

Pharmaceutical Site 
LOQ 

(ng/L) 
n DF (%) 

Range Conc 
(ng/L) 

Mean Conc (± 
SD) (ng/L) 

 
RSD (%) 

p value 
(by site) 

 

 

 
  

1 Garthdee  7 70 ND – 115  54 (± 41)  77   

2 Inchgarth Reservoir  5 50 ND – 64  32 (± 24)  77   

3 Below Banchory WWTP  7 70 ND – 503  127 (± 174)  136   

Paracetamol  4 Banchory WWTP discharge 4.02 7 70 ND – 658  243 (± 270)  111 0.615  

(PAR) 5 Above Banchory DWTW  1 10 34  34  NA   

 6 Below Aboyne WWTP  2 20 ND – 81  41 (± 56)  137   

 7 Above Aboyne WWTP  0 0 ND      

 8 Braemar  0 0 ND      

Ibuprofen  
(IBU) 

1 Garthdee   8 80 ND – 5 3 (± 1) bc  46   

2 Inchgarth Reservoir   8 80 ND – 3  2 (± 1) cd  35   

3 Below Banchory WWTP   9 90 ND – 40  14 (± 13) ab  91   

4 Banchory WWTP discharge  0.78 10 100 1 – 697  144 (± 264) a  183 <0.001***  

5 Above Banchory DWTW   6 60 ND – 3  1 (± 1) d  47   

6 Below Aboyne WWTP   7 70 ND – 2 1 (± 1) cd  59   

7 Above Aboyne WWTP   4 40 ND – 2  1 (± 1) cd  17   

8 Braemar  1 10 ND – 1 1  NA   

Diclofenac (DCF) 

1 Garthdee   3 30 ND – 6 4 (± 2) b  54   

2 Inchgarth Reservoir   4 40 ND – 7  4 (± 2) b  57   

3 Below Banchory WWTP   8 80 ND – 55  24 (± 20) ab  80   

4 Banchory WWTP discharge  0.77 9 90 ND – 324  132 (± 123) a  93 0.005**  

5 Above Banchory DWTW  0 0 ND      

6 Below Aboyne WWTP  0 0 ND      
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7 Above Aboyne WWTP  0 0 ND      

8 Braemar  0 0 ND      

Clarithromycin 
(CLAR) 

1 Garthdee  0 0 ND      

2 Inchgarth Reservoir  0 0 ND  
 

   

3 Below Banchory WWTP  0 0 ND      

4 Banchory WWTP discharge 0.81 3 30 ND – 158  86 (± 63)  93  NA  

5 Above Banchory DWTW  0 0 ND      

6 Below Aboyne WWTP  0 0 ND      

7 Above Aboyne WWTP  0 0 ND      

8 Braemar  0 0 ND  
 

   

Trimethoprim 
(TRI)  

1 Garthdee  0 0 ND  
 

   

2 Inchgarth Reservoir  0 0 ND      

3 Below Banchory WWTP  3 30  ND – 43  23 (± 20)  85   

4 Banchory WWTP discharge 0.78 7 70 ND – 505  166 (± 223)  134 0.138  

5 Above Banchory DWTW  0 0 ND      

6 Below Aboyne WWTP  0 0 ND      

7 Above Aboyne WWTP  0 0 ND      

8 Braemar  0 0 ND  
 

   

Carbamazepine 
(CBZ) 

1 Garthdee  9 90 ND – 11 3 (± 3)  108   

2 Inchgarth Reservoir  7 70 ND – 8  3 (± 2)  79   

3 Below Banchory WWTP  10  100  1 – 56  11 (± 16)  140   

4 Banchory WWTP discharge 0.81 9 90 ND – 222  66 (± 79)  118 0.092  

5 Above Banchory DWTW  2 20 ND – 3  2 (± 1)  66   

6 Below Aboyne WWTP  6 60 ND – 3  2 (± 1)  44   

7 Above Aboyne WWTP  4 40 ND – 4  2 (± 1)  53   

8 Braemar  0 0 ND      
+17α-ethynylestradiol (EE2) and fluoxetine (FLX) were not detected, LOQ = 10.36 ng/L and 3.60 ng/L respectively.
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Figure 5.4. Boxplots of grab sampling pharmaceutical concentrations at the eight sites on the River 
Dee, on a logarithmic scale. Boxes represent the interquartile range and notches indicate the 
median. The whiskers show the range of concentrations (those <3x the interquartile range), 
otherwise points appear as outliers (circles). Post-hoc letterings (a, b, c) show significant differences 
between sampling sites from the Kruskal-Wallis tests. Legend indicates site number and site name. 
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Temporal trends in pharmaceutical data were assessed using the grab samples 

grouped by month (e.g., those collected every 14 days, n = 2), for the five different sampling 

periods (Aug 2018, Nov 2018, Feb 2019, May 2019, Aug 2019). Appendix Table A5.3 

summarises the monthly concentration data and detection frequency information, as also 

shown in Figure 5.5. Temporal trends in concentrations of paracetamol, ibuprofen, 

diclofenac and carbamazepine are shown but other pharmaceuticals were excluded due to 

limited detection frequency. Two-way ANOVAs (Type III, sum of squares) were used to test 

for a statistically significant difference for each pharmaceutical (concentration) across the 

eight different sampling sites and the five different sampling periods, by asse ssing the 

interaction between sampling site*month. A significant p value for the site*month term 

indicates that there is a significant interaction between the two covariates on 

pharmaceutical concentration, and that both the individual site and month covariates are 

also significant (Appendix Table A5.3). Statistical significance for the interaction term 

(site*month) was observed for ibuprofen (p = <0.001), diclofenac (p = 0.037) and 

carbamazepine (p = <0.001). This indicated that significant differences were observed 

which related to both the sampling site and sampling month (shown graphically by the 

colour variation and size of the stacked bars in Figure 5.5); and that the interaction between 

site and month had a significant effect on concentration, whereby consistent trends in 

observed concentrations were linked to both site and month (i.e., consistently high 

concentrations at all sites in Aug 2018 vs consistently low concentrations at all sites in Nov 

2018). For paracetamol, the interaction was found to be not significant (p = 0.109). To 

assess individual covariates (site and month) for paracetamol, an additive two-way ANOVA 

model was run, which found a significant difference for month (p = 0.013) but not site (p = 

0.115). Post-hoc analysis was performed, and letterings in Figure 5.5 indicate significant 

differences between the sampling months for the four compounds.   
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Figure 5.5. Total (stacked) grab sampling pharmaceutical concentrations at 8 sites on the River Dee 
by month of sampling (using the sum of two sampling events over a 14-d period). Post-hoc letterings 
(a, b, c) indicate significant differences between sampling months from the two-way ANOVAs. 
Legend indicates site number and site name. 

 

5.3.2 Pharmaceutical trends POCIS passive sampling 

Table 5.2 summarises the POCIS TWACs obtained for the target pharmaceuticals at 

the four passive sampling sites, with TWAC expressing the mean value for the positive 
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detections only. At each sampling site, an average of triplicate samples (3 cells per POCIS 

device) was calculated during each sampling event (n = 5). Maximum mean concentrations 

for all compounds were observed below the Banchory WWTP (site 3), and all compounds 

were detected at 100% frequency here. Ibuprofen, diclofenac, carbamazepine and 

trimethoprim were detected at 100% frequency at all four sites monitored. The Kruskal-

Wallis test indicated statistically significant differences between sites for all compounds 

(except for fluoxetine), with Wilcoxon rank sum post-hoc results included in Table 5.2 to 

indicate where significant differences were present between sites. The sample size for 

fluoxetine was too low to perform statistical analyses. Pharmaceutical concentrations are 

also shown in Figure 5.6.  
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Table 5.2. The TWACs (range and mean ± standard deviation) for pharmaceuticals determined through POCIS passive sampling over a 12-month sampling campaign 

(positive detections only). The number of detects (n), detection frequency (DF, %), limit of quantification (LOQ, ng/L) and relative standard deviation (RSD, %) are also 

shown. Results of non-parametric Kruskal-Wallis test (by site), with significance level (*, **, ***; <0.05, <0.01, <0.001) indicated and post-hoc letterings (a, b, c) included.   

Pharmaceutical Site 
LOQ 

(ng/L) 
n DF (%) 

Range TWAC 
(ng/L) 

Mean TWAC 
 (± SD) (ng/L) 

 
RSD (%) 

p value 
(by site) 

 

 

Paracetamol  
(PAR) 

2 Inchgarth Reservoir  

4.79 

9 60 ND – 44.7  33.5 (± 9.5) a  28 

0.017* 

 

3 Below Banchory WWTP  15 100 6.6 – 159.9  48.5 (± 54.5) ab  112  

5 Above Banchory DWTW  3 20 ND – 9.1 8.3 (± 0.8) b  10  

6 Below Aboyne WWTP  6 40 ND – 16.1  12.1 (± 3.1) b  26  

Ibuprofen  
(IBU) 

2 Inchgarth Reservoir  

0.08 

15 100 1.2 – 2.9 1.1 (± 0.8) c  69 

<0.001*** 

 

3 Below Banchory WWTP  15 100 1.9 – 17.2  6.3 (± 4.7) a  74  

5 Above Banchory DWTW  15 100 0.1 – 7.0  1.3 (± 2.3) b  176  

6 Below Aboyne WWTP  15 100 0.2 – 7.4  1.5 (± 2.3) b  154  

Diclofenac (DCF) 

2 Inchgarth Reservoir  

0.11 

15 100 0.6 – 5.4 2.0 (± 1.3) b  67 

<0.001*** 

 

3 Below Banchory WWTP  15 100 2.5 – 29.1  12.4 (± 10.2) a  82  

5 Above Banchory DWTW  15 100 0.2 – 4.1  1.4 (± 1.2) b  87  

6 Below Aboyne WWTP  15 100 0.7 – 4.5  1.9 (± 1.3) b  66  

Clarithromycin 
(CLAR) 

2 Inchgarth Reservoir  

0.10 

13 87 ND – 0.4  0.2 (± 0.1) b  38 

<0.001*** 

 

3 Below Banchory WWTP  15 100 0.2 – 2.8  1.1 (± 0.9) a  86  

5 Above Banchory DWTW  10 67 ND – 0.2  0.1 (± 0.1) b  23  

6 Below Aboyne WWTP  9 60 ND – 0.5  0.2 (± 0.1) b  78   

Trimethoprim 
(TRI)  

2 Inchgarth Reservoir  

0.09 

15 100 0.2 – 2.0 0.8 (± 0.6) b  80 

<0.001*** 

 

3 Below Banchory WWTP  15 100 1.2 – 25.6  6.6 (± 8.3) a  126  

5 Above Banchory DWTW  15 100  0.1 – 0.6  0.2 (± 0.1) c  74  

6 Below Aboyne WWTP  15 100 0.1 – 0.6  0.3 (± 0.1) c  62  
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Carbamazepine 
(CBZ) 

2 Inchgarth Reservoir   
 

0.07 

15 100 0.1 – 2.1 0.9 (± 0.7) ab 79  
 

0.002** 
3 Below Banchory WWTP  15 100 0.3 – 7.0  2.3 (± 2.0) a  89  

5 Above Banchory DWTW  15  100  0.1 – 1.1  0.4 (± 0.3) b  79  

6 Below Aboyne WWTP 15 100 0.1 – 1.6  0.5 (± 0.4) b  77  

Fluoxetine (FLX) 

2 Inchgarth Reservoir 

7.11 

0 0 ND     

NA 

 

3 Below Banchory WWTP 15 100 8.1 – 97.9  38.0 (± 32.0)  84  

5 Above Banchory DWTW 0 0 ND      

6 Below Aboyne WWTP 0 0 ND      
+17α-ethynylestradiol (EE2) could not be determined due to issues with the POCIS method development (refer to Appendix Method A5.1, Table A5.2).   
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Figure 5.6. Boxplots of POCIS TWACs at the four monitored sites, on a logarithmic scale. Boxes 

represent the interquartile range and notches indicate the median. The whiskers show the range 

of concentrations (those <3x the interquartile range), otherwise points appear as outliers (circles). 

Post-hoc letterings (a, b, c) show significant differences between sampling sites from the Kruskal-

Wallis tests. Legend indicates site number and site name. 
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Monthly temporal trends were explored using TWAC values from the POCIS work 

(Figure 5.7). Mean TWACs (calculated from three replicate samples per POCIS) across the 

five sampling months are included in Appendix Table A5.4, with standard deviations, % RSD, 

detection frequency and results of two-way ANOVA tests (Type III, sum of squares).  As in 

section 5.3.1, the two-way ANOVAs tested for significant differences in each 

pharmaceutical TWAC across the four different sampling sites and the five different 

sampling periods, and assessed the interaction term (sampling site*month; a significant p 

value indicated that the interaction between site*month was significant; Appendix Table 

A5.4). Statistically significant site*month interactions were observed for paracetamol, 

ibuprofen, diclofenac, clarithromycin, trimethoprim and carbamazepine (p < 0.001). For 

fluoxetine, the Kruskal-Wallis non-parametric test was used as this compound was only 

detected at site 3, where a significant difference between sampling months was also found 

(p < 0.001). Post-hoc tests indicated the nature of differences over time, with letterings 

included in Figure 5.7. Results of the post-hoc analysis for fluoxetine is included in Appendix 

Figure A5.2, and indicated significant differences for Aug 2018 and May 2019 when 

compared to the other three months.  
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Figure 5.7. Total POCIS TWACs for pharmaceuticals in the River Dee by sampling month (stacked 
sum of mean TWAC values over a 14-d exposure period). Fluoxetine not included, as this was only 
detected at site 3. Post-hoc letterings (a, b, c) show significant differences between the sampling 
months determined through the two-way ANOVAs. Legend indicates site number and site name. 
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5.3.3 River flow relationships with grab sampling and POCIS data 

 Daily average flow (m3/s) data for the River Dee was accessed from online resources 

for all sampling dates, as data was not recorded at the exact sampling sites or grab sampling 

times. Linear regression models considered relationships between concentration, site and 

flow over the 12-month period, identifying statistically significant associations with 

individual variables (i.e., flow and site) and the interaction term (flow*site) with the 

observed concentrations. Concentrations were log transformed, in order to satisfy the 

assumption of normal distribution (checked with Shapiro-Wilk tests and plotting 

histograms, refer to methods section 5.2.7). No statistically significant relationships were 

observed for the log transformed summed grab concentrations with flow (p = 0.056), or 

flow*site (p = 0.272). This was also tested individually for log transformed concentrations 

of paracetamol, ibuprofen, diclofenac, trimethoprim and carbamazepine. The sample sizes 

for clarithromycin, fluoxetine and 17α-ethynylestradiol were too small (n ≤ 3). No 

statistically significant relationships were observed for paracetamol, ibuprofen or 

trimethoprim with flow or the site*flow interaction. However, statistically significant 

negative regressions were observed for diclofenac log(concentration) vs flow (p = 0.030), 

and carbamazepine log(concentration) vs flow (p = 0.044, linear regression models included 

in Appendix Figure A5.3). This was not observed for either compound for the site*flow 

interaction terms (p = 0.931 and 0.114, respectively). Figure 5.8 visualises this trend for 

diclofenac (Figure 5.8A) and carbamazepine (Figure 5.8B) , with total concentration 

(summed across the 8 sampling sites per sampling event, n = 10) against the average flow 

(calculated from the daily average flow values from the four gauging stations). Periods of 

high flow (e.g., Nov 2018) corresponded to decreased diclofenac and carbamazepine 

concentrations; while increased concentrations (i.e., in Aug 2018) were observed during 

periods of consistently low flow. 
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Figure 5.8. A: Total grab sampling diclofenac (DCF) concentration (sum of concentrations at all 
sampling sites, 1 – 8) plotted against the average daily river flow (m3/s) over the individual sampling 
events (n = 10). X-axis months appear in pairs as data was collected at two time points (14 days 
apart) in each of these months. Daily flow data was accessed from four gauging stations on the 
River Dee, and values averaged (second y-axis). B: Carbamazepine (CBZ) data. 

 The POCIS TWACs were also compared to the river flow data, with the daily flow 

values averaged over the 14-d period in which the passive samplers were deployed in the 

river. Linear regression models assessed significant associations between the TWAC, 
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average flow and the interaction term average flow*site. TWACs were log transformed, to 

satisfy the assumption of normal distribution (checked with Shapiro-Wilk tests and plotting 

histograms, refer to methods section 5.2.7). No statistically significant relationships were 

observed for the log transformed total summed pharmaceutical TWACs and average flow 

(p = 0.768), or, for the average flow*site interaction (p = 0.326). For log transformed TWACs 

of paracetamol, ibuprofen, trimethoprim, clarithromycin and fluoxetine, no statistically 

significant relationships were observed with flow or flow*site (although site was significant, 

as previously determined). However, a statistically significant relationship was observed for 

carbamazepine log(TWAC) against flow (p = 0.002) and flow*site (p = 0.023); and for 

diclofenac log(TWAC) against flow (p = 0.013) and flow*site (p = 0.047). These significant 

negative relationships indicated that increased concentrations were observed during 

decreased flow periods (i.e., Aug 2018 and May 2019), and vice versa for both 

carbamazepine and diclofenac. Also, as the flow*site interaction was significant (for both 

compounds), the TWACs by individual site varied significantly with flow too (shown 

graphically in Figure 5.9 A, B). The linear regression models for diclofenac and 

carbamazepine are included in the Appendix (Figure A5.3).  
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Figure 5.9. A: Carbamazepine (CBZ) TWAC in the River Dee by site over the sampling months (n = 
5), plotted against average (14-d period) river flow per site (m3/s, same flow reported for sites 3 
and 5). Legend indicates site number, site name and flow. B: Diclofenac (DCF) data. 
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5.3.4 Flux comparison between grab sampling and POCIS data 

 For each sampling month, the mean daily pharmaceutical fluxes (g) over the 14-d 

sampling period in the River Dee were compared between the two sampling types at site 3 

(Table 5.3). This site was chosen as it is nearest to Banchory, which has the largest 

population along the River Dee, and most pharmaceutical detections occurred at this site. 

Grab sample concentrations were averaged from the two sampling events over the 14-day 

POCIS exposure period, and the average daily flow at the Woodend gauging station 

(Banchory) was calculated over the corresponding 14-day period. For the individual months 

and compounds, the lowest daily grab sampling flux was observed for trimethoprim, 

ranging 5.3 g (Aug 2019) to 46.0 g (Feb 2019); while the highest was observed for 

paracetamol, with values ranging from 20.2 g (Aug 2019) to 1797.4 g (Nov 2018). Similarly 

for POCIS, the maximum daily flux was found for paracetamol, ranging from 17.5 g (May 

2019) to 1055.6 g (Nov 2018), while the lowest flux was found for clarithromycin, ranging 

from 0.8 g (Aug 2019) to 4.2 g (May 2019). The annual flux for each compound was 

estimated from the average concentrations and average river flow over the 12-month 

sampling period (Cantwell et al., 2016), this is presented in kg in Table 5.3 with standard 

errors on the calculated annual estimates included. The annual POCIS flux for the individual 

compounds ranged from 1.2 kg (clarithromycin) to 54.9 kg (paracetamol); while the annual 

grab flux ranged from 13.2 kg (trimethoprim) to 100.7 kg (paracetamol).  
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Table 5.3. Mean daily pharmaceutical fluxes (g) during the 14-d sampling period for each sampling month in the River Dee (specifically below Banchory WWTP outflow at 

site 3). Comparison between the POCIS and grab sampling methods, and average flow indicated (m3/s, average flow from the Woodend Banchory gauging station near 

site 3). The annual flux (kg) was calculated from the average river flow and mean pharmaceutical concentration at site 3 over the 12-month period, with standard error (± 

SE) included. 

Date Site Avg 
Flow 
m3/s 

PAR IBU DCF CLAR* TRI CBZ FLX* 

POCIS GRAB POCIS GRAB POCIS GRAB POCIS POCIS GRAB POCIS GRAB POCIS 

Aug 2018 (g) 3 7.14 34.3 69.7 6.2 22.2 16.9 31.1 1.3 13.7 13.5 2.7 8.6 50.7 

Nov 2018 (g) 3 82.72 1055.6 1797.4 18.5 78.6 20.7 60.7 2.1 9.2 ND 2.1 10.7 82.1 

Feb 2019 (g) 3 46.74 88.0 294.8 9.6 34.3 19.3 78.7 2.4 15.7 46.0 2.8 16.1 47.1 

May 2019 (g) 3 21.58 17.5 ND 7.0 7.4 38.7 32.6 4.2 7.6 ND 7.8 63.3 123.9 

Aug 2019 (g) 3 33.43 22.5 20.2 36.9 18.7 18.2 ND 0.8 4.0 5.3 4.3 17.3 52.2 

Annual (kg) 
(± SE) 

3 35.92  54.9  
(± 29.7) 

100.7  
(± 51.8)  

7.1 
(± 2.4) 

14.9 
(± 6.5) 

14.1 
(± 5.5) 

21.7 
(± 9.7) 

1.2 
(± 0.5) 

7.4 
(± 4.4) 

13.2 
(± 3.6) 

2.5 
(± 1.0) 

13.4 
(± 6.6) 

43.0 
(± 17.1) 

*Clarithromycin and fluoxetine grab sample concentrations were all ND, and therefore flux is not included for these.  
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5.3.5 WQ parameters 

The WQ data for all samples, and associated statistical results, are shown in 

Appendix Table A5.5, with mean, minimum and maximum values, LOQ, detection 

frequency and relative standard deviation (%) presented. The data are also presented in 

Figure 5.10. Maximum mean values of turbidity (8.6 ± 13.2 NTU), conductivity (213 ± 196 

µS/cm), TSS (9.83 ± 9.19 mg/L), DOC (5.92 ± 2.79 mg/L), DIC (4.37 ± 2.21 mg/L), chloride 

(42.7 ± 55.6 mg/L), ammonium (2.054 ± 3.543 mg/L), TON (3.28 ± 4.25 mg/L) and SRP (0.375 

± 0.455 mg/L) were all observed in the river at the Banchory WWTP discharge point, site 4. 

Significant differences between water types were observed for all parameters except for 

DOC and ammonium, with one-way ANOVA p values included in Appendix Table A5.5. 

Tukey post-hoc letterings are also included Figure 5.10, and generally indicate significant 

pairwise differences between the Banchory WWTP discharge (site 4) and other sites.  
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Figure 5.10. WQ parameters at the eight sites on the River Dee, presented on a logarithmic scale 
(where indicated on axis). Boxes represent the interquartile range and notches indicate the median. 
The whiskers show the range of concentrations (those <3x the interquartile range), otherwise 
points appear as outliers (circles). Post-hoc letterings (a, b, c) show significant differences between 
the sampling sites. Legend indicates site number and name. 
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Figure 5.10 Continued. 

 

 

5.3.6 Pharmaceutical and WQ correlations 

A Spearman correlation matrix was produced to investigate possible relationships 

between the WQ parameters, pharmaceutical grab sample concentrations and river flow 

data (Figure 5.11). The POCIS data could not be correlated as the WQ parameters were 

determined through grab sampling. Fluoxetine and 17α-ethynylestradiol were not included 

in the correlation matrix due to limited sample size and not being detected above the LOQ, 

respectively. While many relationships between individual WQ parameters were observed, 

(e.g., conductivity, TON and chloride; turbidity, TSS and DOC), relationships where r was ≥ 

0.9 between pharmaceutical and WQ data were not observed. The strongest relationship 

was observed between chloride and ibuprofen (r = 0.715). Other correlations noted were: 

ibuprofen and conductivity, TON, paracetamol and diclofenac (r > 0.6); diclofenac and 

ammonium, TON, SRP, ibuprofen and trimethoprim (r > 0.6); carbamazepine and DIC (r > 
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0.6); carbamazepine and conductivity, ammonium, chloride, SRP, ibuprofen, diclofenac and 

trimethoprim (r > 0.5).  

 

Figure 5.11. A matrix plotting Spearman correlation coefficients between WQ parameters, grab 
sample pharmaceutical concentrations and flow. Circles are only shown where correlations are 
significant at the 95% confidence level. Size and colour of circles indicates strength and direction of 

correlation (NH4
+ = ammonium, Cl- = chloride, EC = conductivity, Turb = turbidity, others abbreviated 

as stated in the methods section). 
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5.4 Discussion 

Pharmaceutical presence and spatio-temporal distribution were monitored in the 

River Dee over a 12-month period (August 2018 – 2019). The POCIS TWACs and grab 

sampling concentrations were compared to consider the performance of the two sampling 

methods. Additionally, relationships between concentrations, river flow rates and WQ 

parameters were analysed to identify significant relationships and potential behaviour 

associated with these parameters. The daily fluxes were calculated for both grab and 

passive sampling over each sampling month, and annual estimated fluxes were calculated 

from the mean concentrations and river flow. This is the first long-term monitoring 

campaign of pharmaceuticals in the River Dee, a SEPA Priority Catchment and Special Area 

of Conservation.  

5.4.1 Comparison of POCIS TWACs and grab concentrations  

5.4.1.1 Overall trends 

 Comparison of observed concentrations between the grab and POCIS samples 

revealed differences for all sampling sites. Maximum grab concentrations followed the 

trend: ibuprofen > paracetamol > trimethoprim > diclofenac > carbamazepine > 

clarithromycin, with fluoxetine and EE2 not detected; while the POCIS TWACs followed: 

paracetamol > fluoxetine > diclofenac > trimethoprim > ibuprofen > carbamazepine > 

clarithromycin. However, for both sampling types, paracetamol, ibuprofen and diclofenac 

concentrations were generally the highest of the targeted compounds. Higher 

concentrations of analgesics and NSAIDs were expected as these pharmaceuticals are some 

of the most widely prescribed and used in Scotland (Information Services Division, 2019). 

This is reflected in surface water detection rates and concentrations observed in other 

studies in Scotland and the UK, as shown in Table 5.4 (Ashton et al., 2004; Kay et al., 2017; 
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Letsinger et al., 2019; Ramage et al., 2019; Zhang et al., 2018). Similarly, in relation to POCIS 

and grab results, carbamazepine and clarithromycin were quantified at the lowest 

concentrations, with values comparable to those in the literature for carbamazepine. There 

is limited data available for clarithromycin concentrations in UK surface waters, however 

comparison with erythromycin (another macrolide antibiotic) indicated high 

concentrations were present in WWTP-impacted river waters in England (Ashton et al., 

2004; Kay et al., 2017). Variability in observed concentrations may be due dilution events 

(e.g., rain), spikes caused by discharges (e.g., WWTP effluent), regional population 

variation, level of urbanisation or prescribing activity (Bayen et al., 2014; MacLeod et al., 

2007; Zhang et al., 2018, 2008).  

Table 5.4. Compounds detected in UK and Scottish surface waters in the literature compared with 
this study (from site 3 below Banchory WWTP), with reported mean concentration (ng/L), standard 
deviation and maximum value reported. Comparison between grab and passive sampling results, 
where possible. 

Compound Mean Conc ± 
SD (Max) 
(ng/L) 

Water body, Region Sampling 
Type 

Reference 

Paracetamol 127 ± 174 (503) River Dee, Aberdeenshire Grab This study 

 48.5 ± 54.5 
(159.9) 

River Dee, Aberdeenshire Passive This study 

 15.31 ± 14.67 River Ugie, Aberdeenshire Grab Zhang et al., 2018 

 9.11 ± 7.22 River Ugie, Aberdeenshire Passive  Zhang et al., 2018 

 130 (1600) River Don, Aberdeenshire Grab Ramage et al., 
2019 

 12.39 Ythan Estuary, 
Aberdeenshire 

Grab Letsinger et al., 
2019 

 39.09 Firth of Forth, Edinburgh Grab Letsinger et al., 
2019 

 39.11 Tay Estuary, Fife Grab Letsinger et al., 
2019 

Ibuprofen 14 ± 13 (40) River Dee, Aberdeenshire Grab This study 

 6.3 ± 4.7 (17.2) River Dee, Aberdeenshire Passive This study 

 17.09 ± 22.77 River Ugie, Aberdeenshire Grab Zhang et al., 2018 

 8.25 ± 10.56 River Ugie, Aberdeenshire Passive  Zhang et al., 2018 

 457 ± 639 
(2770) 

River Aire and Calder 
Catchment, Yorkshire 

Grab Kay et al., 2017 

 46.50 Forth Estuary, Midlothian Grab Letsinger et al., 
2019 

 69.77 Ythan Estuary, 
Aberdeenshire 

Grab Letsinger et al., 
2019 
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 104.74 Tay Estuary, Fife Grab Letsinger et al., 
2019 

 153.01 Cromarty Estuary, 
Highlands 

Grab Letsinger et al., 
2019 

 1105 (5044) Unidentified river, 
Hertfordshire, England 

Grab Ashton et al., 
2004 

Diclofenac 24 ± 20 (55) River Dee, Aberdeenshire Grab This study 

 12.4 ± 10.2 
(29.1) 

River Dee, Aberdeenshire Passive This study 

 3.07 ± 2.70 River Ugie, Aberdeenshire Grab Zhang et al., 2018 

 2.00 ± 4.31 River Ugie, Aberdeenshire Passive  Zhang et al., 2018 

 323 ± 307 (937) River Aire and Calder 
Catchment, Yorkshire  

Grab Kay et al., 2017 

 7.07 Cromarty Estuary, 
Highlands 

Grab Letsinger et al., 
2019 

 154 (568) Unidentified river, 
Hertfordshire, England 

Grab Ashton et al., 
2004 

Carbamazepine 11 ± 16 (56) River Dee, Aberdeenshire Grab This study 

 2.3 ± 2.0 (7.0) River Dee, Aberdeenshire Passive This study 

 15.71 ± 12.13 River Ugie, Aberdeenshire Grab Zhang et al., 2018 

 6.51 ± 6.77 River Ugie, Aberdeenshire Passive  Zhang et al., 2018 

 14 (15) River Don, Aberdeenshire Grab Ramage et al., 
2019 

Clarithromycin ND River Dee, Aberdeenshire Grab This study 

 1.1 ± 0.9 (2.8) River Dee, Aberdeenshire Passive This study 

Erythromycin 230 ± 254 (845) River Aire and Calder 
Catchment, Yorkshire 

Grab Kay et al., 2017 

 159 (1022) Unidentified river, 
Hertfordshire, England 

Grab Ashton et al., 
2004 

Trimethoprim 23 ± 20 (43) River Dee, Aberdeenshire Grab This study 

 6.6 ± 8.3 (25.6) River Dee, Aberdeenshire Passive This study 

 12 (42) Unidentified river, 
Hertfordshire, England 

Grab Ashton et al., 
2004 

 1.65 Ythan Estuary, 
Aberdeenshire 

Grab Letsinger et al., 
2019 

Fluoxetine ND River Dee, Aberdeenshire Grab This study 

 38.0 ± 32.0 
(97.9) 

River Dee, Aberdeenshire Passive This study 

 6.8 (13.5) Unidentified river, England Grab Baker et al., 2013 

Norfluoxetine 1.9 (2.8) Unidentified river, England Grab Baker et al., 2013 

Although POCIS TWACs and grab concentrations in this work were within the same 

order of magnitude for most compounds, including paracetamol, ibuprofen and diclofenac, 

close agreement between the two sets of values was not observed, most notably for 

carbamazepine, fluoxetine, trimethoprim and clarithromycin. Higher concentrations from 

grab sampling of pharmaceuticals and pesticides, compared to those from corresponding 
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POCIS, have been previously reported (Bayen et al., 2014; Castle et al., 2018; Lissalde et al., 

2014; Terzopoulou and Voutsa, 2016; Zhang et al., 2018). These discrepancies may be due 

to a variety of factors. Inherent differences exist between the sampling types and may 

impact observed concentrations; whereby grab sampling captures highly variable 

contamination at the time of collection, while POCIS TWACs smooth out variability over 

several days/weeks (Bernard et al., 2019; Castle et al., 2018; Terzopoulou and Voutsa, 

2016). Also, loss of sorbent during river deployment and sample handling was not 

calculated, and may have affected results, as reported elsewhere (Gravell et al., 2020). 

Additionally, the POCIS rate constants (Rs) here were determined in the laboratory, and the 

TWAC data are calculated with the assumption that analyte accumulation on the sorbent 

is linear with time. Reduced non-linear sorption may result from factors not considered in 

the laboratory, such as variable environmental conditions (e.g., river flow, turbidity, DOC, 

temperature), biofouling of membranes and POCIS device position in the river (Martínez 

Bueno et al., 2016; Poulier et al., 2014; Taylor et al., 2019; Terzopoulou and Voutsa, 2016) . 

Correction of the TWACs would require either field calibration for determination of an 

accurate Rs, or, use of an in-situ performance reference compound (Lissalde et al., 2014; 

Morin et al., 2013; Sultana et al., 2017; Taylor et al., 2019). Additionally, only the dissolved 

fraction of pollutants is sampled through POCIS; whereas particulate fractions will be 

collected with grab sampling, and sorption/desorption interactions may occur post 

sampling/pre-filtration (Fedorova et al., 2014), which was approx. 24 h in this case.  

 Despite lower TWACs, the POCIS method resulted in high detection frequencies for 

all compounds in the River Dee. In total, a greater number of positive detections were 

observed through passive sampling (80% total, n = 335), compared to grab (26% total, n = 

166). This is one of the main benefits of passive sampling, as low concentrations are 
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detected and dilution effects negated (Castle et al., 2018; Godlewska et al., 2020; Stuer-

Lauridsen, 2005). Ibuprofen, diclofenac, trimethoprim and carbamazepine had 100% 

detection at all sites through passive sampling; whereas these compounds had variable 

detection through grab sampling. More positive detections were observed at greater 

distances from the Banchory WWTP (site 4) in the River Dee (e.g., at sites 2, 5, 6). This is 

especially the case for diclofenac and trimethoprim, which was not detected above site 4 

and variably at sites 1 and 2 for grab sampling. Additionally, fluoxetine was not detected 

through grab sampling, but had 100% detection through POCIS below the Banchory WWTP 

(site 3). These trends are consistent with other studies which have reported high detection 

frequencies through passive sampling, when performed in combination with  grab 

sampling, for pharmaceuticals (Bayen et al., 2014; MacLeod et al., 2007; Terzopoulou and 

Voutsa, 2016; Zhang et al., 2018) and pesticides (Bernard et al., 2019; Castle et al., 2018; 

Lissalde et al., 2014, 2011).  

Some compounds were frequently detected through both POCIS and grab sampling, 

such as ibuprofen (66% and 100%, respectively) and carbamazepine (59% and 100%, 

respectively). These were detected at all sites, except carbamazepine at site 8 (grab 

sampling). Frequent detection of ibuprofen and carbamazepine (75% and 40%, 

respectively) was also reported in the River Ugie (Aberdeenshire), both upstream and 

downstream of WWTPs (Zhang et al., 2018). Ibuprofen was also the most detected 

compound in several Scottish estuaries (Forth, Cromarty, Tay and Ythan), as compared with 

paracetamol, diclofenac and trimethoprim (Letsinger et al., 2019). Increased 

carbamazepine detection is also consistent with the literature, which reports it as a 

persistent compound in wastewater effluent (Andreozzi et al., 2002; Kasprzyk-Hordern et 
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al., 2009; Petrie et al., 2014), and persistent in Scottish surface waters (Ramage et al., 2019; 

Zhang et al., 2018).  

5.4.1.2 Temporal trends and flow relationships 

 Temporal trends for both grab sampling and POCIS passive sampling techniques 

indicated high concentrations were generally observed in the summer or spring months. 

The Aug 2018 sampling event resulted in the highest concentration seen for ibuprofen 

(grab), diclofenac (grab and POCIS), trimethoprim (grab and POCIS), carbamazepine (grab 

and POCIS) and fluoxetine (POCIS). Only paracetamol (grab and POCIS, Nov 2018), 

ibuprofen (POCIS, Aug 2019) and clarithromycin (POCIS, May 2019) were detected at 

maximum concentrations in other months. Fluoxetine and clarithromycin had insufficient 

positive detections to determine monthly trends. Apart from for ibuprofen, it is evident 

that there is strong agreement between the temporal trends seen for both sampling 

methods. This has been reported by other studies which compared POCIS and grab 

sampling temporal trends (Bernard et al., 2019; Castle et al., 2018; Terzopoulou and 

Voutsa, 2016; Zhang et al., 2018), and further supports the accuracy of the developed 

POCIS passive sampling technique.  

Both POCIS TWACs and grab sampling concentrations are impacted by high water 

flow and water turbulence, which may affect the sorption of pharmaceuticals from water 

to the POCIS sorbent, or, contribute to dilution effects that result in decreased detection 

of compounds (Bernard et al., 2019; Lissalde et al., 2014; MacLeod et al., 2007; Padhye et 

al., 2014). During the grab sampling events, high flow was observed in the River Dee during 

the Nov 2018 event (maximum 133.07 m3/s, Cults Park gauging station near sites 1 and 2). 

This seemingly corresponded with decreased pharmaceutical concentrations, and a 

statistically significant negative relationship was observed between diclofenac 
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concentration and flow. Significantly lower diclofenac and carbamazepine concentrations 

were detected in the river during high flow periods (e.g., Nov 2018), and vice versa. During 

POCIS field deployment, exceptionally high flows were reported in Nov 2018 (maximum 

314.54 m3/s, Cults Park gauging station near sites 1 and 2) and Aug 2019 (108.85 m3/s, 

same location); and statistically significant negative relationships were observed between 

carbamazepine and diclofenac TWACs and flow. The observed significant pharmaceutical-

flow relationships suggested that high flow, and potentially corresponding high turbulence, 

of the river water decreased the grab and passive sampling efficiency of some compounds. 

Additionally, temporal trends indicated relationships between pharmaceutical 

concentration and month, particularly around the drought in the summer of 2018. 

Statistically significant differences (e.g., higher concentrations) were observed for the Aug 

2018 sampling period versus all other months for ibuprofen (grab and POCIS) and 

trimethoprim (POCIS). Concentrations for diclofenac (grab and POCIS), carbamazepine 

(grab and POCIS), clarithromycin (POCIS) and fluoxetine (POCIS, site 3 only) were 

significantly higher in Aug 2018 compared to all other months, except for May 2019. In Aug 

2018, limited rainfall was recorded in the River Dee catchment, with a monthly total of just 

46.8 mm, compared to an annual average of 75.7 ± 31.7 mm (Scottish Environment 

Protection Agency, 2018). Unusually low river flows were also reported, with a monthly 

average of 8.1 ± 2.8 m3/s at the Banchory Woodend gauging station, compared to an annual 

average of 33.9 ± 31.9 m3/s (UK National River Flow Archive, 2020). It seems highly likely 

that due to low water volume in the river, pharmaceutical concentrations were elevated 

(due to a lack of dilution), leading to increased detection frequencies in this period. These 

trends are consistent with the literature, where long-term monitoring campaigns have 

observed highest concentrations of target compounds (through both grab and passive 
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sampling) in the driest, hottest summer months; several classes of organic pollutants have 

demonstrated this behaviour, including pharmaceuticals (Lindholm-Lehto et al., 2016; 

Padhye et al., 2014; Zhang et al., 2018), pesticides and herbicides (Bernard et al., 2019; 

Godlewska et al., 2020) and industrial chemicals (Terzopoulou and Voutsa, 2016). Weather, 

in particular dilution by precipitation and unusual weather patterns (e.g., dry/mild winters), 

is expected to have the largest impact on observed contaminant levels and detection 

frequencies in surface waters in future (Wilkinson et al., 2017). This was also the case in 

the River Ugie (Aberdeenshire), wherein monthly total pharmaceutical concentrations 

varied significantly with season, with 137.4 ng/L in August compared to 3.4 ng/L in January 

(Zhang et al., 2018). 

Mild conditions in spring-summer months may also coincide with increased 

discharge of some compounds into waterways, such as allergy medicines, personal care 

products (sunblock, insect repellent) and agricultural pesticides and herbicides from diffuse 

pollution pathways. Increased concentrations of insecticides and pesticides were observed 

in surface water following rain events, as a result of field run-off during spring-summer 

growing months (Castle et al., 2018; Poulier et al., 2014; Taylor et al., 2020). Additionally,  

fluctuations in population density in spring-summer may also have a significant impact on 

pharmaceuticals entering local sewer systems, and subsequently the environment. This 

was observed in the Cromarty Firth (Scottish Highlands), where unusually high summer 

concentrations of ibuprofen were detected when compared to other Scottish estuaries, 

which was attributed to seasonal holiday travel (Letsinger et al., 2019). As the River Dee 

and Grampian region are well known areas for summer leisure activities (e.g., swimming, 

fishing, hiking, camping), it is possible that increased tourist activity near Banchory could 
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result in proportional increases in pharmaceuticals entering waste streams, as well as the 

potential for increased contaminants entering the environment directly.  

Further, temporal trends in pharmaceuticals in surface waters may also be 

impacted by variability associated with pharmaceutical use/prescribing behaviour (e.g., 

OTC purchase or one-time prescription) or type of medicine (e.g., routine painkiller,  

antibiotic or seasonal illness treatment) (Bayen et al., 2014; Bernard et al., 2019; Wilkinson 

et al., 2017; Zhang et al., 2018). This may be the case for paracetamol, which demonstrated 

different temporal trends when compared to the other compounds. Paracetamol was the 

only compound detected at its highest concentration in Nov 2018. POCIS TWACs were 

significantly higher in Nov 2018 compared to all other months, while grab values were 

statistically higher than other months too, except for Aug 2018. This may due to increased 

use in winter months to treat seasonal cold or flu symptoms (Information Services Division, 

2019).  

5.4.1.3 Spatial trends  

For the grab sampling, compounds generally followed the trend site 4 > site 3 > site 

1 > site 2 > sites 5 – 8, except for the antibiotics which were only detected at sites 3 and 4; 

while the POCIS TWACs followed the trend site 3 > site 2 > site 6 > site 5,  except for 

ibuprofen and clarithromycin which had higher concentrations at site 6 than site 2. The 

highest concentrations and greatest number of positive detections for all compounds were 

observed at sites 3 and 4 (POCIS and grab). This was expected as these sites are directly 

downstream of the largest town (Banchory) and the largest WWTP which releases effluent 

into the River Dee. Apart from the Banchory sites, the concentrations and detection 

frequencies generally decreased as sample sites moved upriver from Aberdeen City to the 

river source in Braemar. A similar trend was also reported by Zhang et al., (2018), where 
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the lowest total pollutant concentrations were observed in the upstream (less populated) 

section of the River Ugie catchment, and the highest levels found downstream. However, 

in the Dee, small spikes in concentration downstream of the Aboyne WWTP (site 6)  were 

observed for paracetamol (grab), and ibuprofen and clarithromycin (POCIS TWAC); and 

similarly for ibuprofen at site 7, upstream of Aboyne WWTP, which is mostly likely due to 

the upstream town of Ballater which has a WWTP and many private septic tanks. Upstream 

of site 8 (in Braemar) there is little effluent introduction or activity related to liquid waste 

disposal, therefore limited detection of human-use pharmaceuticals near this site was 

expected.  

Statistical analysis indicated significant differences between concentrations at site 

3 (downstream of Banchory WWTP) and sites 2, 5, and 6 for ibuprofen and diclofenac 

(grab), and paracetamol, carbamazepine, clarithromycin and trimethoprim (POCIS). This 

suggests that the Banchory WWTP (effluent discharged at site 4) is the dominant source of 

most pharmaceuticals entering the river. The significance of WWTPs as a source of 

macrolide antibiotics and carbamazepine (Fairbairn et al., 2016), and NSAIDs/analgesics 

(Zhang et al., 2018) is widely reported elsewhere. Additionally, POCIS results showed 

significant differences for ibuprofen and the antibiotics between sites 5 and 6 and other 

sites, suggesting that the Aboyne WWTP may also be an important source of these 

compounds entering the river. The consistent detection and higher concentrations 

observed at site 3 (downstream of the Banchory WWTP) compared to site 6 (downstream 

of the Aboyne WWTP) indicates that the Banchory WWTP was a greater source for 

pharmaceuticals than the Aboyne WWTP, most likely due to the difference in WWTP size 

and population served.  
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However, the 100% POCIS detection frequency seen for carbamazepine, 

trimethoprim, ibuprofen and diclofenac at all sites points to the low-level persistent nature 

of these compounds throughout the River Dee (with levels commonly below detection 

limits in grab samples). These spatial trends may be linked to diffuse pollution (e.g., septic 

tank release, field runoff) and broader land use factors. The application of treated sewage 

sludge to land as a fertilizer (for example) is widely practiced in Scotland (Scottish 

Environment Protection Agency, 2019), and may be an important diffuse-pollution 

pathway in some farmed areas (Wilkinson et al., 2017), and potentially in the River Dee 

catchment. Although there are many factors which may impact upon the fate and transport 

of organic pollutants (present in sludge) once applied to soil, including sorption and 

bioaccumulation (Monteiro and Boxall, 2009; Sabourin et al., 2012), hydrophilic 

compounds are likely to enter the aquatic environment through runoff following irrigation 

or rain (Wilkinson et al., 2017). Previously, land applied sewage sludge was a significant 

additional source (to WWTP-effluent introduction) of paracetamol, trimethoprim and 

other organic pollutants (including DEET and caffeine), into a US catchment over a two-year 

period (Fairbairn et al., 2016). A similar mechanism may occur in the River Dee catchment, 

which may explain the infrequent detection of compounds at upstream sites (e.g., 

ibuprofen at sites 7 and 8 through grab sampling). However, detailed identification of septic 

tank presence and size, and sludge application rates/locations/practices, would be required 

to fully assess these pathways.  

5.4.1.4 Pharmaceutical fluxes 

Of the individual pharmaceuticals, paracetamol had the highest daily flux in the 

River Dee (using data from both sampling methods), and the antibiotics had the lowest 

fluxes (trimethoprim through grab sampling, and clarithromycin through POCIS passive 
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sampling). When comparing fluxes, the majority of values calculated from the grab 

sampling data were greater than the corresponding POCIS values, which is consistent with 

the concentration trends and number of positive detections. Instances of higher POCIS flux 

(e.g., for the NSAIDs/analgesics) were variable, and mostly occurred in May and Aug 2019 

which was again reflective of the temporal trends in concentration values. Annual fluxes 

were calculated from the mean pharmaceutical concentrations and average river flow over 

the 12-month period, as performed elsewhere (Cantwell et al., 2016). Paracetamol had the 

highest annual average flux (55 kg/yr POCIS, 101 kg/yr grab), which seemed unusually high. 

The plausibility was checked through back-calculation based on Banchory population 

(8,735; United Kingdom Urban Wastewater, 2017), paracetamol adult daily dose (0.5 – 1 g, 

up to 4 times a day), paracetamol excretion rate (average 44%, Verlicchi and Zambello, 

2016), and WWTP CAS removal (average 80%, refer to Chapters 3 and 4). This resulted in 

estimated paracetamol mass loadings leaving the Banchory WWTP of 56 kg/yr (low 

estimate) and 561 kg/yr (high estimate) (shown in detail in Appendix Table A5.6). The 

annual fluxes determined from the sampling data are within these estimates, indicating 

these are realistic values.  

Annual fluxes were seemingly comparable to those reported in other studies; for 

example, in the River Ugie (Aberdeenshire), annual fluxes were determined through 

passive and grab sampling for ibuprofen (1271 and 623 g/yr, respectively), diclofenac (608 

and 256 g/yr), paracetamol (667 and 2302 g/yr) and carbamazepine (621 and 752 g/yr) 

(Zhang et al., 2018). Differences observed may be due to catchment population and 

sampling technique (e.g., sampling frequency, POCIS sorbent material or exposure time). 

In particular, the POCIS exposure time used by Zhang et al., (2018) was 28 d, compared to 

14 d in the current study. Additionally, as flux is directly proportional to river flow (see 
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equation 5.2), variability in flow will impact flux. According to Zhang et al., (2018)  

contaminant fluxes can be high even if concentrations are low, due to high river flow. This 

was observed in another study, where the highest daily fluxes (>100 g) for metformin and 

carbamazepine corresponded with the highest daily flow (18.5 m3/s), and decreased to 

approx. 40 g when the average daily flow was 2 m3/s (Cantwell et al., 2016). As the Dee 

flow (maximum daily average 82.72 m3/s, Banchory Woodend gauging station) was 

consistently higher than the Ugie flow (maximum daily average 11.73 m3/s), this may also 

account for the observed differences in flux (Zhang et al., 2018).  

5.4.2 WQ parameters 

 In general, many WQ parameters decreased upriver (as shown in Figure 5.10), 

except for pH, which became more basic and DOC which was consistent throughout the 

river. However, maximum values for turbidity, TSS, conductivity, SRP, TON and chloride 

were seen at the Banchory WWTP discharge site (site 4) and immediately downstream (site 

3); and statistically significant differences were observed between site 4 and the other sites 

for most of these parameters. The high nutrient and suspended solid content in the river 

at the Banchory WWTP discharge was expected, as these parameters typically indicate 

pollution sources which alter the natural physical and chemical characteristics of a river 

(Nilsson and Renöfält, 2008). In the Dee, these observations indicate that the Banchory 

WWTP has a significant impact on certain WQ parameters, which was not observed 

downstream of the smaller Aboyne WWTP site. This is likely due to the population which 

the Aboyne WWTP serves (less than half that of Banchory), and the corresponding 

decreased effluent volume discharged into the river. Both WWTPs are required to treat 

effluent to reduce total nitrogen (<15 mg/L), total phosphorus (<2 mg/L), chemical oxygen 

demand (<125 mg/L), biological oxygen demand (<20 mg/L) and TSS (<30 mg/L) contents 
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(Gardner et al., 2013, 2012). As the WWTP effluent itself was not sampled, compliance with 

regulations cannot be determined; but, the observed values indicate that the WWTPs are 

operating within permissible levels. 

 Since the Dee is a SEPA priority catchment and Special Area for Conservation of 

selected species (Scottish Environment Protection Agency, 2020), final effluent should be 

monitored as the effect of low-flow situations may result in ecological (e.g., eutrophication) 

and sanitary (e.g., reduced clarity, increased odour) issues in future. Additionally, as water 

is abstracted in Cults (site 2) and Banchory (site 5) for drinking water, monitoring raw 

source water condition is particularly important in order to perform appropriate drinking 

water treatment (e.g., filtration, coagulation, flocculation, pH correction, disinfection), 

which may need to be adjusted by season (Scottish Water, 2020). The raw WQ in the River 

Dee indicates that additional treatment may be required at both DWTWs during drought 

periods to reduce nutrient, organic matter and organic pollutants in drinking water; 

especially if population, WWTP loads and stress on river WQ continues to increase in future 

years. However, assessment of WQ temporal trends is required to fully investigate this.  

5.4.3 Correlations of pharmaceuticals and WQ  

Relationships between several WQ parameters (e.g., turbidity, TSS and DOC) were 

observed in the Dee, as was expected based on the natural physicochemical properties of 

the river water (Nilsson and Renöfält, 2008). However, strong correlations (r ≥ 0.9) between 

pharmaceutical and WQ data were not observed, but the most significant relationship was 

between Cl- and ibuprofen (r > 0.7). Other significant correlations (r > 0.5) were observed 

between ibuprofen, diclofenac, carbamazepine and select WQ parameters, including 

conductivity, TON, ammonium and DIC. Under certain WQ conditions, octanol-water 

partition coefficients, sorption capacities, ionisation potentials and half-lives will impact 
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compound behaviour (e.g., sorption, degradation, persistence) (Gardner et al., 2012; Morin 

et al., 2013); and this may in turn impact grab and passive sampling efficiency. However, 

correlations between POCIS TWACs and WQ and flow could not be determined, which may 

have aided identification of POCIS performance limitations due to environmental 

conditions. River flow, temperature (related to biofouling), pH, conductivity, DOC and 

turbidity are all expected to impact mass transfer of pharmaceuticals from water to a POCIS 

sorbent (Lissalde et al., 2014; Taylor et al., 2019), which may have occurred in the Dee, but 

this cannot be determined here.  

Some of the observed pharmaceutical-WQ and pharmaceutical-pharmaceutical 

relationships here may indicate the likely source of the pharmaceuticals entering the River 

Dee. The significant correlation between carbamazepine and DIC was observed previously 

in wastewater (refer to Chapter 3 and 4 results) and indicates that these compounds most 

likely originate from the same source (e.g., wastewater effluent). A similar trend was 

observed in wastewater effluents between ibuprofen, 17α -ethynylestradiol and biological 

oxygen demand, TSS and ammonium, and, diclofenac, erythromycin and fluoxetine and 

DOC (Gardner et al., 2012). In the Dee, this is additionally supported as carbamazepine 

(POCIS data) and flow were significantly inversely related (linear regression), and DIC and 

flow were negatively correlated (r < -0.5). Also, significant correlations between ibuprofen-

paracetamol-diclofenac, ibuprofen-trimethoprim and carbamazepine-ibuprofen-

diclofenac-trimethoprim may be due to the fact that these pharmaceuticals are largely 

from the same source (e.g., human consumption-excretion) and many are co-administered.  
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5.5 Conclusion 

The objective of this research, to perform passive and grab sampling in the River 

Dee to identify spatiotemporal trends in pharmaceutical concentrations over 12 months, 

was reached. Grab and passive sampling resulted in the detection of six and seven 

compounds, respectively, of the total eight target pharmaceuticals (17α-ethynylestradiol 

was not detected through either technique). Ibuprofen, paracetamol, diclofenac and 

trimethoprim were consistently detected at the highest concentrations (through both 

sampling techniques) over the year. Concentrations were comparable for some compounds 

(i.e., within the same order of magnitude), however passive sampling TWACs were 

generally lower than the grab sampling concentrations. This may be due to the effect ive 

integration of TWAC values over the full 14-day exposure period, whereby spikes in 

concentration (e.g., due to WWTP effluent release) are smoothed, or loss of sorbent during 

field deployment and/or laboratory analysis. However, as there were more posit ive 

detections through passive sampling, this work indicates that passive sampling enables 

detection and quantification of pollutants at lower limits than grab sampling. Considering 

the benefits of both techniques, it is possible that the combination of grab sampling (to 

characterise the magnitude of contamination peaks) and POCIS (to average concentrations 

over an extended time period) may provide the best assessment of contamination (Bernard 

et al., 2019).  

This is the first extended study of pharmaceuticals in the River Dee, and daily and 

estimated annual fluxes into the River Dee indicated that significant amounts of 

pharmaceuticals are introduced into the river throughout the year. The prevalence of these 

compounds in Scottish and UK surface waters has been reported elsewhere (Ashton et al., 

2004; Letsinger et al., 2019; Zhang et al., 2018). Temporal trends indicated that warm 



 

237 
 
 

seasons with low flows generally corresponded to the highest pharmaceutical 

concentrations, with this pattern significant for diclofenac and carbamazepine for both 

sampling types. Wet periods with high flow had corresponding low 

concentrations/detection frequencies, which was most likely due to dilution effects and 

reduced efficiency of the passive samplers. Assessment of spatial trends indicated links to 

WWTP proximity and population/level of urbanisation, with maximum concentrations and 

highest detection frequencies observed below the Banchory WWTP discharge site and then 

downstream to Aberdeen City. Although diffuse pollution sources (e.g., septic tanks) may 

be the cause of positive detections of some compounds (e.g., ibuprofen, carbamazepine) 

upstream of the Aboyne WWTP, further work would be needed to investigate this.  

Once introduced into rivers, the fate and transport of pharmaceuticals in surface 

water remains largely unknown (e.g., persistence, degradation, mineralisation, sediment 

sorption). The WQ correlations observed here may be useful to indicate the prevailing 

behaviour of these compounds under certain conditions; however, it seems likely that 

these compounds retain aqueous mobility and may therefore be transported to the North 

Sea, considering the detection frequency and concentration of compounds closer to 

Aberdeen City. Recent studies have identified pharmaceutical and personal care product 

persistence in estuarine and coastal waters (Alygizakis et al., 2016; Letsinger et al., 2019; 

Martínez Bueno et al., 2016), therefore, further monitoring of pharmaceuticals should be 

performed in the Dee estuary to characterise their behaviour in marine environments. This 

is particularly important as the River Dee is a SEPA Special Conservation Area for Eurasian 

otter, freshwater pearl mussel and Atlantic salmon, and is also a socially important sports 

and leisure catchment providing ecosystem services for both domestic and international 

visitors. Future monitoring and risk mitigation should investigate the impact of 
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pharmaceuticals and other emerging contaminants to safeguard the quality and integrity 

of the River Dee.   
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Chapter 6. General discussion and conclusions 
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6.1 Introduction 

Modern healthcare relies on pharmaceuticals to treat, diagnose, prevent or cure 

disease (Austin et al., 2021; Jones, 2011). It is anticipated that the current reliance on 

pharmaceuticals will continue to increase alongside a growing and aging human 

population, technological advances and the modern “pill for every ill” culture. Indeed, 

prescribing rates in Scotland alone have increased by approx. 37% in the past 14 years, with 

103 million items dispensed in 2018 – 2019 (Information Services Division, 2019). Following 

human ingestion or administration, many pharmaceutical compounds are not completely 

broken down and are subsequently excreted as unchanged parent compounds or 

metabolites, which then enter municipal wastewater (Gurke et al., 2015; Ibáñez et al., 

2017; Petrie et al., 2015). As a result, increasingly complex mixtures of biologically active 

compounds are entering WWTPs in growing quantities, and current wastewater treatment 

is unable to fully eliminate them (Aymerich et al., 2016; Gardner et al., 2013; Rout et al., 

2021; Verlicchi et al., 2012b). Furthermore, uncharacterised and unknown TPs may also 

form via natural or chemical processes during treatment, and these may persist within the 

final effluent (Baena-Nogueras et al., 2017; Evgenidou et al., 2015; Rout et al., 2021).  

Pharmaceutical-based compounds, including parent drugs, metabolites and TPs, 

have been detected in the low to high ng/L concentration range in effluent-receiving 

surface waters around the world (aus der Beek et al., 2016; Baker and Kasprzyk-Hordern, 

2013; Loos et al., 2010; Mezzelani et al., 2018; Wilkinson et al., 2017). Environmental risks 

in surface waters are not yet fully characterised, but may include promotion of AMR in 

bacterial communities (Giebułtowicz et al., 2020; Johnson et al., 2015; Manzetti and Ghisi, 

2014), endocrine-disruption, or behavioural changes in exposed species (Almeida et al., 

2020; Foster et al., 2010; Hellström et al., 2016). Additionally, increasing stress on 
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freshwater resources due to climate change, population growth and catchment 

urbanisation may result in greater abstraction of contaminated surface water (or use of 

recycled treated wastewater) as raw water sources (Mekala et al., 2008; Pinasseau et al., 

2019; Scruggs et al., 2020). More research is therefore needed to quantify the 

environmental presence of pharmaceutical-based compounds and assess any associated 

ecological and human health risks.  

To avoid pharmaceuticals reaching surface water and mitigate adverse 

environmental effects, sustainable, innovative methods are needed to successfully treat 

wastewater, or, separate (at source) pharmaceutical-rich wastewater from municipal 

wastewater. However, before such interventions can be implemented, clear research 

regarding pharmaceutical introduction, distribution and fate in wastewaters and surface 

waters is required. Knowledge gaps are clearly present in rural regions of Scotland, where 

historic monitoring has been limited. These areas may face additional challenges relating 

to wastewater management and environmental pollution, as receiving WWTPs are often 

small and less advanced (i.e., no tertiary treatment or effluent clarification following 

secondary treatment) (Letsinger et al., 2019; Nebot et al., 2015; Niemi et al., 2020). Such 

facilities will inevitably struggle to adequately remove all pharmaceutical compounds as 

populations, wastewater volumes and pharmaceutical usage increase in future. Further 

work is therefore needed to assess pharmaceutical introduction and fate in rural 

communities and provide evidence on environmental occurrence to policymakers, water 

regulators and environmental protection bodies to mitigate environmental risks.  

6.2 Thesis overview 

This thesis aimed to investigate the environmental occurrence, distribution and 

degradation of pharmaceuticals in selected rural wastewaters and surface waters in 
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Scotland. The aims were achieved through completion of the following objectives: (i) 

comprehensive literature review; (ii) priority target compound selection; (iii) 

characterisation of hospital wastewater and its impact on pharmaceutical concentrations 

in a rural ‘source-to-sink’ water cycle; (iv) targeted monitoring and suspect screening of 

pharmaceuticals, TPs and metabolites within separate stages of a rural WWTP; and (v) 

assessment of temporal and spatial trends in pharmaceutical presence in effluent-receiving 

surface waters using both passive and grab sampling. Updating existing WWTP operating 

techniques and infrastructure may be financially and logistically unfeasible in many rural 

communities. This thesis therefore sought to provide evidence to underpin potential 

interventions (e.g., separate treatment of hospital wastewater) or preventative measures 

(e.g., updated prescription formularies/source control), aimed at reducing pharmaceutical 

loads entering surface water. Results may also be used in environmental risk assessments 

and will help to fill knowledge gaps regarding pharmaceutical pollution in rural Scotland.  

Chapter 1 identified current knowledge gaps in the field, related to the point-source 

introduction of pharmaceuticals, their environmental risk, fate and degradation in 

environmental media. By identification of knowledge gaps, specific research objectives (as 

listed above) were defined. Chapter 2 utilised a peer-reviewed framework (Li et al., 2021)  

to guide the selection of target compounds with the highest environmental risk and 

relevance, through assessment of prescribing rates, physicochemical properties, known 

environmental concentrations, predicted no-effect concentrations and legislative 

prioritisation in UK/EU water pollution regulations/priority watch-lists. Additionally, in 

Chapter 2, a database of common TPs and metabolites was created from literature review 

and comparison with online mass spectral sources. Through target compound selection and 

database creation, pharmaceutical compounds considered of high priority in Scotland were 



 

243 
 
 

identified for monitoring in wastewaters and surface waters, and suspect screening of TPs 

and metabolites could be performed.  

As research was needed to assess how hospitals (in particular) impact municipal 

wastewater on a case-by-case basis, Chapter 3 addressed this by investigating 

pharmaceuticals and WQ in surface and wastewater pre- and post-Caithness General 

Hospital (CGH; Wick, Scottish Highlands; Niemi et al., 2020). This chapter placed the CGH 

impact into a wider context by taking a ‘source-to-sink’ approach using a temporally 

intensive monitoring campaign. This was the first study (to date) to provide data on WQ 

and pharmaceutical loads in relation to a rural hospital in the UK (Niemi et al., 2020) .  

Results demonstrated that analgesics/NSAIDs and antibiotic compounds were detected at 

the highest concentration in the CGH discharge, which reflected the general medicine/A&E 

services provided by the hospital. CGH was identified as a significant source of paracetamol, 

diclofenac, clarithromycin and trimethoprim in Wick municipal wastewater, and specific 

WQ parameters (COD, DOC, K, Zn and Cu) were also impacted. It was also determined that 

the receiving WWTP was unable to fully eliminate such pharmaceutical compounds from 

final effluent, with certain antibiotics and psychoactive drugs demonstrating limited or no 

elimination. These compounds are frequently reported as the most ecotoxicologically 

relevant pharmaceuticals entering the environment, due to their potential as endocrine 

disrupting chemicals/behavioural modifiers in non-target organisms (Donner et al., 2013; 

Garcia-Käufer et al., 2012; Schultz and Furlong, 2008); alongside their potential to promote 

AMR in bacteria (Giebułtowicz et al., 2020; Kümmerer and Henninger, 2003) , and their 

persistence in surface water (Ebele et al., 2017; Lam et al., 2004; Wilkinson et al., 2017).  

There is currently limited information regarding pharmaceutical behaviour within 

separate stages of rural WWTPs, and no monitoring data on pharmaceutical TPs and 
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metabolites from the Scottish Highlands. Chapter 4 went on to confirm that the receiving 

Wick WWTP was unable to fully eliminate pharmaceutical compounds from final effluent 

(and thus receiving surface waters may be at risk). This chapter provided a first assessment 

of pharmaceutical and TP occurrence within a rural Highlands WWTP via targeted 

monitoring and suspect screening. Due to the sampling method used (i.e., grab) and 

sampling frequency (i.e., weekly), pharmaceutical transformation/change within the 

treatment process could not be determined with high accuracy. However, ‘average’ 

apparent removal (between influent and effluent concentrations) indicated that the WWTP 

was ineffective for complete removal of diclofenac, carbamazepine and trimethoprim (also 

consistent with Chapter 3 results). Pharmaceutical relationships with WQ parameters were 

also proposed (e.g., carbamazepine and DIC; clarithromycin, trimethoprim, ibuprofen and 

DOC and pH), and these may be useful in understanding individual compound behaviour 

(e.g., solid-phase sorption/desorption, biodegradability, etc.) under specific wastewater 

conditions during treatment. In addition, 12 TPs were tentatively identified in samples 

tested in Chapter 4, through suspect screening analysis. Several of these TPs may be formed 

during wastewater treatment through deconjugation or biological and/or chemical 

degradation, and six were known human metabolites. As the pharmacologically active site 

of several of these proposed TPs was unmodified, these compounds remain of potential 

ecotoxicological concern.  

Lastly, an intensive 12-month monitoring study was performed in Chapter 5 to 

investigate pharmaceutical temporal and spatial trends in the River Dee (Aberdeenshire) 

using grab and passive sampling. Paracetamol, ibuprofen, diclofenac and trimethoprim 

were consistently detected at the highest concentrations observed (through both sampling 

techniques) over the sampling period, and their prevalence in Scottish and UK surface 



 

245 
 
 

waters has been reported elsewhere (Ashton et al., 2004; Letsinger et al., 2019; Ramage et 

al., 2019; Zhang et al., 2018). Concentrations detected were comparable (i.e., within the 

same order of magnitude) between the two sampling methods. However, low trace 

concentrations were better captured by the POCIS passive samplers, as they allowed an 

accumulated and integrated signal to be obtained overtime (14-day exposure). Spatial 

trends revealed that pharmaceutical concentrations were most pronounced near WWTP 

discharge sites, and generally increased down river toward the estuarine discharge point 

and in line with increasing levels of urbanisation. Associated WQ was also impacted by 

WWTP proximity and urbanisation, including turbidity, conductivity, TSS, TON and chloride 

content. Additionally, temporal trends indicated that warm seasons with low flow 

significantly corresponded to high pharmaceutical concentrations, and these situations 

may result in greater pollution, ecological (e.g., eutrophication) and sanitary (e.g., reduced 

clarity, increased odour) issues. The River Dee may be particularly sensitive to risks from 

emerging contaminants if human population, WWTP load and stress on river WQ (e.g., 

water abstraction, diffuse pollution, etc.) continues to rise in future years. Particularly, if 

drier weather patterns (e.g., summer droughts) continue to worsen with climate change.  

6.3 Thesis findings in a broader context and research impact 

The results from this thesis beg the question, “how can our modern medical 

practices provide safe and effective healthcare, whilst also mitigating the risk, and potential 

adverse effects, of pharmaceutical pollution in freshwater and the wider aquatic 

environment?”. The UN Sustainable Development Goals of 2020 list ‘good health and well-

being’ and ‘clean water and sanitation’ within its seventeen objectives to achieve a 

sustainable future for our planet (United Nations, 2020). Is it possible to achieve these goals 

without compromising one or the other? It is likely that these objectives may require case -



 

246 
 
 

by-case regional and national assessments, to identify, develop and implement innovative 

and cooperative methods to maximise the benefit of modern healthcare, whilst protecting 

the natural environment and freshwater resources.  

In particular, Scotland has a vested interest in Hydro Nation  

(https://www.gov.scot/policies/water/hydro-nation/) and One Health 

(https://onehealthplatform.com/) agendas, which are multi-sector strategies to effectively 

manage the water environment and improve public health (respectively). These concepts 

recognise that human health and environmental health are closely interconnected,  and 

that WQ is a central and significant factor relevant to the wellbeing of both. Many parts of 

the private and public sectors across Scotland and the UK may be affected by 

pharmaceutical pollution, including: pharmaceutical manufacturers; the healthcare  sector; 

the food and drink sector (including agriculture and fisheries); and public organisations 

(including water regulators, environmental protection bodies, researchers/academics and 

policymakers). As there is wide interest in addressing the issue of pharmaceutical pollution 

in Scotland - the Environmental Research Institute (University of the Highlands and Islands) 

helped form a partnership with other Scottish research institutes and relevant stakeholders 

to investigate the environmental impact of healthcare practices and pharmaceutical 

pollution. This benchmark group is called the ‘One Health Breakthrough Partnership’ 

(OHBP), and founding members also include the James Hutton Institute, various non-

governmental organisations (Highlands and Islands Enterprise, CREW), healthcare 

representatives (NHS Highland), the water regulator for Scotland (Scottish Water) and 

SEPA.  

The OHBP seeks to provide leadership in this field and shares expertise and 

resources to execute its vision for a ‘non-toxic environment’. Individual objectives include 

https://www.gov.scot/policies/water/hydro-nation/
https://onehealthplatform.com/home
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improving healthcare and the environment, informing legislation and driving research and 

innovation. This group is dedicated to raising public awareness through media campaigns, 

such as the Talking Medicines video ‘Antibiotics and You’ (developed for the European 

Antibiotics Awareness day) used to educate healthcare practitioners and consumers on 

AMR and responsible antibiotic usage. Teaching tools have also been designed to educate 

consumers on correct methods of disposal for expired/unwanted medicines. These 

outreach campaigns are important social interventions which increase the profile of the 

OHBP and raise awareness of pharmaceutical pollution. Outcomes may guide end-

consumer behaviour and mitigate irresponsible/unintentional actions (e.g., flushing tablets 

down the toilet, not completing a course of antibiotics). Round-table discussions have also 

taken place with the pharmaceutical companies regarding new environmental impact 

assessments for pharmaceuticals, and developing “greener” pharmaceuticals which 

metabolise fully within the body.   

This PhD project was funded by Scotland’s Hydro Nation Scholars Programme 

(https://www.hydronationscholars.scot/), and developed concurrently with the formation 

of the OHBP. The research presented in Chapter 3 of  this thesis was partially funded by 

OHBP agencies (NHS Highland and Highlands and Islands Enterprise), to help evaluate the 

potential for interventions to reduce pharmaceutical contributions from CGH. This work 

also played a key role in NHS Highland’s subsequent application (on behalf of CGH) for the 

international Alliance for Water Stewardship (AWS) award (https://a4ws.org/the-aws-

standard-2-0/). AWS is a framework for major water users to work collaboratively within a 

catchment to address shared water challenges and achieve sustainable water management 

(Alliance for Water Stewardship, 2020). CGH was awarded this standard for its commitment 

to improve water use and reduce environmental impacts from hospital waste, including 

https://www.hydronationscholars.scot/
https://a4ws.org/the-aws-standard-2-0/
https://a4ws.org/the-aws-standard-2-0/
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from pharmaceutical use and disposal. This was the first hospital globally, and the first site 

in the UK, to receive this prestigious award. Further work is under development by the 

OHBP to investigate pharmaceutical pollution and waste management in other hospitals 

across the NHS Highland region, and it is anticipated that these sites will also apply for the 

AWS award in future.  

Additionally, data from this thesis (Chapters 3, 4 and 5) has also contributed to a 

CREW funded project entitled ‘Pharmaceuticals in the water environment: baseline 

assessment and recommendations’, which the OHBP played a key role in developing and 

managing. This project created a national database on pharmaceuticals detected in the 

Scottish environment, with data collated over the last five years from research publications, 

PhD theses, grey literature and environmental monitoring campaigns performed by SEPA 

and Scottish Water (project description available at 

https://www.crew.ac.uk/project/pharmaceuticals_baseline_assessment). This database 

was compiled by researchers at the Environmental Research Institute, Glasgow Caledonian 

University and the James Hutton Institute, and mapped to visualise pharmaceutical 

pollution across Scotland. Gap analysis and risk assessments from this project have 

identified spatial trends in the dataset and assessed the potential environmental risks 

related to AMR and ecotoxicological effects. The analysis revealed that limited monitoring 

in rural regions has resulted in knowledge gaps regarding the extent of pharmaceutical 

presence and risk in surface waters across large parts of Scotland. Recommendations from 

the report will guide targeted, small-scale gap filling and monitoring campaigns. The report 

also recommends that pharmaceutical TPs and metabolites should be included in these 

new endeavours. Future phases of this project may be undertaken by OHBP agencies, to 

address these recommendations. This project may ultimately guide policymakers in the 

https://www.crew.ac.uk/project/pharmaceuticals_baseline_assessment
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creation of environmental quality standards for pharmaceuticals, and implementation of 

new legislation on these pollutants in wastewater effluent and surface waters in Scotland.  

6.4 Thesis recommendations and future considerations 

6.4.1 Assessing healthcare impacts and reducing pharmaceutical entry into wastewater  

Advanced, chemically aggressive disinfection techniques can/have been added to 

conventional WWTPs to further clarify wastewater and reduce pollutants entering surf ace 

water within final effluent. But, these methods risk forming partially degraded and (as yet) 

unidentified compounds with unknown environmental effects (Evgenidou et al., 2015; 

Fatta-Kassinos et al., 2011; Han et al., 2018; Rout et al., 2021). Also, these techniques are 

energy-intensive, chemically demanding and financially/logistically challenging to 

implement and maintain, especially in rural locations. In consideration of Scotland’s energy 

goals (i.e., reduced reliance on fossil-fuels, supported low-carbon infrastructure; Scottish 

Government Energy and Climate Change Directorate, 2020), end-of-pipeline solutions (i.e., 

advanced tertiary treatment) may not be effective or feasible to reduce pharmaceutical 

compounds entering surface water. Alternative, more sustainable solutions have been 

investigated to further clarify wastewater effluent and enhance pharmaceutical removal 

through the use of low-cost or waste materials (Li et al., 2019), or incorporation of 

wetlands/stabilised ponds for final effluent polishing (Ryan et al., 2011). However, again, 

there is uncertainty in the applicability of these methods in full-scale WWTPs, and the 

added cost in maintenance and development.  

Separation and treatment of the most polluted wastewater (e.g., of hospital or 

healthcare facility origin), may be the most promising and effective measure to reduce the 

burden of pharmaceuticals entering municipal WWTPs (Al Aukidy et al., 2014; Chonova et 

al., 2016; Herrmann et al., 2015). Due to variations between hospitals and receiving 
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WWTPs, this thesis recommends that future work is performed through a similar ‘source -

to-sink’ approach as proposed in Chapter 3. Site-specific research using composite 

sampling, full flow characterisation and drug mass balance determination will clearly 

identify and quantify pharmaceutical introduction and impact on municipal wastewater. 

Here, Wick wastewater was not sampled prior to the introduction of CGH wastewater, and 

flow was not assessed, subsequently the pharmaceutical contribution of  CGH into the Wick 

sewer could not be deduced. However, mass balance analysis has unambiguously 

confirmed pharmaceutical contributions from hospital/healthcare facilities in other work 

(Chonova et al., 2018; Herrmann et al., 2015; Santos et al., 2013; Wiest et al., 2018) , and 

this may be employed in future. Additional work may also seek to characterise the 

introduction of other hospital-specific drugs (e.g., anticancer drugs, hormone therapy 

compounds, X-ray contrast media); or, contributions from specialised clinics/wards to the 

combined hospital discharge, as dilution from laundry/kitchen services may be significant 

(Kosma et al., 2019; Santos et al., 2013), as was the case for CGH. Hospital- and clinic-

specific compounds may be useful indicators of the impact of specialised treatments on 

wider hospital wastewater, and the overall healthcare impact on municipal WWTP inputs. 

Following this careful assessment, interventions to separate the most polluted wastewater 

could be implemented in the most effective manner, and may significantly reduce the 

introduction of pharmaceuticals into effluent-receiving surface water following 

wastewater treatment.  

Alternatively, source control is another viable option to reduce pharmaceutical 

entry into wastewater, avoiding costly/ineffective end-of-pipeline methods and limiting 

(where possible) the prescription and use of compounds with the highest environmental 

risk. The Stockholm Wise List (developed in 2001) is a novel prescription formulary which 
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proposes if pharmaceuticals are of comparable medical efficacy, safety and effectiveness, 

the environmental impact (e.g., drug persistence, bioaccumulation, ecotoxicity) should be 

considered during the prescribing process (Karlsson et al., 2015). This has been successful 

in reducing the use, and subsequent entry into wastewater and surface water, of priority 

status drugs in Stockholm (Karlsson et al., 2015).  

The OHBP intends to pilot a similar prescription formulary in the NHS Highland 

region, which will be guided by evidence-based recommendations on drug efficacy, safety, 

suitability, cost-effectiveness and environmental risk (Karlsson et al., 2015). This thesis 

provides data on pharmaceutical presence in Wick wastewater, and the impact of CGH on 

this - however, additional work to characterise hospital impacts in other communities may 

be necessary to support selection of pharmaceutical compounds for the pilot formulary. It 

may be beneficial to assess pharmaceutical contributions from a large hospital in the NHS 

Highland region (e.g., Raigmore Hospital, Inverness) for comparison with the Wick results. 

Further work will also be essential to determine the change in pharmaceutical loads in 

municipal wastewater following implementation of the new prescription formulary, and 

monitor the effectiveness of this intervention in reducing the environmental impact of the 

highest risk drugs.  

6.4.2 Monitoring pharmaceuticals in wastewater and the environment 

Additional research should characterise pharmaceutical presence and distribution 

in effluent-receiving surface waters, particularly where historic monitoring has been 

minimal (e.g., in the Scottish Highlands and Islands). Considering the benefits of both 

techniques, surface water monitoring through a combination of grab sampling (to 

characterise the magnitude of contamination peaks) and POCIS (to integrate 

concentrations over an extended time period) may provide the best assessment of 
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pharmaceutical pollution (Bernard et al., 2019; Castle et al., 2018; Terzopoulou and Voutsa, 

2016). Improvements to passive sampling methods should be developed in future to 

include in-situ performance reference standards, or field calibration for each target 

compound, to correct final concentrations and assess the impact of extraneous factors 

(e.g., biofouling, flow, water turbidity, temperature and POCIS position) on performance 

(Lissalde et al., 2014; Morin et al., 2013; Sultana et al., 2017; Taylor et al., 2019). This would 

enable an accurate quantification of TWACs in surface water, and when performed with 

flow characterisation, further identification of pharmaceutical distribution in aqueous 

media can be identified. The potential to employ passive sampling for EU WFD watchlist 

monitoring has been proposed elsewhere (Poulier et al., 2014), but limitations exist mainly 

due to representative data availability and inconsistencies between sampling methods. 

Additional data gathered from regional/national sampling campaigns may therefore offer 

valuable insight into the further application of this technique on an EU-wide scale. 

Many SEPA priority catchments are subject to anthropogenic stress due to 

urbanisation (i.e., drinking water abstraction, wastewater discharges) and diffuse pollution 

(i.e., from septic tanks and agricultural activity) (Scottish Environment Protection Agency, 

2020); and pollutants may be transported down-river. When considering pharmaceutical 

spatial trends in the River Dee (i.e., concentrations/positive detections increasing toward 

the estuary), new studies should determine pharmaceutical fate and persistence in the 

marine and coastal environment. Literature indicates that tidal zones (e.g., estuaries, bays, 

harbours) are often sinks for organic pollutants, including pharmaceuticals (Alygizakis et 

al., 2016; Cantwell et al., 2016; Letsinger et al., 2019; Mezzelani et al., 2018). Environmental 

risk here may be significant and underestimated, particularly as many WWTPs directly 

discharge effluent into surface water near these tidal zones (Scottish Water, 2020, 2015). 
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These areas may also be Special Areas of Conservation for aquatic species (e.g., Atlantic 

salmon) which rely on access into rivers through estuaries/tidal zones. Therefore, 

characterisation of potential pollutant accumulation and persistence at the freshwater-

marine water interface should be assessed.  

As unusual weather patterns and climate change may have a significant impact on 

pharmaceutical distribution and potential environmental effects (Bernard et al., 2019; 

Godlewska et al., 2020), catchment and pollutant modelling should also be considered in 

future. This analysis can be performed for the River Dee for the target compounds and WQ 

parameters tested here, along with SEPA river flow and level logging data. It is important 

to model situations and predict potential environmental risks to enable quick responses 

following (for example) pollution events from WWTP overflows or flooding. This would 

create a more resilient system for intervention by catchment scientists, water regulators 

and environment protection bodies, rather than a ‘react and recover’ response. Low flow 

situations may present the most significant ecotoxicological risks/effects (Fairbairn et al., 

2016; Terzopoulou and Voutsa, 2016), and ecological (e.g., eutrophication) and sanitary 

(e.g., reduced clarity, increased odour) issues (Nilsson and Renöfält, 2008). However, 

pharmaceutical aqueous mobility, potential solid-phase transport and sorption/desorption 

behaviour in various flow situations, has been poorly characterised to date. Classifying and 

predicting these effects may be essential in mitigating environmental risk. 

Further monitoring efforts should also consider characterisation of pharmaceutical 

TPs and metabolites in environmental media. TPs lack historic monitoring data due to their 

presence in low concentrations, the requirement for highly sensitive analytical techniques 

for unambiguous analysis, expensive/unavailable reference standards and an overall lack 

of knowledge regarding their persistence and ecotoxicity (Evgenidou et al., 2015; Fatta-
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Kassinos et al., 2011; Ibáñez et al., 2017). This thesis recommends that future studies are 

undertaken to characterise TP formation and persistence during wastewater treatment, 

and in environmental media. A useful starting point may be expansion of the database 

developed in this work, and continued identification/incorporation of TPs from the 

literature. Those which retain the pharmacologically active site of the parent compound 

may be of highest priority, and inclusion of these compounds in targeted monitoring 

campaigns (e.g., EU WFD, UK CIP or SEPA monitoring) should be considered in future.  

6.4.3 Investigating pharmaceutical degradation 

Pharmaceutical fate in surface water is highly complex, with possible behaviour 

including interactions with solid media (e.g., sediment, suspended matter), biological 

degradation and abiotic degradation (photolysis, hydrolysis, etc.) (Li and Mclachlan, 2019; 

Wilkinson et al., 2017). Photodegradation and biological degradation are the main 

mechanisms for natural attenuation in the environment (Matamoros et al., 2009; Mathon 

et al., 2016); these processes may occur simultaneously resulting in variable 

pharmaceutical behaviour (e.g., persistence, TP formation, product redistribution between 

aqueous-solid phase). As natural reactions in surface water may significantly differ from 

those in simplified degradation experiments  (i.e., with pure aqueous media, single 

pharmaceutical solutions), there is an evident need to investigate pharmaceutical 

degradation at environmentally relevant concentrations in complex media (Li and 

Mclachlan, 2019; Poirier-Larabie et al., 2016; Yamamoto et al., 2009).  

Experimental work was planned (here) to identify degradation behaviour of three 

pharmaceuticals (in individual and mixture solutions) under controlled environmental 

conditions, when exposed to artificial light and naturally occurring aerobic bacteria in 

surface water. It was envisaged to characterise TP formation through HRMS analysis and 
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comparison with the database (following the suspect screening method in Chapter 4). 

However, this study was unsuccessful in applying controlled conditions to the experimental 

samples, due to various issues including temperature fluctuations, sample loss from 

evaporation and cross contamination. Nonetheless, useful lessons were learnt. At a small-

scale, improvements to the experimental design may consider use of the shake-flask 

method to oxygenate samples (Li and Mclachlan, 2019), compared to aeration through air 

pumps (Poirier-Larabie et al., 2016). However, it is also recommended to investigate 

degradation in real surface water, or mesocosms that mimic surface water with natural 

water chemistry, sediment/particulate matter and microorganisms (Yamamoto et al., 

2009). Open-air “ecosystems”, such as those developed by Biomatrix  

(https://www.biomatrixwater.com/) to investigate wastewater and surface water 

phytoremediation, may provide a realistic and controlled opportunity to further investigate 

pharmaceutical degradation behaviour and TP formation in environmental media.  

Such work may characterise if naturally occurring bacterial communities and 

environmental conditions (e.g., light exposure, water chemistry) in effluent-receiving 

surface water are sufficient to either adapt to (for biotic processes) and/or degrade 

pharmaceuticals at environmentally relevant concentrations. It is possible that biological 

degradation may be limited in rural environments, compared to urban areas, as 

microorganisms may be better acclimated to pharmaceutical presence in areas with 

significant point-source pollution (e.g., near WWTP discharge points) (Baena-Nogueras et 

al., 2017; Benotti and Brownawell, 2009). Additionally, pharmaceuticals are generally 

present in the mid ng/L range, compared to other major carbon pools (e.g., DOC and 

nutrients in the mid mg/L range) that may preferentially be consumed by microorganisms 

(Li and Mclachlan, 2019). Identification and isolation of the key active microorganism 

https://www.biomatrixwater.com/
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species in wastewater and surface water is therefore an important step in understanding 

biological degradation rates. Future work may then determine how to facilitate preferential 

consumption of pharmaceutical compounds in a variety of concentrations. Howe ver, 

careful consideration of the limitations to this approach (e.g., acute toxicity, development 

of AMR), and assessment of TP formation is required.  

6.5 Closing remarks 

Overall, this thesis provides initial insight into the occurrence, distribution and 

potential degradation of pharmaceuticals in rural wastewaters and surface waters in 

Scotland. The conclusions indicate that there are significant knowledge gaps regarding the 

presence and risks of pharmaceuticals in fresh water and coastal water in Scotland. In 

particular, rural areas may face significant challenges in wastewater management and 

environmental pollution as populations grow, WWTP infrastructure ages, wastewater 

volumes increase and pharmaceutical use and diversity continues to rise. In order to avoid 

potential adverse environmental and human health impacts, more research is needed to 

fill the knowledge gaps.  

Recommendations for further work include environmental monitoring for 

pharmaceutical-based compounds (parent drugs, TPs and metabolites) through a 

combination of passive and grab sampling. Long-term studies may then provide data for 

catchment modelling to predict pharmaceutical behaviour in various flow situations to 

build resilient pollution intervention systems. Additional site -specific research, to 

characterise mass balance contributions of pharmaceuticals from significant sources (e.g., 

hospitals and healthcare facilities), should be considered in support of the OHBP goals and 

pilot prescription formulary in the NHS Highland region. Also, future work should identify 

pharmaceutical degradation and TP formation as an important step in elucidating 
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pharmaceutical behaviour and fate in the aquatic environment. This future research is 

critical as it may provide evidence to policymakers on the significance of pharmaceutical 

pollution in the environment, and the potential risks associated with these compounds. 

This may result in implementation of new environmental quality standards, and legal 

regulations for maximum allowable concentrations of pharmaceuticals in surface water 

and final wastewater effluent.  

In addition, this research sought to further knowledge and expertise on 

pharmaceutical pollution through active networking, professional development and cross -

sector stakeholder engagement with OHBP members and collaborators. This thesis may 

contribute to the ongoing work of the OHBP in developing sustainable and innovative 

methods to successfully manage/treat wastewater, and in reducing subsequent 

environmental risk. However, it is evident that social interventions may also play an 

important role in minimising unnecessary pharmaceutical use and inappropriate disposal. 

Proactive steps to tackle this issue from the source (e.g., raising public awareness, altering 

prescribing activity) should be considered, while also investigating viable intervention 

points (e.g., separate treatment of the most polluted wastewater) and end-of-pipeline 

solutions (e.g., low cost, sustainable treatment technologies). Pharmaceutical pollution, 

and associated environmental impacts, can only be fully mitigated through the actions of 

researchers, policymakers, environment protection bodies, water regulators, healthcare 

practitioners, pharmaceutical manufacturers and consumers working together in open-

minded cooperation and collaboration. It is essential that future work continues to push 

this research and develop the dialogue between these key players for the protection and 

preservation of the environment.  
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Table A2.1. Database of common pharmaceutical transformation products of target compounds (bolded), with chemical formula, accurate mass,  theoretical mass to 
charge ratio ([M+H]+, [M-H]-, m/z) and reference standard availability. Also included is mass spectra availability in two advanced mass spectral online databases, MetlinTM 
(Scripps Research, USA, https://metlin.scripps.edu/) and mzCloudTM (Thermo Fisher Scientific, USA, https://www.mzcloud.org/). 

Name  Chemical 
Formula 

Exact Mass Ref Std? Metlin? Metlin ID mzCloud? mzCloud ID  [M+H]+ OR 
[M-H]- 

Carbamazepine C15H12N2O 236.0950 Parent Y 1489, 275024 Y 663 237.1022 

10,11 -Dihydro-10,11-
Dihydroxy Carbamazepine  

C15H14N2O3 270.1004 Ref Y 1494 Y 1005 271.1077 

2,3-Dihydroxycarbamazepine  C15H12N2O3  268.0847 Ref Y 71258 N 
 

269.0921 

10,11-Dihydrocarbamazepine C15H14N2O  238.1106 Ref Y 498851 Y 634 239.1179 

10-Hydroxy Carbamazepine  C15H12N2O2 252.0899 Ref Y 1495, 71257, 
365521 

N 
 

253.0972 

10,11-Dihydro-10-
Hydroxycarbamazepine  
(10-hydroxyCBZ) 

C15H14N2O2 254.1055 Ref Y 66662 Y 1858 255.1128 

Carbamazepine 10,11-
Epoxide 

C15H12N2O2 252.0898 Ref Y 1492 Y 1006 253.0972 

Carbamazepine N-
Glucuronide 

C20H20N2O7 400.1270 N Y 1491 N 
 

401.1343 

Carbamazepine-o-quinone  C15H10N2O3 266.0691 N Y 71260 N 
 

267.0764 

Acridine C13H9N 179.0735 Ref Y 336422 Y 641 180.0808 

Acridone or 9-acridanone C13H9NO 195.0684 Ref Y 338595 N 
 

196.0757 

Acridine-9-carboxaldehyde C14H9NO 207.0684 Ref Y 517361 N 
 

208.0757 

Hydroxy-acridine or  
acridin-4-ol 

C13H9NO 195.0684 Ref Y 444057 N 
 

196.0757 

         

Trimethoprim C14H18N4O3 290.1379 Parent Y 2956 Y 1167 291.1443 

https://metlin.scripps.edu/
https://www.mzcloud.org/
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3'-Hydroxytrimethoprim  C13H16N4O3 276.1222 Ref Y 2961 N 
 

277.1295 

Trimethoprim 1-N-oxide  C14H18N4O4 306.1328 Ref Y 2958 N 
 

307.1401 

α-Hydroxytrimethoprim C14H18N4O4 306.1328 Ref Y 2960 Y  8736 307.1401 

Trimethoprim 3-N-oxide C14H18N4O4 306.1328 Ref Y 2959 N 
 

307.1401 

Trimethoxybenzoylpyrimidine 
or 2,4-Diaminopyrimidin-5-
yl)-(3,4,5-
trimethoxyphenyl)methanone 

C14H16N4O4 304.1171 Ref N 
 

Y  8740 305.1244 

         

Fluoxetine C17H18F3NO 309.1340 Parent Y 276861 Y 4982.0000 310.1413 

Norfluoxetine  C16H16F3NO 295.1183 Ref Y 96329 Y 849 296.1257 

3-methylamino-1-
phenylpropan-1-ol 

C10H15NO 165.1153 Ref N 
 

N 
 

166.1153 

         

Paracetamol C8H9NO2 151.0633 Parent Y 265107 Y 291 152.0706 

3-Methoxy Acetaminophen  C9H11NO3  181.0738 Ref Y 864346 N 
 

182.0812 

N,N'-[Disulfanediylbis(4-
hydroxy-3,1-
phenylene)]diacetamide OR 
3’-Mercaptoacetaminophen 
Disulfide  

C16H16N2O4S2 364.0551 Ref Y 850220 N 
 

365.0624 

3-(Cystein-S-yl)paracetamol 
OR 3-
Cysteinylacetaminophen (+/-)  

C11H14N2O4S  270.0674 Ref Y 280269 N 
 

271.0747 

3-Hydroxyacetaminophen OR 
N-(3,4-
Dihydroxyphenyl)acetamide 

C8H9NO3  167.0582 Ref Y 810844 N 
 

168.0655 
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4-Acetamidophenyl β-D-
Glucuronide  

C14H17NO8  327.0954 Ref Y 488 Y 292 328.1027 

Acetylsalicylic Acid Acyl-β-D-
glucuronide  

C15H16O10  356.0743 N Y 801262 N 
 

357.0816 

N-Acetylbenzoquinoneimine  C8H7NO2  149.0476 N Y 578 N 
 

150.055 

S-Methyl-3-
thioacetaminophen  

C9H11NO2S 197.0510 Ref Y 810965 N 
 

198.0583 

3-Carboxy paracetamol or N-
acetyl mesalazine 

C9H9NO4 195.0531 Ref Y 292553 Y 504 196.0604 

         

Clarithromycin C38H69NO13 747.4769 Parent Y 1786, 275557 Y 1011 748.4842 

n-desmethyl-clarithromycin C37H67NO13 733.4612 Ref Y 610648 N 
 

734.4685 

14-OH-clarithromycin or 
clarithromycin-N-oxide 

C38H69NO14 763.4718 Ref N 1860 Y 3138 764.4791 

deaminated Clarithromycin C36H63O14 719.4217 Ref N 
 

N 
 

720.4217 

Acetalised Clarithromycin C38H69NO13 747.4769 Ref N 
 

N 
 

748.4769 

         

Diclofenac C14H11Cl2NO2 295.0167 Parent Y 276045, 1995 Y 692 294.0094 

4'-hydroxy diclofenac or 3'-
hydroxy diclofenac 

C14H11Cl2NO3 311.0116 Ref Y 1996, 85326 Y 3054 312.0189 

5-Hydroxy diclofenac   C14H11Cl2NO3 311.0116 Ref Y 85027 Y 3055 312.0188 

1-(2,6-dichlorophenyl)-1,3-
dihydro-2H-indol-2-one OR 
diclofenac impurity A 

C14H9Cl2NO 277.0061 Ref Y 316643 Y 4980 278.0134 

8-chlorocarbazole-1-acetic 
acid 

C14H10ClNO2 259.0397 Ref N 
 

N 
 

260.0473 
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diclofenac Acyl-B-D-
glucuronide (+/-) 

C20H19Cl2NO8 471.0488 Ref N 
 

N 
 

472.0488 

         

Ibuprofen C13H18O2 206.1306 Parent Y 572, 266141 Y 4520 207.138 

Hydroxyibuprofen C13H18O3 222.1256 Ref Y 691 Y 7300 221.1183 

Carboxyibuprofen or IBU 
metabolite B 

C13H16O4 236.1049 Ref Y 692 Y 7301 235.0976 
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Table A3.1. Target pharmaceutical compounds and isotopically labelled internal standards (ILIS) with pharmaceutical class, abbreviation (Abbr.), retention time (RT, min), 

and mass spectrometric parameters (electrospray ionisation mode (ESI, +/-), cone voltage (CV, V), collision energy (CE, eV)).   

Compound Class Abbr. Molecular  
Structure 

MW (amu) RT  
(min) 

ESI+/- Precursor 
Ion 

CV 
(V) 

Product  
Ions 

CE 
(eV) 

Diclofenac NSAID DCF 

 

296  3.1 - 294 35 250 
214 

8 
18 

Diclofenac-d4 ILIS DCF-d4  300 3.0 - 298 35 254 
217 

8 
18 

Ibuprofen * NSAID IBU 

 

206 
 
 
 

2.5 - 205 35 161 4 

Ibuprofen-d3 ** ILIS IBU-d3  209 2.1 - 208 35 163 4 
Paracetamol Analgesic PAR 

 

151 3.1 + 152 45 110 
93 

10 
16 

Paracetamol-d4 ILIS PAR-d4 
 155 2.6 + 156 45 114 

97 
10 
16 

Trimethoprim Antibiotic      TRI 

 

290 10.9 + 291 60 230 
261 

20 
20 

Trimethoprim-d9 ILIS     TRI-d9  299 10.9 + 300 60 264 
234 

20 
20 
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Clarithromycin Antibiotic 
 

CLAR 

 

748 18.0 + 749 60 158 
590 

26 
16 

Roxithromycin ILIS ROX  837 17.9 + 838 60 679 
158 

26 
16 

Carbamazepine Anti-
epileptic 

 

CBZ 

 

236 17.1 + 237 60 194 
192 

14 
16 

Carbamazepine-
d10 

ILIS CBZ-d10  246 17.0 + 247 60 204 
201 

14 
16 

Fluoxetine Anti-
depressant 

FLX 

 

309 18.4 + 310 35 44 
148 

8 
6 

Fluoxetine-d5 ILIS FLX-d5 
 314 18.3 + 315 35 44 

153 
8 
6 
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17α- 
Ethynylestradiol 

Synthetic 
Hormone 

EE2 

 

296 14.5 - 295 115 145 
159 

28 
30 

Estrone-d2 ILIS E1D2  272 14.6 - 271 105 145 
159 

28 
28 

17β-Estradiol-d5 
** 

ILIS E2D5  277  - 276 115 187 
147 

28 
28 

* All compounds have two abundant product ions, except ibuprofen, for which only one product ion was monitored due to the poor fragmentation.   

**IBU-d3 and 17B-Estradiold5 were not included in Chapter 3 analysis, but added to method for Chapters 4 and 5 analysis.   
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Figure A3.1. Overlay chromatogram of a reference standard (300 µg/L mixed pharmaceuticals with 50 µg/L internal standards), with quantitation ion and retention time 
shown, for ESI+ mode (A) and ESI- mode (B) compounds. 
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Figure A3.2. Example chromatogram of a CGH discharge sample, with target compounds and retention time indicated, for ESI + mode (A) and ESI- mode (B) compounds. 
EE2 not detected in wastewater samples.   
A. 

 



 

270 
 
 

 

B.  

 

 

 

 

  



 

271 
 
 

Table A3.2. Morning (am) and afternoon (pm) mean concentrations (± standard deviation) and range of pharmaceuticals. The number of detects (n), detection frequency 
(DF, %), limit of quantification (LOQ, ng/L) and relative standard deviation (RSD, %) are included. Results of two sample t -test (p value by am or pm) and significance level 
(*, **, ***; <0.05, <0.01, <0.001) are indicated. ND = not detected, NA = not applicable. 

Pharmaceutical Sample 
LOQ 

(ng/L) 
am/pm n DF (%) Range (ng/L) 

Mean Conc (± SD) 

(ng/L) 

RSD 

(%) 
p value 

Paracetamol CGH Discharge  am 9 100 7959 – 54912  28236 (± 18499) 65 0.409 

  pm 11 100 8873 – 105910  37384 (± 29472) 78  

WWTP Influent 0.78 am 9 100 5848 – 105780  71346 (± 33936) 47 0.591 

  pm 10 100 20021 – 99076  64006 (± 22596) 35  

WWTP Effluent  am 9 100 516 – 13413  4920 (± 4610) 93 0.069 

  pm 10 100 1823 – 36201  11849 (± 9940) 83  

Ibuprofen  CGH Discharge  am 4 44 ND – 265  88 (± 120) 135 0.534 

  pm 5 45 ND – 675  180 (± 277) 153  

WWTP Influent 0.78 am 9 100 6 – 6018  800 (± 1959) 244 0.370 

  pm 10 100 5 – 844  175 (± 294) 167  

WWTP Effluent  am 7 77 ND – 128  46 (± 53) 113 0.243 

  pm 7 70 ND – 178  94 (± 69) 74  

Diclofenac  CGH Discharge  am 6 66 ND – 108  33 (± 37) 111 0.275 

  pm 9 81 ND – 593  106 (± 184) 172  

WWTP Influent 0.77 am 7 77 ND – 340  188 (± 111) 59 0.822 

  pm 5 50 ND – 392  206 (± 144) 69  

WWTP Effluent  am 3 33 ND – 193  116 (± 84) 72 0.743 

  pm 4 40 ND – 250  91 (± 108) 118  

Clarithromycin  CGH Discharge  am 4 44 ND – 1689  745 (± 648) 86 0.583 

  pm 5 45 ND – 7940  1289 (± 3493) 206  

WWTP Influent 0.81 am 5 55 ND – 830  284 (± 317) 111 0.670 
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  pm 6 60 ND – 431  215 (± 150) 69  

WWTP Effluent  am 9 100 60 – 836  375 (± 261) 69 0.950 

  pm 10 100 177 – 754  368 (± 191) 51  

Trimethoprim  CGH Discharge  am 8 88 ND – 599  287 (± 218) 76 0.337 

  pm 9 81 ND – 9111  1289 (± 2939) 227  

WWTP Influent 0.78 am 9 100 155 – 2170  683 (± 592) 86 0.655 

  pm 10 100 165 – 1995  566 (± 529) 93  

WWTP Effluent  am 8 88 ND – 634  444 (± 160) 46 0.910 

  pm 8 80 ND – 544  437 (± 94) 21  

Carbamazepine  CGH Discharge  am 9 100 4 – 25  11 (± 7) 69 0.515 

  pm 11 100 3 – 47  14 (± 13) 94  

WWTP Influent 0.81 am 9 100 49 – 684  309 (± 252) 81 0.947 

  pm 10 100 40 – 403  303 (± 105) 34  

WWTP Effluent  am 9 100 212 – 709  452 (± 152) 33 0.843 

  pm 10 100 267 – 626  465 (± 121) 26  

Fluoxetine  CGH Discharge  am 3 33 ND – 37  25 (± 11) 43 0.137 

  pm 4 36 ND – 15  10 (± 3) 34  

WWTP Influent 3.60 am 3 33 ND – 46  25 (± 19) 76 0.308 

  pm 2 20 ND – 10  10 (± 1) 3  

WWTP Effluent  am 3 33 ND – 29  16 (± 12) 74 NA++ 

  pm 0 0 ND ND NA  
+ 17α- ethynylestradiol (EE2) was not detected. 

++ No t-test performed for fluoxetine (FLX) in WWTP effluent as it was not detected in PM samples.  
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Table A3.3. Weekly (weeks 1 – 4) mean concentrations (± standard deviation) and range of pharmaceuticals. The number of detects (n), detection frequency (DF, %) and 
relative standard deviation (RSD, %) are included. Results of two-way ANOVA test (p value sampling week*wastewater type) and significance level (*, **, ***; <0.05, 
<0.01, <0.001) are included. ND = not detected, NA = not applicable. 

Pharmaceutical Sample 
LOQ 

(ng/L) 
Week n DF (%) Range (ng/L) 

Mean Conc (± SD) 

(ng/L) 

RSD  

(%) 
p week*type 

Paracetamol 

 

  

CGH Discharge  1 5 100 7959 – 47843  23937 (± 18429) 76 0.198 

   2 5 100 9307 – 105910  47699 (± 36755) 77  

   3 5 100 11464 – 43703  21578 (± 12783) 59  

   4 5 100 8359 – 62778  39853 (± 22615) 56  

WWTP Influent 0.78 1 5 100 20022 – 65116  44724 (± 16628) 37  

   2 4 100 57874 – 1008766  76085 (± 19088) 25  

   3 5 100 57824 – 105780  85538 (± 21616) 25  

   4 5 100 5848 – 99076  65306 (± 36933) 56  

WWTP Effluent  1 5 100 518 – 13413  5261 (± 5088) 96  

   2 4 100 1823 – 18252  8007 (± 7107) 88  

   3 5 100 984 – 36201  13327 (± 13647) 102  

   4 5 100 516 – 14669  7560 (± 5301) 70  

Ibuprofen 

 

  

CGH Discharge  1 3 60 ND – 72  44 (± 30) 76 0.840 

   2 2 40 ND – 265  166 (± 138) 83  

   3 1 20 ND – 9  9 NA  

   4 3 60 ND – 675  259 (± 360) 138  

WWTP Influent 0.78 1 5 100 5 – 6018  1228 (± 2677) 217  

   2 4 100 16 – 97  35 (± 41) 114  

   3 5 100 48 – 597  258 (± 226) 87  

   4 5 100 28 – 844  276 (± 325) 117  

WWTP Effluent  1 3 60 ND – 35  17 (± 15) 87  
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   2 3 75 ND – 16  10 (± 5) 54  

   3 4 80 ND – 178  147 (± 24) 16  

   4 4 80 ND – 150  90 (± 45) 49  

Diclofenac 

 

  

CGH Discharge  1 4 80 ND – 49  29 (± 15) 53 0.589 

   2 4 80 ND – 593  218 (± 250) 150  

   3 4 80 ND – 40  20 (± 13) 65  

   4 3 60 ND – 52  29 (± 21) 72  

WWTP Influent 0.77 1 2 40 ND – 177  141 (±50) 35  

   2 2 50 ND – 340  320 (± 29) 9  

   3 3 60 ND – 257  130 (± 117) 90  

   4 5 100 17 – 392  208 (± 139) 67  

WWTP Effluent  1 1 20 ND – 131  131 NA  

   2 1 25 ND – 18  18 NA  

   3 2 40 ND – 27  27 (± 1) 4  

   4 3 60 ND – 250  171 (± 92) 54  

Clarithromycin 

 

  

CGH Discharge  1 3 60 ND – 7940  2992 (± 4286) 143 0.336 

   2 2 40 ND – 149  104 (± 63) 60  

   3 2 40 ND – 1689  951 (± 1043) 109  

   4 2 40 ND – 255  174 (± 114) 65  

WWTP Influent 0.81 1 3 60 ND – 431  222 (± 213) 95  

   2 2 50 ND – 102  68 (± 48) 70  

   3 2 40 ND – 830  488 (± 484) 99  

   4 4 80 ND – 340  233 (± 79) 34  

WWTP Effluent  1 5 100 320 – 447  384 (± 58) 15  

   2 4 100 137 – 292  238 (± 71) 30  

   3 5 100 447 – 836  672 (± 146) 21  
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   4 5 100 60 – 258  165 (± 78) 47  

Trimethoprim 

 

  

CGH Discharge  1 3 60 ND – 451  300 (± 137) 45 0.783 

   2 5 100 76 – 9111  2107 (± 3922) 186  

   3 4 80 ND – 518  218 (± 234) 107  

   4 5 100 123 – 599  319 (± 200) 62  

WWTP Influent 0.78 1 5 100 155 – 805  471 (± 257) 54  

   2 4 100 268 – 2170  1177 (± 1047) 88  

   3 5 100 414 – 778  521 (± 151) 29  

   4 5 100 165 – 711  427 (± 199) 46  

WWTP Effluent  1 3 60 ND – 441  319 (± 108) 34  

   2 3 75 ND – 498  436 (± 55) 12  

   3 5 100 348 – 628  498 (± 116) 23  

   4 5 100 249 – 634  458 (± 154) 33  

Carbamazepine 

 

  

CGH Discharge  1 5 100 6 – 47  20 (± 19) 92 0.015* 

   2 5 100 4 – 9  6 (± 1) 27  

   3 5 100 3 – 12  8 (± 3) 46  

   4 5 100 7 – 25  16 (± 7) 48  

WWTP Influent 0.81 1 5 100 40 – 403  139 (± 154) 111  

   2 4 100 329 – 517  393 (± 84) 21  

   3 5 100 224 – 684   446 (± 192) 43  

   4 5 100 51 – 363  263 (± 128) 48  

WWTP Effluent  1 5 100 212 – 487  320 (± 113) 35  

   2 4 100 353 – 566  463 (± 97) 21  

   3 5 100 389 – 709  523 (± 132) 25  

   4 5 100 437 – 626  532 (± 81) 15  
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Fluoxetine 

 

  

CGH Discharge 1 2 40 ND – 16  15 (± 1) 6 NA 

   2 2 40 ND – 10  10 (± 1) 8  

   3 2 40 ND – 37  22 (± 22) 100  

   4 1 20 ND – 21  21 NA  

WWTP Influent 3.60 1 3 60 ND – 46  23 (± 20) 88  

   2 1 20 ND – 9  9 NA  

   3 0 0 ND ND NA  

   4 1 20 ND – 15  15 NA  

WWTP Effluent  1 0 0 ND ND NA  

   2 1 25 ND – 29  29 NA  

   3 0 0 ND ND NA  

   4 2 40 ND – 11  9 35  
+ 17α- ethynylestradiol (EE2) was not detected. 

++ No ANOVA test performed for fluoxetine (FLX) as sample size was low.   
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Figure A3.3. Plots of flow to full treatment (FFT, cubic meters per day) versus WWTP total influent (A) and WWTP total effluent (B) pharmaceutical concentrations (ng/L); 

and carbamazepine influent (C) and effluent (D) concentrations (ng/L). Linear trendline fitted to show relationships, with p values shown. 

 

 

A 
B 

C D 
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Table A3.4. General physico-chemical properties of all samples, including mean (± standard deviation) and range of values quantified in the five water types. The number 
of detects (n), detection frequency (DF, %), limit of quantification (LOQ) and relative standard deviation (RSD, %) are included. Results of one-way ANOVA test included 
(p value by water type) and significance level (*, **, ***; <0.05, <0.01, <0.001) are indicated. ND = not detected, NA = not applicable.  

Parameter (unit) Sample LOQ n DF (%) Range 
Mean Value 

(± SD) 
RSD (%) p value 

pH Loch Calder Source   4 100 7.50 – 7.66 7.58 (± 0.07) 1 0.0127* 

  CGH Tap Water   4 100 7.15 – 7.62 7.47 (± 0.22) 2  

  CGH Discharge  0.001 20 100 5.02 – 7.93 7.37 (± 0.65) 8  

  WWTP Influent   19 100 7.44 – 7.96 7.75 (± 0.16) 2  

  WWTP Effluent   19 100 7.01 – 7.55 7.34 (± 0.12) 1  

Conductivity (µS/cm) Loch Calder Source   4 100 215 – 230  222 (± 7) 3 <0.001*** 

  CGH Tap Water   4 100 262 – 293  277 (± 14) 5  

  CGH Discharge  1.0 20 100 499 – 1538  965 (± 240) 24  

  WWTP Influent   19 100 607 – 2685  1185 (± 421) 35  

  WWTP Effluent   19 100 663 – 1880  1242 (± 348) 28  

Turbidity (NTU) Loch Calder Source   4 100 1.60 – 4.10  3.15 (± 1.08) 34 <0.001*** 

  CGH Tap Water   4 100 0.20 – 1.00  0.45 (± 0.36) 82  

  CGH Discharge  0.1 20 100 13 – 277  80 (± 74) 92  

  WWTP Influent   19 100 28 – 263  85 (± 52) 62  

  WWTP Effluent   19 100 2.7 – 42  6.9 (± 8.8) 128  

Suspended solids 
(mg/L) 

Loch Calder Source  4 100 0.12 – 4.70  2.07 (± 2.05) 98 <0.001*** 

CGH Tap Water  2 50 ND – 0.40  0.26 (± 0.11) 43  

  CGH Discharge 0.1 20 100 27 – 552  182 (± 140) 77  

  WWTP Influent  19 100 40 – 227  114 (± 48) 42  

  WWTP Effluent  19 100 3 – 35  10 (± 9) 82  

Loch Calder Source  4 100 13 – 22  18 (± 4) 22 <0.001*** 
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Chemical Oxygen 
Demand (mg/L) 

CGH Tap Water  2 50 ND – 6  5 (± 1) 28  

CGH Discharge 4 20 100 100 – 1113  439 (± 294) 67  

  WWTP Influent  19 100 105 – 490  269 (± 116) 43  

  WWTP Effluent  19 100 10 – 44  28 (± 10) 38  

Dissolved Organic 
Carbon (mg/L) 

Loch Calder Source  4 100 4 – 7  5 (± 1) 25 <0.001*** 

CGH Tap Water  2 50 ND – 4  2 (± 2) 97  

  CGH Discharge 0.47 20 100 42 – 386  107 (± 78) 73  

  WWTP Influent  19 100 17 – 58  39 (± 13) 35  

  WWTP Effluent  16 84 ND – 17  7 (± 3) 52  

Dissolved Inorganic 
Carbon (mg/L) 

Loch Calder Source  4 100 12 – 13  13 (± 1) 2 <0.001*** 

CGH Tap Water  4 100 10 – 11  11 (± 1) 3  

  CGH Discharge 0.14 19 95 ND – 40  23 (± 9) 41  

  WWTP Influent  19 100 31 – 70  52 (± 10) 19  

  WWTP Effluent  19 100 30 – 61  49 (± 9) 18  
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Table A3.5. Mean nutrient/ion concentrations (± standard deviation) and range quantified in the five water types. The number of detects (n), detection frequency (DF, 
%), limit of quantification (LOQ, mg/L) and relative standard deviation (RSD, %) are included. Results of one-way ANOVA test included (p value by water type) and 
significance level (*, **, ***; <0.05, <0.01, <0.001) are indicated. ND = not detected, NA = not applicable.  

Parameter Sample LOQ n DF (%) 
Range 
(mg/L) 

Mean Conc (± 
SD) (mg/L) 

RSD (%) p value 

Ammonium-Nitrogen Loch Calder Source  2 50 ND – 0.017 0.011 (± 0.007) 67 <0.001***  
CGH Tap Water  4 100 0.25 – 0.29 0.27 (± 0.01) 5  

  CGH Discharge 0.001 20 100 1 – 4 2 (± 1) 32  

  WWTP Influent  19 100 3 – 20  10 (± 4) 46  

  WWTP Effluent  19 100 1 – 16  8 (± 4) 48  

Total Oxidised 
Nitrogen 

Loch Calder Source  3 75 ND – 0.12 0.10 (± 0.02) 22 <0.001*** 

CGH Tap Water  4 100 0.06 – 0.08 0.07 (± 0.01) 16  

CGH Discharge 0.007 20 100 0.17 – 0.48 0.35 (± 0.08) 23  

  WWTP Influent  18 94 ND – 1.85 0.78 (± 0.44) 56  

  WWTP Effluent  19 100 0.03 – 1.72 0.41 (± 0.43) 104  

Soluble Reactive  Loch Calder Source  1 25 ND – 0.014 0.014 NA <0.001*** 

Phosphorous  CGH Tap Water  4 100 1.0 – 1.4 1.2 (± 0.01) 13  

  CGH Discharge 0.001 20 100 0.2 – 19  3.9 (± 3.0) 98  

  WWTP Influent  19 100 0.3 – 3.4 1.8 (± 0.8) 44  

  WWTP Effluent  19 100 0.2 – 1.6 0.7 (± 0.4) 54  

Sulphate Loch Calder Source  3 75 ND – 5  5 (± 1) 1 <0.001*** 

  CGH Tap Water  4 100 33 – 38  35 (± 1) 5  

  CGH Discharge 0.2 20 100 3 – 67  38 (± 10) 28  

  WWTP Influent  19 100 50 – 142  66 (± 19) 29  

  WWTP Effluent  18 94 ND – 92  60 (± 13) 22  

Chloride Loch Calder Source  0 0 ND ND   NA 0.372 
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  CGH Tap Water  0 0 ND ND NA  

  CGH Discharge 35 20 100 108 – 431  243 (± 90) 37  

  WWTP Influent  19 100 132 – 812  256 (± 158) 61  

  WWTP Effluent  19 100 143 – 633  298 (± 118) 39  
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Table A3.6. Mean dissolved metal concentrations (± standard deviation) and range quantified in the five water types. The number of detects (n), detection frequency 
(DF, %), limit of quantification (LOQ, mg/L) and relative standard deviation (RSD, %) are included. Results of one-way ANOVA test included (p value by water type) and 
significance level (*, **, ***; <0.05, <0.01, <0.001) are indicated. ND = not detected, NA = not applicable. 

Metal Sample 
LOQ  

(µg/L) 
n DF (%) Range (µg/L) 

Mean Conc (± SD)  
(µg/L) 

RSD 
(%) 

p value 

Aluminium Loch Calder Source  4 100 14 – 23  18 (± 4) 22 0.001*** 

  CGH Tap Water  2 50 ND – 12  10 (± 2) 18  

  CGH Discharge 8 19 95 ND – 66  22 (± 13) 60  

  WWTP Influent  19 100 19 – 75  30 (± 14) 48  

  WWTP Effluent  17 89 ND – 51  17 (± 9) 53  

Arsenic Loch Calder Source  0 0 ND ND NA 0.969 

  CGH Tap Water  0 0 ND ND NA  

  CGH Discharge 25 1 5 ND – 25  25 NA  

  WWTP Influent  1 5 ND – 38  38 NA  

  WWTP Effluent  2 10 ND – 71  49 (± 30) 62  

Calcium Loch Calder Source  4 100 15747 – 17652  16829 (± 794) 4 <0.001*** 

  CGH Tap Water  4 100 23208 – 24923  24359 (± 778) 3  

  CGH Discharge 50 20 100 17470 – 45229  31206 (± 5912) 18  

  WWTP Influent  19 100 42455 – 83596  65308 (± 11039) 16  

  WWTP Effluent  19 100 42025 – 76330  64747 (± 10364) 16  

Copper Loch Calder Source  0 0 ND ND NA <0.001*** 

  CGH Tap Water  4 100 16 – 22  18 (± 2) 3  

  CGH Discharge 1 19 85 ND – 38  18 (± 8) 44  

  WWTP Influent  19 100 4 – 13  7 (± 2) 29  

  WWTP Effluent  11 57 ND – 11  3 (± 2) 87  

Iron Loch Calder Source  4 100 113 – 165  129 (± 24) 18 <0.001*** 
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  CGH Tap Water  1 25 ND – 14  14 NA  

  CGH Discharge 1 20 100 51 – 625  190 (± 138) 72  

  WWTP Influent  19 100 124 – 941  285 (± 210) 73  

  WWTP Effluent  19 100 27 – 134  47 (± 23) 49  

Potassium Loch Calder Source  4 100 1069 – 1169  1124 (± 46) 4 <0.001*** 

  CGH Tap Water  4 100 1096 – 1193  1146 (± 45) 3  

  CGH Discharge 11 20 100 9510 – 23220  14349 (± 3358) 23  

  WWTP Influent  19 100 7204 – 21112  10594 (± 3043) 28  

  WWTP Effluent  19 100 5803 – 13812  9434 (± 2119) 22  

Magnesium Loch Calder Source  4 100 5199 – 5850  5564 (± 270) 4 <0.001*** 

  CGH Tap Water  4 100 5202 – 5594  5404 (± 219) 4  

  CGH Discharge 13 20 100 3965 – 10631  7272 (± 1434) 19  

  WWTP Influent  19 100 12989 – 57564  21225 (± 9589) 45  

  WWTP Effluent  19 100 13070 – 33578  20369 (± 4963) 24  

Manganese Loch Calder Source  4 100 3 – 8  5 (± 2) 43 <0.001*** 

  CGH Tap Water  4 100 1 – 3  2 (± 1) 40  

  CGH Discharge 0.1 20 100 7 – 19  11 (± 3) 29  

  WWTP Influent  19 100 33 – 150  97 (± 33) 34  

  WWTP Effluent  19 100 16 – 171  105 (± 50) 48  

Sodium Loch Calder Source  4 100 14127 – 16069  15317 (± 910) 5 <0.001*** 

  CGH Tap Water  4 100 17084 – 18926  18048 (± 987) 5  

  CGH Discharge 62 20 100 66538 – 273341  160731 (± 53070) 33  

  WWTP Influent  19 100 90316 – 430619  157732 (± 79531) 50  

  WWTP Effluent  19 100 99188 – 328739  177696 (± 63406) 35  

Nickel Loch Calder Source  0 0 ND ND NA 0.112 

  CGH Tap Water  0 0 ND ND NA  
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  CGH Discharge 2.0 4 20 ND – 3.2 2.7 (± 0.3) 12  

  WWTP Influent  10 52 ND – 6.6 3.9 (± 1.4) 38  

  WWTP Effluent  8 50 ND – 4.1 2.8 (± 0.5) 188  

Lead Loch Calder Source  0 0 ND ND NA 0.563 

  CGH Tap Water  0 0 ND ND NA  

  CGH Discharge 7 1 5 ND – 16  16 NA  

  WWTP Influent  0 0 ND ND NA  

  WWTP Effluent  1 5 ND – 9 9 NA  

Sulphur Loch Calder Source  4 100 1654 – 1736  1702 (± 34) 2 <0.001*** 

  CGH Tap Water  4 100 11312 – 11919  11571 (± 254) 2  

  CGH Discharge 73 20 100 10761 – 14625  12673 (± 1083) 8  

  WWTP Influent  19 100 16973 – 47691  22426 (± 6587) 29  

  WWTP Effluent  19 100 12522 – 30832  20490 (± 4358) 21  

Zinc Loch Calder Source  4 100 2 – 3  2 (± 1) 22 <0.001*** 

  CGH Tap Water  3 75 ND – 3  3 NA  

  CGH Discharge 2 20 100 44 – 545  166 (± 116) 69  

  WWTP Influent  19 100 30 – 221  74 (± 44) 60  

  WWTP Effluent  19 100 24 – 136  69 (± 41) 60  
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Table A4.1. Target pharmaceutical compounds for HRMS analysis, with chemical formula, molecular structure, exact mass (amu), theoretical mass (m/z), observed mass 
(m/z), retention time (RT), mass tolerance (Δppm) values shown (ESI+ and ESI- modes). Ibuprofen and 17α-ethynylestradiol were not included in the HRMS analysis*. 

Compound 
(Abbr.) 

Class Chemical 
Formula 

Molecular  
Structure 

 

Exact mass 
(amu) 

RT  
(min) 

ESI+/- Theoretical 
Mass (m/z) 

Observed 
Mass (m/z) 

Δppm 

Diclofenac 
(DCF) 

NSAID C14H12Cl2NO2  

 
295.0167 11.92 - 294.0094 294.0090 -1.3 

Diclofenac-d4 

(DCF-d4) 
ILIS C14H8Cl2NO2D4  299.0417 11.88 -  298.0339  

Paracetamol 
(PAR) 

Analgesic C8H9NO2 

 

151.0633 3.13 + 152.0704 152.0703 -0.6 

Paracetamol-d4 

(PAR-d4) 
ILIS C8H5NO2D4  155.0884 3.09 +  156.0954  

Trimethoprim 
(TRI) 

Antibiotic C14H18N4O3  290.1379 8.13 + 291.1443 291.1442 -0.3 

Trimethoprim-d9  

(TRI-d9) 
ILIS C14H9N4O3D9  299.1943 8.02 +  300.2011  
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*Ibuprofen and 17α-ethynylestradiol were not included in HRMS analysis due to poor ionisation, and time constraints on method optimisation for sample analysis.   

 

Carbamazepine 
(CBZ) 

Anti-
epileptic 

 

C15H12N2O 

 

236.0650 13.54 + 237.1022 237.1019 -1.2 

Carbamazepine-
d10  

(CBZ-d10) 

ILIS C15H2N2OD10  246.1577 13.43 +  247.1648  

Clarithromycin 
(CLAR) 

Antibiotic 
 

C38H69NO13 

 

747.4769 14.84 + 748.4842 748.4824 -2.0 

Roxithromycin 
(ROX) 

ILIS 
 

C41H76N2O15  836.5245 15.05 + 837.5308 837.5294 -1.6 

Fluoxetine 
(FLX) 

Anti-
depressant 

C17H18F3NO 

 

309.1340 15.13 + 310.1413 310.1407 -1.9 

Fluoxetine-d5 
(FLX-d5) 

ILIS C17H13F3NOD5  314.1654 15.09 +  315.1721  
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Figure A4.1. Example LC-HRMS chromatograms of parent compounds and ILIS in reference standard (500 µg/L mixed pharmaceuticals and 50 µg/L ILIS), with mass 
spectra and retention time shown (ESI+ and ESI- modes). 
A. Paracetamol  
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B. Paracetamol-d4 
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C. Trimethoprim 
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D. Trimethoprim-d9 
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E. Carbamazepine 
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F. Carbamazepine-d10 
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G. Clarithromycin 

 



 

294 
 
 

H. Roxithromycin 
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I. Fluoxetine 
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J. Fluoxetine-d5 
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K. Diclofenac 
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L. Diclofenac-d4 
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Table A4.2. Water quality properties of all samples, including mean (± standard deviation) and range of values quantified in the five water types. The number of detects 
(n), detection frequency (DF, %), limit of quantification (LOQ) and relative standard deviation (RSD, %) are included. Results of one-way ANOVA test included (p value, by 
site) with significance level (*,**,***; <0.05, <0.01, <0.001) indicated and post-hoc letterings (a, b, c) included are indicated. ND = not detected, NA = not applicable. 

Parameter (unit) Sample LOQ n DF (%) 
 

Range Mean (± SD) 
 

RSD (%) p value 
 

  

 

 

pH 

CGH Discharge   7 100  7.67 – 8.20   8.00 (± 0.17) ab  2   

WWTP Influent   7 100  7.86 – 8.32  8.12 (± 0.17) a  2   

WWTP Primary  0.001 6 100  7.66 – 7.92  7.76 (± 0.09) bc  1 <0.001***  

 WWTP Secondary   6 100  7.33 – 7.87   7.64 (± 0.19) c  2   

 WWTP Effluent   7 100  7.52 – 7.96  7.73 (± 0.15) bc  2   

Turbidity (NTU) 

CGH Discharge   7 100  18 – 200  84 (± 69) a  82   

WWTP Influent   7 100  65 – 144  99 (± 31) a  32   

WWTP Primary  0.1 6 100  55 – 852   373 (± 310) b  83 0.0013**  

WWTP Secondary   0 0  NA**  NA  NA   

WWTP Effluent   7 100  2 – 6  4 (± 1) a  24   

Conductivity 

(µS/cm) 

CGH Discharge   7 100  434 – 1243 807 (± 269) a  33   

WWTP Influent  7 100  669 – 1386 1036 (± 225) a  21   

WWTP Primary 1.0 6 100  1015 – 2688   1998 (± 815) b  40 <0.001***  

WWTP Secondary  6 100  772 – 1400   1133 (± 242) a  21   

WWTP Effluent   7 100  954 – 1769  1237 (± 271) a  21   

Dissolved Organic 

Carbon (mg/L) 

CGH Discharge   7 100  53 – 198  114 (± 51) a  44   

WWTP Influent   7 100  30 – 84  49 (± 19) ab  38   

WWTP Primary  0.50 6 100  41 – 244  87 (± 77) a  88 <0.001***  

WWTP Secondary   6 100  4 – 22  12 (± 7) b  60   

WWTP Effluent   7 100  3 – 27  11 (± 8) b  74   
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Dissolved Inorganic 

Carbon (mg/L) 

CGH Discharge   7 100  14 – 30  25 (± 5) a  20   

WWTP Influent  7 100  35 – 61  53 (± 10) b  19   

WWTP Primary 0.10 6 100  45 – 58   51 (± 4) b  7 <0.001***  

WWTP Secondary  6 100  29 – 57  47 (± 11) b  23   

WWTP Effluent   7 100  29 – 58  46 (± 11) b  25   

Total Suspended 

Solids (mg/L) 

CGH Discharge   7 100  125 – 479  215 (± 126) a  58   

WWTP Influent   7 100  123 – 1174  345 (± 379) a  109   

WWTP Primary 0.1 6 100  230 – 619   452 (± 131) ab  29 0.0017**  

WWTP Secondary  6 100  197 – 2416  1049 (± 857) b  81   

WWTP Effluent   7 100  2 – 25  12 (± 9) a  77   

** No WWTP secondary sample turbidity data as unable quantify turbidity (outside upper limit of instrument, >1000 NTU)  
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Table A5.1. Description and GPS coordinates of sampling sites on the River Dee (Aberdeenshire).  

Sample ID Location description GPS coordinates 

1 
Aberdeen city, Riverside drive, Bridge o'Dee, above 
the estuary line of the Dee estuary 57.123880, -2.118956 

2 
Cults, Paul Lawry golf course, above the Inchgarth 
reservoir abstraction site and drinking water 
treatment works 57.113498, -2.173866 

3 
Banchory, approx. 50 m below WWTP discharge 
site 57.054853, -2.473935 

4 Banchory, WWTP effluent discharge pipe 57.054064, -2.475838 

5 
Banchory, approx. 20 m above abstraction site of 
the Invercannie drinking water treatment works 57.056804, -2.587643 

6 Aboyne, apx. 100 m below WWTP discharge site  57.070987, -2.749677 
7 Aboyne, apx. 30 m above WWTP discharge site 57.071731, -2.753464 

8 
Braemar, Linn of Dee road, approx. 2 km above the 
town  57.005913, -3.412640 
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Figure A5.1. Example chromatograms of ESI+ (A) and ESI- (B) compounds for a POCIS sample, and a reference standard (C, ESI+ and D ESI-).   
A 
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B 
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C 
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D 
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Method A5.1. Tank study method followed for validation of the POCIS samplers developed by 
Pavlina Landova. With example calculation of the sampling rate constant.  

 A 100L glass fish tank was filled with 90 L tap water, and spiked to a final concentration of 

2 µg/L and allowed to equilibrate for 4 hrs. A small tank pump (XXX) was used to circulate water, 

and the outside of the tank was wrapped in aluminium foil to prevent photodegradation of 

compounds. The POCIS cells were prepared followed the method (Chapter 5, Methods 5.2.4.3). At 

time 0 hr (T0), POCIS were deployed into the tank (as shown in Figure 1), and 100 mL aliquots of 

water (in triplicate) were taken. The aliquots were spiked with ILIS and followed the SPE method 

(Chapter 3, Methods 3.2.4.2). Subsequent sampling was performed at after 2, 8, 24, 48 and 72 hrs, 

following Table 1. Conditions in the tank maintained: 3.71 ± 0.21 cm/s linear speed of water, 16.8 

± 0.3 °C temperature and pH 8.1 ± 0.1.  

 
Figure 1. Position of POCIS discs in the fish tank and their respective sampling times.  

Table 1. Position of POCIS discs in the fish tank and their respective sampling times.  

Time [hr] POCIS action Water sampling 

0 Immersion of all 9 POCIS  3 × 100 mL 
2 1 POCIS taken 3 × 100 mL 
8 1 POCIS taken 3 × 100 mL 

24 3 POCIS taken 3 × 100 mL 
48 1 POCIS taken 3 × 100 mL 

72 3 POCIS taken 3 × 100 mL 
 

Calculation of the sampling rates were determined by plotting the concentration factor (CF, L/g) 

and the concentration (Cw) of the target compound in water over time. An example plot is shown 

below. The sampling rate constant can be calculated from the slope (k) of the linear trendline, or 

T2

T8

T48

T24

T24

T24

T72

T72

T72

Fish tank pump
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the linear part of the best fit curve. This is shown in equation 1 below, where Rs is the sampling rate 

(L/d) and Ms the mass of sorbent in the POCIS: 

k =
RS

MS
   Equation 1 

The plotted CF values were determined by equation 2 below, where  CS is the concentration of given 

micropollutant in the sorbent at the time t (µg/g), CW is the TWA (time-weighted average 

concentration) concentration of the same micropollutant in the water (µg/L), R s is the sampling rate 

(L/d) and Ms the mass of sorbent in the POCIS, and t is the time (d).  

CF =
CS

Cw
=

RS×t

MS
      Equation 2 

Example plot. Dependence of the concentration factor (CF) and the concentration of ibuprofen 

in the water (Cs) on time. 
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Table A5.2. The limit of quantitation (LOQ) and rate constant (Rs) for each target compound, as 
determined by Pavlina Landova during the POCIS calibration and laboratory method validation.  

 LOQ (ng/L) Rs [L/day] 

Ibuprofen 0.08 0.368 

Diclofenac 0.11 0.261 

EE2 NA* NA 

Paracetamol 4.79 0.030**  

Trimethoprim 0.09 0.319 

Carbamazepine 0.07 0.399 

Clarithromycin 0.10 0.295 

Fluoxetine 7.11 0.007 

*NA, not applicable as not enough data from EE2 to calculate limit of quantitation or POCIS rate 

constand.  

**Paracetamol plot not linear, slope and Rs determined from best fit linear trendline.  
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Table A5.3. Monthly grab sample concentrations (ng/L) of pharmaceuticals for the 12-month sampling campaign, each month two samples collected (n = 2) every 14 
days. The number of detects (n), detection frequency (DF, %) and results of two-way ANOVA test (p value by sites*month term), with significance level indicated 
(*,**,***; <0.05, <0.01, <0.001). ND = not detected. 

Pharmaceutical Site n DF (%) 
Monthly Grab Sample Concentrations (ng/L) p value  

 Aug 2018 Nov 2018 Feb 2019 May 2019 Aug 2019 

 
  

1 Garthdee 7 70 22 115 102 70 39 15 ND ND ND 14  

2 Inchgarth Reservoir 5 50 ND 64 42 ND 39 ND ND ND 4 9  

3 Below Banchory WWTP 7 70 89 137 503 ND 123 23 ND ND 7 7  

Paracetamol  4 Banchory WWTP discharge 7 70 230 658 573 ND 187 22 ND ND 17 11 0.109 + 

(PAR) 5 Above Banchory DWTW 1 10 34 ND ND ND ND ND ND ND ND ND  

 6 Below Aboyne WWTP 2 20 ND ND 81 ND ND ND ND ND 1 ND  

 7 Above Aboyne WWTP 0 0 ND ND ND ND ND ND ND ND ND ND  

 8 Braemar 0 0 ND ND ND ND ND ND ND ND ND ND  

Ibuprofen  
(IBU) 

1 Garthdee  8 80 6 5 5 2 3 2 1 3 ND ND  

2 Inchgarth Reservoir  8 80 4 3 3 2 3 2 1 2 ND ND  

3 Below Banchory WWTP  9 90 32 40 20 2 7 10 3 5 13 ND  

4 Banchory WWTP discharge  10 100 587 698 27 1 9 12 11 40 51 7 <0.001*** 

5 Above Banchory DWTW  6 60 3 1 1 ND 1 1 1 ND ND ND  

6 Below Aboyne WWTP  7 70 3 1 2 ND 2 2 1 1 ND ND  

7 Above Aboyne WWTP  4 40 2 2 1 ND ND ND 1 ND ND ND  

8 Braemar 1 10 1 ND ND ND ND ND ND ND ND ND  

Diclofenac (DCF) 

1 Garthdee  3 30 ND ND ND ND 2 4 ND ND ND 7  

2 Inchgarth Reservoir  4 40 7 ND ND ND 2 3 ND ND ND 7  

3 Below Banchory WWTP  8 80 56 45 12 5 5 34 35 ND ND 8  

4 Banchory WWTP discharge  9 90 284 324 19 ND 7 43 125 231 154 8 0.037* 

5 Above Banchory DWTW 0 0 ND ND ND ND ND ND ND ND ND ND  
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6 Below Aboyne WWTP 0 0 ND ND ND ND ND ND ND ND ND ND  

7 Above Aboyne WWTP 0 0 ND ND ND ND ND ND ND ND ND ND  

8 Braemar 0 0 ND  ND ND ND ND ND ND ND ND  

 1 Garthdee  0 0 ND ND ND ND ND ND ND ND ND ND  

 2 Inchgarth Reservoir  0 0 ND ND ND ND ND ND ND ND ND ND  

 3 Below Banchory WWTP  3 30 43 ND ND ND ND 22 ND ND 3 ND  

Trimethoprim 4 Banchory WWTP discharge  7 70 505 480 8 ND ND 32 47 62 30 ND NA ++ 

(TRI) 5 Above Banchory DWTW 0 0 ND ND ND ND ND ND ND ND ND ND  

 6 Below Aboyne WWTP 0 0 ND ND ND ND ND ND ND ND ND ND  

 7 Above Aboyne WWTP 0 0 ND ND ND ND ND ND ND ND ND ND  

 8 Braemar 0 0 ND ND ND ND ND ND ND ND ND ND  

Carbamazepine 
(CBZ) 

1 Garthdee  9 90 2 1 1 1 ND 1 12 3 5 2  

2 Inchgarth Reservoir 7 70 4 3 ND ND ND 1 9 2 3 2  

3 Below Banchory WWTP 10  100  13 15 2 1 1 7 57 11 9 3  

4 Banchory WWTP discharge 9 90 165 222 1 ND 2 9 66 86 50 3 <0.001*** 

5 Above Banchory DWTW 2 20 ND ND ND ND ND ND 3 1 ND ND  

6 Below Aboyne WWTP 6 60 2 2 ND ND ND 1 2 2 3 ND  

7 Above Aboyne WWTP 4 40 3 2 ND ND ND ND 4 1 ND ND  

8 Braemar 0 0 ND ND ND ND ND ND ND ND ND ND  
+The site*month interaction effect was not significant for paracetamol, but the individual month effect was tested and found to be significant (p = 0.013).  

++Statistical analysis could not be performed on trimethoprim as sample size too low across the sites.  

Clarithromycin and fluoxetine not included as sample size too low.  
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Figure A5.2. Results of Tukey post-hoc tests (and Wilcoxon rank sum post hoc test for fluoxetine) revealed differences between sampling months for grab (A) and POCIS 
(B) samples. Mo 1 = Aug 2018, Mo 2 = Nov 2018, Mo 3 = Feb 2019, Mo 4 = May 2019, Mo 5 = Aug 2019. 
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Table A5.4. Monthly POCIS time weighted average concentrations (and standard deviation, from the 3 cells within the POCIS cage) of pharmaceuticals for the 12-month 
sampling campaign. The number of detects (n), detection frequency (DF, %), results of two-way ANOVA test (p value by site*month term, *significant difference) are 
included. ND = not detected. 

 
Compound 
  

Site n 
DF 
(%) 

POCIS Monthly TWAC Mean ± SD (RSD%) (ng/L) p 
value  

 
Aug 2018 Nov 2018 Feb 2019 May 2019 Aug 2019 

 2  9 60 43.1 ± 1.4 (3%) 35.6 ±4.2(11%) 22.0± 0.6 (2%) ND ND * 

Paracetamol 3  15 100 55.7 ± 2.4 (4%) 147.7 ±11.4(7%) 21.8± 1.2 (5%) 9.4± 0.5 (5%) 7.8± 1.1 (14%) <0.001 

(PAR) 5  3 20 ND ND 8.3± 0.8 (10%) ND ND  

 6  6 40 ND 14.8±1.8(12%) 9.5± 0.7 (8%) ND ND  

Ibuprofen (IBU) 

2  15 100 0.7 ± 0.1 (11%) 0.8±0.1(21%) 0.8± 0.2 (26%) 0.8± 0.0 (1%) 2.7± 0.1 (7%) * 

3  15 100 10.1 ± 1.9 (19%) 2.6± 0.2 (9%) 2.4± 0.4 (19%) 3.8± 0.2 (7%) 12.8± 3.8 (29%) <0.001 

5  15 100 0.3 ± 0.0 (19%) 0.2±0.0(14%) 0.2± 0.0 (15%) 0.2± 0.0 (4%) 5.7± 1.7 (30%)  

6  15 100 0.5 ± 0.0 (4%) 0.2± 0.0 (0%) 0.7± 0.1 (7%) 0.3± 0.0 (8%) 5.7± 1.6 (28%)  
 2  15 100 4.3 ± 1.1 (28%) 0.7±0.1(21%) 1.5± 0.2 (20%) 2.4± 0.4 (18%) 1.2± 0.1 (10%) * 

Diclofenac  3  15 100 27.5 ± 1.9 (7%) 2.9±0.3(12%) 4.8± 0.2 (5%) 20.8± 2.1 (10%) 6.3 ± 0.0 (0%) <0.001 

(DCF) 5  15 100 2.8 ± 0.2 (8%) 0.2±0.0(14%) 0.7 ± 0.1 (16%) 2.4± 1.5 (63%) 0.8± 0.0 (3%)  

 6  15 90 2.7 ± 0.2 (7%) 0.8± 0.1 (7%) 1.2± 0.3 (29%) 4.0± 0.4 (10%) 0.9 ± 0.1 (15%)  

 2  13 87 0.3 ± 0.0 (16%) 0.1±0.0(12%) 0.3± 0.1 (26%) 0.3± 0.1 (25%) 0.2± 0.0 (19%) * 

Clarithromycin  3  15 100 2.2  ± 0.7 (35%) 0.3±0.1(31%) 0.6± 0.2 (34%) 2.3± 0.2 (11%) 0.3± 0.0 (7%) <0.001 

(Clar) 5  10 67 ND 0.2 ±0.1(33%) 0.1± 0.0 (5%) 0.1± 0.0 (4%) 0.1± 0.0 (18%)  
 6  9 60 ND 0.2± 0.0 (3%) 0.1± 0.0 (27%) 0.5 0.1± 0.0 (12%)  

 2  15 100 1.8 ± 0.1 (10%) 0.3± 0.0 (7%) 0.8± 0.1 (19%) 0.7± 0.1 (22%) 0.2± 0.0 (9%) * 

Trimethoprim 3  15 100 22.2 ± 3.9 (17%) 1.3±0.1(10%) 3.9± 0.4 (11%) 4.1± 0.5 (12%) 1.4± 0.1 (9%) <0.001 

(TRI) 5  15 100 0.5 ± 0.1 (11%) 0.1±0.0(12%) 0.1 ± 0.0 (17%) 0.2± 0.0 (10%) 0.1± 0.0 (14%)  

 6  15 100 0.6 ± 0.0 (7%) 0.2 ±0.0(12%) 0.3± 0.0 (3%) 0.2± 0.0 (7%) 0.1± 0.0 (10%)  
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 2  0 0 ND ND ND ND ND ** 

Fluoxetine ** 3  15 100 82.2 ± 15.5 (18%) 11.5±3.0(26%) 11.7± 1.4 (12%) 66.5±10.5(15%) 18.1± 2.1 (12%) <0.001 

(FLX) 5  0 0 ND ND ND ND ND  

 6  0 0 ND ND ND ND ND  

 2  15 100 1.8 ± 0.2 (11%) 0.2±0.0(25%) 0.4± 0.1 (22%) 1.7 ± 0.3 (20%) 0.6± 0.0 (4%) * 

Carbamazepine 3  15 100 4.5 ± 2.1 (47%) 0.3± 0.0 (9%) 0.7± 0.1 (8%) 4.2 ± 0.4 (10%) 1.5± 0.0 (2%) <0.001 

(CBZ) 5  15 100 1.0 ± 0.1 (10%) 0.1± 0.0 (5%) 0.1± 0.0 (22%) 0.5 ± 0.0 (6%) 0.4± 0.0 (3%)  
 6  15 100 1.0 ± 0.6 (63%) 0.1± 0.0 (0%) 0.3± 0.0 (3%) 0.6 ± 0.0 (1%) 0.4± 0.0 (11%)  

+17α-ethynylestradiol (EE2) could not be determined due to issues with the POCIS method development (refer Appendix method 5.1, table 5.1).   

**Kruskal-Wallis non-parametric test (and Wilcoxon pairwise rank sum test) was run for fluoxetine as this compound was only detected at site 3. 
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Figure A5.3. Linear regression models of log(pharmaceutical concentration, ng/L) vs flow (m3/s). Diclofenac log concentration grab sampling (A), carbamazepine 
log concentration grab sampling (B), diclofenac log TWAC POCIS (C) and carbamazepine log TWAC POCIS (D)   
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Table A5.5. Total mean concentration (± standard deviation) of water quality parameters for the 12-month sampling campaign. The number of detects (n), detection 
frequency (DF, %), limit of quantification (LOQ, ng/L), relative standard deviation (RSD, %). Results of One-Way Anova test with significance (*,**,***; <0.05, <0.01, 
<0.001).) indicated and post hoc letterings (a, b, c) included. 

Parameter Site 
LOQ 

(ng/L) 
n DF (%) 

Range Conc 
(ng/L) 

Mean Conc (± 
SD) (ng/L) 

 
RSD (%) p value 

 

 

 
  

1 Garthdee b  10 100 6.32 – 7.41  6.85 (± 0.29)  4   

2 Inchgarth Reservoir ab  10 100 6.56 – 7.47  6.00 (± 0.20)  4   

3 Below Banchory WWTP ab  10 100 6.66 – 7.55  7.15 (± 0.32)  4   

pH 4 Banchory WWTP discharge ab 0.001 10 100 6.43 – 7.34  6.95 (± 0.31)  4 0.005**  

 5 Above Banchory DWTW ab  10 100 6.70 – 7.73 7.23 (± 0.32)  4   

 6 Below Aboyne WWTP a  10 100 6.75 – 7.76  7.31 (± 0.28)  3   

 7 Above Aboyne WWTP a  10 100 6.80 – 7.85  7.32 (± 0.32)  4   

 8 Braemar ab  10 100 6.73 – 7.80  7.21 (± 0.34)  4   

Turbidity 
(NTU)   

1 Garthdee ab  10 100 1.1 – 7.8 2.4 (± 1.9)  81   

2 Inchgarth Reservoir ab  10 100 0.9 – 5.7  2.1 (± 1.4)  68   

3 Below Banchory WWTP ab  10 100 0.8 – 8.4  2.6 (± 2.3)  86   

4 Banchory WWTP discharge a 0.10 10 100 1.0 – 45.0  8.6 (± 13.2)  153 0.018*  

5 Above Banchory DWTW b  10 100 0.6 – 3.1  1.4 (± 0.7)  54   

6 Below Aboyne WWTP b  10 100 0.4 – 2.0  1.1 (± 0.5)  45   

7 Above Aboyne WWTP b  10 100 0.8 – 2.1  1.2 (± 0.3)  31   

8 Braemar b  10 100 0.35 – 4.86 1.3 (± 1.2)  91   

Conductivity  
(µS/cm) 

1 Garthdee b  10 100 63 – 147  100 (± 23)  22   

2 Inchgarth Reservoir b  10 100 65 – 141  94 (± 24)  25   

3 Below Banchory WWTP b   10 100 51 – 113  86 (± 18)  21   

4 Banchory WWTP discharge a 1.00 10 100 59 – 618  213 (± 196)  91 <0.001***  

5 Above Banchory DWTW b  10 100 51 – 83  66 (± 11)  17   
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6 Below Aboyne WWTP b  10 100 44 – 68  56 (± 9)  16   

7 Above Aboyne WWTP b  10 100 36 – 66  52 (± 9)  18   

8 Braemar b  10 100 26 – 38  31 (± 4)  13   

Total 
Suspended 
Solids (mg/L) 

1 Garthdee b  10 100 0.85 – 6.04 2.05 (± 1.50)  73   

2 Inchgarth Reservoir b  9 90 ND – 5.78 1.59 (± 1.65)  103   

3 Below Banchory WWTP b   10 100 1.07 – 8.25  2.68 (± 2.39)  89   

4 Banchory WWTP discharge a 0.10 10 100 0.81 – 25.35  9.83 (± 9.19)  93 <0.001***  

5 Above Banchory DWTW b  10 100 0.27 – 5.92 1.57 (± 1.63)  103   

6 Below Aboyne WWTP b  9 90 ND – 6.28  1.17 (± 1.97)  168   

7 Above Aboyne WWTP b  10 100 0.27 – 2.03 0.89 (± 0.65)  73   

8 Braemar b  9 90 ND – 9.36 1.17 (± 3.13)  267   

Dissolved 
Organic 
Carbon (mg/L)  

1 Garthdee   10 100 1.78 – 8.95  4.19 (± 2.57)  61   

2 Inchgarth Reservoir   10 100 1.74 – 9.43 4.43 (± 2.74)  61   

3 Below Banchory WWTP   10 100  1.99 – 7.68  4.14 (± 2.06)  49   

4 Banchory WWTP discharge  0.10 10 100 2.17 – 10.18  5.92 (± 2.79)  47 0.295  

5 Above Banchory DWTW   10 100 1.69 – 7.40 3.80 (± 2.05)  53   

6 Below Aboyne WWTP   10 100 1.82 – 7.36  3.60 (± 1.90)  52   

7 Above Aboyne WWTP   10 100 1.78 – 7.40  3.65 (± 1.87)  51   

8 Braemar   10 100 1.27 – 7.20  3.39 (± 1.91)  56   

Dissolved 
Inorganic 
Carbon (mg/L)  

1 Garthdee a  10 100 2.42 – 6.97  4.34 (± 1.42)  32   

2 Inchgarth Reservoir a  10 100 2.14 – 6.73  4.11 (± 1.41)  34   

3 Below Banchory WWTP ab  10 100  2.14 – 5.80 3.73 (± 1.12)  30   

4 Banchory WWTP discharge a 0.10 10 100 2.66 – 9.99  4.37 (± 2.21)  50 0.002**  

5 Above Banchory DWTW ab  10 100 1.74 – 5.78  3.56 (± 1.20)  33   

6 Below Aboyne WWTP ab  10 100 1.47 – 4.96 3.16 (± 1.05)  33   

7 Above Aboyne WWTP ab  10 100 1.52 – 4.92  3.14 (± 0.99)  31   
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8 Braemar b  10 100 1.50 – 2.80  2.01 (± 0.44)  22   

Chloride 
(mg/L)  

1 Garthdee b  10 100 7.3 – 18.6 13.3 (± 3.5)  26   

2 Inchgarth Reservoir b  10 100 7.4 – 16.4 11.5 (± 2.4)  21   

3 Below Banchory WWTP ab   10 100  7.0 – 35.5  15.9 (± 9.3)  58   

4 Banchory WWTP discharge a 0.84 10 100 6.7 – 176.8  42.7 (± 55.6)  130 0.001***  

5 Above Banchory DWTW b  10 100 5.1 – 13.9 8.6 (± 2.8)  32   

6 Below Aboyne WWTP b  10 100 4.0 – 7.8 6.3 (± 1.2)  18   

7 Above Aboyne WWTP b  10 100 5.1 – 7.7 6.4 (± 0.8)  13   

8 Braemar b  10 100 2.64 – 10.18 4.0 (± 2.2)  54   

Ammonium 
Nitrogen 
(mg/L)  

1 Garthdee  8 80 ND – 0.017 0.010 (± 0.004)  42   

2 Inchgarth Reservoir  8 80 ND – 0.017  0.007 (± 0.005)  74   

3 Below Banchory WWTP  10 100  0.011 – 0.412  0.140 (± 0.139)  99   

4 Banchory WWTP discharge 0.001 10 100 0.008 – 9.290  2.054 (± 3.543)  172 0.095  

5 Above Banchory DWTW  5 50 ND – 0.023 0.008 (± 0.008)  103   

6 Below Aboyne WWTP  6 60 ND – 0.018  0.007 (± 0.007)  97   

7 Above Aboyne WWTP  3 30 ND – 0.002 0.001 (± 0.0003)  28   

8 Braemar  3 30 ND – 0.020 0.012 (± 0.010)  82   

Total Oxidised 
Nitrogen 
(mg/L)  

1 Garthdee b  10 100 0.23 – 1.14  0.58 (± 0.37)  63   

2 Inchgarth Reservoir b  10 100 0.21 – 1.08  0.57 (± 0.34)  58   

3 Below Banchory WWTP b  10 100  0.24 – 1.02  0.67 (± 0.24)  35   

4 Banchory WWTP discharge a 0.007 10 100 0.22 – 14.0  3.28 (± 4.25)  129 <0.001***  

5 Above Banchory DWTW b  10 100 0.11 – 0.59 0.30 (± 0.15)  51   

6 Below Aboyne WWTP b  10 100 0.05 – 0.23  0.13 (± 0.06)  47   

7 Above Aboyne WWTP b  10 100 0.05 – 0.22  0.13 (± 0.06)  46   

8 Braemar b  10 100 0.01 – 0.06 0.04 (± 0.01)  38   
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Soluble 
Reactive 
Phosphorous 
(mg/L) 

1 Garthdee b 4 40 ND – 0.007 0.005 (± 0.001) 28 

2 Inchgarth Reservoir b  5 50 ND – 0.004  0.004 (± 0.001)  17   

3 Below Banchory WWTP b   8  80  ND – 0.087  0.033 (± 0.025)  75   

4 Banchory WWTP discharge a 0.001 8 80 ND – 1.181 0.375 (± 0.455)  121 0.021**  

5 Above Banchory DWTW b  4 40 ND – 0.004  0.003 (± 0.001)  29   

6 Below Aboyne WWTP b  5 50 ND – 0.004  0.003 (± 0.001)  14   

7 Above Aboyne WWTP b  5 50 ND – 0.006  0.003 (± 0.001)  38   

8 Braemar b  2 20 ND – 0.002 0.002 (± 0.001)  18   
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Table A5.6. Back calculation check of the paracetamol annual fluxes (kg), considering Banchory 
population, adult daily dose of paracetamol, excretion rates and WWTP removal rates.  

Banchory  8735 Population, United Kingdom 
Urban Wastewater, 2017 

Par tablet 0.2 
0.5 

g, low dose 
g, hi dose 

Dose 2 tablets 

Maximum DD 4 doses per day (8 tablets) 

excretion rate 44% Verlicchi et al., 2012b 

WWTP removal 80% Results presented Chapters 3 
and 4 

 

 

Back-calculation check: 

Low estimate (If half population takes 2x 200 mg tablets once a day) 

= (8735 population/2)*(0.2 g *2) = 1747 g PAR consumed 

= 1747 * 44% excretion = 768 g in wastewater 

= 768 * 80% removal = 154 g in effluent per day 

= 154 g * 365 d  

= 56 kg in river 

 

High estimate (if half population takes 4x 500 mg tablets per day) 

= 561 kg in river 
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