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ABSTRACT 
ORGANIC ENRICHMENT OF SCOTTISH SALMON FISH FARM SEDIMENTS: A QUANTITATIVE 

ANALYSIS OF SULPHUR BIOGEOCHEMISTRY 

Joanna Clare Gosling 

Highly reducing marine sediments have received much less research attention than studies 

of typically more oxic/hypoxic sediments.  When the oxygen demand caused by input of 

organic matter exceeds the oxygen diffusion rate from overlying waters, sediments become 

anoxic and anaerobic processes dominate. In marine systems, sulphate reduction is the most 

important anaerobic process for the degradation of organic material.  This is critical for the 

benthic faunal community as the end product, sulphide, is toxic. Benthic fauna contribute 

significantly to organic matter degradation in the sediments and to the maintenance of a 

“healthy” sediment environment through mixing and irrigation processes. Sulphide can have 

several fates in sediments with a limited amount being stored as insoluble metal sulphides 

and most of the remainder undergoing repeated oxidation-reduction cycles. Sulphur cycling 

is therefore intimately linked to sedimentary oxygen demand. 

This study aimed to quantify sulphur biogeochemistry in the highly reducing sediments 

typically found beneath fish farms and improve our understanding of the role that sulphur 

plays in sediment recovery processes.  The following relationships between sediment 

properties were considered; pore water sulphide concentrations, metal sulphide species, pH, 

organic matter content and oxygen demand.  The effect of seasonal temperature change 

and increasing organic matter input on these properties was examined in detail during a 

short term period after an enrichment pulse.  A high resolution data set was obtained using 

state-of-the-art micro electrodes. These measurements gave information on the assimilative 

capacity of sediments for fish farm wastes over a short incubation periods (72 and 92 days), 

and established the relative effect of temperature change and organic matter input on key 

biogeochemical parameters used to measure organic enrichment in fish farm monitoring 

programmes.  

Key words: Salmon fish farming, anaerobic remineralisation, sulphate reduction, fish farm 

monitoring, sulphur cycling, microelectrodes, sediment profiling
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1.1 General introduction to research context  

1.1.1 Scottish salmon aquaculture: Current status, regulation and objectives for 
sustainable growth to 2030 

Atlantic salmon (Salmo salar) production is the most important sector of the Scottish 

aquaculture industry by volume and value. Fresh Scottish salmon is exported to over 50 

countries worldwide, with an approximate value of £400-£500 million (Gatward et al. 2017). 

The commercialisation of Scottish aquaculture since the 1970s has been integral to 

sustaining rural and remote areas economically and socially, helping to compensate for long-

term declines in agricultural and fishing employment (Alexander et al. 2014). 

The present and future benefits of aquaculture to Scotland has been well recognised in 

various high level reports (Alexander et al. 2014; Gatward et al. 2017), as a result, Scottish 

government has invested heavily in the development of marine salmon production. In 2009, 

the Ministerial Group for Sustainable Aquaculture (MGSA) was formed to oversee the 

strategic industry objectives set out by Scottish Government in ‘A Fresh Start: The renewed 

Strategic Framework for Scottish Aquaculture’ (The Scottish Government 2009). In 2014, 

new government targets were set to increase production from 165,000 tonnes in 2013, to 

210,000 tonnes by 2020 (The Scottish Government 2014). These targets were reflected in 

‘Scotland’s National Marine Plan’ (The Scottish Government 2015) where the potential 

environmental impacts of increased production and farmed fish biomass were highlighted, 

encouraging further research to improve the sustainability of the sector. Mitigating the 

environmental impacts of aquaculture in Scotland will become increasingly important as the 

industry has set further ambitions to double finfish production to 350,000 tonnes by 2030 

(Scotland Food and Drink Vision 2030 Group 2016; Gatward et al. 2017). The viability of 

industry growth to 2030 depends heavily on solving complex issues relating to: finding 

additional water space suitable for salmon production, sharing water space already in use 

and increasing cage capacity in ecosystems that are already relatively slow to recover from 

current cage outputs. The recovery of benthic communities (if recovery is defined as 

returning to a state similar to that prior to the presence of farm cages) has been recorded to 

take up to 2 years from the cessation of fish farm activity (Karakassis et al. 1999). 

The health and growth of fin fish relies heavily on the maintenance of high ecological quality 

standards within the vicinity of the cages.  Scottish farmed Atlantic salmon (Salmo salar) 

require well oxygenated, cool, clear water with low pH fluctuations (Staurnes et al. 1995).  
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Poor fish farming practices can lead to reductions in yield and sales.  If organic enrichment of 

the sediment occurs, gas bubbles of methane or hydrogen sulphide can leach into the 

seawater column (Holmer & Kristensen 1996; Brooks & Mahnken 2003; Norði et al. 2011), 

having the potential to reduce fish stock fitness and yield (Wang & Chapman 1999). 

Mandatory food health and safety regulations also require the establishment of high 

seawater quality at farm sites to reduce the risk of the human consumption of contaminants, 

such as non-biodegradable heavy metals, which can accumulate to toxic concentrations 

(Wang & Chapman 1999). Seawater pH, which is typically within the range of pH 7.5-8.4 

(Staurnes et al. 1995), is measured as part of a suite of water quality indicators for regulatory 

purposes. Seawater pH influences the toxicity of sulphide to aerobically respiring 

macrofauna and the formation of heavy metal precipitates by affecting the dissociation of 

sulphide and heavy metal ion species. In anaerobic fish farm sediments, the effect of 

seawater pH on heavy metal precipitation, microbial community structure, biogas 

production (hydrogen sulphide and methane) and overall water quality is poorly described 

(Wang & Chapman 1999; Sheng et al. 2011). 

In Scotland, the planning required to create a new fish farm site is time consuming and 

costly; consisting of seven applications for planning, licensing, seabed leases, and 

environmental assessments. The benthic environment beneath fish farm cages is monitored 

regularly by The Scottish Environmental Protection Agency (SEPA) and their environmental 

impact assessment includes the following key environmental impact indicators (Table 1.1.1): 

redox (oxidation-reduction), organic carbon content and total free sulphides (TFS). The use 

of DEPOMOD by salmon producers using open sea cages is also mandatory in Scotland for 

environmental management purposes. DEPOMOD is a deposition model that uses local 

currents, hydrography and effluent particle attributes to predict the size and severity of 

benthic impact around fish farms, (Figure 1.1.1).  
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Table 1.1.1 Brief description of the SEPA sediment quality and environmental impact assessment 

criteria (accurate on 23rd July 2017) used in Scottish salmon aquaculture benthic monitoring.  

Component Environmental impact 
indicator 

Action level within Allowable Zone of Effects (AZE) 

Benthos Number of taxa Two or more replicate samples with no taxa present 

Benthos Number of taxa Organic enrichment polychaetes present in 
abnormally low densities 

Sediment Total Free Sulphide (TFS) 4800 mg kg-1 

Sediment Organic Carbon 9 % 

Sediment Organic matter (Loss on 
Ignition) 

27 % 

Sediment Redox potential Values lower than -150 mV as a depth range profile 
OR Values lower than -125 mV in the surface 
sediments 0-3 cm deep 

 

 

Figure 1.1.1 Schematic diagram of DEPOMOD model inputs and outputs (Cromey et al. 2000, p13) 
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Since its publication in 2002, DEPOMOD has been the most successful and widely used 

model to predict waste material flux from farm cages and net accumulation of organic 

matter on the seabed (Cromey et al. 2000; Cromey et al. 2002a; Cromey et al. 2002b; 

Cromey & Black 2005; Weise et al. 2009;), relying on correlations between waste organic 

matter flux and benthic indices to predict the resulting environmental impact.  Empirical 

data derived from test sites surrounding the farm in question, and outputs from DEPOMOD, 

are used to scale farm developments to the environmental setting, ensuring water and 

sediment quality standards are met. However, DEPOMOD has not been accurate in 

predicting impacts at some high energy sites, mainly due to the misrepresentation of 

resuspension processes and a lack of understanding about the lasting effects of labile carbon 

on sediment biogeochemistry (Chamberlain & Stucchi 2007). This problem may become 

more prevalent as Scottish salmon production intensifies and fish cages are put in new or 

shared spaces with ill-defined or insufficient baseline or reference data. A new DEPOMOD 

model, NEWDEPOMOD, is currently in development to incorporate a biogeochemical 

component, improving its predictive capacity and accuracy. 

Despite using the aforementioned monitoring and modelling techniques, there have been 

instances where farms exceed their environmental impact limits whilst acting within 

environmental management guidelines. Issues relating to sediment enrichment and 

recovery will only become more complex if Scottish salmon production increases, water 

bodies are used more intensively and cage biomass is increased due to the scarcity of 

available sites. In an effort to adapt regulatory measures to changing industry practice, SEPA 

is in the process of reforming its impact monitoring programme from one based around 

Allowable Zone of Effects (AZE) to Depositional Zone Regulation (DZR), as well as launching 

NEWDEPOMOD once it is completed. This will allow farmers more freedom and flexibility to 

respond to changing water quality and sediment impact indicators, as cage biomass is 

increased. However, the increased flexibility for farm managers to control their 

environmental monitoring and management effort comes with harsher sanctions on farms if 

the allowable level of impact is exceeded.  

1.1.2  Limitations of environmental modelling (DEPOMOD) 

It is important to note that environmental models function to reproduce complex processes 

computationally in order to explain or predict scenarios at different times and in different 

locations. To apply model output data to different scenarios a simplified set of input 
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parameters are used, assuming that these inputs are the only affecters of the process in 

question. Relationships between inputs and the chosen outputs of interest are calculated 

based on empirical observations often with a relative number of assumptions. Therefore, 

models have inherent errors and limitations. A reliance on model outputs to inform farm 

management decisions without exercising caution and diligence could lead to unexpected 

environmental damage in poorly understood ecological systems. 

The limitations of using particle tracking models to predict aquaculture wastes has been 

discussed (Silvert & Cromey 2000; Cromey & Black 2005; Stucchi et al. 2005) and the 

following limitations of DEPOMOD have been noted by the Canadian Scientific Advisory 

Secretariat (Canadian Science Advisory Secretariat 2005).  

• Assumption of a spatially homogenous horizontal velocity field. The degree of error 

incurred from this assumption is site specific depending on the topographic 

complexity of the site. A threshold of topographical complexity beyond which the 

assumed homogenous flow field of DEPOMOD is invalid has not yet been defined. 

• The reduction of natural flow velocity and additional secondary flows caused by the 

physical structure of the cages is not taken into account in DEPOMOD. The degree of 

error incurred from this exclusion is dependent on the cage size and orientation, the 

amount of biofouling on the cages and the proximity of current measurements to the 

cage edge. 

• The movement of cages caused by winds and currents is not taken into account, 

which affects current velocity. Movement of cages in a previous study was found to 

be <5m, with minimal effect on DEPOMOD outputs (Cromey & Black 2005), however, 

depth of site and mooring design was not measured and could significantly affect the 

degree of cage movement in other scenarios. If comparisons were made between 

model outputs of two locations close to each other (<15 m) and cage movement 

caused overlap of sample stations, this could confound both model validation and 

field monitoring exercises. 

• A high level of uncertainty has been predicted in the model outputs due to varying 

estimates for feed wastage rates, and carbon concentration in feed and faecal 

material.  

Whilst DEPOMOD has been, and still is, instrumental in predicting the impact of carbon flux 

from cage farms on a suite of benthic impact indicators (diversity, ITI, abundance, sulphide 
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concentration), there is still a wide range of uncertainty predicted in the model outputs.  

Management decisions based on model outputs are not recommended unless the 

acceptability of the results has been sense-checked against the causes for error given above, 

any uncertainties in model parameterisation and the accuracy of farm input data (total 

biomass, feeding rate and distribution, cage location and dimensions).  Further model 

testing needs to be undertaken at a number of farms within a range of environmental 

conditions to validate the model for use in varying energy environments.  On-site empirical 

data to describe actual benthic deposition and impact should be considered along with 

model outputs even if confidence in model predictions is improved. 

1.1.3  Paleo-oceanographic context: Organic matter in the marine environment 

The local and global cycling of many elements is greatly affected by the biogeochemical 

processes that occur in just the first few centimetres of marine sediments, which cover 

approximately 70 % of the earth’s surface (Valentine 2002; Burdige 2006). For example, in 

terms of photosynthesis and respiration, the microbial activity which occurs in the upper 

centimetres of shallow coastal sediments can be quantitatively more important than the 

combined activity of the entire water column (Glud 2008).  

 

Figure 1.1.2 Schematic representation of the sources (green), transport (purple) and transformation 

(white) processes that control the supply of organic matter to marine sediments in coastal 

environments undisturbed by anthropogenic activity.  
From Ardnt et al. 2013 p57. 
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Organic matter (OM) in marine sediments is a major reservoir of organic carbon in the global 

carbon cycle. The detrital OM found in sediments is generally 10-20 % carbohydrate, 10 % 

nitrogenous compounds and 5-15% lipids despite the differences in origin and processing 

(Hedges & Oades 1997; Burdige 2006). The main source of organic matter in coastal marine 

environments unperturbed by anthropogenic activity is derived from the activity of primary 

producers (Equation 1.1.1) and consumers in the surface layers of the water column 

(Equation 1.1.2). Coastal erosion, fluvial and eolian transport processes also contribute 

terrestrial carbon to nearshore marine ecosystems (Figure 1.1.2).  A small fraction of the 

organic material produced, transformed or re-synthesised in the upper water column 

reaches the seafloor where approximately 1 % is transferred to deep sediments (Suess 1980; 

Hedges and Keil 1995; Middelburg and Meysman 2007) where degradation continues via 

microbial aerobic (Equation 1.1.2) and anaerobic remineralisation processes (Table 1.1.2). 

Remineralisation is defined here as the conversion of organic nitrogen, phosphorous, and 

carbon to their inorganic forms (Berner 2004).  

Photosynthesis 

6𝐶𝑂2 + 6𝐻20 
𝑙𝑖𝑔ℎ𝑡
→    𝐶6𝐻12𝑂6 + 6𝑂2 Equation 1.1.1 

Aerobic Respiration 

𝐶6𝐻12𝑂6 + 6𝑂2  →  6𝐶𝑂2 + 6𝐻20   Equation 1.1.2 
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Table 1.1.2  Anaerobic remineralisation reactions, including reactions of organic matter oxidation 

in typical Redfield Stoichiometry (C/N/P), where x, y, and z are taken as 106, 16, and 1 (modified 

from Aller 2014 and Wehrmann & Ferdelman 2014)  

Anaerobic Remineralisation 
Process 

Reaction Equation 

Nitrate reduction 5(CH2O)x(NH3)y(H3PO4)z + 4xNO3
− →  

xCO2 + 3xH2O + 4xHCO3
− + 2xN2 + 5yNH3 + 5zH3PO4 

 

Dissimilatory manganese oxide 
reduction 

(CH2O)x(NH3)y(H3PO4)z + 2xMnO2 + 3xCO2 + xH2O →  
2xMn2+ + 4xHCO3

− + yNH3 + zH3PO4 

 
Dissimilatory iron oxide 
reduction 

(CH2O)x(NH3)y(H3PO4)z + 4xFe(OH)3 + 7xCO2 →  
4xFe2+ + 8xHCO3

− + 3xH2O + yNH3 + zH3PO4 

 
Organoclastic sulphate 
reduction 

2(CH2O)x(NH3)y(H3PO4)z + xSO4
2− → 

 xH2S + 2xHCO3
- + 2yNH3 + 2zH3PO4 

 
Hydrogenotrophic 
methanogenesis 

CO2 + 4H2 → CH4 + 2H2O 
 
 

Acetoclastic methanogenesis CH3COOH → CO2 + CH4 

 
Anaerobic oxidation of methane 
coupled to sulfate reduction 

CH4 + SO4
2− → HS− + HCO3

− + H2O 
 
 

Anaerobic oxidation of methane 
coupled to iron reduction 

CH4 + 8Fe(OH)3 + 15H+ →  
HCO3

− + 8Fe2+ + 21H2O 
 

Anammox NH4
+ + NO2

− → N2 + 2H2O 
NH4

+ + 1½ MnO2 + 2H+ → 1½Mn2+ + ½N2 + 3H2O 
 

 

Recent evidence in the last few decades suggests that the preservation of OM in marine 

sediments is highly selective and the quantity and composition of sequestered OM between 

regions varies greatly (Zonneveld et al. 2010). The molecular composition of OM that 

reaches the seafloor and the physical and chemical depositional environment is likely to 

cause such variation. Understanding the processes which effect OM burial are important 

from a palaeoceanographic  perspective as this impacts the interpretation of several OM 

based proxies used for the analysis of fossil sediments.  The burial of OM is of particular 

interest in highly reducing environments as models of sediments during ocean oxygenation 

since the Proterozoic Eon.  However, areas of intensive geochemical cycling such as cold 

seeps and hydrothermal vents have received far less research attention than studies of 
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typically more oxic/hypoxic sediments (Pereira et al. 2004) largely due to the logistical and 

technical difficulties related to sampling.  

Modern examples of highly reducing environments include the areas around whale falls,  

highly productive areas of upwelling and sediments beneath fish farms; the latter being far 

more ubiquitous and accessible in mid-latitude coastal zones (Smith & Baco 2003; Diz et al. 

2006).  In undisturbed coastal environments any labile organic material produced in the 

upper layers of the water column rarely reaches the seafloor due to its ease of use by 

heterotrophic bacteria, with the remaining refractory carbon being evenly distributed 

vertically within the water column (Figure 1.1.3).  Therefore,  the abnormally high inputs of 

labile organic matter to sediments beneath fish farm cages from uneaten feed and faecal 

material make them ideal laboratories for the study of reducing processes (Brooks & 

Mahnken 2003; Cathalot et al. 2012; Valdemarsen et al. 2012) . Understanding the 

biogeochemistry in fish farm sediments is not only important retrospectively, as models of 

marine sediments during anoxic events, but also prospectively, to enable effective 

ecosystem-based management in coastal and estuarine environments (Norði et al. 2011).  

 

Figure 1.1.3 Dissolved organic carbon distribution in marine sediments. Reproduced with permission 

from Carlson (2002), © Academic Press/Elsevier Publishing.  
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1.2  Organic enrichment and salmon aquaculture 

1.2.1  Benthic impacts of salmon aquaculture  

Fish farm cages are an open system, allowing particulate organic matter (POM) to fall to the 

seabed from two main sources, uneaten fish feed and faeces. The deposition area of POM 

depends on water depth and current speed; increased depth and current speed leads to a 

larger impacted area but to a lesser degree (Cromey et al. 2002a; Valdemarsen et al. 2012). 

In strong bottom currents the settled POM can be eroded, or re-suspended and advected 

further away from the farm (Macleod et al. 2007). At sites with weak bottom currents 

particles tend to accumulate where they are deposited causing a complex cascade of effects 

on the benthic ecosystem (Figure 1.2.1) (Keeley et al. 2013a, 2013b). In coastal 

environments the impact of organic enrichment can vary greatly on temporal and spatial 

scales (Arndt et al. 2013), having potentially deleterious ecological outcomes without precise 

monitoring and management. 

 

Figure 1.2.1 Illustration of major fish farming impacts. Illustration of the main impacts of an open fin 

fish aquaculture cage system. As shown, the uneaten feed and fish feed can fall to the sediment surface 

depending on local hydrography, currents and particle resuspension (Keeley 2013, pg 7).  

 

The large scale effects of organic matter deposition (OM) on the surrounding environment 

and seabed biogeochemistry are well known.  Fish feed and faeces are rich in labile carbon, 

when deposited on the seabed this rapidly stimulates the most energetically favourable 

method of remineralisation, aerobic microbial metabolism (Canfield et al. 1993), resulting in 



Chapter 1: Introduction and Literature Review 

 

30 

a depletion of oxygen in surficial (0-2 cm depth) sediments (Brown et al. 2011). At high 

enrichment levels, oxygen demand exceeds that of supply and anaerobic microbial processes 

dominate to continually break down cage effluents or re-oxidise reduced products released 

from deeper sediments (Nickell et al. 2003). During the transition from aerobic to anaerobic 

diagenesis of POM a number of terminal electron acceptors are used in order of energy yield 

by different microbial communities; denitrification, manganese reduction, iron reduction 

and sulphate reduction (Thamdrup et al. 1994). Energetically, sulphate reduction is one of 

the least favourable forms of metabolism, but as sulphate is between 300-1000 fold more 

abundant than oxygen in seawater, its deep vertical zonation often makes sulphate 

reduction the dominant and most important anaerobic process in coastal sediments 

(Jorgensen & Revsbech 1983; Burdige 2006).  

A major product of sulphate reduction is hydrogen sulphide (H2S) which effects sediment 

toxicity three-fold: as a toxicant in its own right; by changing infaunal and epifaunal 

behaviour; and by reducing the toxicity of available metals by forming insoluble metal 

sulphides or metal sulphide complexes (Wang & Chapman 1999; Laudien et al. 2002). At 

micromolar concentrations hydrogen sulphide is toxic to aerobically respiring marine 

organisms as it disrupts the function of respiratory enzymes (cytochrome C oxidase) (Mance 

et al. 1988, Wang & Chapman 1999).  The normal burrowing, bioirrigation and bioturbation 

of benthic fauna increases sediment mixing, oxygen penetration and nutrient transport, 

making a significant contribution to organic matter degradation and the maintenance of 

‘healthy’ sediments (Banta et al. 1999; Heilskov & Holmer 2001; Heilskov et al. 2006). 

Therefore, a reduction in the abundance and functional diversity of macrofauna around fish 

farms as a result of hydrogen sulphide toxicity and anoxia reduces the capacity for surficial 

sediments (<10 cm depth) to assimilate organic carbon after continuous and long term 

exposure to cage effluents (Holmer et al. 2003). 

1.2.2  Existing approaches to the characterisation of organic enrichment level 

To aid aquaculture management and regulatory procedures, numerous studies have 

attempted to characterise the benthic environmental response to organic enrichment 

(Hargrave et al. 2008). The relationship between environmental stress and taxonomic 

variability is complex and site specific, however, an overall pattern of biodiversity increase 

with decreasing enrichment gradient is commonly observed (Pearson & Rosenberg 1978; 

Nickell et al. 2003).  
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In 1978, Pearson and Rosenberg hypothesised that organic input may be one of the principal 

causes of faunal change in coastal benthic environments. Having noted a consistent pattern 

in the literature to observed faunal changes along an increasing organic enrichment 

gradient, Pearson and Rosenberg (1978) aimed to synthesise current knowledge on 

correlations between marine pollution and benthic faunal community structure, analyse 

these patterns, and highlight parts of the system which were as yet poorly understood.  

At the time of Pearson and Rosenberg’s review there was biogeographical bias in the data 

available to describe the benthic faunal response to organic input, with studies mainly being 

conducted in the boreo-temperate regions of North America and western Europe.  

Subsequently, Pearson and Rosenberg described species, abundance and biomass (SAB) 

trends along an organic enrichment gradient for the five following studies, using quantitative 

data from each: Saltkällefjord, Sweden (Rosenberg 1976); Loch Creran, Scotland (Pearson & 

Stanley 1977) ; Fraser River Estuary, British Columbia (Otte & Levings 1975); Cortiou, France 

(Bellan & Bellan-Santini 1972); and Kiel Bay, Germany (Anger 1975). The main features of 

each of the fjordic and estuarine sample areas in these studies were comparable in terms of 

their area, discharge type and the resulting SAB curves.  This prompted Pearson and 

Rosenberg to produce a generalised SAB diagram which has now been termed the “Pearson-

Rosenberg Model (PRM) for microbenthic succession”, and were the first to describe the 

major qualitative changes in benthic macrofaunal species diversity, abundance and biomass 

with increasing enrichment gradient in soft sediments (Figure 1.2.2). The PRM has long been 

the basis on which methods and indicators for measuring environmental quality have been 

developed (Nilsson & Rosenberg 1997).  

Salmon aquaculture operates within a harvest cycle in which the effluent from cages 

changes greatly both in chemical composition and magnitude with time.  Such areas of short 

term environmental stability tend to favour benthic species with genetic and behavioural 

flexibility.  Species found in un-impacted areas with relatively high environmental stability 

have comparatively little capacity for change.  In a stable environment, organisms can 

concentrate energy on maintaining themselves in their competitive communities, which 

generally favours larger, more functionally complex and phenotypically biodiverse 

organisms.  Alternative to this, as described in the PRM, species populations in areas of high 

organic enrichment are generally composed of a few small, rapidly breeding, short lived 

species with high genetic variability. Reducing environments encourage the proliferation of 
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opportunistic species that have evolved physiological adaptations to cope with high sulphide 

and low oxygen concentrations, for example, bacteria containing oxidising enzymes that 

convert sulphide to sulphate are found near whale falls (Smith & Baco 2003). Some 

macrofaunal species without these adaptations either die or adopt behavioural coping 

mechanisms in response to organic enrichment, these include active horizontal or vertical 

displacement, and/or a reduction in respiratory rate via slow movement (Warwick & Price 

1979; Warwick & Gee 1984). Macleod et al. (2008) recorded less functional variability at 

impacted sites compared with reference sites and a significant dominance by Capitella 

capitate, with a >50% contribution by abundance in some cases (Macleod et al. 2007; 

Macleod et al. 2008).  However, just 12 months after, the presence of Capitella capitate and 

other opportunistic fauna were greatly reduced, suggesting that sediment conditions had 

improved.  Hence, benthic faunal analysis is used as the key indicator for sediment health 

and macrobenthic succession can be described in three stages along an enrichment gradient: 

Stage 1, some rare species are eliminated early and common species biodiversity begins to 

decline; Stage 2, rare species are eventually eliminated and a few opportunistic species 

assume dominance; Stage 3, the mean size of organisms decrease before azoic conditions 

occur. This is the basis on which common composite biotic index values have been scaled. 

 

Figure 1.2.2 Pearson and Rosenberg Model (PRM). The above figure shows the generalised species 

abundance, biodiversity and biomass (SAB) curves in response to increasing organic enrichment. The 

following macrobenthic succession occurs in response to increased organic enrichment; a decrease in 

species diversity with an overall reduction in biomass; then smaller opportunistic species prosper within 

a narrow organic enrichment tolerance window before dying (Pearson & Rosenberg 1978, p234). 
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Magni et al. (2009) evaluated the PRM in reference to animal-sediment relationships in 

Mediterranean coastal lagoons. The PRM did not provide useful information for such 

impacted lagoon systems, which have naturally low benthic biodiversity (Magni et al. 2009), 

raising some important points for discussion about the value and applicability of the model.  

Whilst the PRM has been useful to describe the spatial distribution of benthic communities 

along enrichment gradients, it is very much a conceptual model created from five boreo-

temporal regions. Applying the PRM to regulatory frameworks in other regions around the 

globe should be done with caution as the model is a generalisation of trends and does not 

take into account local seasonal variations and other unique properties of specific systems 

(e.g. oligotrophic vs eutrophic, coastal vs estuaries). 

A fundamental element of a good ecological indicator is a strong stressor-response 

relationship with quantifiable thresholds to understand the current environmental condition 

status relative to optimum environmental targets. In the case of the PRM, organic 

enrichment is the stressor and biodiversity, biomass and abundance are the response. As the 

PRM is a generalised model, sampling bias becomes a significant challenge to assessing the 

stressor-response relationship in different regions as each system is under the influence of 

multiple factors and has varying levels of internal patchiness and heterogeneity (Dauvin 

2007; Elliott & Quintino 2007; Ruellet & Dauvin 2007). Additionally, the PRM does not 

indicate a time in which a response is expected as a result of the stressor, providing no 

information about the time window in which to sample post an enrichment event to capture 

the response. The lack of temporal information and quantitative thresholds in the PRM also 

means that useful assessments of ecological condition cannot be made from single point 

measures, requiring an increased sampling effort and cost by producers. Quantitative data is 

important for precision and accuracy when defining the stressor-response relationship, 

creating predictive models and developing ecological theory (Orfanidis 2007; Josefson et al. 

2008; Solheim et al. 2008). 

The PRM has a distinct lack of inflection points for individual species abundance, meaning it 

is not a useful tool for identifying ecologically relevant minimum and maximum Total 

Organic Carbon (TOC) concentrations. Alternatively, species diversity shows a maximum 

within the low organic enrichment range, with a gradual decline to minimum species 

diversity measured at high levels of organic enrichment.  Hyland et al. (2005) went on to 

develop this aspect of the PRM by defining upper (>35 mg g-1) and lower (<10 mg g-1)  TOC 
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concentration thresholds which correlate with low and high benthic species richness 

measures (number of species present), respectively, in seven coastal regions across the 

world. It has been suggested that TOC should serve as a screening level indicator, or 

symptom, of benthic ecological stress from related factors. These factors may include: high 

levels of ammonia; high levels of sulphide; low levels of dissolved oxygen in association with 

OM decomposition; or chemical contaminants which co-vary with TOC due to common 

controlling influences such as sediment particle size (Gray et al. 2002; Hargrave et al. 2008). 

However, authors noted that the aforementioned TOC concentration thresholds should not 

be considered as having universal applicability, and that correlation between increased TOC 

concentration and biodiversity reduction does not explain direct causality between these 

two factors. Similarly, the PRM does not provide information about causal relationships 

between organic enrichment and macrobenthic species diversity, abundance or biomass. 

Whilst TOC concentration could serve as a tool to identify ecological stress (Magni et al. 

2009), additional quantitative studies are required to identify the effect of increased TOC 

concentration on sediment biogeochemistry, a precursor to changes in benthic community 

structure (Homer et al. 2002; Holmer et al. 2003). 

Other useful information not included in the PRM is ecological information about 

macrofaunal species growth rates, seasonal migration, breeding behaviours and robustness 

at different life stages. These physiological and behavioural factors are likely to have a 

marked effect on the sensitivity and recovery of each macrobenthic species to organic 

enrichment events, depending on the timing and severity of each event (Magni et al. 2009). 

These considerations highlight where deviations from the PRM might occur in terms of 

individual species abundance and biomass.  

Whilst most studies on the effects of fish aquaculture on benthic fauna reinforce the 

paradigm of macrofaunal succession across organic enrichment gradients (Brown et al. 1987; 

O'Connor et al. 1989; Weston 1990; Kupka-Hansen et al. 1991), there are documented 

deviations from the PRM, measuring biochemical responses to enrichment that do not 

reflect the predicted biological response, or vice versa.  Maurer et al. (1993) found three 

major deviations from the PRM when testing the model’s applicability to a continental shelf 

ocean outfall: no sharp decline in the species abundance and biomass (SAB) curve towards 

azoic conditions, typical SAB curves occurring a distance away from the enrichment source 

rather than in the immediate vicinity, and no reduction in rare species abundance with the 
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proliferation of opportunistic species. Also, Brooks et al. (2004) did not find the typical 

opportunistic species proliferation with high levels of enrichment at some salmon 

aquaculture sites.  These apparent deviations can partly be attributed to the fact that 

commonly used biotic and biochemical indictors are not equally relevant in all environments 

(Keeley et al. 2012a, 2012b), hence, relying on abiotic (physico-chemical) correlations with 

biotic indices across biogeographically independent ecosystems has proven to be 

problematic (Keeley 2013).  

The individual topography, hydrography and current speed at each farm site effects the 

transport and dispersal of fish feed pellets differently (Cromey et al. 2002b). As previously 

mentioned, predicting cage effluent deposition using DEPOMOD at topographically complex 

high energy sites has proven difficult as fish feed size, shape and buoyancy effects the initial 

pellet settlement time beneath cages before being advected away to other areas of the 

seabed (Silvert & Cromey 2000; Cromey & Black 2005; Stucchi et al. 2005; CSAS 2005). The 

wider ecosystem effects of benthic enrichment far from cages is recognised but poorly 

understood and difficult to quantify (Sowles & Churchill 2004; Grant 2010). The resuspension 

of waste fish feed pellets leads to enriched sediments without net feed accumulation near 

farm cages and changes the spatial extent of the impact footprint over time; a common 

occurrence in aquaculture (Keeley 2013), but not in other naturally enriched ecosystems. 

Therefore, observed macrofaunal and biogeochemical changes in response to the same 

organic enrichment flux can be dissimilar between fish farm sites (Keeley et al. 2012a; Keeley 

2013b).  

For example, at non-dispersive sites organic enrichment flux has shown to be a poor 

predictor of macrofaunal abundance which is highly variable at elevated flux (Keeley 2013). 

However, the expected peak in macrofaunal abundance has been recorded at both highly 

enriched dispersive and non-dispersive sites at OM deposition around 10 kg m-2 y-1 (Cromey 

et al. 2012; Keeley 2013).  Species richness has shown to be strongly negatively correlated 

with flux at non-dispersive sites below ~0.1 kg OM m-2 y-1 (Cromey et al. 2012), but there are 

occurrences where no such relationship has been recorded at dispersive sites (Keeley et al. 

2013a), most likely because areas with high current speeds are more resilient to the 

deposition of fish cage effluents. Using singular simplistic measures such as species richness 

and abundance often results in identifying earlier sediment recovery or lower enrichment 

level (Skalski et al. 2001) as the later stages of recovery (>3 years when impacts are less 
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apparent) are characterised by more subtle changes to macrofaunal community composition 

(Keeley et al. 2013a).  

More complex biotic indices such as Benthic Quality Index (BQI) (Rosenburg et al. 2004) and 

AZTI Marine Biotic Index (AMBI) (Borja et al. 2000) or those which include species function 

and Enrichment Stage (ES), are more consistent with predicting overall organic enrichment 

level and medium term (0-3 years) recovery (Borja et al. 2006). A multivariate approach has 

proven to be the most robust and at less risk of variable-specific and non-intuitive responses 

(Keeley et al. 2012b, 2013b).  

The potential effect of organic material exiting a farm on benthic macrofauna community 

structure and sediment biogeochemistry depends on many site specific (e.g. hydrodynamic 

conditions, bathymetry, cage depth, seabed typology, and feeding regime) and species 

specific (e.g. growth rate, behavioural ecology, life stage robustness) parameters. Whilst the 

PRM has been an informative baseline from which more detailed sediment enrichment 

stages have been developed for regulatory purposes, effective sediment characterisation 

requires the merits of each management technique to be considered on a case-by-case basis 

(Keeley et al. 2012b), and specific physico-chemical baseline data to be analysed for each 

study area. 

The taxonomic approach to environmental monitoring changed when Brooks (2001) 

demonstrated that macrobenthic community structure was correlated with sediment 

physical chemical conditions, such as redox potential and porewater Total Free Sulphides 

(TFS = [H2S + HS- + S2]),  free meaning not bound by any other constituent. Further 

investigation demonstrated that increasing TFS and negative shifts in redox potential 

significantly correlated with increased salmon biomass and farm feeding rates. Correlations 

between biotic indices and biochemical parameters (redox, TFS, and pH) has encouraged 

regulatory bodies to adopt a suite of indicators that attempt to assess sediment ‘health’ 

(Brooks et al. 2003).  This strategy is now used almost exclusively in North America as a cost 

effective tool for monitoring enrichment impacts on the benthic biological community 

beneath fish farms.  Figure 1.2.3 summarises the key biological and chemical parameters 

used in the assessment of organic enrichment beneath salmon fish farms (Hargrave et al. 

2008) and how they relate to each other. Pore water sulphide levels below 1000 µM are 

associated with ‘healthier’ oxic sediments. A sulphide range of 1500-3000 µM is said to have 

reached a hypoxic and polluted state with reduced biodiversity and increased sulphate 



Chapter 1: Introduction and Literature Review 

 

37 

reduction. A sulphide range of 3000-6000 µM is classed as a severely hypoxic polluted 

sediment and beyond 6000 µM a persistently anoxic polluted sediment dominated by 

anaerobic microbial metabolism (Wildish et al. 2001; Hargrave et al. 2008).   

In some countries, sediment sulphide concentration and redox (oxidation-reduction) 

measurements are solely used as benthic enrichment or recovery indicators. The rationale 

for this environmental monitoring regime being that hydrogen sulphide is the product of 

sulphate reduction, which is the dominant remineralisation process in anoxic organically 

enriched sediments, and has shown to correlate with negative redox potentials (Jorgensen 

1977; Hargrave 2010). Keeley (2013) suggests that using this limited set of indicators as 

response variables to organic enrichment is unreliable, as only poor correlations between 

waste material flux and sulphide concentration in reducing sediments currently exist (Chang 

et al. 2014). Redox and total free sulphides (TFS) have also demonstrated poor sensitivity to 

changes in organic enrichment at the lower end of the enrichment scale (Keeley 2013). This 

is an important consideration as even subtle changes in sediment chemistry (142 m from 

cages at ranges between 0-1300 μM sulphide), below the sulphide concentration threshold 

considered to be ecologically relevant (Hargrave et al. 2008), have been sufficient to 

negatively influence macrobenthic community structure (Brooks et al. 2003).  

Additionally, there is some doubt over the accuracy and reliability of common methods used 

to measure sediment sulphide concentration and redox. Sulphide concentrations (TFS) 

measured in buffered model marine sediments using an ion-selective electrode have shown 

to be an order of magnitude higher than concentrations measured in isolated porewater 

samples, suggesting that the use of an alkaline buffer introduces bias by causing the 

dissolution of particle-bound sulphides and/or sulphur (Brown et al. 2011). Alternatively for 

redox, the current method involves placing a redox probe into the sediment surface 

between a depth of 0-2cm and taking a reading after an arbitrary amount of time, often 

without the ability to establish a steady signal (Prof Trevor Telfer, per comms). Recent 

evidence (SARF 2014) suggests that redox probes are prone to contamination and do not 

show significant correlations between redox and sulphide concentration, contrary to 

correlations previously shown by Hargrave (2010). 

A criticism of using redox and sulphide concentration (TFS) to indicate recovery (as opposed 

to an indicator for organic enrichment) is that chemical remediation, by way of increased 

sediment redox potential and decrease in TFS, often occurs far earlier than biological 



Chapter 1: Introduction and Literature Review 

 

38 

remediation (MacLeod et al. 2004; Macleod et al. 2006; Keeley et al. 2014), leading to 

premature identification of recovery before taxa abundance returns to at least 1% of that 

found at local reference stations. The definition for biological recovery mentioned here is 

accepted by the Scottish Environmental Protection Agency (SEPA) and was provided by 

Brooks et al. (2003). Alternatively, if only biotic indices were used to establish sediment 

recovery, this would not allow regulators or managers to discern sediment condition at very 

high levels of enrichment beyond the peak in opportunistic species. Therefore a suite of 

biotic and abiotic indicators, with consideration of the local ecology and careful 

interpretation of results, is currently required to establish sediment recovery. 
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Figure 1.2.3 Nomogram for benthic organic enrichment zonation of key biological and chemical 

parameters used in the assessment of pollution between fish farms. From Hargrave et al. 2008, p820. 

 

1.2.3  Mitigating the effects of organic enrichment and establishing sediment recovery 

There are two aspects of fish farming impact that are important to consider for effective 

pollution evaluation and management: reversibility and spatial scale.  One method used to 

reverse the adverse effects of finfish aquaculture on the benthos is to introduce a fallow 

period between the 12-24 month harvest cycles.  The practice of removing all fish and nets 

from fish farm sites for a period of time relieves the underlying sediment of organic 
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enrichment, aiding the re-introduction of oxidative respiration processes and habitation by 

benthic fauna. Fallowing also has important commercial and welfare benefits as it reduces 

the risk of disease proliferation (Pereira et al. 2004; Forrest et al. 2007). The spread of 

diseases, such as infectious pancreatic necrosis (IPN), pancreas disease (PD) and infectious 

salmon anaemia (ISA) (Bruno 2004; McLoughlin & Graham 2007) is likely reduced by 

removing a densely populated host from the environment. This periodically disrupts the 

hydrodynamic transmission of pathogens (Viljugrein et al. 2009) locally between farms and 

the risk of infecting wild fish populations who can act as a disease carrier by moving from 

farm to farm (Werkman et al. 2007; Wallace et al. 2008). Although fallowing to allow benthic 

recovery is a common practice, there is no standard procedure that considers how the 

severity and spatial extent of impact prior to the onset of fallowing effects the length of 

fallow period required.  The sustainability of fallowing as a benthic impact management 

practice has also been contested as it requires more space and allows cage waste to be 

spread across a wider seabed area, albeit to a lesser degree (Brooks et al. 2003; Brooks et al. 

2004; Hall-Spencer & Bamber 2007).  

Extensive debate in the literature to accurately describe what is meant by ‘benthic recovery’ 

has delayed the establishment of accurate benthic recovery rates. Subsequently, multiple 

standards and definitions for benthic recovery exist (i.e. chemical, biological, and functional). 

“Complete” recovery is deemed as returning site condition to that found prior to the impact 

event at selected reference sites (Karakassis et al. 1999; Pereira et al. 2004). However, as we 

have very little understanding about the biogeochemical and biological processes that drive 

sediment recovery, it is very difficult to measure and predict the long-term biochemical 

response to enrichment. The long-term effects of repeated enrichment events on sediment 

biogeochemistry are unknown and links between fallow time and re-impact rates have not 

yet been explored in any great detail (Keeley 2013). In Scotland, despite the variation and 

ambiguity in relation to environmental recovery rate, fixed fallow periods between 

production cycles of 6-12 months are commonly practiced.  Fallow periods vary within this 

range based on operator discretion, company policy and production pressure (Pereira et al. 

2004).   

It is unsurprising that studies have recorded putative “recovery” rates from organic 

disturbance ranging from 6 months (Brooks et al., 2003; Macleod et al., 2007) to >5 years 

(Brooks et al. 2004) given the wide ranging conditions (e.g. current speed, sediment type, 
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hydrography and water depth) and environments (e.g. coastal, fjordic or offshore) in which 

salmon aquaculture operates. Timeframes of recovery may also differ based on the 

definition of recovery used to assess the data (Brooks et al. 2003; Brooks et al. 2004) and 

whether study length was sufficient for “complete” recovery to occur. It is largely accepted 

that higher energy sites are more resilient to the effects of organic enrichment (Frid & 

Mercer 1989; Hartstein & Rowden 2004; Borja et al. 2009), however, significant macrofaunal 

assemblage changes beneath fish cages are still recorded at high flow sites (Macleod et al. 

2007; Keeley et al. 2012a). The general consensus of medium term studies (<3 years) is that, 

whilst significant improvement of sediment conditions occur within 6-12 months, recovery is 

not complete (Karakassis et al. 1999; Pereira et al. 2004; Lin & Bailey-Brock 2008; Macleod et 

al. 2008; Villnas et al. 2011). Long term studies (>3 years) to measure complete recovery are 

scarce; one study of 7 years (Brooks et al. 2004) estimated that full chemical recovery would 

take 5.3 years, with biological remediation taking even longer. Partial chemical and biological 

recovery are likely to affect the degree of future impact caused by further enrichment 

events and this is not taken into account in current impact prediction models.  

The chemical and biological remediation of sediments are governed by different pathways 

(Brooks et al. 2003) with specific criteria required in each case for recovery to be recognised 

(Keeley et al. 2014). Brooks et al. (2003) defined the point of sediment chemical remediation 

to be when half the reference taxa are able to recruit and survive at the farm site, with a 

concomitant reduction in accumulated OM, a decrease in free sediment sulphide (to <960 

µM) and an increase in redox potential near farm cages. Biological recovery on the other 

hand has been defined as the recovery of the dominant reference taxa to >1% by abundance 

at the farm site (Brooks et al. 2003). An eventual reduction in the abundance of nematodes 

and dorvilleid polychaetes has been associated with the early stages of sediment recovery 

(Macleod et al. 2008; Keeley et al. 2014). However, full recovery of some dominant species 

(bivalves and other suspension and deposit feeders included) is unusual as they are 

particularly sensitive to changes in sediment biogeochemistry (Ruellet & Dauvin 2007). It has 

been suggested that biological and chemical remediation should be considered separately, 

as improvements in sediment chemistry (sulphides, redox and %OM) are an important pre-

requisite for biological remediation (Brooks et al. 2003). Macleod et al. (2004) concluded 

that macrofaunal recovery was slower than chemical recovery, with a reduction in sediment 

free sulphide tending to occur before macrofaunal compositional change, therefore it is not 

possible to define ecological recovery using chemical methods alone (Keeley et al. 2014).  
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Enrichment tolerant polychaete and nematode species are often found to be thriving in 

organically rich sediments (Keeley et al. 2014), and may play a role in the initial chemical 

recovery process (Macleod et al. 2007; Macleod et al. 2008), as bioturbation and 

bioirrigation increases the vertical sediment mixing and oxygen reintroduction to aid the 

breakdown of organic matter.   

Measuring the later stages of benthic recovery is complex as faunal recovery occurs on a 

functional, community, and species-based level (Macleod et al. 2008).   “Functional” 

recovery is the point at which ecosystem function is restored and can occur with the re-

establishment of a faunal assemblage dissimilar to that of the pre-impact state (Macleod et 

al. 2008). “Functional” recovery has been assumed to precede a stable “equilibrium state”, 

characterised by a consistent presence and abundance of a limited number of species, and is 

considered to be a more reliable measure of recovery (Ellis 2003). This is unlike “species” 

and “community-based” recovery where direct comparisons of conditions are made 

between the impacted site and a separate reference site at least 1km away from the 

deposition area of the farm.  

It is important to consider that a reference site and a farm site may be ecologically 

divergent, making any comparisons less relevant to the ecological changes that occur at the 

actual farm site. Hence, the general consensus for the definition of benthic recovery has 

gravitated from one requiring the return of an environment to its original state prior to the 

presence of the fish farm, re-establishing specific biochemical and biological parameters, to 

one accepting that return of ecological function and maintaining environment elasticity is 

more important (Ellis 2003).  A recent study found it highly unlikely that the simple 

comparison of end points between impacted and reference sites would achieve similar 

results (Keeley et al. 2014).  Shifts in reference conditions over the course of the study were 

found, proving that the assumption of a steady state equilibrium at the reference site was 

incorrect.  This suggests that “parallelism” between a reference and impacted site over a 

long period is a more appropriate way of assessing sediment recovery, especially at sites 

which are prone to natural changes.  The concept of parallelism allows changes to benthic 

macrofaunal assemblage or biogeochemical indicators to be considered on a case by case 

basis and reduces the reliance on environmental models to decide what constitutes a 

“healthy” sediment ecology. Critical analysis of whether changes occur as a result of natural 
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variability to environmental stimuli or anthropogenic activity is an important step to 

evaluate the sustainability of aquaculture and prevent irreversible environmental damage.   

The persistence of a few key functionally important species which suggest a return of 

balance to ecological processes has also been recommended as a more sufficient method of 

identifying sediment recovery than comparative measurements against pristine 

environments (Young et al. 2001). The functional redundancy of some macrofaunal species 

in sediment recovery has been demonstrated by Macleod et al. (2008) when functional 

similarities between enriched and reference sites were found at 12 months with only half of 

the reference site species present at the enriched site.  However, in the instance where 

functionally similar taxa remain dominant throughout the recovery process, little 

information can be obtained about recovery stage.  An added complication of using 

macrofaunal assemblage to evaluate recovery is that temporally dependant life cycle aspects 

(e.g. reproductive ability, spawning season length, age and migration of juveniles) will 

undoubtedly contribute to recolonisation rates and the sensitivity of species to 

environmental change. Therefore any observed changes and variability correlated with 

fallow time or enrichment level may actually be an artefact of sample timing. To evaluate 

whether macrofaunal community changes will be sustained as part of the sediment recovery 

process, studies need to be completed over a sufficient time period. The regeneration of 

macrofaunal species diversity after an enrichment event also depends on whether apparent 

community changes at the site were a result of faunal death or behavioural adaptation such 

as displacement to avoid lethal conditions. Even though benthic macrofaunal species 

changes have proven important and useful in defining response to organic enrichment level, 

it is not suitable to rely solely on this simplistic parameter as more subtle changes in 

macrofaunal composition occur in the later stages of recovery as impacts lessen (Heilskov & 

Holmer 2001; Fernandez-Jover et al. 2011).   

A multivariate approach to estimating recovery times has been recognised as a more robust 

and consistent method of characterising benthic impact, taking into account biotic and 

abiotic variables.  This has to some extent reduced the effect of inherent temporal and 

spatial variability of the environment on the establishment of enrichment stage (Keeley 

2013). A depiction of the main qualitative fluctuations in commonly used parameters used to 

measure impact and recovery after an extreme enrichment event are shown in Figure 1.2.4. 
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Figure 1.2.4 Stylized depiction of main features observed during impact and recovery from extreme 

enrichment. Integrates the general trends evident in recovery and impact datasets, and from the 

long-term recovery patterns described in Keeley et al. (2014). S=No. taxa, N= total abundance, TFS= 

total free sulphides and ES= overall enrichment stage (From Keeley et al. 2015a, p420) 

 

The timeframe of sediment recovery occurs in years rather than decades and fallowing for a 

sufficient length of time allows the benthos to recover to an oxic state without intervention 

by harrowing, dredging to artificially oxygenate sediments. However, government targets 

and a high demand for salmon are putting pressure on farmers to reduce fallow periods and 

increase biomass production within a single licensed area. If benthic environmental 

resilience to farm effluents is not compromised by increased farming intensity then impact 

levels may remain relatively stable after an initial increase in organic matter flux (Figure 

1.2.5 - A).  Alternatively, if an increase in the rate and magnitude of farming activity does 

effect environmental resilience to organic matter influx, a cumulative impact profile may 

develop (Figure 1.2.5- B).  The latter scenario could be facilitated through the persistent 

sedimentation of particulate organic matter (POM) which hampers microbial carbon 

mineralisation and promotes methanogenesis (Holmer & Kristensen 1994; Sanz-Lazaro et al. 

2011). In extreme cases methanogenic sediments can be considered partly irreversible due 

to self-perpetuating processes, such as low metabolic activity which reduces sediment 

capacity for POM mineralisation leading to further POM accumulation and additional 

methanogenesis (Valdemarsen et al. 2012). It would be plausible to suggest the following if 

farming intensity increases without review of environmental management practices: 

environmental quality standards could be exceeded for longer periods of time, leading to a 

collapse in opportunistic species population; a reduction in benthic metabolism and further 

increases in the accumulation of organic matter (Fig. 1.2.5 B); increases in the time required 

for fallowing and sediment recovery.   
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Figure 1.2.5 Theoretical recovery— re-impact profiles for a successive two year fallowing strategy.  

A. Semi-stable cycle —assumes the impact-recovery profile (and associated biological and chemical 

responses) is unaffected by residual effects at the point of farm reintroduction. B. Potential 

degenerative cycle — starts with the same recovery pathway, but assumes that the subsequent 

pathways are affected by the presence of a residual population of opportunistic taxa (and hence able 

to proliferate more rapidly) and that the recovery trajectory is negatively affected by more time spent 

in an accumulative state.” (Keeley et al. 2015a, p422) 
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1.3  Biogeochemical zonation 

1.3.1  The sulphur cycle and Sulphur Reducing Bacteria (SRB) 

 

Figure 1.3.1 Summary of the sulphur cycle and redox profile of ‘healthy’ sediments. (Hargrave et al. 

2008, p811). 

 

Microbially-mediated cyclic oxidation and reduction of sulphur during the remineralisation 

of OM is a predominant process in anoxic/hypoxic coastal sediments due to the abundance 

of sulphate in seawater (Jorgensen 1977). The reduction of sulphate at earth surface 

temperatures and pressures requires bacterial catalysis by sulphate reducing bacteria (SRB), 

which continues for geologically significant periods of time post diagenesis (Nielsen et al. 

2010). The bacterial species involved in OM remineralisation, of which most are anaerobic, 

are limited to using low molecular weight fatty acid substrates in catabolism: acetate, 

butyrate, propionate, lactate, hydrogen (H2) and some alcohols and amino acids (Soren & 

Jorgensen 1989).  Depending on the SRB species, these carbon compounds are either 

oxidised to acetate (e.g. Desulfovibrio) or completely oxidised to carbon dioxide (e.g. 

Desulfobacter) (Jorgensen 1977; Brooks & Mahnken 2003; Rickard & Morse 2005).  

Therefore, as SRB metabolism is limited, earlier microbial processes which occur in the 

sediment to breakdown complex OM (e.g. fermentation) are important for the production of 

substrates used by SRB. 

During bacterial sulphate reduction, sulphate (SO4
2-) is reduced to hydrogen sulphide (H2S) 

(Equation 1.3.1), which is toxic to aerobically respiring animals. Sulphate reduction is the 
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dominant anaerobic remineralisation process in a cascade of organic matter remineralisation 

processes which occur in descending order of energy efficiency within the vertical profile of 

marine sediments (Thamdrup et al. 1994). Once pore water sulphate pools are depleted 

methanogenesis becomes the dominant anaerobic metabolic process in reducing marine 

sediments (Holmer et al. 2002; Holmer et al. 2003). The occurrence of any specific 

remineralisation process is controlled by the free energy yield per mole of organic carbon 

that is oxidised by each of the electron acceptors: oxygen (O2), nitrate (NO3
-), manganese 

(Mn4+), iron (Fe3+), sulphate (SO4
2-), and carbon dioxide (CO2) (Aller 1982; Berner & Westrich 

1985; Aller 2014). Essentially, the oxidant that provides the greatest amount of free energy 

is utilised first; this will continue until either all available oxidants are consumed or all 

organic matter is utilised (Figure 1.3.2 A). Schematic diagrams, such as Fig 1.3.2 A and B, 

often show a one-dimensional spatial occurrence of these remineralisation processes in 

marine sediments with discrete vertical zonation.  

Bacterial sulphate reduction 

2 𝐶6𝐻12𝑂6 +  6 𝑆𝑂4
2− →  6 𝐻2𝑆 +  12 𝐻𝐶𝑂3

− 

 

 

Equation 1.3.1 

 

Previously it has been thought that sulphate reduction and methanogenesis were two 

mutually exclusive events (Berner et al. 1983). However, it is common to observe 

methanogens and sulphate reducing bacteria in consortia potentially competing for the 

same substrates (Holmer & Kristensen 1994), suggesting that methanogenesis and sulphate 

reduction overlap vertically within the sediment (Holmer & Storkholm 2001; Hargrave et al. 

2008).  It is also possible the microorganisms responsible for these processes hold a 

syntrophic relationship, whereby reduced intermediates are made available to sulphate 

reducing bacteria by methanogens via the oxidation of methane (Antler et al. 2014).  There 

are still many uncertainties about the nature and necessity of this complex syntrophic 

association, particularly in terms of the thermodynamics of the relationship (Orphan et al. 

2002; Valentine 2002; Arndt et al. 2013). 

A major source of sulphide ions (S2-) in marine sediments (Fig. 1.3.2 B) is from the various 

sulphate reduction methods adopted by sulphate reducing bacteria (Nielsen et al. 2010).  

Beggiatoa, alternatively, are chemoautotrophic sulphide oxidising bacteria, requiring oxygen 

and hydrogen sulphide (H2S) for metabolism (Preisler et al. 2007).  This filamentous species 
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is chemotactic and forms white mats at oxic/anoxic sediment interfaces, indicating the 

absence of oxygen (O2) and sulphide ions (S2-) in that sediment layer.  It is common to find 

Beggiatoa mats forming on the surface of fish farm sediments at total free sulphide (TFS = 

[H2S + HS- + S2]) concentrations between 800-1200 µM (Brooks & Mahnken 2003), and are a 

common indication that reducing conditions have reached the sediment surface.  Other such 

indicators of reducing sediments include blackness in colour (due to the presence of iron-

sulphide compounds) a distinct eggy smell and bubbles of gas rising from the sediment 

surface (Burdige 2006; Brown et al. 2011).  The white colouring is caused by an accumulation 

of elemental sulphur (S0) resulting from the oxidation of hydrogen sulphide (H2S) by 

internally stored nitrate (NO3 -).  The sulphur (S0) created from the oxidative portions of the 

sulphur cycle can act as a source of sulphide for other species of SRB, such as genus 

Desulfuromona, in some environments (Holmer et al. 2003).  Desulfovibrio is another 

example of a sulphate reducing bacteria, but is exclusively anaerobic and oxidises hydrogen 

(H2).  This chemoautotroph is typically found at much greater depths than Beggiatoa, in sub-

oxic sediments which have negative redox potentials.   

 

Figure 1.3.2 A - One dimensional vertical zonation of major oxidants used in successive OM 

remineralisation processes in marine sediments (left), modified from: Aller 1982, p53; and Aller 2014, 

p310. B - Schematic diagram of the relative vertical concentration distributions of major solutes that 

occur in sediments during OM mineralisation, redrawn from Berner 1980, p241). 

1.3.2  Reaction of sulphide with trace metals 

Once sulphur compounds have been reduced to sulphide by SRB they are either; 

reincorporated into sediment OM, oxidised to form S0 and sulphate, or combined with metal 
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ions to form various monosulphide iron species (FeS) or pyrite (FeS2) (Lewis 2010).  If there is 

an abundance of reactive iron oxides (Fe2+) present, the dissolved sulphide does not 

accumulate in sediment pore water, but is instead rapidly removed by the reduction of iron 

oxide to form iron monosulphide (FeS).   However, if the reactive iron oxides are exhausted, 

which is likely in sediments beneath fish farms where rapid mineralisation of OM occurs, 

then less energy efficient forms of oxidised iron react with the dissolved sulphide, allowing 

the accumulation of sulphide in pore waters to occur (Canfield & Raiswell 1999).  Iron 

monosulphide is a metastable compound that once formed will either be reoxidised or 

transformed into more stable pyrite (FeS2).  Pyrite is the most common form of solid-phase 

sulphur in sediments where sulphate reduction occurs (Burdige 2006).   

Pyrite accumulation depends on the reactivity and concentration of iron compounds, the 

availability of pore water sulphate and the concentration of organic carbon that is used by 

sulphate reducing bacteria (Hargrave et al. 2008).  There are three possible mechanisms for 

pyrite formation in marine sediments.  The precursor in all three mechanisms is iron 

monosulphide (FeS) from the reaction of dissolved sulphides with iron oxides (Fe2+) (Rickard 

et al. 2001; Burdige 2006). Mackinawite (FeS) and greigite (Fe3S4) are possible sources for 

dissolved sulphide phases but they are not direct precursors for pyrite (Rickard & Morse 

2005). The first mechanism requires a dissolution-precipitation reaction where elemental 

sulphur (S0) is added to iron monosulphide (FeS) (Equation 1.3.2). 

Pyrite formation by the dissolution-precipitation reaction 

 𝐹𝑒𝑆(𝑠) + 𝑆𝑥
2−  →  𝐹𝑒𝑆2(𝑠) + 𝑆(𝑥−1)

2−  

 

 

Equation 1.3.2 

 

The second mechanism involves simultaneous iron loss and iron monosulphide oxidation, 

where greigite is an intermediate (Equation 1.3.3).  A number of oxidising agents may be 

involved in this mechanism including zero valent forms of sulphur, thiosulfate and oxygen.  It 

is not known why either of these mechanisms are favoured in sediments but the second 

mechanism may be more favoured in an oxidising environment. 

Pyrite formation by simultaneous iron loss and FeS oxidation  

4 𝐹𝑒𝑆(𝑠)  → 𝐹𝑒3𝑆4  →  2𝐹𝑒𝑆2 

 

 

Equation 1.3.3 
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The third mechanism for pyrite formation is more likely to occur in deeper, highly anoxic 

sediments where iron monosulphide is oxidised by hydrogen sulphide. Some experiments 

show, however, that this is not possible and an oxidising agent more oxidised than sulphide 

is required (Burdige 2006).  This would help to explain the increase in the presence of pyrite 

at depth with decreasing pore water sulphide and solid phase FeS.  It would also be likely 

that this reaction would be kinetically driven as low hydrogen levels are observed at depths 

and hydrogen (H2) is a substrate for both methanogens and sulphate reducers.   

1.3.3  Sulphur burial and isotope fractionation 

Only a small proportion of the total sulphide produced by sulphate reduction is buried as 

pyrite.  The sulphur burial efficiency is defined as the ratio between sulphur burial and the 

integrated gross sulphate reduction rate (Canfield & Thamdrup 1994).  The extent to which 

sulphide compounds are retained and buried within the sediment (monosulphides, dissolved 

sulphide and pyrite) depends heavily on the reactions involved in their reoxidation by 

oxygen, nitrate or metal oxides (Soren & Jorgensen 1989).  The reoxidation of sulphides can 

be mediated physically by bioturbation, bioirrigation or diffusion depending on the redox 

status of the sediment (Nickell et al. 2003).  Chemical and microbial processes are also 

involved.  Interestingly, as pyrite (FeS2) is more oxidised than its initial source, the oxidative 

processes that can prevent sulphide burial can also play a role in pyrite formation (Burdige 

2006).  To explain this it should be known that some pyrite formation occurs close to 

sediment surfaces where the rate of sulphate reduction and iron availability is high in 

conjunction with sulphide reoxidation.  This creates intensive sulphide redox cycling where 

intermediate sulphur compounds are produced (sulphite, S0 and thiosulfate).  These 

intermediate compounds can disproportionate back to sulphide and sulphate.  Repeated 

cycling of sulphur in this manner can produce pyrite and pyrite pre-cursors that are low in 

34S compared to the sulphide originally produced by sulphate reduction (Canfield 1994; 

Canfield & Thamdrup 1994). 

Evidence for this is shown from sulphur isotope fractionation observations where sulphide 

produced by bacteria generally had a much lower (~ 45-70%) retention of 34S originating 

from the starting sulphate compared to that of sedimentary sulphide which retained ~ 45-

70% of the 34S found in the starting seawater (Burdige 2006).   There are many studies that 

use pure cultures or manipulate closed sediment systems to analyse this type of sulphur 

cycling in surface sediments.  However, it is very difficult to reproduce in situ conditions 
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because of the low concentrations and rapid cycling of the intermediate compounds that 

occurs.  Canfield and Thamdrup (1994) have observed that as more sulphide produced from 

sulphate reduction is oxidised then the % of 34S that is retained in sediments compared to 

the starting sulphate becomes increasingly low.  Therefore, as sulphide redox cycling 

increases lighter dissolved and sedimentary sulphide is produced (Canfield & Thamdrup 

1994).  

Sulphur burial efficiencies are generally higher in reducing sediments which have high 

sulphate reduction rates and low bioturbation and bioirrigation events (>50%) (Burdige 

2006). The availability of labile organic matter, reactive iron (soluble in HCl) and sulphate are 

likely to be the most important factors effecting sulphur burial in sediments.  Frequently, 

reactive organic matter is described as the most important parameter that limits pyritisation 

(Banta et al. 1999; Arndt et al. 2013).  There is a strong linear relationship between organic 

carbon and total sulphur burial in marine sediments with a normal total organic carbon 

(TOC) content of 5-6% and sulphur levels of ~2%. 

The C/S ratio (2.8 ± 0.8) in most fine-grained normal marine sediments has been described in 

a mathematical model created by Morse and Berner (1995) using data from Canfield (1994), 

Berner and Westrich (1985) and Lin and Morse (1991).  It is important to note that a set of 

pre-defined sedimentary conditions (see pg 1074 of the study for details) were assumed for 

the model to remove potential complicating factors. Morse and Berner (1995) showed that 

the C/S ratio is controlled by: the total amount of metabolised sediment OM, the fraction of 

OM that is decomposed by sulphate, and the fraction of the total sulphide produced by 

sulphate reduction that is buried as pyrite.  Interestingly, the behaviour between the three 

aforementioned parameters leads to a relatively constant C/S ratio, the cause of this 

constancy is unclear.  However, the model suggests that sulphur burial and carbon burial are 

highly related in both magnitude and distribution.  There is an assumption that organic 

sulphur burial is not important in this process, however, more data would be needed to 

verify this. 

Pyrite formation also occurs in deeper sediments that are not subject to the mixing effects of 

bioirrigation. The previously mentioned sulphur cycling in the upper sediments is unlikely to 

be important here.  Pyrite can stay within the sediment for up to 15 years until it is oxidised 

(Burdige 2006).  It was previously though that the only oxidant for pyrite could be oxygen, 
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however, more recent studies show that the anaerobic oxidation of pyrite and FeS may 

involve nitrate, manganese and iron oxides (Schippers & Jorgensen 2002). 
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1.4  Socio-economic context and reputational value of good practice 

So far in this chapter I have largely dealt with the environmental impacts of salmon 

aquaculture, however, a method often used to assess the sustainability of any 

anthropogenic activity is a combined measure of social, economic and environmental impact 

(Glavič & Lukman 2007). The socio-economic context of fish farming and industry’s approach 

to environmental management are both equally important to the reputation of aquaculture 

within local communities (Alexander et al. 2014). Regional and national opinion is likely to 

directly and indirectly effect factors essential to business growth, including, the uptake of 

new technologies and willingness to innovate, the approval of new farm site locations and 

most importantly, product sales. Therefore, from an individual business perspective, 

effective environmental management, social enterprise and community support are 

fundamental to success.   

The benefits of Scottish aquaculture to rural economies through local employment is well 

known.  Salmon farming companies utilise local goods and services for routine distribution, 

such as refrigeration trucks and ferry services (PACEC 1999).  In 2011, The Scottish Salmon 

Company claim that it spent £1.2 million on their operations just in the Western Isles 

(Scottish Salmon Company 2012).  The Scottish Salmon Producers Organisation (SSPO), who 

provide industry representation, state that £435.7 million was spent on suppliers and 

services to aid Scottish production operations in 2011 (SSPO 2012).  This expenditure has led 

to job creation, a reduction in poverty levels and improved living standards in rural 

communities, counteracting population decline in fragile remote areas (PACEC 1999; MacKay 

2011). Results based on 2012 outputs suggest that Scottish aquaculture sites have generated 

a total of 4,800 jobs across the supply-chain (Alexander et al. 2014). The positive effect of a 

growing aquaculture industry on rural employment levels has also been evidenced in Chile 

(FAO 2012). 

The indirect social and economic advantages of Scottish aquaculture are largely unreported 

in the literature. Scottish aquaculture companies recognise the importance of engaging with 

local communities to support rural development, not only through employment and routine 

operations but Corporate Social Responsibility Schemes (CSR) which benefit shops, schools 

and other services (Seafish 2012). For example, Scottish Sea Farms launched the ‘Heart of 

the Community’ grant scheme, a CSR which provides funds for community development that 

deliver “lasting change” (Scottish Sea Farms 2012). In 2013, Marine Harvest celebrated their 
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25th anniversary of support for the Shinty league, and help maintain Scottish heritage and 

culture through their CSR to support Gaelic and traditional music initiatives (Marine Harvest 

2009).  Sustainability of local culture and wellbeing is also championed by Scottish Sea Farms 

through their investment in the ‘Gaelic plan’ and ‘Healthy Living Initiative’ (Scottish Sea 

Farms 2012). 

Aquaculture can also increase tourism as point of interest and through the supply of high 

quality produce (SARF 2009). Scotland is recognised as having a robust regulatory regime 

and some of the highest environmental standards. This is partly due to the establishment 

and maintenance of clean waters which have Good Environmental Status (GES), a standard 

defined by UK Government in the Marine Strategy Framework Directive (Levercliff 2011; 

Dicky-Collas et al. 2017). This allows Scottish salmon to be exported as a premium “luxury” 

product, with exports increasing significantly since 2009 and accounting for the majority of 

Scottish aquaculture product sales (Levercliff 2011).  

The environmental management of marine systems surrounding fish farms and maintaining 

GES has a direct impact on maintaining the brand popularity, reputation and price point of 

Scottish salmon internationally. Therefore, it is not only important to continue to assess the 

effectiveness of environmental management practices from a conservation perspective, but 

to preserve the domestic and international reputation of an industry that is integrally linked 

to Scotland’s rural economy and living standards. 
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1.5  Summary of knowledge gaps and motivation for study  

As previously discussed in this chapter, the gross effects of fish farming effluents (fish feed 

and faeces) on benthic ecosystems are relatively well understood (Nickell et al. 2003). A 

significant effect being a change from aerobic to anaerobic microbially-mediated organic 

matter (OM) transformation in the surficial sediment layer. Organic matter remineralisation 

is a crucial process for releasing bioavailable inorganic compounds and nutrients for use by 

benthic organisms to sustain life (Holmer & Kristensen 1992). In organically enriched marine 

sediments, slower anaerobic remineralisation of OM occurs via sulphate reduction (Holmer 

1999), resulting in the production of hydrogen sulphide which is toxic to aerobically respiring 

benthic macrofauna, reducing the functional diversity and overall ‘health’ of the local 

ecosystem (Jorgensen 1977; Laudien et al. 2002).  

Reliably determining sediment enrichment level and recovery stage is still an ongoing 

challenge for scientists and environmental managers, due to the existence of multiple 

definitions for each and uncertainty within the literature as to which parameters are most 

ecologically relevant. The suite of benthic impact indicators chosen by farm management 

has a direct impact on the inference of ecological quality status and subsequent decisions 

made about fallow time between harvest cycles. The context-dependant nature of sediment 

enrichment and recovery (Keely 2013), along with the numerous sampling regimes used, 

hinders our ability to compare site data and apply observations to new farm locations.   

The benthic faunal response to oxic changes in sediments has been well documented 

(Pearson & Rosenberg 1978; Gray et al. 2002; Hargrave et al. 2008) and it is clear that faunal 

irrigation can significantly enhance benthic solute exchange and promote the recovery of 

reduced sediments during fish farm fallow periods (Glud 2008). Whilst oxygen has been 

observed as a significant parameter to effect the early stages of macrobenthic succession, 

other biogeochemical parameters, such as sulphide concentration, become more important 

to macrofaunal assemblage change during the later stages of sediment enrichment and 

recovery (Pereira et al. 2004). Additionally, little is known about the temporal succession of 

biogeochemical processes prevailing in fish farm sediments after the end of the harvest cycle 

(Karakissis et al. 1999). 

The long-term effect of repeated enrichment events of sediment biogeochemistry is also 

unknown. Macleod et al. (2006) and Keeley et al. (2015a) have hypothesised that repeated 
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fish farm harvest cycles with similar fallow period lengths each year could lead to partial 

sediment chemical recovery and therefore cumulative impacts on sediment biogeochemistry 

over time, further preventing long-term biological recovery. As chemical recovery is an 

important precursor to biological recovery (Macleod et al. 2006), there is a need to identify 

residual biogeochemical changes that occur in response to enrichment by fish farm waste, 

informing management decisions about the appropriate fallow period length (Chávez-

Crooker & Obreque-Contreras 2010). Sulphide can have several fates in sediments with a 

limited amount being stored as insoluble metal sulphides and most of the remainder 

undergoing repeated oxidation‐reduction cycles. Sulphur cycling is thus intimately linked to 

sedimentary oxygen demand. The mechanisms which govern the release of sulphide from 

solid phase forms may be key to understanding enrichment, recovery and re-impact 

processes in reducing sediments which are subject to multiple organic enrichment events 

(Rickard and Morse 2005; SARF 2014). Therefore, oxygen, aqueous sulphide and iron 

sulphide compounds should constitute a primary research target as these maintain a key 

role in the ecology, transport and solid phase formation of sulphide (Burdige 2006; Lewis 

2010).   

To maintain Good Environmental Status (GES), high water quality levels and prevent 

irreversible environmental and reputational damage, methods have been developed to 

predict and characterise ecological response to organic enrichment, allowing  for adaptive 

management and mitigation (i.e. fallowing and adjustment of finfish biomass limits). The 

environmental management framework for fin fish aquaculture now relies heavily on the 

following models to identify and qualify environmental impact: conceptual models, such as 

the macrobenthic succession model by Pearson and Rosenberg (1978); a semi-empirical 

benthic enrichment index or nomogram for benthic organic enrichment by Hargrave et al. 

(2008); the empirical deposition model DEPOMOD, detailed in Cromey et al. (2002a); and 

various indices of benthic biodiversity, such as, Infaunal Trophic Index (ITI), Shannon-Weiner 

Index (H’) and AZTI Marine Biotic Index (AMBI), each with their own strengths and 

weaknesses. Whilst the aforementioned models and indices have been instrumental in 

predicting the impact of OM deposition on a suite of benthic impact indicators, the 

increased dependence on models by regulatory bodies and environmental assessors to make 

environmental management decisions is concerning. Appropriate interpretation and sense-

checking of model outputs requires the end-user to consider factors not included in the 

model that may also influence ecological response to OM deposition (e.g. spatial or 
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temporal factors). An awareness of model assumptions and a detailed understanding of the 

local environmental context is also essential to ensure sound environmental management 

decisions are made (for further discussion on the limitations of environmental modelling see 

sections 1.1.2 and 1.2.2). 

The use of DEPOMOD has been successful at numerous low energy fish farm sites, however, 

model validation has not been achieved at some high energy sites. As high energy sites 

increase cage waste dispersion, they are likely to be selected in future to allow greater fish 

biomasses to be farmed without exceeding regulatory environmental impact indicator limits. 

Hence, this has prompted the ongoing development of NEWDEPOMOD and further 

investigations to establish correlations between OM flux and biogeochemical benthic impact 

indicators (e.g. redox and sulphide concentration) (Cromey et al. 2002b). This will be a 

challenge considering a recent study (SARF 2014) showed poor correlations between OM 

deposition, redox and sulphide concentration, and commonly used methods for measuring 

such biogeochemical parameters have been criticised as unreliable or inaccurate (for further 

discussion see section 1.2.3). There is also a lack of quantitative biogeochemical studies on 

reducing sediments, particularly those subject to organic enrichment by fish feed and fish 

faeces (Naylor et al. 2004; Navarro et al. 2008). More detailed observations of the benthic 

biogeochemical changes which occur in response to organic enrichment is required to 

inform sound ecological theory for use by predictive impact models. This will be particularly 

important in Scotland as finfish production intensifies to reach 2030 government targets.  

An additional concern is that relationships between OM deposition and benthic impact are 

often observed at single time points and then applied to the prediction of impacts over a 

two year fish farm harvest cycle. The background of seasonal change is not taken into 

account. Seasonal changes are important to consider as sea water temperature, 

conductivity, depth and hydrographical condition affect the way in which chemical 

contaminants in sediments are redistributed to the wider environment, and how dissolved 

oxygen and nutrients are consumed by sediments or released into the water column 

(Jorgensen 1977). However, few studies have considered the effect of seasonal change on 

commonly used biotic and abiotic indices used to establish sediment enrichment and 

recovery.  

As limited seasonal recovery has been reported (in terms of biogeochemistry) without fish 

farm removal (Holmer & Kristensen 1992; Homer & Kristensen 1994; Karakassis et al. 1998), 
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it is important to progress our understanding of the relationship between organic 

enrichment and sediment biogeochemistry if the Scottish salmon aquaculture industry 

intends to double production in the coming years whilst maintaining GES of Scottish waters. 

Much remains to be studied before we will be able to accurately predict the severity of 

impact at separate farm locations in different environments based on organic matter flux 

alone. More detailed fish farm sediment studies are needed to understand local fluctuations 

from current impact prediction models, re-evaluate fallow periods required for recovery, 

identify the existence of cumulative impacts and calculate the maximum organic matter 

assimilation capacity of specific coastal environments. Further study of fish farm sediment 

biogeochemistry in response to organic enrichment would help to improve the accuracy of 

environmental modelling and further develop theory behind biotic and abiotic 

environmental compliance thresholds in individual locations. To improve our understanding 

of how the biogeochemical cycles closely linked to sediment ecology are affected by finfish 

aquaculture effluents, research should now be focussed on gaining a truly quantitative 

understanding of the temporal biogeochemical changes which occur in response to organic 

enrichment. 
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1.6  Thesis aims, scope and structure 

This thesis aims to identify quantitative relationships between sediment sulphur 

biogeochemistry (an important influencer of benthic macrofaunal community structure) and 

organic enrichment by the type of organic matter (OM) that typically falls from salmon farm 

cages; uneaten fish feed.  

The overarching hypotheses of this thesis were that: 

A) Quantitative relationships between fish feed deposition and the following 

biogeochemical parameters can be established in fish farm sediments, during and 

after an enrichment event: porewater sulphide concentrations, pH, insoluble metal 

sulphide species and oxygen demand. 

B) Depositional load of organic matter (by fish feed) to the seabed is a suitable variable 

for predicting the ecologically relevant biogeochemical changes that occur in fish 

farm sediments during and after an enrichment event. 

These hypotheses were accompanied by an overall objective to gain information about the 

degradation rates of uneaten fish feed deposited on the seabed, and to consider whether 

relationships between fish feed deposition and the biogeochemical parameters listed in A) 

could contribute to environmental modelling and predicting the medium to long-term 

impacts of salmon farming on sediment biogeochemistry.  

A less specific overall purpose of this project is conceived from a fundamental 

biogeochemical science perspective. Fish farms, despite their ease of access and ubiquity in 

mid-latitude coastal zones, have been relatively little studied by biogeochemists. They 

therefore represent ideal laboratories in this study to investigate reducing processes which 

occur in fish farm environments due to abnormally high inputs of organic matter from 

uneaten feed and faecal material (Norði et al. 2011).    

Hypothesis A) and the broader purpose of this thesis stated above have been addressed 

through three sequential and related studies, presented as chapters. Each chapter has its 

own specific goals and objectives summarised in the following paragraphs. In the final 

chapter (Chapter 5, Discussion) the key findings of Chapters 2, 3 and 4 are reviewed in 

relation to A), B) and the overarching thesis objectives in the context of the Scottish 
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aquaculture industry. Chapter 5 also includes key recommendations for future fish farm 

environmental monitoring practice and biogeochemical studies of fish farm sediments.  

Chapter 2 evaluates the reliability, accuracy and suitability of current and new methods for 

the quantitative biogeochemical study of fish farm sediments. Criticisms about current 

research and industry methods for measuring sediment sulphide concentration using the ion 

selective macroelectrode were identified in Chapter 1, so it was considered important to 

further investigate the accuracy and reliability of this method considering its continued use 

in Scottish fish farm environmental monitoring programmes. A lack of quantitative 

biogeochemical studies of fish farm sediments was also identified in Chapter 1, so the novel 

application of Diffusive Gradients in Thin films (DGTs) to fish farm sediments for the 

quantitative measure of sulphide concentration was also tested. The purchase of state-of-

the-art microelectrodes for high resolution sediment core profiling was not confirmed at the 

time this Chapter was completed, however, pilot studies were undertaken to test the effect 

of horizontal microelectrode placement within a sediment core on biogeochemical 

measurements taken. This was to assess whether one microelectrode profile per sediment 

core (avoiding pseudoreplication) was sufficient to represent the sample.  Preliminary 

studies undertaken in this chapter using model and ex situ fish farm sediments also 

functioned to inform the experimental design, sampling regime and analytical approach in 

future chapters, considering the practicality and suitability of all the methods tested to the 

research setting of this thesis. 

The experimental approach to Chapter 3 was informed by the results of methodological 

testing conducted in Chapter 2 and the ability to obtain of state-of-the-art microelectrodes 

more suitable for conducting quantitative high resolution sediment core profiles. Chapter 3 

addresses the lack of consensus in the literature as to whether there is a quantitative 

relationship between sediment sulphide concentration and fish farm cage waste deposition. 

This study focussed on one aspect of fish farm waste material; OM deposition intensity or 

load from uneaten fish feed, a primary source of labile carbon in sediments beneath fish 

farms. This was investigated by conducting high resolution biogeochemical profile analysis of 

ex situ fish farm sediments treated with three different loads of fish feed. To improve the 

applicability of any results to the farm site studied, it was considered important to use un-

manipulated fish farm sediments (ex situ) rather than model sediments (Brown et al. 2011) 

in the set-up of laboratory mesocosm experiments. Using ex situ fish farm sediment cores 
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preserved the macrofaunal assemblage and vertical zonation of microbial communities 

which are known to influence biogeochemical processes such as organic matter 

remineralisation. High resolution quantitative oxygen concentration and pH profiles were 

also measured in the sediment cores to calculate the sediment oxygen consumption and 

relative concentration of soluble porewater sulphide species during and after fish feed 

enrichment treatments were added. The fate of any hydrogen sulphide produced in 

sediments and the medium-long term changes to sediment biogeochemistry as a result of 

organic matter deposition were also examined. This was achieved by measuring the mass of 

insoluble sulphide species (Acid Volatile Sulphide and Chromium Reducible Sulphide) before 

and after the fish feed treatments were added, key intermediates to sulphur burial in marine 

sediments.  

Chapter 4  is a logical extension of Chapter 3 as it addresses the lack of quantitative data 

available in the literature to describe how seasonal temperature change effects sediment 

biogeochemistry in fish farm sediments. Specifically, this chapter aims to gain a quantitative 

understanding of how biogeochemical parameters listed in A), measured in fish farm 

sediments, during and after sediment enrichment, are effected by typical seasonal seawater 

temperature fluctuations measured in Scotland. A single fish feed treatment was used to 

artificially enrich cores in Chapter 4, chosen from the three treatments used in Chapter 3 

and based on the results obtained. Therefore, Chapter 3 and 4 results could be compared, 

anaerobic microbial remineralisation of organic matter was representative of that found 

beneath highly enriched fish farms in Scotland and the complete degradation of organic 

matter by anaerobic remineralisation occurred over a suitable time period to establish 

medium-long term effects.  As background seasonal temperature change is not yet 

accounted for in environmental impact models, but is likely to affect biogeochemical cycling 

and the rate of microbially-mediated organic matter remineralisation in enriched fish farm 

sediments, this chapter contributes valuable quantitative data for the development of 

environmental modelling. 

It is important to note that preserving the integrity and structure of ex situ sediment cores 

increased the likeliness of detecting effects due to natural environmental variation, 

additional to that caused by experimental treatment, within replicate samples. As the main 

objective of this thesis was to establish relationships between sediment biogeochemistry 

and organic matter deposition for use in environmental impact models, I felt it was 
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important to capture this variation. This approach was alternative to inferring correlations 

from model or manipulated sediments which may have been more likely to produce 

consistent results, though, arguably less relevant to natural ecosystems. As previously 

discussed in this Chapter, appropriate interpretation of model outputs should consider 

environmental context and other factors that may affect results not accounted for within the 

model. Therefore, I feel this research approach is appropriate and relevant to informing 

environmental monitoring and modelling practices which subsequently influence ecosystem 

management and conservation. 

Studies by Glud (2008) found that variability in sediment oxygen consumption and oxygen 

penetration appeared to be associated with small scale heterogeneity at a horizontal 

resolution as high as ~3 cm. As sulphur biogeochemistry is closely linked to sediment oxygen 

consumption it would be plausible to assume that the products of sulphate reduction also 

vary on this scale. However, Glud’s measurements are based on sediments at 115-175 m 

depth around the Svalbard archipelago, dissimilar to the location of this study, a shallow 

sheltered coastal site in Scotland. Whilst deep sea sediments express similar responses to 

organic enrichment as coastal sediments, the organic loading to sediments beneath fish 

farms by waste fish feed and faeces (~15 kg-1 organic C m-2 yr-1, estimation based on ~4% 

organic carbon content of fish feed and deposition of ~42 kg-1 m-2 yr-1 based on freely 

available SEPA feed use data and an estimate fish feed waste of 15%) far exceeds that 

deposited to sediments around the Svalbard archipelago by phytodetritus (<0.3 kg-1 organic 

C m-2 yr-1, estimation based on max. spring bloom settlement simulations by Witte et al. 

2003). I would expect that the substantial and repeated deposition of highly labile organic 

material to fish farm sediments is likely to cause intensive biogeochemical cycling and highly 

reducing conditions with less horizontal heterogeneity that that recorded by Glud (2008).  

Experimental design using environmental samples should include high levels of replication to 

acquire a normally distributed dataset, justifying the use of more powerful parametric 

statistical analyses (which assume normality) which are more robust in assigning significance 

to any differences observed and distinguishing an actual effect from one of chance. The 

optimum replication number, from a mathematical perspective, is that which produces a 

consistently low standard deviation (σ) for the dataset, increasing the power of any 

statistical test used. In other words, high statistical power increases the likeliness that repeat 

experiments (taking a new random sample each time) will correctly reject or not reject the 



Chapter 1: Introduction and Literature Review 

 

63 

null hypothesis, avoiding Type I or Type II error where the null hypothesis is incorrectly 

rejected or not rejected, respectfully, due to sampling error. Statistical power is measured 

from 0 to 1, a study that has a power if 0.9 indicates that in 90% of studies the null 

hypothesis will be correctly rejected or not rejected. 

Despite the well-known implications of limited sample replication on the ability to use 

statistically robust analytical techniques, many studies using environmental marine 

sediments are conducted using a relatively low number of sample replicates, for reasons not 

fully explained in most published work but likely due to logistical and practical 

considerations. For example: Homer and Kristensen (1992) used duplicate cores from two 

fish farm stations to measure sulphate reduction and inorganic sulphur pools; in a study by 

Brown et al. (2011) hydrogen sulphide concentrations were determined based on an average 

of three replicate samples taken from the same experimental treatment vial; and to support 

the Finfish Aquaculture Waste Control Regulation in British Columbia, the Ministry of Water, 

Land and Air Protection has developed protocols for marine environmental monitoring 

(BCMOE 2002b) stating that “at least 3 grab samples must be taken for each sediment type, 

if only one sediment type predominates, at least 5 grab samples must be taken” and that 

redox and sulphide analyses requires “2 subsamples to be extracted from each grab”. 

Remotely operated multiple corers go some way to save sampling time and increase 

replicate number, but Blomqvist (1991) noted in a review of quantitative soft-bottom 

sediment sampling techniques that the cores obtained by this method are not independent 

or random like the repeated lowerings of a single core, rather a nested 2-stage pseudo-

replicate of the same sampling unit. Hence, the aforementioned subsampling protocols by 

Brown et al. (2011) and the Ministry of Water, Land and Air Protection in British Columbia 

could also be subject to pseudo-replication.  

As per the aforementioned reasoning by Blomqvist (1991), the acceptance of low replicate 

numbers in the literature, and the expectation of reduced heterogeneity in such highly 

reducing sediments, each sediment core was treated as one sample and a decision was 

made to use a minimum of three replicates per treatment. Whilst it would have been 

preferential to increase replicate number, experimental design in Chapters 3 and 4 was 

restricted by time-bound logistical considerations and limited resources. There was only a 

certain number of research vessel days available to collect samples, and rough weather 

conditions usually increased the number of attempts it took to obtain an undisturbed 
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sediment core, each core sampling attempt taking ~20 min at a ~40 m depth. Another 

restriction to increasing replicate number was the amount of time it took to analyse 

sediment cores using the microelectrodes in the laboratory. To establish relationships 

between organic matter load and biogeochemical parameters mentioned in A) at least three 

experimental treatments were required with two controls (see Chapter 3 for further 

explanation of experimental design), meaning a minimum of 15 consecutive sediment 

profiles needed to be manually conducted on each day observations were taken. As each 

sediment profile took 42 min to complete, a total of 10.5 h was required to complete all 

sediment profiles including additional time for microelectrode set-up and calibration, hence, 

it was not possible to increase sample replication within the restrictions of the working 

hours of the laboratory. Chapter 5 includes recommendations for future study to improve 

statistical power and replication number. 
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2.1 Introduction 

 Sampling methods used to measure organic enrichment in fish farm sediments 

Biochemical data (oxygen, pH, redox, sulphides) used for the environmental assessment of 

fish farm sediments can be collected in situ in the field or ex situ, where sediment samples 

are retrieved from the seabed and transported to a laboratory for later analysis. In situ 

methods using divers or autonomous benthic landers (Tengberg et al. 1995) allows data to 

be collected without the sedimentological, biochemical or physical changes that are 

normally associated with ex situ methods.  In deep sea sediments, the effect of sample 

retrieval is likely to be more pronounced as samples are subject to large pressure, light and 

temperature changes. For example, cell lysis can occur (Hall-Spencer et al. 2007), releasing 

labile nutrients into sediment porewater which effects biological activity and therefore the 

biogeochemical balance of the sediment (Glud et al. 1994). In shallow coastal sediments, the 

effect of sample extraction methods and post-collection treatment on basic sediment 

properties is not well documented, however, Mogg et al. (2017) found shallower oxygen 

penetration depths and higher oxygen uptake rates in sediment cores retrieved from 18-20 

m by Craib corer when compared to those retrieved by SCUBA diver.  In situ methods can 

require added cost, expertise, health and safety considerations and restrictions on sample 

depth, hence, common ex situ methods (e.g. box-corer, multicorer, Haps-corer, Craib-corer, 

Petersen grab, Ponar grab, Smith-Mcintyre Grab, Day grab and van Veen Grab) are often 

preferred as they are lightweight, easy to operate, and can be deployed from relatively small 

vessels.  

Other practical and technical considerations are also taken into account when choosing a 

biogeochemical sampling method for research or industry applications: site conditions, 

sediment type, sediment mass required, sample number required, and whether the 

preservation of sediment layers is necessary. Sediment grabs are often employed for 

aquaculture environmental monitoring programmes where preserving the sediment 

structure is less important, specifically taxonomic macrofaunal benthic analysis and Total 

Free Sulphide (TFS) analysis of surficial sediment (~0-2 cm depth) using an Ion Selective 

Electrode (ISE) or macroelectrode.  In the instance that a sediment profile is required, for 

example when measuring oxygen/reduction potentials with a redox macroelectrode, it is 
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generally accepted that sediment sampling by a hydraulically damped Craib corer causes the 

least amount of disruption to sediment integrity.  However, some sediment dewatering 

occurs when the Perspex Craib core tube is pushed into the seabed, causing a slight 

underestimation in the depth of the sediment being sampled. The amount to which Craib 

coring underestimates sediment depth is difficult to calculate as it depends on the ratio 

between core tube thickness, inner diameter length and the physical properties of the 

sediment being sampled.   

In certain research contexts, it is also important to consider the contribution of the Perspex 

Craib core tube to the occurrence of ‘edge effects’ when incubating sediments within a rigid, 

impermeable confined space. In contrast to in situ sediments where organisms and matter 

are free to move in any direction, core tubes restrict the movement of biotic and abiotic 

factors immediately adjacent to a core tube wall, potentially disrupting passive and active 

transport processes. Therefore, the position inside the core in which a sulphide, oxygen or 

redox measurement is taken could have an effect on the data output.  

 General considerations for measuring sulphides in sediments 

Hydrogen sulphide has been isolated as a key parameter for the classification of organic 

enrichment level in fish farm sediments (Hargrave et al. 1998; Wildish et al. 1999; Wildish et 

al. 2001). The analytical methods and protocols used for measuring of hydrogen sulphide in 

environmental assessments are numerous and no single strategy has been agreed upon 

(Wright 2000).   
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The difficulty with measuring dissolved hydrogen sulphide in marine sediment pore water is 

that it dissociates into HS- (bisulphide) and S2- (sulphide) ions above pH ~5, forming 100% 

bisulphide > pH~9 and 100% sulphide at pH >~14 (Almgren et al. 1976) (Figure 2.1.1). For 

environmental assessments, a measure of total free sulphides (TFS = H2S + HS- +S2-) is often 

taken, requiring pH to be measured alongside hydrogen sulphide.  Measuring hydrogen 

sulphide is also problematic as it readily oxidises in the presence of oxygen, particularly at 

low pH where a large portion of hydrogen sulphide is in the aerobically unstable form (H2S) 

(Rickard & Morse 2005). Therefore calibration solutions are prepared in oxygen free water 

and kept under conditions to minimise contact with oxygen.  For accurate post analysis 

calibrations (e.g. when measuring instrumental signal drift) with the same sulphide 

standards it is important to ensure that the solutions have not partially oxidised in the time 

taken to complete sample analysis.  

It is also important to consider that sodium sulphide crystals, often used to calibrate 

equipment used to measure sulphide concentration, have a high and variable water of 

 

Figure 2.1.1 Dissolved hydrogen sulphide dissociation with pH. 

Dissolved sulphide species exist in equilibrium (H2S⇌HS-⇌S2-). At a pH of approximately 5 

H2S begins to dissociate to HS–, forming 100% HS– at pH ~ 9. At a pH > 14, H2S is 100% in 

the form of S2-. The proportion of each chemical species as it varies with pH can be 

calculated by using the pK1 and pK2 values for this equilibrium from Lewis (2010), p223. 
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crystallisation. To make precise sulphide stock standards for calibration purposes, it is 

necessary to conduct a titration of the sodium sulphide crystals used to find the exact water 

of crystallisation number and be able to accurately calculate the concentration of the stock 

solution. 

A number of methodological adaptations have been adopted to obtain an accurate measure 

of hydrogen sulphide in fish farm sediment samples, these include: immediate analysis to 

minimise the loss of hydrogen sulphide by oxidation, analysis under nitrogen in the absence 

of oxygen, minimising the agitation of samples in transit, and fixing the hydrogen sulphide in 

samples with a metal acetate for the subsequent measurement of the aerobically stable 

metal sulphide formed.  Care must also be taken to ensure that sulphur speciation is not 

perturbed by common post-extraction sample treatments used to preserve sediments 

before analysis in a laboratory, for example, freezing at -20ºC (Brown et al. 2011). The 

aforementioned methodological adaptations to measuring sulphide in sediments will be 

discussed further in the following sections in relation to specific analytical techniques 

available to measure organic enrichment or sulphides within the scope of this project. The 

applicability of each method to industry and research settings will be considered in terms of 

their practicality, cost effectiveness, scientific bias and statistical validity. 

 Ion Selective Electrode (ISE) for the measurement of Total Free Sulphides (TFS) 

As a result of the difficulties associated with measuring sulphides in sediment porewater 

(see section 2.1.2) a protocol was developed in New Brunswick, Canada (Wildish et al. 1999; 

FAO 2009) as part of a more extensive aquaculture monitoring framework in British 

Columbia, Canada (BCMOE 2002a; BCMOE 2002b; BCMOE 2003). This protocol aimed to 

improve the accuracy and precision of measuring TFS whilst making use of commercially 

available, portable instruments that could be operated and calibrated by non-professionals 

to determine TFS in the field.  

At the onset of this study the ISE macroelectrode was the main equipment used for fish farm 

TFS sediment analysis; with a wide flat base (approx. 1cm Ø) holding a silver/sulphide 

sensing element (Figure 2.1.2).  In the presence of sulphide ions (S2-) an electro-chemical 

potential develops across the sensing element (mV) which (when compared with a constant 

reference potential) corresponds to the amount of sulphide ions in solution (S2-).  The 
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measured potential which corresponds to the concentration of sulphide ion in the sample 

can be described by the Nernst equation (adapted from Thermoscientific User Guide for 

Silver/Sulphide Ion Selective Electrodes) (Equation 2.1.1). 

𝐸 = 𝐸0 + 𝑆. log(𝐴) 

E = measured electrode potential 

Eo = reference potential (a constant) 

A = iodide ion activity level in solution 

S = electrode slope (about -57 mV per decade) 

S = (2.3 R T) / nF 

R is the universal gas constant  = 8.314472(15) J K−1 mol−1 

F is the Faraday constant = number of coulombs per mole of electrons 

9.64853399(24)×104 C mol−1 

T = temperature in degrees K  

n = ionic charge 

Equation 2.1.1 

 

The use of the ISE macroelectrode to measure sulphide concentration (TFS) is now a widely 

used protocol and calls for the addition of a highly alkaline Sulphide Anti-Oxidant Buffer pH 

>12 (SAOB), to the sample just prior to measurement.  The SAOB drives hydrogen sulphide 

dissociation to sulphides (S2-) measured by the electrode, making the sulphide measurement 

equivalent to TFS (S2- = H2S + HS- + S2-). This negates the need for the simultaneous 

measurement of pH and also minimises the loss of hydrogen sulphide via oxidation.  

However, the addition of the highly alkaline buffer (>pH 12) may cause the dissolution of 

particle bound sulphides and/or sulphur into sediment porewater (Brown et al. 2011; SARF 

2014), and therefore inflate the pore water free sulphide measurement.  Hydroxy ions (OH-) 

in SAOB compete with sulphide in authigenic iron monosulphides (and other metal 

sulphides) resulting in the release of free sulphide ions S2- (SARF 2014). Iron monosulphide 

(FeS) is also referred to as acid volatile sulphide (AVS) and is an intermediate of pyrite 

formation (FeS2).  Two modifications have been recommended by Brown et al. (2011). 

Firstly, measurements of S2- could be made without SAOB at natural pH with pH measured 

separately and TFS calculated using the pK1 and pK2 values for dissolved sulphide 

equilibrium (Lewis 2010). Secondly, sample porewater could be isolated from the sediment 

and immediately analysed or preserved with zinc acetate (which precipitates zinc sulphide) 

for later analysis in the laboratory. 
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Figure 2.1.2 Schematic diagram showing the workings of an Ion Selective Electrode (ISE).  

The Potential difference between the ion selective electrode and the reference electrode 

is proportional to the log of the difference in ion concentration between the sample and 

the reference solution. The OrionTM Ag/AgCl Ion Selective electrode. 9653BNWP AgCl 

Combination Electrode Approx. 1 cm Ø and 14 cm in length was used in this study.  

 

Despite the aforementioned criticism, the silver/sulphide ISE combination macroelectrode 

remains the most cost effective and widely used method for measuring sulphide response to 

organic enrichment in fish farm sediments due to its portability and rapid return of results 

(Wildish et al. 1999; Wildish et al. 2001). Brown et al. (2011) states that their findings [the 

artefactual release of sulphide ions] do not invalidate the use of empirical relationships 

between biological indices and sulphide (Brooks 2001; Brooks & Mahnken 2003) to 

categorise macrofaunal changes around fish farms in response to organic matter loading.  

Without modifications, the current reproducibility of the ISE macroelectrode method for 

measuring sulphide concentration (TFS) in a laboratory setting is reported to be ± 12% 

standard error, and ± 55% standard error in a field setting  (Brown et al. 2011). The 

increased error in marine sediments may reflect naturally occurring spatial variability in 

sulphide concentration or variability in subsampling technique. However, there are reports 

of sustained high levels of TFS being measured beneath fish farms (termed ‘sediment 

souring’) or high levels returning after relatively low enrichment loads that do not match 

predictions made by commonly used deposition models (Keeley et al. 2015a). Therefore, 
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there is additional reason to investigate the effect of using SAOB on the production of 

artefactual sulphides in laboratory and field samples leading to the further refinement of this 

protocol, as well as to test other suitable methods that have yet be applied to aquaculture 

monitoring programmes.   

 Oxidation Reduction Potential instruments (ORPs) to measure organic enrichment 

level 

Sulphide concentration (TFS) is often measured in conjunction with redox potential (Eh) to 

measure the oxidation-reduction (redox) state of the sediment, giving a more 

comprehensive analysis of the enrichment status of the sediment (Zobell 1946). Negative 

redox potential, measured in mV, is associated with anoxic sediments where anaerobic 

microbial remineralisation dominates. Decreasing redox potential with depth is related to a 

decreasing dissolved oxygen concentration. The redox electrode (Figure 2.1.3) is inserted 

into the sediment core until the redox discontinuity layer is reached and redox values 

change abruptly (+/- 50mV) from highly negative to positive or even less negative. The redox 

discontinuity layer is normally at a 10-15 cm depth in oxic marine fine (<63 µm particle size) 

sediments and shallower in reducing fine sediments (Baas Becking et al. 1960).  
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Figure 2.1.3 Schematic diagram of an Oxidation Reduction Potential Instrument (ORP) or 

Redox probe (reproduced from Schüring et al. 1999 p246). 

Oxidation reduction potential is a measurement of the electrical potential of a redox 

reaction. The potential is a measure of the power of a substance to gain electrons in 

solution. The stronger the reducing agent, the more likely it will readily lose electrons and 

give them to another substance. A strong reducing agent will have a high negative redox 

potential. The basic thermodynamics for ORP reactions can be described using the Nernst 

equation (Equation 2.1.1). A ThermoscientificTM Redox/ORP/Temp Electrode, approx 1 cm 

Ø and 15 cm in length, was used in this study to measure oxidation-reduction potential 

(ORP) and temperature using a platinum redox sensor, a silver/silver chloride internal 

reference system and a built-in thermistor which is adapted for automatic temperature 

compensation.  

 

The technological difficulties associated with this method are outlined by Teasdale et al. 

(1998b) who question the usefulness of this measure to fish farm managers in making 

environmental management decisions. Redox potential is a measure of the combined effect 

of biological and chemical processes within a system that are either reversible or irreversible 

(e.g. photosynthesis, respiration and oxidation-reduction reactions), making the electrode 

output difficult to interpret (Fenchel 1969; Teasdale et al. 1998b). Irreversible, but 

important, redox reactions give no potential ‘signal’, and reversible but kinetically slow 

reactions result in weak and unstable potential signals, for example, in the case of oxygen 

reduction. Therefore redox potentials represent mixed oxidation-reduction reactions not in 



  
 Chapter 2: Assessment and development of methods  

74 
 

equilibrium rather than the concentration of redox-active species which govern the stability 

of the redox measurement. 

Whilst the redox potential in oxic conditions is well understood, low concentrations of active 

redox species in reducing sediments present an unstable, immeasurable potential, even 

under ideal redox reaction conditions. To address this in reducing sediments, readings are 

typically taken after 2-3 minutes when the downward signal drift reaches <10 mV min-1. If 

the drift rate does not stabilise, which is common in oxic sediments, a reading is taken after 

5 minutes. Long seek times for a stable signal have been reported by Brooks (2001) with a 

probe membrane diameter of 6.5 mm. It was hypothesised by Brooks (2001) that the probe 

was sampling a range of redox conditions across a small vertical distance (<0.5mm), due to 

the fact that the probe was not inserted with enough vertical precision (±0.5mm depth) 

(Meijer and Avnimelech, 1999), causing the probe membrane to be in contact with more 

than one redox condition along the vertical plane. Stable redox signals are even more 

difficult to achieve in non-stable environments, for example aboard a ship, where it is almost 

impossible to keep the redox electrode sufficiently still whilst taking measurements. This 

suggests that biogeochemical methodologies need to be developed that are able to sample 

sediments at a higher vertical profile resolution than those commonly practiced.  

The practical difficulties of achieving a stable redox signal are frequently reported in the 

literature and suggest a great deal of variation in redox readings from the same sample 

station (Brooks and Mahnken 2003).  In the SARF 085 report (2014), poor correlations 

between sediment sulphide concentration >1000 µM and redox potential were reported at 

2cm depth. It was assumed that the lack of negative redox potential at high sulphide 

concentrations was due to ‘electrode failure’, as low biotic indices indicated impact that was 

not reflected by the redox values.  Anecdotal evidence (per comms Prof Trevor Telfer) and a 

pilot study to test the ISE macroelectrode and redox probe in the field at a fish farm near 

Lismore (Figure 2.5.1) supports the theory that faulty redox measurements are due to an 

inability to steady the probe sufficiently within the sample in the field. Sediment sulphide 

concentrations obtained during the pilot study at all fish farm stations were low (100 to 300 

µM) indicating relatively oxic sediments with little impact. At three of the four stations 

positive redox potentials between 100-300 mV were recorded, consistent with redox 

measurements taken at similar sulphide concentrations by Hargrave (2010). However, 
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station three was less sheltered and measurements were taken in particularly unsettled sea 

conditions, correlating with unexpectedly high redox potentials (332 mV and 621 mV) for the 

sediment sulphide concentrations measured. This, and the lack of negative redox potentials 

measured at higher sulphide concentrations in the SARF report (2014), can be explained due 

to movement of the electrode during sediment insertion creating a cavity around the 

electrode tip. This cavity can then fills with oxygenated supernatant water producing typical 

Eh potentials found in oxygenated seawater (300-350 mV) (SARF 2014; Hargrave et al. 2008). 

Conversely, inaccurate redox measures can also be caused by prolonged exposure of the 

electrode to reduced systems containing hydrogen sulphide, contaminating the platinum 

redox electrode by forming platinum sulphide, producing extremely low potentials (Baas 

Becking et al. 1960).  

Due to the technical and practical difficulties mentioned above, Brooks (2001) has 

recommended that whilst redox potential should continue to be used in British Columbia as 

part of the salmon waste monitoring programme, it should not be used to indicate a need 

for further action or biological monitoring.  

 Diffusive Gradients in Thin films (DGT) as an alternative ‘in-field’ method for 

measuring sulphides 

Diffusive Gradients in Thin films (DGT or DGTs) were initially developed to obtain high 

resolution vertical profiles of metals in sediment pore water (Davison et al. 1991; Davison & 

Zhang 1994). The technique is based on the mass transport control of the chemical species 

of interest across a polyacrylamide gel diffusive layer onto a selective cation-exchange resin 

and has been effectively used in many substrates (Gao et al. 2006; Zhang et al. 1995; Zhang 

et al. 1998a; Zhang et al. 1998b; Zhang & Davison 1999; Zhang et al. 2001; Zhang & Davison 

2001; Zhang et al. 2002). 

This technique has been developed further to allow the measurement of sulphide (S2-) in 

sediment porewater. For this application the DGT probe is composed of ion-exchange resin 

layer resin layer (AgI) which is separated from the pore waters by an ion-permeable 

polyacrylamide (>95% water content) diffusive gel and a cellulose filter (Figure 2.1.4), with a 

collective thickness of 0.8 mm.  Sulphide ions enter the DGT through the exposure window 

in the retaining plate before passing through a filter designed to prevent organic-metal 
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complexes and colloids (>50 nm) from diffusing to the resin, causing mechanical damage or 

biofouling. The diffusive gel layer then controls the flux of sulphide to the final resin layer. 

Once the sulphides reach the silver iodide (AgI) resin layer they are immobilised as silver 

sulphide (AgS2), reducing the effective concentration of sulphide on the resin layer to zero 

and maintaining a concentration gradient through the diffusive gel layer ( Zhang et al. 2001; 

Zhang et al. 2002). The steepness of this concentration gradient is controlled by the 

thickness of the diffusive gel and the concentration of sulphide at the surface of the DGT. 

Therefore the average flux of solute through the diffusion gel can be calculated by using the 

mass of silver sulphide collected per unit area of the binding resin layer and dividing this by 

the deployment time of the gel (Zhang & Davison 1999; Zhang & Davison 2001).  

The DGT does not measure the direct concentration of sulphide in bulk porewater (Cb), but 

the mean concentration of sediment sulphide at the surface of the exposure window during 

deployment (Cs). As the concentration gradient of sulphide is maintained across the diffusive 

gel, sulphide is continually removed from the sediment sample (if there is an ample supply of 

dissolved sulphide from the bulk porewater) and bound to the resin layer. A full explanation 

of the relationship between Cb and Cs is given in Zhang & Davidson (2001).  

Alternatively, as silver sulphide is black, the density of the colour on the resin layer can be 

measured (Teasdale et al. 1998a) to estimate sediment sulphide concentration, and could be 

 

Figure 2.1.4 Composition of Diffusive Gradients in Thin films (DGTs).  

A= Schematic of gel sediment probe (for measuring sulphides an AgI resin gel layer is 

used) (Modified from Lorax Environmental, INAP) B = Photograph of the in situ application 

of a DGT to gain a vertical sediment profile. 
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an effective tool for the qualitative assessment of sulphide concentration in fish farm 

sediments on site by non-specialist staff. With some development, DGTs could provide a cost 

effective and rapid complimentary method to the ISE macroelectrode for measuring organic 

enrichment level, suitable for in situ or ex situ sediment samples.  Deploying DGTs and 

recording the gel colour would not require specialised equipment or highly trained 

personnel, allowing an increase in analytical frequency and sample size to address problems 

associated with the inherent natural variability of marine sediments in making 

environmental management decisions. However, high concentrations of sulphide in fish 

farm sediments may cause the resin layer to become quickly saturated within a short 

deployment time, leading to no change in gel colour past a certain sulphide concentration 

and a low detection limit. For the DGTs to be a useful farm management tool they would 

need to be calibrated against ecologically relevant concentrations of sulphide. The 

appropriate gel thickness and deployment time could then be devised for the application of 

fish farm environmental assessment.   

 Aims and Objectives 

In this Chapter major protocols used throughout the thesis are outlined and important 

methodological considerations are addressed. The use of techniques to sample, study and 

measure the biogeochemical state of sediments are examined, focussing on reduced 

sulphur. Additionally this Chapter also will assess the potential for using existing techniques 

for novel applications, specifically, the relatively simple and inexpensive DGT probes for 

analysing sediment porewater sulphide concentration in an industry context.  Pilot studies 

will be conducted to compare the accuracy, applicability, practicality and limitations of the 

specialised methods available to measure sulphides in sediments, namely the ISE 

macroelectrode and microelectrodes. Common ex situ sediment sampling methods will be 

used due their relative to ease and cost efficiency when compared with in situ methods. 

The information provided in this chapter will aid the decision making process in later 

chapters to devise a robust experimental protocol for measuring sediment sulphides, as well 

as forming consistent and reliable protocols for important laboratory work associated with 

sulphide measurements. 
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The objectives are as follows: 

• Protocol development 1: Sodium sulphide calibration solution stability 

The oxidation rate of sodium sulphide stock solution, made with sodium sulphide 

nonahydrate, was tested. The a) short term and b) long term stability of the stock 

solution was tested over a number of hours and a few days under different 

laboratory conditions to devise a robust protocol that was used throughout this 

thesis to calibrate instruments used for to measure sulphide concentration, ensuring 

all measurements made were reliable and repeatable. 

• Protocol development 2: Effect of enrichment and mesocosm subsample placement 

on sulphide (TFS) concentration 

The suitability of using mesocosm tanks as model fish farm sediment was assessed. 

Specifically, the effect of enrichment by fish feed on the sulphur biogeochemistry of 

the surficial tank sediment was tested. The suitability of using three tanks as replicate 

mesocosms was also assessed. 

• Protocol development 3: Effect of freezing on sulphide (TFS) concentration 

The effect of sediment sample freezer storage on sulphide concentration was 

investigated, a source of debate and methodological variation in the literature. 

• Assessment of methods 1: 

a)  The effect of short term (3.25 hours) incubation with SAOB on sulphide (TFS) 

concentration 

b) The effect of long term (216 hours) incubation with SAOB on sulphide (TFS) 

concentration (comparison of field and mesocosm samples) 

This Chapter continued to evaluate the accuracy of the ISE macroelectrode protocol 

developed by Wildish et al. (1999) to determine sulphide concentration (TFS) using 

an ion selective electrode under conditions of very high pH. As there has been some 

criticism of this technique owing to the likelihood that particulate sulphur is dissolved 

by the highly alkaline conditions, continued research is required to understand what 

sulphur species is being measured by the ISE macroelectrode, before it can be used 

for the quantification of sulphur biogeochemistry beneath fish farms.  The effect of a) 

short term and b) long term incubation with SAOB on sediment pore water sulphides 

was investigated, taking further the observations of Brown et al. (2011) regarding the 
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stripping of particle-bound sulphide at high pH. The accuracy and precision of this 

commercial method was compared with state-of-the art techniques 

(microelectrodes), examining which technique was more suitable for use in a 

research context.   

• Assessment of methods 2: DGTs as a tool for measuring organic enrichment in 

sediments 

A controlled laboratory pilot study was conducted in an anaerobic chamber to test 

the accuracy and precision of using DGTs to measure sediment sulphides.  This 

technology, if made commercially available, could provide a rapid diagnostic test for 

enrichment stage for use by fish farm managers, as well as producing interesting 

research results. 

NOTE: Within the context of this thesis, these techniques were superseded by the purchase 

of state-of -the-art micro-electrodes to measure hydrogen sulphide, pH and oxygen, which 

were used for the main work described in subsequent chapters. Hence, a validation step was 

included in this Chapter to assess the horizontal biogeochemical heterogeneity in the core, 

allowing decisions to be made about using either a single microprofile or multiple 

microprofiles in each core to represent the whole core system. Any ‘edge effects’ associated 

with the lack of diffusive and active movement of biotic and abiotic factors near the core 

edge were established. 
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2.2 Methods 

 Preparation of de-oxygenated water and de-oxygenated pH 4 buffer for sulphide 

calibration 

 

De-oxygenated water was prepared by slowly bubbling nitrogen gas (N2) directly into 1 L of 

de-ionised water through an airstone (Figure 2.2.1) for at least one hour, or a period 

sufficient to obtain a trace level dissolved oxygen reading ( <5%) from the pre-calibrated 

optical oxygen sensor spot (Oxygen Spensor Spot SP-PSt3-NAU, Oxygen Meter Fibox 4, both 

from PreSens). A new oxygen sensor spot was used each time a new stock of de-oxygenated 

water was made and a glass bottle able to hold just over a 1 L volume was used to minimise 

vessel headspace. The water was sealed from air except for a small hole (1 mm Ø) in the 

rubber bung to release pressure that built up in the headspace. The rate of bubbling 

nitrogen into the water was gentle but vigorous enough to maintain a positive pressure in 

the glass bottle ensuring the movement of gas out of the bottle.  

When de-oxygenated pH4 buffer was required, a smaller volume of 100 ml was prepared by 

adding a pH4 buffer capsule (VWR Chemicals) to 100 ml of demineralised water, leaving the 

capsule to dissolve for 10 minutes, then de-oxygenating using the same method as detailed 

in Figure 2.2.1 in a 100 ml glass beaker, bubbling with nitrogen gas (N2) for ~six minutes.  

 

 

Figure 2.2.1 Schematic representation of water de-oxygenation. 

Protocol for de-oxygenating water demonstrating how the airflow through the system 

minimises the risk of re-oxygenation.  

air 

stone 

glass bottle 

water fill line 

flow N2 in 

flow N2 out 

bung 
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 Preparation of sodium sulphide stock solution and calibration standards 

Sodium sulphide nonahydrate (Na2S∙9H2O) solutions were used to calibrate the ISE macro 

electrode (measuring free S2- ions), micro electrode (measuring dissolved H2S) and DGTs 

(measuring dissolved HS-). Actual concentrations of the Na2S∙9H2O solutions are only 

approximate due to the high and variable water of crystallisation and the ease of oxidation.  

Due to the uncertainty about the water of crystallisation and the extent of sulphur loss, 

sodium sulphide nonahydrate solutions were titrated against a lead percholorate standard 

so that the appropriate correction factor could be applied (section 2.2.4).  

When making the initial stock solution (prior to titration) it was assumed that the sodium 

sulphide nonahydrate formula was correct, with exactly nine waters of crystallisation (H20).  

Where possible, sodium sulphide solutions were prepared and measured under a fume hood 

to avoid the inhalation of noxious fumes (H2S gas).  A 0.01M stock solution was prepared 

(based on a molar mass of sodium sulphide nonahydrate of 240.18 g) by dissolving 0.2402g 

of Na2S∙9H2O flakes in a 100 ml volumetric flask with 100 ml de-oxygenated de-ionised 

water, pouring the water in slowly to prevent re-oxygenation. The flask headspace was 

briefly flushed with N2 gas before capping to remove any remaining oxygen. A well-mixed 

stock solution was achieved by repeatedly and slowly inverting of the volumetric flask until 

the sodium sulphide nonahydrate was dissolved. The 0.01M stock solution was used as the 

nominal 10,000 µM standard. 

For the highest precision and reliability a fresh 0.01M stock solution was made prior to every 

experiment. Calibration solutions of decreasing concentration were prepared by transferring 

five millilitres of the 0.01M sodium sulphide nonahydrate stock to a 50 ml volumetric flask. 

The solution was then diluted with de-oxygenated de-ionised water to a volume of 50 ml, 

making a nominal 0.001M (or 1000 µM) standard solution. Again the flask headspace was 

flushed with N2 gas before capping and mixing. The 0.001M calibration solution was then 

used to make a nominal 0.0001M (or 100 µM)  calibration solution in exactly the same way 

by transferring  five millilitres of the nominal 0.001M calibration solution into another 50 ml 

volumetric flask and diluting to 50 ml with deoxygenated de-ionised water, flushing the 

headspace with N2 gas before mixing. Other dilutions required for other applications than 

the calibration of the ISE macroelectrode are detailed in Table 2.2.1. 
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Substance required Nominal calibration solution concentration (µM) 

6000 5000 4000 3000 2000 

Volume of nominal 0.01M 
sodium sulphide 
nonahydrate stock  
solution used (ml) 

30 25 20 15 10 

Volume of de-oxygenated 
deionised water  (ml) 

20 25 30 35 40 

Total volume (ml) 50 50 50 50 50 

 

 Titration of sodium sulphide stock solution 

If the molecular formula of the sodium sulphide stock solution is correct, with exactly nine 

waters of crystallisation, then  a 0.01M sulphide stock solution can be made by dissolving 

0.2402g of Na2S.9H2O flakes in a 100 ml volumetric flask containing 50 ml SAOB (see section) 

and 50 ml of de-oxygenated de-ionised water. As the water of crystallisation of solid sodium 

sulphide is variable, the sulphide stock was calibrated via titration with lead perchlorate.  

The appropriate conversion coefficient could then be applied to the nominal concentration 

values of the calibration solutions used, yielding the correct values for sulphide 

concentration.  

For the titration, 50 ml of nominal 0.01M sodium sulphide nonahydrate stock solution 

(assumed formula Na2S.9H2O) was made in up in a 1:1 ratio with SAOB  as explained above, 

with 25 ml of SAOB and 25 ml of de-oxygenated, de-ionised water. The SAOB buffered 

0.01M sulphide stock was then calibrated by titration with 0.1M lead perchlorate 

(Pb(ClO4)2.3H2O) using an ISE silver sulphide macroelectrode (Siskos et al. 1983; SARF 2014).  

𝑁𝑎2𝑆 + 𝑃𝑏(𝐶𝑙𝑂4)2 → 𝑃𝑏(𝑠) + 2𝑁𝑎𝐶𝑙𝑂4 

Equation 2.2.2 

A graph was plotted of the measured electrode potential against the volume of titrant added 

to reach the reaction endpoint. The endpoint gives a sharp drop in voltage only for a very 

small extra addition of titrant, this happens as the remaining S2- are mopped up and the 

concentration of S2- reduces by more than an order of magnitude. The volume of titrant 

Table 2.2.1 Dilutions of nominal 0.01M sodium sulphide nonahydrate stock, made in a 50 ml 

volumetric flask, required to make nominal calibration solution concentrations of 6000, 5000, 

4000, 3000 and 2000 µM. 
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added was used to calculate the accurate mass of one mole of sodium sulphide nonahydrate 

and the accurate water of crystallisation number.  

The concentration of the stock solution is the volume of lead perchlorate used (in ml) 

multiplied by 64. This calculation is based on Equation 2.2.2. Every one millilitre of titrant 

contains 0.0001 moles of lead (Pb) and this is equivalent to removing 0.0001 moles of 

sulphur (S).  The mole weight of S is 32 g, so the total S removed is the millilitres of Lead 

perchlorate used  x 3.2 mg and the concentration (mg L-1) of the titrated 50 ml of solution is 

that figure multiplied by 20. 

 Protocol development 1: Sodium sulphide calibration solution stability  

Time series experiments were conducted to test the oxidation rate of sodium sulphide 

solution over a short (3.25 hours) term period and a long (48 hour) term period (testing the 

effect of storage conditions on sulphide concentration). It takes approximately 3.25 hours to 

analyse 30 sediment samples with calibration, hence this short term period was chosen. The 

suitability of using a single sodium sulphide stock for experiments which require multiple 

calibrations in a single day or over consecutive days to assess signal drift could then be 

decided. 

For the short term experiment, one set of nominal sodium sulphide solutions of 

concentration 0.01M, 0.001M and 0.0001M were prepared as per section 2.2.2 in volumetric 

flasks. A volume of 5 ml of each sodium sulphide solution, set A, was decanted into a 40 ml 

glass beaker before being analysed as per section 2.2.7 with the addition of SAOB in a 1:1 

ratio.  Another set of 5 ml of each sodium sulphide solution, set B, was decanted into set of 

40 ml glass beaker and analysed in the same way as set A but instead of the addition of 

SAOB, de-oxygenated water was added (prepared as per section 2.2.1) in a 1:1 ratio. The 

samples were covered securely with tin foil, the headspace flushed with nitrogen gas and 

left under the fume hood for 3.25 hours before being re-analysed for sulphide 

concentration.   

For the long term experiment another set of nominal sodium sulphide solutions of 

concentration 0.01M, 0.001M and 0.0001M were prepared as per section 2.2.2 in volumetric 

flasks and analysed with SAOB as per section 2.2.7 (set C). A volume of 10 ml of each 

solution was decanted from the volumetric flask into a 40 ml black plastic screw top bottle, 
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refrigerated (5ºC) and measured again in the same way after 48 hours. This experiment was 

repeated the following day (set D) except the 10 ml of each solution was stored for 48 hours 

in a 40 ml airtight glass vial covered in tin foil instead of a black plastic bottle.   

 Surficial sediment subsampling protocol 

When surficial sediment subsamples were required, modified syringes (Figure 2.2.2) were 

inserted diagonally into surficial sediment to ensure 5 ml of surficial sediment was only 

taken from a 0-2 cm depth.  Care was taken not to introduce oxygen into the sample. Once 

the syringe was filled to 5 ml it was sealed with a tight fitting black rubber bung from 

another syringe so that when the bung is pushed flush with the cut-off end of a sediment-

filled syringe no air is trapped under the bung.  Immediately before analysis each sediment-

filled syringe was transferred into a 40 ml screw top clear plastic vial.  

 Mesocosm tank set-up 

Outdoor plastic tanks of volume 1.34 m3 and a surface area of 1.54 m2 (0.98 m x 1.57 m x 

0.87 m) were used as a mesocosm experimental system (in triplicate) to study fish farm cage 

sediments (Figure 2.2.3). The tanks were connected in series to a seawater flow system 

sourced from a nearby bay at the Scottish Association for Marine Science (Figure 2.2.4). 

A single main seawater inflow pipe delivered water to all three tanks, with pipes branching 

from the main inflow pipe to each of the tanks, allowing seawater to be diverted to each 

tank sequentially (Figure 2.2.4).  To mimic the typical bottom water characteristics that 

occur beneath fish farms on the west coast of Scotland the tanks were controlled by the 

following:  filling each tank to a depth of 0.50 m with fine silty sediment sourced from a bay 

 

Figure 2.2.2 Modified syringe. 

Example of a 5 ml disposable syringe used for surficial sediment sampling.  
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near to fish farm activity; filling with seawater to 0.77 m up the side of the tank from the 

same bay using a seawater flow through system at a rate of 0.020 ± 0.005 L s-1 (exchanging 

each tank overlying water volume every 6.15 ± 1.54 hours); repeatedly enriching the tanks 

with fish feed to mimic periodic carbon loading which occurs beneath fish farms (this will be 

referred to as ‘enriched’); and covering each tank with opaque black material to prevent 

certain wavelengths of UV light from reaching the sediment similar to that at ~40 m below 

cages. Flow rate was measured using the time taken to fill a 0.500 L plastic tub from the 

inflow pipe of each tank. Any large stones were removed from the sediment to reduce 

instrument damage.  

 

 

 

Figure 2.2.3 Mesocosm tanks. 

Photograph of mesocosm tank set-up used to study fish farm cage sediments.  
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Figure 2.2.4 Schematic representation of mesocosm tank set up and water flow. 

Birds eye schematic view of three mesocosm tanks set up with an inflow pipe (seawater in 

from bay) and outflow pipe (seawater out to bay). The dotted lines indicating the plumbing 

of the outflow pipe below the tanks, the circle being the birds eye view of the vertical 

overflow pipe. Grey boxes on the inflow pipe show the position of valves to control the 

individual seawater inflow rate for each tank. Arrows indicate water flow direction. The 

grid inside the tanks do not represent a structure but a numbered position for sediment 

subsampling which will be referred to in the text.  

 

Enrichment events consisted of spreading 200 g (accurate to 1 g) of salmon farm feed pellets 

(BioMar salmon grower feed, 4.5 mm pellet size) evenly over each tank once a week for a 2-

6 weeks. This mass was equivalent to an estimated annual waste feed deposition (not eaten 

and egested) of 10.0 kg/yr beneath fish farms rounded to one significant figure (actual 

weekly deposition based on this estimate would be 191.78 g per week). Enrichment events 

occurred on the following dates prior to any work described in this thesis: in 2012, on the 

22nd and 29th of August and the 5th, 12th and 19th of September; in 2013, on the 5th 

September.  

The tanks were enriched again (see later sections for specific details) with 200 g of salmon 

farm fish feed, spread evenly over each tank per week for a specified number of weeks 

either before or during sampling and analysis. 
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 The ISE macroelectrode protocol and preparation of sulphide anti-oxidant buffer 

(SAOB) solution 

The SAOB solution was prepared by adding 20.0 g of sodium hydroxide and 17.9 g EDTA to a 

250 ml volumetric flask and diluted to volume with de-oxygenated water (see de-

oxygenation protocol detailed in section 2.3.1). The flask headspace was flushed with 

nitrogen gas before capping and mixing until the reagents has fully dissolved. The dissolution 

produces heat which effects the mV reading from the electrode, therefore the solution was 

cooled for a minimum of 30 min in the refrigerator before measurement as the effect of 

temperature on sulphide concentration is unknown.  It is possible to keep this relatively 

stable solution for a maximum of seven days if continually refrigerated.  

The EDTA and NaOH solution was taken out of the fridge to reach sample temperature ten 

minutes before use.  Immediately prior to use, 8.75 g of L-ascorbic acid was added to the 

250 ml solution of EDTA and NaOH to complete the formation of SAOB. The SAOB was used 

within three hours of adding the L-ascorbic acid as this makes the solution unstable and 

prone to oxidation.  

To measure sulphide ions (S2-) in solution or sediment pore water an Orion Silver/Sulphide 

ISE  macroelectrode (9616BNWP, Thermo Scientific) was used as per the Thermo Scientific 

user guide, with Optimum Results B filling solution. To calibrate the electrode prior and post 

sample analysis (to check signal drift is <4% as per manufacturer guidelines) a set of 

calibration solutions were made as per section 2.2.2. The calibration solutions were mixed in 

a 1:1 ratio with SAOB and stirred with the macroelectrode until a steady voltage signal (mV) 

was achieved.  For sediment samples, SAOB was also added at a 1:1 volume ratio (i.e. 5 ml of 

SAOB with a 5 ml sediment sample).  The SAOB and sample were then homogenised and 

stirred with the macroelectrode until a steady voltage signal (mV) was achieved. The 

macroelectrode was rinsed and dried between samples  to avoid sample contamination or 

dilution, ensuring that a fine coating of the filling solution remained across the electrode 

junction.  
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 Protocol development 2: Effect of enrichment and mesocosm subsample 

placement on sulphide (TFS) concentration 

A time series experiment was conducted to test the sulphide concentration of three 

mesocosm tanks in response to series of enrichment events with 200g of salmon fish feed.  

Enrichment took place on six occasions (day 1, day 11, day 17, day 24, day 31 and day 38) 

and a sediment subsample was taken from position ‘3’ in each tank (as per section 2.2.5) on 

six occasions (day 0, day 17, day 24, day 31, day 108 and day 135) and analysed within two 

hours for sulphide concentration, as per section 2.2.7. When tank enrichment and 

subsampling occurred on the same day, the subsamples were taken before the fish feed was 

added to the tanks.  At the end of the experiment on day 150, subsamples were taken (as 

per section 2.2.5)  from nine pre-defined non-random areas (positions ‘1’-‘9’ in Figure 2.2.4) 

evenly spaced across each of the mesocosm tanks and analysed for sulphide concentration, 

as per section 2.2.7.  

 Protocol development 3: Effect of freezing on sulphide (TFS) concentration 

Three mesocosm tanks were set up as per section 2.2.1. Each Monday, for a period of four 

weeks, the tanks were enriched with 200 g of fish feed each, ensuring the feed was spread 

evenly across the tanks. On the Friday of each week, two sediment subsample replicates 

were taken from each tank as per section 2.2.5. One of the two subsamples from each tank 

were taken to the laboratory and the sulphide concentration analysed within two hours of 

subsampling as per section 2.2.7. The other subsample from each tank was frozen within 

two hours at -20°C. The frozen samples were all defrosted at the same time in week five, 30 

days after the first tank subsample was taken, and the sulphide concentration measured as 

per section 2.2.7. The sulphide concentration of each of the frozen subsamples were 

compared to the fresh sediment subsamples taken on the equivalent day.  

 Assessment of methods 1a: The effect of short term (3.25 hours) incubation with 

SAOB on sulphide (TFS) concentration 

Time series experiments were conducted to measure the sulphide concentration in sodium 

sulphide solutions (which does not contain particle bound sulphides) and mesocosm 

sediment subsamples. Firstly, calibration solutions (0.01 M, 0.001 M and 0.001 M) were 

prepared as per section 2.2.2. Two 5 ml sets of each calibration solution were prepared for 
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sulphide concentration analysis as per section 2.2.7, one set was prepared as normal in a 1:1 

ratio with SAOB (set A) whilst the other was prepared in a 1:1 ration with de-oxygenated 

water (set C) prepared as per section 2.2.1. Set A and set C were incubated at r.t.p. for one 

hour whilst being measured with an ISE electrode 10 times at regular intervals. This 

experiment was repeated but in place of sodium sulphide solutions, duplicate sediment 

subsamples were taken from each of the three mesocosm tanks as per section 2.2.5. Again, 

one sediment subsample from each tank was incubated for an hour with SAOB (set B) and 

the other with de-oxygenated water (set D). The sulphide concentration of set B ad set D 

were also measured with an ISE electrode 10 times at the same regular intervals over the 

incubation period. The pH of all samples was measured before and after the incubation 

period with a pH electrode (Thermoscientific). 

 Assessment of methods 1b: The effect of long term (216 hours) incubation with 

SAOB on sulphide (TFS) concentration (comparison of field and mesocosm 

samples) 

From 19th-31st August 2013 three salmon fish farms were visited along the west coast of 

whilst aboard the Sir John Murray R/V on a SEPA research cruise. The aim of this study was 

measure the effect of long term SAOB incubation on the sulphide (S2-) concentration of 

reducing sediments. A field and laboratory study were run concomitantly to allow direct 

comparison using the same reagents in the same laboratory setting. The former analysed 

environmental fish farm sediments, the latter analysed model fish farm sediments from 

mesocosm tanks described in section 2.2.6. 

Prior to the cruise a number of 250 ml ground glass bottles (specialised bottles with airtight 

stoppers to prevent oxygenation) were filled with EDTA and NaOH solution made using the 

protocol described in section 2.2.7 for SAOB. A number of small plastic screw top bottles 

containing 8.75 g L-ascorbic acid were also prepared for addition to the EDTA and NaOH 

solution when required. For ISE macroelectrode calibration on board Sir John Murray R/V, 

sodium sulphide flakes were pre-weighed into small opaque black plastic bottles (to prevent 

photo-degradation) and a number of ground glass bottles of de-oxygenated water were also 

prepared as per section 2.2.1. 

On the day of cruise departure from the Scottish Association of Marine Science (SAMS), 5 ml 

surficial sediment subsamples were taken from each of three mesocosm tanks in triplicate as 
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per section 2.2.5. Each mesocosm tank had been set up as per section 2.2.6 and each 

enriched with 200 g fish feed weekly for four weeks prior to the cruise departure. The 

samples were then incubated at in situ temperatures (± 2˚C) in a portable incubator (23 L 

capacity ReptiPro 6000 digital incubator) on the vessel until analysis that evening. Just prior 

to sulphide concentration analysis using the protocol described in section 2.2.7, pre-weighed 

L-ascorbic acid was added to the pre-made NaOH and EDTA solution. Once analysed at zero 

hours of SAOB incubation (T0), the samples were re-incubated with the SAOB solution at in 

situ temperatures. The sulphide concentration of the mesocosm sediment samples was 

measured at the following times since the addition of SAOB: 24 hours, 48 hours,  60 hours, 

144 hours, 168 hours, 192 hours and 216 hours whilst aboard the Sir John Murray R/V. 

Additional to my study,  a novel investigation into the effect that sediment surface 

roughness has on waste particle deposition was being conducted using a benthic flume. Sites 

chosen were under the control of the benthic flume project team as the area of organic 

enrichment around the chose cages was inadequately described by the farm effluent 

deposition model, DEPOMOD.   However, all sites were within 100 m of the cage edges 

within the zone of impact where it was likely that organic enrichment would have been at its 

maximum, inducing a degree of anoxia and  anaerobic remineralisation processes to occur. 

Five stations were sampled over three sites on consecutive days, see the table below. 

 

Three sediment grabs were taken at each station (replicate a, b, c) on the morning of each 

sampling day. Grab samples were taken with a Van Veen grab (grab area 0.1m2) and only 

grabs with a depth of at least 7cm and an undisturbed sediment surface with overlying water 

Table 2.2.2 Sites and stations sampled. 

Site name 

Experimental station 

ID 

Coordinates 

Scallastle Bay SB 56° 29.405"N, 5° 44.639"W 

Bloody Bay BB1 56° 38.535"N, 6° 5.358"W 

Bloody Bay BB2 56° 38.736"N, 6° 6.269"W 

Fiunary F1 56° 33.433"N, 5° 55.077"W 

Fiunary F2 56° 33.458"N, 5° 55.013"W 
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were accepted. Additional rejection criteria included grabs with an uneven bite or did not 

close fully and grabs that were overfilled so that the sediment surface touches the top of the 

grab cavity. One subsample was taken per grab (as per section 2.2.5) and stored at in situ 

temperatures in the same incubator as the mesocosm samples until required for sulphide 

concentration analysis with an ISE electrode as per section 2.2.7. Signal drift was recorded 

over the duration of each analysis period (max. 3.5 hours).  The samples were analysed on 

the evening of the day they were sampled and at varying time intervals for the duration of 

the cruise depending on the success of sampling that day and whether benthic flume work 

was complete. Hence, the samples from each site were not measured at the same number 

of time intervals, for example, site F1 and F2 was only measured at zero hours, 24 hours and 

144 hours of SAOB incubation. 

Three controls were included in the analysis, incubated for the same duration and measured 

at the same time points as the mesocosm samples. Control 1 consisted of just 10 ml of 

SAOB, Control 2 consisted of 5 ml of SAOB mixed with 5ml of de-oxy water, Control 3 

consisted of 10 ml de-oxy water only.  

At the start and the end of the SAOB incubations the pH of all the samples was measured 

with a pH meter to check if any changes had occurred during the incubation time that would 

affect sulphide ion concentration.  

 Assessment of methods 2:  Diffusive Gradients in Thin Films (DGTs) protocol  

To test the viability of using DGTs (AgI gel, 0.78mm Diffusive gel, DGT Research Ltd.) to 

measure ecologically relevant sulphide concentrations using colour intensity alone, 

deoxygenated DGT slices were prepared (Figure 2.2.5). To make ten DGT slices, one DGT 

sediment probe was taken out of its Perspex casing keeping the three internal layers 

together (2.8cm x 15cm) and cut into ten (2.8cm x 1.5cm) using a Teflon coated scalpel 

blade. A total of 30 DGT slices using three sediment probes were prepared for this 

experiment. Each DGT slice was placed in the centre of a piece of clear polythene sheet (4cm 

x 2.5cm), with the AgI resin at the base.  This was taped securely in place with high grade 

waterproof electrical tape, leaving as large an opening as possible so that the centre of each 

DGT filter was in direct contact with the sample.  The DGT slices were then de-oxygenated by 

placing them in a glass bottle with 500 ml of water and purged with nitrogen gas as per the 
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protocol used in section 2.2.1. Post de-oxygenation, the glass bottle containing the DGT 

slices was sealed and immediately transferred into an anaerobic chamber (Coy laboratory 

products Inc. Vinyl anaerobic airlock chamber), which was set to hydrogen levels of 3.5%, 

oxygen levels to PPM <200, and had recently had the palladium catalysts regenerated.  The 

DGTs were only taken out of the de-oxygenated water immediately before to placing into 

samples to measure sulphide (S2-) for a set incubation period.   

Eight sulphide standard concentrations were made within the oxic to anoxic range of [S2-] 

commonly found in sediments beneath fish farms (Hargrave et al. 2008).  These standards 

were made in triplicate at ambient pH (7.3) as per section 2.2.2 (Table 2.2.1) and 30ml of 

each was placed in a 40ml clear plastic screw top vial and flushed with nitrogen before 

immediately being placed in an anaerobic chamber (Figure 2.2.6).   

The first set of eight DGT slices were then simultaneously submerged into the first of three 

sets of standard solutions for 30 minutes.  The DGT slices were removed simultaneously and 

rinsed with deionised water before being placed in a small polybag with 5 ml of deionised 

water to prevent the gel from drying out.  The gels were placed in a 5ºC fridge overnight and 

scanned to TIFF file using a XEROX scanner the following day ready for analysis using Image J 

software. This process was repeated with the second set of eight DGT slices which were 

submerged in a new set of sulphide standards for 15 minutes, and the third set of DGT slices 

which were submerged for only five minutes. 

 

Figure 2.2.5 DGT slices. 

Photograph A shows the DGT slice sealed with high grade waterproof electrical tape, 

leaving a small window for diffusion to occur. Photograph B shows the DGT after 

incubation with sodium sulphide solution, the dark colour (Ag2S) precipitated on the resin 

gel can be seen behind the white filter and clear diffusing gel layers. The resin layer was 

removed and analysed. 
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The DGT slices were then scanned using a flat-bed scanner (dpi 600) (Teasdale et al. 1998a), 

and scanned images converted to greyscale density using ImageJ software. The average grey 

scale pixel density of a 0.725cm2 centre section of the resin was analysed at a resolution of 

~14,000 pixels per 1cm2, giving a single pixel density value for each resin image. Pixel density 

values are integers that range from 0 (black) to 255 (white), the possible grey scale intensity 

values are  shown in Figure 2.2.7. 

 

Figure 2.2.6 Photograph of the anaerobic chamber (demonstrator: Dr Peter Taylor). 

 

 

 

Figure 2.2.7 Digital grey scale and intensity values using by ImageJ software 

 

  Assessment of edge effects in a sediment core 

Three sediment cores were retrieved from Lismore East fish farm by Craib Corer on the 26th 

August 2014, as described in Chapter 3. Oxygen, pH and hydrogen sulphide profiles were 

simultaneously taken five times across a linear horizontal transect in each of the three cores.  

As previously stated, the methods detailed in this Chapter were superseded by the purchase 

of oxygen, hydrogen sulphide and pH microelectrodes. For methodology detailing the set-up, 

calibration and simultaneous microprofiling, please see Chapter 3.  



  
 Chapter 2: Assessment and development of methods  

94 
 

2.3 Results and discussion 

 Titration of sodium sulphide stock solution 

The titration confirmed the technical sodium sulphide hydration value to be approximately 

6.50 (Figure 2.3.1), lower than the nominal value of nine. A nominal 0.010 M solution of 

sodium sulphide, used throughout this study, actually contained 0.0123 moles of S, the 

consequence of this is that nominal values must be multiplied by approximately 1.23 to yield 

correct values for sulphide concentration.  

 

 

Figure 2.3.1 Titration of 0.01M sodium sulphide stock with 0.1M lead perchlorate. 

 

 Protocol development 1: Sodium sulphide calibration solution stability  

The macroelectrode signal output  for sodium sulphide calibration solutions (0.01 M, 0.001 

M and 0.0001 M) did not change within a typical analysis period of 3.25 hours (Figure 2.3.2). 

Whether the calibration standards were mixed in a 1:1 ratio with SAOB or de-oxygenated 

water had no impact on the signal drift for each mixture over the course of the incubation. A 

normal log-linear response was recorded by the macroelectrode in the calibration solutions 

with added SAOB (pH >12) where all ionic forms of sulphide (H2S, HS- and S2-) had been 

forced to S2-ions.  In the calibration solutions where de-oxygenated water (pH 7.3) had been 

End point 

at 6.18 ml  
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added instead of SAOB and hydrogen sulphide dissociation was not forced by pH, the signal 

output was less,  as expected, and also log-linear.  The calibration solution sulphide ion 

concentration of the sodium sulphide calibration solutions in a 1:1 ratio with de-oxygenated 

water at pH 7.3 was 0.002 µM for the 100 µM solution of sodium sulphide, 0.86 µM for the 

1000 µM sodium sulphide solution and 103.1 µM for the the 10,000 µM sodium sulphide 

solution.   

 

 

Figure 2.3.2 Short term (3.25 hours) incubation of sodium sulphide solution with SAOB.  

Note logarithmic x-axis. Annotations in the bottom left detail four separate samples 

indicated by different symbols. Line equations also shown on the figure.  

 

with SAOB 
with SAOB after 3.25 hours 
with de-oxy water 
with de-oxy water after 3.25 hours 

y = 13.029ln(x) + 980.03 r² = 0.9991 

 

y = 31.074ln(x) + 1006.6 r² = 0.9946 
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Figure 2.3.3 Oxidation of sodium sulphide stock solution.  

Black and grey lines signify two independent experiments, incubation times are noted in 

the top left hand corner. Experiment A) was an incubation with SAOB, experiment B) was 

without  SAOB and just de-oxy water instead. The solid lines represent the start of the 

experiment, the dotted lines represent the end of the experiment. 

 

Once a sulphide stock solution has been made and used for the analysis for one set of 

samples it is not suitable to keep sulphide stock in the volumetric flask in the fridge as 

oxidation occurs within two days (Figure 2.3.3), slightly reducing the mV output of the ISE 

electrode.  Fresh sodium sulphide stock must be made up each time.  Perhaps keeping the 

sulphide solution in smaller air tight ground glass bottles could be a time saving step and be 

more suitable for field work than taking solid sodium sulphide and deoxygenated water to 

make up the solution on site.  However, when de-oxygenated water was taken on another 

cruise tiny air bubbles were seen to collect around the edges of the glass by the end of the 

first week.   

The short term experiments show that for the duration of one sample set analysis the 

sulphide stock does not significantly oxidise.  This allows for the accurate calibration of the 

macro electrode before and after a typical sampling period.   

It is difficult to ensure that oxygen does not contaminate samples or the sulphide stock 

solution.  A solution to this could be to use chemical optical oxygen sensor spots in the stock 

A) 0 hours 
A) +48 hours 
B) 0 hours 
B) +48 hours 
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solution vials.  These can be attached to the inner surface of any plastic/glass vessel with 

silicone grease and will turn black in the presence of oxygen.  

 Protocol development 2: Effect of enrichment and mesocosm subsample 

placement on sulphide (TFS) concentration 

White mats of Beggiatoa sp. formed on the tank surface after the first feeding event (Figure 

2.3.4).  The bacteria were persistent and were present for the remaining duration of the 130 

day experiment.  The growth of the bacteria seemed to coincide with the higher sulphide 

concentrations measured and pungent smell of hydrogen sulphide detected after the first 

feeding event in Tank 3. The response of the sediment in each tank to organic enrichment by 

fish feed was extremely rapid with an initial increase in sediment sulphide concentration 

(TFS) observed in the first two weeks after two feeding events.  Sediment sulphide 

concentrations in all tanks increases dramatically again after the third feeding event 

reaching a maximum average sulphide concentration of over 4716 µM in Tank 2 (Figure 

2.3.5).  This may not have been the maximum sulphide concentration achieved in the tanks 

as sampling was not possible after the last feeding event.  Sulphide concentrations measured 

in Tank 1 at the end of the experiment were approximately one third of that measured in 

Tank 3, and sulphide concentrations measured in Tank 2 were approximately two-thirds of 

that measured in Tank 3 (Figure 2.3.5).  Once enrichment had ceased sulphide 

concentrations decreased to approximately 500 to 1750 µM after two months, failing to 

return to baseline levels measured at the start of the experiment.  This may be due to the 

lack of macrofauna in the tanks to re-oxygenate surficial sediment after anaerobic processes 

were established, as bioturbation and irrigation by macrofauna increases sediment mixing, 

re-oxygenation and the remineralisation of organic matter (Kristensen & Andersen 1992). 

The nature of the decline in sulphide concentration is not known as samples were not taken 

between day 31 and day 109. The general pattern of sulphide response to enrichment is very 

similar between the tanks however the level of organic enrichment varies considerably.   

Interestingly, the study to test the effect of sample placement on sulphide concentrations 

measured demonstrated that the mesocosm tanks gradually become more sulphidic from 

left to right (Tank 1 to Tank 3).  There was also a considerable degree of variation in sulphide 

concentration within each tank depending on the sample position, with slightly more 

uniformity along the tanks than across the tanks (Figure 2.3.6). A one-way Analysis of 
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Variance (ANOVA) followed by a post-hoc Tukey Honest Significant Difference test 

(TukeyHSD) confirmed that the mean sulphide concentration measured in the Tank 3 was 

significantly  different when compared to both Tank 1 and 2 individually (p <0.05) (Figure 

2.3.7). It was also noted that Beggiatoa sp. were far more abundant in Tank 3 than Tank 1 

forming a more extensive, deeper filamentous white mat than in the other tanks (Figure 

2.3.4). 

 

Figure 2.3.4 Photograph of Beggiatoa growth on Tanks (from left to right) 1, 2 and 3.  
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Sulphide concentrations (TFS)  below 1000 µM are associated with ‘healthier’, oxic 

sediments. If sulphide concentrations reach between 1500-3000 µM the sediment is said to 

have reached a hypoxic and polluted state with reduced biodiversity and increased sulphate 

 

Figure 2.3.5 Sulphide concentration (TFS) in response to enrichment in the mesocosm tanks.  

Each point in the figure represents the TFS concentration of a single sample from each tank.  

 

 

Tank 1 Tank 2 Tank 3 

1151 435 586 
  

2029 643 1050 3891 473 2673 

727 860 
  

1034 1311 2976 438 2864 3022 3522 

995 987 
  

749 1822 1650 809 2842 2420 1851 

Colour key 
TFS µM 

 

 

 

 

Figure 2.3.6 Schematic representation of sulphide concentration (TFS) variation in the 

mesocosm tanks. 

The TFS concentration measured at each of the nine subsampling positions (see Figure 

2.2.4) in each of the three tanks. Colour key at the top right. Values at each position 

represent the TFS concentration taken from one subsample. 
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reduction. A sulphide measure of 3000-6000 µM is classed as a severely hypoxic polluted 

sediment, and beyond that as a persistently anoxic polluted sediment dominated by 

anaerobic microbial metabolism (Hargrave et al. 2008; Wildish et al. 2001).  The tanks 

reached an enrichment state similar to that defined as ‘severely hypoxic’ within a short time 

frame (1 month approx.) after three to four feeding events.  This knowledge will be useful 

when planning future mesocosm studies.   

 

Figure 2.3.7  Sulphide concentration (TFS) variation in the mesocosm tanks. 

Sulphide (TFS) concentration measured within and between the tanks is considerable, with a 

significant difference between the mean sulphide concentration measured in Tank 3 samples 

when compared to Tank 1 and Tank 2 (p <0.05). No significant difference was found between 

Tank 2 and Tank 1. 

 

The horizontal spatial heterogeneity in the tanks (Figure 2.3.6) could be due to the uneven 

spread of fish feed.  It is likely that even with the greatest care it would not be possible to 

sprinkle feed pellets evenly by hand to ensure contact between the fish feed and sediment 

surface was uniform across each of the tanks. The spatial extent of anaerobic microbial OM 

remineralisation resulting from an enrichment event is closely associated to the area of OM 
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deposition (Cromey et al. 2002a). Hence, the large variation in sulphide concentration 

measured at different positions within each tank may be due the creation of biogeochemical 

micro-environments (Glud 2008), where reducing conditions are very localised beneath each 

pellet settled on the sediment surface. Therefore, to avoid a mesocosm design where the 

sediment surface is not equally in contact with the enrichment treatment across the whole 

sample, producing a sampling bias, future enrichment treatments should be sufficiently 

homogenised.   

Differing water flow rates in each tank may have been caused by a systematic loss of water 

pressure as water volume was reduced in the main inlet pipe from Tank 1 to Tank 3. This 

may also be the cause of a significant difference in mean sulphide concentration and 

considerable Beggiatoa mat variation measured in Tank 3 when compared to the other 

tanks. Normally, Beggiatoa sp. colonise a very thin sediment layer (0.1-1mm thick) just 

above the depth of the redoxocline in a very niche environment where low concentrations 

of both sulphide (HS-) and oxygen (~5% saturation) co-exist (Meijer and Avnimelech, 1999; 

Holmer & Storkholm 2001). Beggiatoa utilise oxygen to oxidise hydrogen sulphide gas, 

causing the intracellular accumulation of elemental sulphur (S0) and the appearance of white 

mats. Therefore, the increased white mat coverage observed in Tank 3 at the end of the 

experiment may have been a result of  low oxygen concentrations optimum for growth in 

combination with persistently elevated hydrogen sulphide concentrations (Brooks & 

Mahnken 2003). The increased hydrogen sulphide concentrations measured in Tank 3, 

where Beggiatoa growth was most successful, may have also resulted from reduced 

oxidation of sulphide due to lower seawater oxygen concentrations in the overlying water 

caused by reduced inlet water flow rates (Jorgensen 1977). Alternatively, hydrogen sulphide 

gas may have been “trapped” within the sediment for a longer period, due to increased 

sediment cohesion and reduced porewater flow characteristics caused by the extensive 

Beggiatoa mats (Paterson 1997).  

The effect of fluctuations in pH, light, temperature and salinity on sediment sulphide 

concentrations is not known as these were not monitored during the above experiments. 

Although these parameters may have varied during this experiment, each tank had the same 

seawater supply so any fluctuations in pH, temperature and salinity were assumed to be 

similar between mesocosms. Each tank was also covered using the same materials so light 
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intensity in each tank would also have been similar. Kristensen and Andersen (1992) 

demonstrated that organic matter remineralisation rates are dependent on overlying 

seawater temperature, however, this dependence is not significantly linked to the activity of 

polychaete worms that typically colonise reducing marine sediments. Alternatively, the 

microbial component of total benthic metabolism increased more with temperature than 

that of macrofaunal (worm) respiration. This suggests that anaerobic microbial 

remineralisation rates in the mesocosm tanks (and the resultant production of hydrogen 

sulphide), could have been affected by temperature fluctuation. 

 In future, as well as monitoring or more effectively controlling temperature, pH, salinity and 

oxygen concentration in the overlying water, a similar set of control tanks would need to be 

set up so that conclusions can be made about the effects of any treatments added, allowing 

for the consideration of any changes that occur in the absence of any treatment. In an ideal 

scenario, each tank should be a completely independent system, and the water supply 

plumbing will need to be re-designed to accommodate this, allowing the inlet water flow 

rate to be controlled separately for each tank.  

 Protocol development 3: Effect of freezing on sulphide (TFS) concentration 

The effect of freezing mesocosm tank sediment samples on sediment sulphide (TFS) 

concentration was tested using the ISE macroelectrode, as this element of the protocol often 

varies between studies. 

The effect of freezing on sulphide concentration (TFS) was variable, with sulphide 

concentration increasing in some cores and decreasing in others after a period of time 

frozen at -20°C (Figure 2.3.8). Sediment samples frozen for nine days had an increased mean 

sulphide concentration of 512 ± 162 µM. Sediment samples frozen for 16 days showed an 

overall  mean decrease in sulphide concentration of 120 ± 744 µM, and those frozen for 23 

and 30 days , a mean decrease of 228 ± 225 µM and an increase of 49 ± 67 µM, respectively 

(Table 2.3.1). The dataset was statistically analysed using a two-way ANOVA followed by a 

post-hoc TukeyHSD test to establish whether freezing the samples for either 9, 16, 23 or 30 

days has any significant effect on the sediment sulphide concentration measured in the 

sample. No significant different was found between sulphide concentration measured in the 

fresh and frozen samples for any period of time frozen at -20°C (p > 0.05), suggesting this is a 
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sound method for storing mesocosm sediment samples that cannot be analysed 

immediately. 

The insignificant differences in sulphide concentration measured between the fresh and 

frozen samples can be explained as follows. Freezing may cause some cell lysis and 

breakdown of sediment particles, causing a release of particle bound sulphides accounting 

for the measured increases in sulphide concentration (Arndt et al. 2013). A decrease in 

sulphide concentration may be due to the oxidation of hydrogen sulphide on defrosting 

(Thamdrup et al. 1994, Brown et al. 2011). Alternatively the variation measured between the 

fresh and frozen samples may simply be due to sample placement and the small scale 

horizontal heterogeneity in the mesocosm tanks (Glud 2008) as discussed in the previous 

section.  

 

 

Figure 2.3.8 Effect of freezing on TFS concentration. 

The bars represent the sulphide concentration from a single sediment samples taken a 

mesocosm Tank (1, 2, 3). Each week (weeks 1-4)  two samples were taken from each of the 

three mesocosm tanks. One sample was analysed immediately (within 2 hours of sampling) 

and the other was frozen until the end of the experiment when all frozen samples were 

analysed. 
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 Assessment of methods 1a & 1b: Effect of incubation with SAOB on sulphide 

concentration (S2-) and sulphide (TFS) concentration 

Sulphur Anti-Oxidant Buffer solution (SAOB) was mixed with mesocosm samples throughout 

this Chapter to measure sediment sulphide concentrations as per the ISE macroelectrode 

methodology outlined by the BCMOE (2002b). As criticisms have been made about this 

method in overestimating sediment sulphide concentrations, hypothesised to be due to 

agitation with highly alkaline SAOB causing the release of particle-bound sulphides (Brown et 

al. 2011), it was necessary to test this hypothesis within the context of this Chapter. The 

sulphide concentration of sodium sulphide solutions, mesocosm tank samples and 

environmental field sediment samples were measured when samples were incubated with 

and without SAOB for short term (one hour) and long term (216 hour) time periods. 

Overall there was no change in sulphide concentration over one hour when sodium sulphide 

stock was mixed in 1:1 ratio with SAOB solution, this was as expected as the standard 

solution is fixed (H2S to S2-) by the high pH of the SAOB solution and any dissolved H2S gas is 

driven to S2- ions, which are measured by the ISE electrode (SARF 2014). The initial dip in 

sulphide levels could be attributed to a lag time in the conversion of hydrogen sulphide to  

sulphide ions (S2-) (Burdige 2006), and some loss of sulphide by oxidation before SAOB is 

fully mixed within the sample (Figure 2.3.9 - A) (Jorgensen 1977).  

Table 2.3.1 Descriptive statistics showing the effect of freezing on sediment sulphide 

concentration. 

No. days 
frozen 

Average (mean)  
difference in sulphide 
concentration (TFS) of 
the frozen sample 
compared to the 
sample measured 
immediately  (µM ) 

Standard 
deviation 

Standard error % Standard 
error 

30  49.38 66.87 38.63 78.23% 

23 -228.77 255.18 147.33 187.81% 

16 -120.44 744.20 429.66 356.19% 

9 511.90 162.12 93.60 18.28% 
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Figure 2.3.9 Short term (1 hour) effect of SAOB on sulphide (TFS) concentration. 
A and B show the effect of SAOB on sodium sulphide standards (A), and surficial sediment (0-2cm) 
samples (B). C and D are controls and have has the same volume of de-oxygenated water added to 
sodium sulphide standards (C) and surficial sediment samples (D). In A and B the sulphide concentration 
represents the TFS concentration (S2- = H2S + HS- + S2-). With de-oxygenated water, the pH of the 

sediment samples was 7.3 ±0.1 and the pH of the standards was 7.5 ±0.1. 

 

The sodium sulphide solutions in which de-oxygenated water was substituted for SAOB had 

similar concentrations of sulphide as the solution measured with SAOB (Figure 2.3.9 - C). This 

is unexpected as the macroelectrode only measures sulphide ions (S2-), which are not in 

abundance at ambient water pH, and no buffer is present in these samples to drive dissolved 

H2S to S2- ions. The macroelectrode may not have been rinsed properly causing some 
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transfer of SAOB to the control sample, and subsequent transformation of hydrogen 

sulphide to S2- ions.  

Contrastingly, in the mesocosm tank samples of model sediments two replicates recorded an 

immediate increase in sulphide concentration after ten minutes, followed by a consistent 

sulphide concentration decrease in all replicates over the remaining hour to up to 25% less 

that of the second measure (Figure 2.3.9 – B).  It was noted that the samples were darker in 

colour at the end of the experiment. This suggests a short term (< one hour) chemical, 

microbial or physical reaction may be occurring between the sediment and the SAOB, or 

between other biogeochemical parameters and the additional sulphide (S2-) ions produced 

on mixing with SAOB.  This is somewhat contrary to suggestions made by Brown et al. 

(2011), that incubation with SAOB causes the overestimation of sulphide concentration due 

to the release of particle bound sulphide in sediment samples. Brown et al.’s (2011) theory 

can only explain the initial increase in sulphide concentration measured at ten minutes, after 

which any released particle bound sulphide ions are either removed or precipitated. 

Alternatively, it may take longer than an hour for the SAOB to strip the sediment of particle 

bound sulphide and a different process is being observed in this experiment.  There was little 

change in the sulphide concentration of sediments mixed with only de-oxy water over the 

hour, further suggesting that the decline in sulphide concentration is the result of  SAOB 

contact with sediments. One very low sulphide concentration was measurement in the 

control set of sediment samples at 15 minutes, likely an anomalous measure due to either a 

lack of stirring or particles becoming fixed onto the electrode membrane (Figure 2.3.9 - D).  

At normal seawater pH (~8.2) very little sulphide exists as sulphide ions (S2-), but mostly as 

hydrogen sulphide (Canfield & Raisewell 1999). As the alkalinity of SAOB drives all sulphide 

ions to sulphide (S2-), it is unlikely that the gradual decline in sulphide concentration is due to 

hydrogen sulphide oxidation, which is the fate of 70-90% of hydrogen sulphide produced by 

sulphate reduction in coastal marine sediments (Jorgensen 1977). The gradual decrease in 

sulphide concentration could be attributed to the removal of a small amount of material in 

the sample at each measurement point. The differential increase in sulphide concentration 

at the second measure could be attributed to different particle structures or coatings in each 

of the samples being more or less readily stripped of particle bound sulphides than others.   
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A loss of sulphide ions (S2-) in solution is difficult to explain as the forcing of hydrogen 

sulphide to sulphide removes the possibility of hydrogen sulphide oxidation. The loss of 

sulphide ions may be due to the complexation of S2- ions with other compounds in the 

sediment sample also being released due to the addition of the buffer or already present in 

the sample, for example, reduced iron (Fe2+) to form iron monosulphide (FeS) (Rickard & 

Morse 2005; Burdige 2006), explaining the dark black/brown colour that was observed.  In 

coastal marine sediments, reduced iron typically combines at depth with sulphide ions to 

form iron-monosulphide (FeS), a precursor to the formation of the more stable pyrite (FeS2) 

(Jorgensen 1977; Jorgensen & Revsbech 1983; Canfield 1989). If mesocosm tank samples 

were relatively iron-rich, chemical iron reduction (Fe2+), may have been cause of FeS 

formation. It is unlikely that this iron reduction was microbially-mediated in the a highly 

alkaline SAOB environment (Canfield et al. 2005), which denatures cell membranes.  
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Figure 2.3.10 Long term (216 hrs) effect of SAOB on sulphide (TFS) concentration 

measured in model mesocosm tank sediment samples. 

Samples taken from 3 mesocosm tanks (1,2,3) in triplicate (a,b,c), incubated at 10ºC in a 1:1 

volume ratio with SAOB and analysed for TFS concentration at various time intervals. The 

figure legend details the number of hours since SAOB was added at each time interval. 

 

 

Figure 2.3.11 Long term (216 hrs) effect of SAOB on sulphide (TFS)  concentration 

measured in field sediment samples. 

Samples taken from five stations (SB, BB1, BB2, F1 and F2) in triplicate (a,b,c) incubated at 

10ºC in a 1:1 mixture with SAOB, analysed for TFS concentration at various time intervals. 

The figure legend details the no. of hours since SAOB was added at each time interval. 

 

0 hrs 

0 hrs 
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In the long term (216 hours) SAOB incubation experiments using mesocosm tank model 

sediments and field samples the pattern in sulphide concentration measured was similar to 

that of the short term experiment.  There was an increase in sulphide concentration 

between the first and second measurement followed by a decline in concentration in most, 

but not all, samples (Figure 2.3.10 and Figure 2.3.11). The sulphide concentrations remained 

unchanged for both the field and mesocosm control samples (sample plus de-oxy water) for 

the duration of the experiment. A very large initial increase in sulphide concentrations by 

>50% in some cases was recorded in both experiments (except mesocosm experiment 

sample 3a and 3c after a 24 hour incubation with SAOB. From 24 hours to 216 hours there 

was an overall decline in sulphide concentrations to lower than that measured at the start.  

To confirm the hypothesis that the pattern in sulphide concentration measured was due to 

chemically-mediated iron reduction to form iron monosulphide, the Fe2+ and iron 

monosulphide concentration of the samples would need to be measured before and after 

the incubation period. An additional observation, that cannot be explained by this 

hypothesis, is that if Figure 2.3.9 – B is demonstrating the reaction of S2- with Fe2+ within an 

hour of SAOB being added to the sample, you would expect the second measure after 

incubation with SAOB for 24 hours in Figure 2.3.10 and Figure 2.3.11 to be very low. 

Therefore, the sulphide concentration measured also appears to be a factor of the number 

of times the macroelectrode is placed within the sample. 

The evidence presented here does not invalidate the use of the ISE macroelectrode in 

assessing the enrichment stage of fish farm sediments if stirring and incubation time is 

standardised across all samples, as a considerable amount of work has successfully validated 

and correlated whatever the ISE macroelectrode measures with biotic indices and other 

biochemical parameters used in environmental monitoring (Brooks 2001; Brooks et al. 2003; 

Brooks et al. 2004). However, the ISE macroelectrode is unreliable as an analytical tool for 

quantifying sulphides in sediments, despite evidence that to mV output of the tool correlates 

well (r2 = 0.986) with  known sulphide concentrations (Figure 2.3.12).  
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Figure 2.3.12 The response of the ISE macro electrode to various sodium sulphide standard 

concentrations. 

 

 

 Assessment of methods 2: DGTs as a tool for measuring organic enrichment in 

sediments 

To assess whether DGTs are a suitable tool for quantifying sulphide concentration in fish 

farm sediments, the pixel density of any dark brown/black silver sulphide (AgS2) formed due 

to the diffusion of S2- ions to the DGT resin gel layer was correlated against ecologically 

relevant sulphide concentrations after incubation in pre-made sodium sulphide solutions. 

After a 15 minute (Figure 2.3.13-B) and 30 minute (Figure 2.3.13-C) incubation in pre-made 

sodium sulphide solutions of concentrations ranging from 0 to 6000 µM sulphide, DGTs were 

saturated with silver sulphide at 3000 µM and 1000 µM sulphide, respectively. Therefore, 

this indicates it is not suitable to place DGTs with a 0.78mm gel layer thickness in fish farm 

sediments for as long as 15 minutes, as this would cause a poor detection limit <3000 µM 

sulphide. Incubating DGTs in the sodium sulphide solutions for a shorter period of time, five 

minutes, improved the detection limit to 4000 µM sulphide with a slight loss of sensitivity 

(flattening of the correlation curve) at higher sulphide concentrations. At a five minute 

incubation, the pixel density of the gels were well correlated (r2 = 0.97) with sulphide 

concentrations in the pre-made solutions. All sulphide concentrations tested at each 

concentration were measured with relatively good precision using DGT pixel density (mean σ 

10.33 ± 15.23 %), showing the potential for DGTs to be used as a standardisable analytical 

m
V

 

sulphide concentration of standard µM 
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tool for measuring sediment sulphide concentrations easily in the field (Figure 2.3.13 - A), 

allowing the rapid assessment of enrichment stage by non-specialist staff.   

 

Figure 2.3.13 DGT pixel density correlation with sulphide (TFS) concentration at different 

incubation times. 

The relationship between DGT pixel intensity and sodium sulphide standard concentration. A) 

DGTs were incubated for 5 minutes in solution B) DGTs were incubated for 15 minutes in 

solution C) DGTs were incubated for 30 minutes in solution. Error bars show SD. 
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Figure 2.3.14 Visual assessment of sulphide concentration using DGTs 

From top to bottom the gels have been placed in 500, 750, 1000, 2000, 3000, 4000, 5000, 

6000 µM sodium sulphide solution at ambient pH (7.3). Three ranges of  

 sulphide (TFS) concentration are visually discernibly as shown above.  
 

Additionally, it was possible to discern three distinct colour groups through visual inspection 

alone (Figure 2.3.14) which corresponded relatively well to ecologically relevant sulphide 

concentration thresholds characterised by Hargrave et al. (2008) to describe enrichment 

zones ‘Oxic B’ (750-1500 µM), ‘Hypoxic A’ (1500-3000 µM) and ‘Hypoxic B’ (3000-6000 µM).   

Further research to better match the DGT colour gradient to characterised enrichment zones 

would be relatively simple by adjusting the gel thickness (i.e. rate of diffusion of solutes 

across the membrane), producing a lighter/darker colour and pixel density within a specified 

incubation time (Zhang and Davison 1999). Whilst other studies have been successful in 

measuring sediment sulphide concentrations with DGTs in anoxic sediments with 95.4 ± 4.3 

% recovery of sulphide, concentrations measured have been far lower (<55 µM) than that of 

fish farm sediments (Gao et al. 2015; Ma et al. 2017). The DGTs would need to be tested in 

environmental fish farm sediment samples to see whether similar, repeatable results could 

be achieved. 

Unfortunately the DGT manufacturers became unresponsive to all communication efforts for 

unknown reasons after this initial pilot study so it was not possible to source the additional 

DGT probes required to continue this research.  

Light (500-1000 µM) 

Medium (1000-4000 µM) 

Dark (5000-6000 µM) 
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 Edge effects in the core 

A pilot test was undertaken to identify the effect of microelectrode placement across the 

surface of a sediment core on the biogeochemical concentration profiles measured (H2S, O2, 

pH). The sulphide concentration (H2S) and pH measures across the transect did not change 

considerably as a result of position within the core (Figure 2.3.15). Oxygen on the other hand 

showed a shallower penetration depth within the overlying water column in the profiles 

measured at the edge of the core, profile 4 and 5  in most replicates (Figure 2.3.16). The 

difference between the oxygen penetration depth measured at the profile 5 position at the 

edge of the core was significantly different to that of profile positions 1, 2 and 3 away from 

the edge of the core (p <0.05). This suggests that diffusion and mixing may be disrupted at 

the core edge causing stagnation of overlying water beside the perspex tube of the core 

(Mogg et al. 2017). Following this evidence, core profiles will be taken in the centre of the 

core and one core profile should be sufficient to represent the major biochemical 

fluctuations occurring in the core system.  
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Figure 2.3.15 Effect of profile placement on biogeochemical core profile measurements. 

H2S µM, O2 µM and pH profiles were taken in three cores (A, B or C) in a straight line 

transect across the core surface from one edge of the core to the other every 8 mm 

(Profile 1-5). Profile type is indicated by a number (1= H2S µM, 2= O2 µM,  3= pH).  Profile 1 

occurred in the centre of the core, profiles 2 and 3 were 8 mm either side of profile 1 and 

profiles 4 and 5 (dashed grey lines) were at opposite sides of the core at the core edge 

next to the tube.  

A1 A2 A3 

B1 B2 B3 

C1 C2 C3 
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Figure 2.3.16 Effect of profile placement on oxygen penetration depth measured in cores. 
An O2 µM profile was taken in three cores (1, 2 or 3) in a straight line transect across the core surface from 
one edge of the core to the other every 8 mm (Profile 1-5). Profile 1 occurred in the centre of the core, 
profiles 2 and 3 were 8 mm either side of profile 1 and profiles 4 and 5 were at opposite sides of the core at 
the core edge next to the tube. A significant difference was found (p <0.05) between the oxygen penetration 
depth (shown above) of profiles 5 and 1, profiles 5 and 2, profiles 5 and 3. 

 

O
2
 p

en
et

ra
ti

o
n

 d
ep

th
 c

m
 



  
 Chapter 2: Assessment and development of methods  

116 
 

2.4 Concluding remarks and considerations for future study 

 Main conclusions in reference the Chapter objectives  

• Protocol development 1: Sodium sulphide calibration solution stability 

Sodium sulphide stock solutions are stable for use up to 3.25 hours of being made 

with or without fixing with SAOB. No ISE macroelectrode signal drift was recorded 

over this period.  

• Protocol development 2: Effect of enrichment and mesocosm subsample placement 

on sulphide (TFS) concentration 

It is clear that variation within and between the tanks will need to be addressed for 

future experiments to be repeatable, avoiding sampling bias. I suggest future 

mesocosm experiments should be designed to consistently maintain and/or monitor 

the following parameters in the overlying seawater: flow rate, oxygen saturation, 

temperature, pH, salinity, and light level. The inlet water plumbing needs to be 

revised to ensure each tank is independent of the other. A triplicate set of control 

tanks also need to be built. This will allow sound conclusions to be made about the 

effects of treatments added. If it is not possible to control the conditions within the 

tanks, a systematic approach to sampling may have to be adopted so that the effect 

of sample placement can be accounted for, reducing type I and II error in any 

statistical analyses. 

• Protocol development 3: Effect of freezing on sulphide (TFS) concentration 

There is no significant effect (p >0.05) of freezing for 9-30 days on surficial sediment 

sulphide (TFS) concentration. 

• Assessment of methods 1: 

a)  The effect of short term (3.25 hours) incubation with SAOB on sulphide (TFS) 

concentration 

b) The effect of long term (216 hours) incubation with SAOB on sulphide (TFS) 

concentration (comparison of field and mesocosm samples) 

In both the short-term and long term incubations with SAOB using model fish farm 

sediments from the mesocosm tanks, the second sulphide (TFS) concentration 

measurement was considerably higher than the first in most samples, with this 

difference being more exaggerated in the long term experiment. After the second 
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sulphide concentration measurement, sulphide concentration gradually declined in 

both the short and long term experiment over time, this decline was also more 

prominent in the long term experiment.  As there was no gradual decline in sulphide 

concentration measured in the sodium sulphide solutions over the hour incubated 

with SAOB, it can be concluded that SAOB interacts with sediments physically or 

chemically to overestimate and underestimate sediment sulphide concentration. It is 

likely that particle bound sulphides are initially released due to agitation in a highly 

alkaline environment, accounting for the elevated second measure in most samples. 

The decline in sulphide concentration after the second measure over time is likely 

due to the formation of FeS, by gradual complexation of Fe2+ with the excess 

porewater S2- ions. Further studies will be required to confirm this hypothesis as the 

number of times the sample is analysed by the ISE macroelectrode also appears to be 

a factor in influencing the  sulphide concentration measured. Due to the interaction 

of SAOB with sediment chemistry, and the possible influence of stirring, incubation 

and macroelectrode contact on sulphide concentrations measured, the accuracy of 

this method is not sufficient for the quantitative analysis of sulphur biogeochemistry 

in sediments. Measurements taken for regulatory environmental monitoring 

purposes should be considered with caution, and interpreted holistically alongside a 

wide range of other biotic and abiotic enrichment and recovery indicators. As advised 

by Brooks (2001), in reference to the redox electrode, I would suggest that sulphide 

concentrations measured by the ISE macroelectrode in combination with SAOB 

should not be sole cause for management action.   

• Assessment of methods 2: DGTs as a tool for measuring organic enrichment in 

sediments 

This study provides evidence that DGTs are suitable to measure sulphide 

concentrations similar to that found beneath fish farms. In sodium sulphide solutions 

the DGTs were reliable, repeatable and showed good potential for use as a precise 

rapid assessment tool for the on-site measurement of sediment sulphide 

concentration by visual colour assessment and computer-imaging densitometry. 

Further research is required to test DGTs in environmental fish farm sediment 

samples in situ and ex situ to establish whether similar results can be achieved. 
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 General considerations for experimental design, mesocosm size and sampling 

method 

In addition to the conclusions made above, it is important to consider the consequences that 

routine sampling methods and experimental design have on data collected, ecological 

phenomena observed and the applicability of results to larger systems.  

The tanks described in this Chapter are relatively large mesocosms, the benefit of which 

being that they can accommodate the typical macrofaunal, meiofaunal and microbial 

assemblage that exists within the top 10 cm layer of coastal marine sediments. Nevertheless, 

the horizontal and vertical processes measured are limited to the breadth and depth of the 

mesocosm, and any effects of processes, or interactions between processes, occurring on a 

larger spatial scale in coastal marine systems cannot be accounted for, for example: tidal 

range and mixing, hydraulic action and nutrient transport of wind-driven ocean circulation or 

coastal upwelling,  large scale sediment deposition and transport. The relevance of time-

limited experiments to larger scale temporal processes, such as the effect of seasonality and 

climate change on macrofaunal reproduction and behaviour, have been discussed in Chapter 

1. With careful design, mesocosm experiments can reflect real ecological processes, but 

results should always be compared to in situ experiments where possible. However, limited 

resources and logistical considerations often dictate that environmental marine sediment 

samples are analysed ex situ.  

Even with the aforementioned reasoning, sampling protocols should be designed to test the 

specific objectives and hypotheses of the study, considering the unique characteristics of the 

sampling environment. The main aim of this study is to, ‘identify quantitative relationships 

between sediment sulphur biogeochemistry and organic enrichment by the type of organic 

matter (OM) that typically falls from salmon farm cages; uneaten fish feed.’ As previously 

discussed in Chapter 1, the surficial layer (<10cm) of coastal marine sediments beneath fish 

farms are areas of intense biogeochemical cycling, with distinct vertical zonation of organic 

matter remineralisation processes (Hargrave et al. 2008). The diffusive oxygen supply, 

established at the sediment water interface, effects which microbial remineralisation 

pathways dominate and the overall habitability of sediments to certain benthic macrofauna. 

Oxygen supply to sediments is controlled by a thin diffusive boundary layer (DBL) (Glud 

2008), which will be described further in subsequent Chapters. Hence, for representative 
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and quantitative observations to be made of real biogeochemical processes, the sampling 

protocol and analytical method chosen must preserve the DBL and vertical zonation of 

microbial communities responsible for the metabolism of organic matter. This is unlike a 

similar study conducted by Holmer and Kristensen (1994) to investigate OM remineralisation 

in organic-rich sediment where sulfate reduction was experimentally simulated by 

homogenising fish feed pellets with the entire fish farm sediment sample. To similar effect, 

using mesocosm tanks artificially homogenised and filled with model fish farm sediments 

may not necessarily be the optimal sampling method for the main purposes of this study, 

despite their usefulness in this Chapter for testing commonly used methods. 

More suitable sampling methods capable of extracting fish farm sediments with an 

undisturbed sediment water interface and DBL, such as core and grab sampling techniques,  

may be more suitable for this study. However, it is important to note that unlike the 

mesocosm tanks, core and grab sampling techniques have an inherent bias towards 

sampling smaller benthic macrofauna that fit within the grab or core sample area/volume. 

The lack of larger bioturbating and bioirrigating macrofauna in the sediment sample, as well 

as the effect of a smaller individual sample size on the free movement of fluids, solutes, and 

macrofauna, will have to be considered when interpreting results and caution taken when 

applying conclusions to larger systems. 

Additionally, when choosing an analytical technique to quantify biochemical changes that 

occur in sediments over time, the effect of repeated analysis on the integrity of the sediment 

layers must be considered. In light of this consideration, neither the macro-electrode or the 

DGT probe are suitable for repeated measures of the same sample, as the insertion of the 

relatively large electrode or probe will significantly disrupt the small scale structure of the 

sediment layers.  

Microelectrodes, on the other hand, can provide high resolution observations of sediment 

biogeochemistry with minimal disturbance to surficial sediment layers when repeated 

measures are taken. Unfortunately because of their delicate nature and expense, 

microelectrodes are impractical for field observations without the use of a benthic lander, 

which cannot be afforded within the scope of this study. Therefore, use of microelectrodes 
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will restrict any research undertaken in following Chapters to observations of environmental 

samples ex situ. 
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2.5 Appendix 

 Redox electrode data 

 

 

Figure 2.5.1 Sulphide concentration (µM) and redox potential (mV) measured at various 

stations around Lismore east fish farm.  

Duplicate sediment cores were taken from three stations beside farm cages to the east of 

Lismore Island, a redox potential was taken in the top 2cm of each sediment core using a 

redox probe with complementary sediment sulphide concentrations measured in duplicate 

grabs taken at the same station using an ISE macroelectrode. Four stations (1 , 2, 3 and 4) were 

sampled in duplicate (.1 and .2). Stations 1, 2 and 4 were relatively calm and sheltered, 

however, Station 3 was particularly unsettled.  
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Chapter 3 

Quantifying the Effect of an 

Enrichment Pulse on Surficial 

Sediment Biogeochemistry 

(sulphide, oxygen, pH) and 

Sulphide Speciation (CRS, AVS) 
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3.1 Introduction 

The global finfish aquaculture industry has the potential to become a major source of 

sustainable protein (FAO 2012). The Scottish government anticipates and increase in finfish 

production of 5% p.a. to meet their 2030 sustainable growth plan target of ~350,000 tonnes 

(The Scottish Government 2009). As plans to increase production progress in Scotland, fish 

farm regulation and policy has also undergone review. In October 2018, the Scottish 

Environmental Protection Agency (SEPA) reviewed a number of aspects of marine finfish 

aquaculture regulation including: how benthic impacts are defined, standards for sea lice 

medicine residues (emamectin benzoate) and the combined impacts of multiple farms on a 

single water body (SEPA 2018). The results of this report suggest that the impacts of fish 

farming may extend beyond the immediate vicinity of the farm, and that further research is 

required to understand the wider-scale cumulative impacts of salmon aquaculture. 

Therefore, accurately describing, explaining and predicting the benthic environmental 

response to farm cage effluents is paramount to the sustainable growth of the industry. 

A primary interest of salmon aquaculture managers is to reduce the discharge of waste feed 

that falls through farm cages, as feed supply constitutes a majority cost to businesses. 

Maintaining overall environmental quality (narrow pH range, cool temperature, well 

oxygenated water and reduced particulates in the water column) is also essential for the 

successful growth of salmon for human consumption (Staurnes et al. 1995) . Despite these 

efforts, uneaten feed and faeces tends to accumulate on the seabed over time at a rate 

depending on particle attributes (e.g. size and buoyancy), hydrography, bathymetry and flow 

regime (Cromey et al. 2002a).   

Organic matter deposition of fish feed to sediments beneath fish farms stimulates an 

increase in the rate of anaerobic microbial remineralisation in the surficial sediment layers 

by several orders of magnitude (Hall et al. 1990; Holmer & Kristensen 1992). Sulphate 

reduction is the most important anaerobic OM remineralisation process in marine 

sediments, due to the abundance of sulphate in seawater (Jorgensen 1982; Holmer & 

Kristensen 1994). The product of sulphate reduction, hydrogen sulphide (H2S), is toxic to 

aerobically respiring organisms (Bagarinao 1992). An increase in hydrogen sulphide 

concentration with a concomitant reduction in oxygen concentration in surficial sediment 
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porewater causes the death or displacement of benthic macrofauna, the impact of organic 

enrichment on benthic macrofauna has been well described (Pearson & Rosenberg 1978; 

Pearson & Stanley 1979; Holmer & Kristensen 1994; Holmer 1999; Wildish et al. 1999; 

Hargrave et al. 2008; Norði et al. 2011; Arndt et al. 2013). A lack of macrofauna in the 

surficial sediment layers further decreases the capacity of benthic ecosystems to 

remineralise OM, as diminished bioirrigation and bioturbation reduces sediment mixing, 

vertical distribution of OM and sediment re-oxygenation (Heilskov & Holmer 2001; Heilskov 

et al. 2006).   

As the level of impact beneath fish farms varies greatly spatially and temporally, deposition 

models have been widely adopted to predict OM accumulation on the seabed, proving to be 

an important management tool in allowing maximum production without exceeding 

environmental quality standards (EQS) (Keeley et al. 2013a, 2013b). Also, many studies have 

contributed to the classification of organic enrichment impacts in marine sediments, 

providing useful biogeochemical thresholds, such as Total Free Sulphide (TFS) concentration, 

for remedial action. The establishment of enrichment stages (ES) (Keeley et al. 2012b; Keeley 

2013; Keeley & Taylor 2015), enrichment zones (EZ) (Wildish et al. 2001; Brooks 2001; 

Brooks et al. 2003), and a nomogram for benthic organic enrichment zonation (Hargrave et 

al. 2008) have all highlighted common associations between inter-related biological and 

biogeochemical variables that reflect the enhancement of microbial sulphate reduction 

under conditions of high OM deposition and the progressive formation of hypoxic to anoxic 

conditions.  

However, in some cases, even though biomass limits and feeding regime guidelines have 

been followed, EQS (such as biotic indices, redox potential, TFS concentration, organic 

carbon and organic matter content) have been exceeded (SEPA 2015). There have also been 

cases where biological and chemical sediment recovery have not followed predicted 

patterns (Maurer et al. 1993; Brooks et al. 2004). Therefore, there is a need to re-consider 

predicted theoretical patterns with a quantitative empirical approach to improve impact 

modelling and our understanding of how sediment biogeochemistry changes in response to 

organic enrichment by fish farm cage effluents. 
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A number of studies have investigated the relationship between OM input and anaerobic 

remineralisation, but all at OM loading rates far less than that found beneath fish farm 

sediments (Berner 1980; Westrich & Berner 1984; Sampou & Oviatt 1991a; Sampou & Oviatt 

1991b). Medium term studies (<3 years) to investigate sediment recovery have shown that 

whilst significant improvement of sediment conditions occur within 6-12 months (the typical 

fallow period practiced in Scotland) only partial chemical and biological recovery is achieved 

(Karakassis et al. 1999; Pereira et al. 2004; Lin & Bailey-Brock 2008; Macleod et al. 2008; 

Villnas et al. 2011). As chemical recovery of sediments is a pre-requisite to biological 

recovery (Macleod et al. 2008), lasting biogeochemical change to the sediment in response 

to cage effluents is likely to increase future impact rates (Keeley et al. 2015a), requiring 

extended fallow times for recovery. However, as the lasting and cumulative effects of 

enrichment by fish farm effluents on sediment biogeochemistry have not been quantified, 

biogeochemical endpoints (such as changes to sulphide speciation, diffusive oxygen supply 

to sediments, or organic carbon content) are currently not taken into account by benthic 

impact prediction models, and the likely effects of repeated enrichment events on chemical 

and biological benthic recovery (Keeley et al. 2015a) remain poorly understood. 

Several states and countries have adopted the use of macroelectrodes to measure sediment 

TFS concentration and redox as indicators for benthic impact beneath fish farms. This is the 

result of definitive studies made by Hargrave et al. (1998) and Wildish et al. (1999, 2004) in 

Maine and New Brunswick, with the determination of low cost and rapid monitoring 

methods associated with measuring these indicators. Criticisms of the reliability and 

accuracy of redox measurements are discussed in Chapter 2. Another problem with this 

method is that little quantitative data exists to correlate fish feed and waste deposition with 

TFS concentration making it difficult to assess benthic impact using this indicator alone 

(Chang et al. 2014).  

TFS is a measure of the concentration of dissolved sulphide species that exist in equilibrium 

(H2S, S2- and HS-) and the concentration of each sulphide species is heavily affected by pH. At 

typical seawater pH (7.5-8.1) HS- is the major TFS mole fraction, in reducing sediments the 

pH lowers (pH <7) making H2S the most significant TFS mole fraction.  A rapid return of high 

and sustained TFS concentration, after a fallow period and on the recommencement of farm 
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activities, is referred to as the ‘souring of sites’. The need for altered production and 

environmental monitoring strategies to prevent the ‘souring of sites’ from becoming a 

recurring issue have been discussed in the context of farms in Chile, Greece and New 

Zealand (Barton 1997; Karakassis et al. 1999; Keeley 2013; Keeley et al. 2013b).  

Dissolved free sulphide species resulting from increased sulphate reduction can either be 

partially oxidised, react with OM, or react with metal species forming iron sulphides such as 

pyrite (Figure 3.1.1). The latter relies heavily on the availability of soluble iron species 

(Jorgensen & Kasten 2006).  Larger pools of organically bound sulphur are typically found 

when amounts of sedimentary iron is low and pore waters are under saturated by iron 

sulphide (Marnette et al. 1992).  Current methods to extract iron sulphur compounds from 

sediments allows the analysis of two groups: Acid Volatile Sulphides (AVS), which refers to 

the zone of sediment that releases H2S on the addition of HCl and targets mainly iron 

monosulphides (pyrrhotite, pentlandite, greigite and chalcocite) responsible for the black 

colouration of sediment; and Chromium Reducible Sulphides (CRS) which targets disulphides 

(elemental sulphur and pyrite).  While AVS and CRS represent part of a complex and dynamic 

biogeochemical system, in which the pathways for the formation of specific compounds are 

not yet fully understood, some inferences can be made about the fate of sulphide (burial or 

remobilisation) depending on the sediment sulphide pools present (AVS or CRS) (Rickard & 

Morse 2005).  The burial or remobilisation of sediment sulphides has implications on 

sediment chemical and biological recovery, and perhaps the speed at which recovered 

sediments return to a reducing state after additional enrichment events.  Just as acids can 

release hydrogen sulphide from solid phase iron monosulphide (FeS, an intermediate of 

pyrite formation FeS2) during AVS extraction, the increase in acidity found in reducing 

sediments as a result of sulphate reduction may have a similar effect, leading to the rapid re-

establishment of high levels of H2S at fish farm sites subject to repeated enrichment events.  

Measuring the CRS and AVS in fish farm sediments will allow us to analyse the fate of 

sulphide species at different enrichment loads, giving important insights into the relevance 

of sulphur cycling during short term sediment recovery from fish farm operations.  
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Figure 3.1.1 Sulphur speciation in marine sediments (From Jorgensen & Kasten 2006, 

p295) 

 

More work is needed to understand local fluctuations from current impact prediction 

models, ascertain site-specific fallow period length required for recovery and calculate the 

maximum diagenetic capacity of coastal environments for OM degradation.  The 

improvement of future farm management will require a more quantitative understanding of 

the short and long term biogeochemical changes to benthic ecosystems resulting from 

organic enrichment, such as, the speciation and fate of sulphide after an enrichment event 

and the role of sulphur during recovery processes. This will require the use of new 

techniques to accurately measure microscale changes in sediment biogeochemistry in 

surficial sediments.  As discussed in Chapter 2, commercially used sediment sampling and 

TFS measurement techniques are not sufficient for a detailed study of biogeochemical 

changes that occur after enrichment. Hence, this study aimed to quantify the effect of 

enrichment on metal bound sulphide pools, hydrogen sulphide concentration, TFS, pH and 

oxygen flux in the top 2 cm of fish farm sediments using state-of-the-art microelectrodes 

that are capable of high-resolution biogeochemical analysis with minimal disturbance to 

sediment structure.  
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3.1.1 Aims and Objectives 

Aims: 

The purpose of this study was to quantify the biogeochemical changes (H2S, O2, pH, TFS, CRS 

and AVS) that occur in surficial fish farm sediments (0-2 cm depth) in response to different 

amounts of organic matter (OM) deposition, observing these changes over a short term 

recovery period (less than three months). The study focussed on determining the effect that 

a mass, or pulse, of OM deposition had on the aforementioned biogeochemical sediment 

parameters, providing empirical data to inform the development of fish farm impact 

monitoring and modelling. 

Objectives: 

State-of-the-art microelectrodes were used to gain a series of high resolution H2S, O2 and pH 

concentration profiles in the surficial layer (0-2 cm depth) and the overlying water (-1 cm) of 

fish farm sediment cores, after three different masses (or enrichment pulses) of fish feed 

were added (a typical labile carbon source deposited on fish farm sediments). The sediment 

samples were analysed ex situ at regular intervals for up to three months after the fish feed 

treatments were added. The size of CRS and AVS pools were also measured before the 

enrichment treatments were added and after the three month (approx.) observation period.  

The resulting data was used to quantify the effect that organic matter deposition by fish 

feed had on the following biogeochemical dynamics of surficial fish farm sediments, within a 

short term recovery period (<3 months): 

1. Maximum hydrogen sulphide concentration, and depth of maximum. 

2. Overall net production of hydrogen sulphide, and rate of change (r∆) in net hydrogen 

sulphide production. 

3. The speciation of the dissolved sulphide species fractions of TFS (based on pH changes 

to the sediment). 

4. Oxygen penetration depth. 

5. Diffusive oxygen flux at the Sediment-Water Interface (SWI), using net changes in H2S 

production and O2 flux as a proxy for quantifying aerobic and anaerobic 

remineralisation. 

6. The fate and burial of sulphide produced (based on CRS and AVS analysis). 

7. Organic matter and organic carbon content. 
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3.2 Methodology 

3.2.1 Sediment sample site and description 

The Salmon (Salmo salar) fish farm (LE1) from which all sediment samples were taken is 

situated in the Lynn of Lorne, a relatively sheltered branch of Loch Linnhe on the southeast 

side of the Lismore Island ( 

Figure 3.2.1). Loch Linnhe, one of the largest sea lochs on the west coast of Scotland, has a 

volume of 1134 million m3, a maximum depth of 155 m and a surface area of approximately 

36.4 km2 (Edwards & Sharples 1986). Relatively large freshwater input to the Loch (7553.2 x 

106 m3 s-1) creates a seaward-flowing brackish surface layer and the mixed seabed 

substratum includes both areas of soft mud/silt as well as hard rocky protrusions (Pearson 

1970). The large freshwater inflows and an average rainfall between 2200 and 2800 mm per 

year (UK met office data 1971-2000) are key controllers of the dynamics of the Loch Linnhe 

system, determining surface stratification and deep water renewal. Fehling et al. (2006) 

measured the annual salinity profile of the 0 to 15 m water column at site LY1 (56˚ 28.9"N 

and 5˚ 30.1"W) slightly South West of farm LE1, concluding that salinity at 10 to 15 m was 

not influenced by episodically occurring low salinities at the surface, resulting in an annual 

salinity range of 32 to 34 below a 10 m depth. The annual temperature change at 10 m was 

also measured over 3 years (2001 to 2003), with the coldest temperatures regularly 

measured in March (6.6°C) and the warmest in September (14°C). 

Over the last 20 years the local area has experienced substantial increases in nutrient input 

due to the development of the local fish farming industry (Black 2001). There are at least 

eleven active finfish sites within the Loch Linnhe and Lynn of Lorne water system, with 

consent from SEPA to stock 15,608 tonnes (~9% of Scotland’s total finfish production) of 

seawater finfish (SEPA, 2017). Sample site LE1 has a maximum licensed biomass on site of 

999 tonnes. The monthly biomass estimates and feed input for this and all sites in Scotland 

are available via the Scottish Environmental Protection Agency (SEPA). Please see Appendix 

3.8, Table 3.2.1 and Table 3.2.2 for more details on site facilities and recent feed inputs. 
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Figure 3.2.1 Map of Loch Linnhe and the Lynn of Lorne 

  
Figure 3.2.2 Map of Scotland (left) and the location of site LE1 (yellow circle). Modified 

from Anderson (2010) 

 

Figure 3.2.3 Google image of LE1 sample site (yellow pin) showing a 9 cage configuration 

at the time of sampling 
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3.2.2 Sediment sample collection (cores and grabs) 

Sediment samples were retrieved  on 26th August 2014 from the cage edge of LE1              

(56˚ 27.218"N and 5˚ 26.105"W) (Figure 3.2.1). At the time of sampling the farm consisted of 

nine cages parallel to Lismore coastline with a total monthly biomass of 258 t and a fish feed 

input of 85,021 kg for August (Appendix 3.8) and an estimated feed deposition of 2.8 kg1 m-2. 

Sixteen sediment cores (craib corer: core tubes inner Ø 60 mm, 3 mm tube thickness, 110 

mm length) and three sediment grabs (Van veen grab, 0.1 m2) were taken from site LE1 

using equipment aboard RV Seol Mara. Craib corer was used to obtain samples with an 

undisturbed vertical sediment profile and light superficial layer (Figure 3.2.4) as described in 

Craib (1965). Cores and grabs were only accepted if they presented an undisturbed sediment 

surface and overlying water layer, maintaining fine scale surface roughness. Immediately 

after retrieval the sediment core colour and sediment type was recorded. Fifteen cores were 

submerged in a plastic flow-through tank on deck filled with seawater. Care was taken not to 

disturb the sediment surface layer. The sixteenth core, to be used as a pre-experimental 

reference core, was sliced into 1 cm slices on deck using a plunger, a thin perspex slicing 

plate, and perspex rings of similar diameter and thickness as the core tube but only 1 cm in 

height. Each 1 cm sediment slice was immediately placed into a plastic zip lock bag in a cool 

box. The top 2 cm of sediment from each grab was removed with a spatula and 

homogenised to fill three 200 ml airtight plastic containers, reducing the risk of oxidation, 

henceforth referred to as ‘grab surficial sediment’. 
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Figure 3.2.4 Description of Craib Core equipment used to retrieve undisturbed sediment samples aboard R/V Seol Mara. Modified from Craib (1965), p35-38. 

A) Craib Core Sampler (left) and a schematic diagram of a vertical section through the sampler (right). Full operating procedure to explain how undisturbed cores are 

retrieved in Craib (1965), p35-38. B) Close up schematic 3D diagram of the ball closing system. Label detail below. 

 

1  Piston rod 5  Heavy vertical bar 9 Horizontal circular frame wrapped with net (not shown) 
to allow rest on top of soft substratum 

13  Yolk 

2  Hydraulic damper 6  Lead weights 10  Core tube 14  Hollow rubber ball filled with synthetic resin 
3  Vertical rod 7  Pair of springs to hold core tube  11  Elastic cords 15 Neoprene O-ring to ensure watertight seal 
4  Tapered vertical frame 8  Hinged sealing cover 12  Short tubular core tube housing   
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Once ashore, the grab surficial sediment samples were frozen along with the pre-

experimental reference core slices. The plastic tank holding the submerged sediment cores 

was immediately transferred to a temperature controlled room (CT) at the Scottish 

Association for Marine Science (SAMS) maintained at 10°C and dark to avoid primary 

production. The continual exchange of seawater surrounding the cores was re-established 

by connecting the plastic tank to the SAMS indoor seawater flow system, which is directly 

sourced from Ardmucknish Bay. The flow rate of the incoming seawater to the tank was 

monitored daily to allow the water enough resident time within the CT room to remain at 

the ambient temperature.  An air stone was fixed inside each core tube ~2 cm above the 

core sediment surface. Air flow rate through the stones was monitored daily to allow 

continual mixing of the sediment core water and avoid core water stratification without 

disturbing the sediment surface layer. It was not possible to maintain a precise air flow rate 

through each air stone due to the shared use of the air flow which affected the air pressure 

within the pipe system. The cores were incubated in the CT room for two weeks to stabilise 

(as per Valdemarsen et al. 2009) before treatments were added.  The water temperature 

and salinity in the tank, as well as the CT room air temperature were recorded daily using a 

thermometer and refractometer.    

3.2.3 Preparation and addition of enrichment treatments (pulses) to sediment cores 

After the stabilisation period, initial sediment biogeochemistry profiles were taken in each 

core using a set of microelectrodes (see section 3.3.4), 24 hours prior to treatments. 

Different mixes of fish feed and grab surficial sediment were then prepared immediately to 

represent an estimated average mass of waste fish feed deposited to the seabed beneath 

site LE1 within one month (kg1 m-2 month-1). The different mixtures will now be referred to 

as the ‘enrichment treatments’. The equivalent of one month of waste feed deposits was 

added to each cores to account for the fact that deposited material would not immediately 

be remineralised and there would be a level of accumulation over a number of days. It also 

would have been impractical and unhelpful from a modelling perspective to replicate the 

variable daily feeding rates and feeding procedures of the LE1 fish farm.  
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Table 3.2.2 Feed input data for site LE1.  
The feed input data for Harvest cycle 1 (harvest cycle prior to that in which the sampling event 
occurred) and Harvest cycle 2 (harvest cycle in which the sediment sampling event occurred). 
Estimated feed deposition averages are calculated using the data in Table 3.2.1. These are the 
worst case deposition scenarios where the following assumptions have been made: 1. No current 
to spread deposition, 2. No scavenging of carbon within the water column, 3. All waste feed 
reaches sea floor, 4. Even deposition of waste, 5. 15% of feed not eaten or egested. 

 

Site LE1 Data/Units 

Harvest cycle 1 
(prior to sampling 

event) 

Harvest cycle 2 
(during sampling 

event) 

Harvest cycle period* May 2012 to Oct 2013 Apr 2014 to Sep 2015 

Fallow period after harvest cycle*  5 months 3 months 

Feed input* 
kg-1 site area-2 harvest cycle-1 

1,949,650 2,257,289 

Average feed input*  
kg-1 site area-2 month-1 

108,314 ± 13,463 125,405 ± 18,751 

Estimated feed not eaten or egested (15%)  
kg-1 m-2 harvest cycle-1 

63.8 73.9 

Estimated average feed deposition  
kg-1 m-2 month-1** 

3.5 ± 0.43 4.1 ± 0.06 

Estimated average feed deposition 
g-1 core surface area-2 month-1*** 

10.0 ± 1.21 11.6 ± 1.7 

 
*SEPA site details and feed and biomass data see Appendix 3.8 
** calculated by averaging the individual estimated feed not eaten or egested each month based 
on each monthly feed input mass 
***Core surface area = 28.27cm2 

Note: All ‘±’ values are Standard Error of the mean 

 

Firstly, the ‘worst case scenario’ mass of waste fish feed deposited to the seabed at LE1 was 

calculated (see Table 3.2.2). The ‘worst case scenario’ assumed that all uneaten and egested 

Table 3.2.1 Site facilities data for LE1.  

Data used to calculate estimated monthly fish feed deposition to an area equivalent to the 

sediment core surface  
 

Values used for calculations Value 
% average estimate of fish feed egested or not eaten by fish*  15% 

No. of cages at site LE1** 9 

Area of one 80m C cage at site** 509.3 m2 

Total site area (9 x 80m C cages)** 4583.7 m2 

 
*Estimate based on suggestions from Craig & Helfrich (2009) and DEPOMOD ‘worst case 
scenario’ simulations 
**SEPA site facilities 
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fish feed fell directly beneath the cages with no dispersion, re-suspension or degradation 

within the water column. Publically available SEPA data over two harvest cycles at LE1 were 

used in these estimations (Table 3.2.1 and Appendix 3.8). The estimated average monthly 

waste feed deposition to a benthic area at site LE1 equivalent to a sediment core surface 

area of 28.27 cm2 ranged from 10.0 g (± 1.2) to 11.6 g (± 1.7) over the two harvest cycles.  

The enrichment treatments followed a decreasing log scale of fish feed from a ‘worst case’ 

value with the aim to capture the range of effects of enrichment load on sediment 

biogeochemistry at the site.  The fish feed used in the enrichment treatments was a 

common Salmo salar complete diet containing protein (18-50 %), lipid (10-25 %), 

carbohydrate (15-20 %), ash (< 8.5 %), phosphorus (< 1.5 %) and water (< 10 %) with trace 

amounts of vitamins and minerals (from the manufacturer’s label). CHN and LOI analysis was 

conducted at a later date to reveal the actual organic matter, carbon and water content of 

the fish feed and each treatment. 

Three enrichment treatments were prepared in triplicate under a fume hood for this 

experiment; the first represented a ‘high enrichment treatment’ (H) using 10.0 g of fish feed; 

the second, a ‘medium enrichment treatment’ (M) using 1.0 g of fish feed and a ‘low 

enrichment treatment’ (L) using 0.1 g fish feed. To ensure the enrichment load was spread 

evenly across the sediment core surface, avoiding subsample area bias around the fish feed 

pellets (Glud 2008), the fish feed was ground to a fine powder using a pestle and mortar 

before weighing (Figure 3.2.5). Then 10.0 g of defrosted homogenised grab surficial 

sediment was added to each weighed mass of ground fish feed and mixed thoroughly to 

simulate early diagenesis of the feed, initial sediment mixing and achieve a homogenised 

enrichment treatment. This is similar to the protocol used to prepare enrichment ‘pulses’ by 

Valdemarsen et al. 2009, p 338. The addition of 10.0 g of defrosted homogenised grab 

surficial sediment to the fish feed also made it easier to ensure that even contact was made 

with the enrichment treatment across the sediment core surface. The smaller masses (0.1 g 

and 1 g) of ground fish feed, if added to cores without the addition of homogenised grab 

surficial sediment, would cause the establishment of reducing micro-environments around 

individual ground pellet pieces and horizontal biogeochemical heterogeneity across the core, 

as demonstrated by Glud (2008), as there is not enough feed in these treatments to cover 
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the entire core surface area (Figure 3.2.5). Two control treatments were also prepared in 

triplicate, to allow me to assess whether any biogeochemical changes observed in the cores 

were due to the fish feed, the addition of the grab surficial sediment or just background 

changes occurring in response to being in an experimental environment; control 1 (C1) 

involved adding only 10.0 g of homogenised grab surficial sediment to the cores, without fish 

feed, to test whether the use of the grab surficial sediment in the L, M and H treatments had 

any influence on the biogeochemical profiles measured; and control 2 (C2) involved adding 

nothing to the core to measure any background biogeochemical changes that occurred as a 

result of the cores being placed in a laboratory experimental system.  All enrichment 

treatments were added to the cores within one hour of them being prepared. 

 

Figure 3.2.5 Ground fish feed used in the enrichment treatments 

Fish feed was ground for triplicate H, M and L treatments. The top row shows a set of 3 x 10.0 g 
ground fish feed for the H treatment, the middle row shows 3 x 1.0 g ground fish feed for the M 
treatment, the bottom row shows 3 x 0.1 g of fish feed for the L treatment. A marker pen has been 
placed at the bottom of the picture to indicate scale. All nine of the above sets of fish feed were 
combined with 10.0 g of homogenised grab surficial sediment and stirred vigorously. 

All the cores were taken out of the flow through tank with the air stones removed before 

adding the fish farm treatments, otherwise the treatments would not be able to settle 

evenly on the sediment surface. Each treatment was evenly distributed across the sediment 

core surface by gradually depositing it onto the core surface with a spatula, releasing the 

treatment material from the spatula approx. 1cm above the sediment surface in the 

overlying water (to avoid the material aggregating in one area due to fluid movement in the 

Bottom row: 0.1 g ground fish feed 

Middle row: 1 g ground fish feed 

Top row: 10 g ground fish feed 
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overlying water), taking care not to disturb the sediment core surface. Three core replicates 

were prepared for each of the three enrichment treatments and two control treatments (15 

cores in total).  All cores were left out of the free flow tank overnight, in the temperature 

controlled room, to allow the treatments to settle on the sediment core surface before 

returning them to the flow through tank, replacing the air stones carefully so as not to re-

suspend the deposited material (Figure 3.2.6).   

 

Figure 3.2.6 Free flow tank containing 15 treated sediment cores aerated with air 

stones. 

Once the tank was filled to the depth of the top of the grey outlet tube (the picture shows a 
partially filled tank) the volume of water in the tank was exchanged approximately every six 
hours via the grey inlet and outlet pipe connected to the SAMS seawater flow system. The flow 
rate of the incoming water was controlled by the orange valve on the grey inlet pipe and had to 
be adjusted daily as the flowrate of the SAMS seawater system changed depending on how many 
others were using the system. The tubes in the tank are connected to 15 air stones placed in each 
core at 2 cm above the sediment surface, fixed with a wooden clothes peg to the side of the core 
tube. 

 

3.2.4 Experimental design and set up for the simultaneous measurement of oxygen, 

hydrogen sulphide and pH along a vertical sediment core profile  

Three simultaneous sediment profiles were taken in each of the 15 cores at several time 

points over approximately three months using a specialised hydrogen sulphide 

microelectrode, an oxygen microelectrode and a pH microelectrode (see Table 3.2.3 for 

seawater outlet pipe 

 

seawater inlet pipe 

 

water flow control valve 

submerged cores with air 

stones clipped to core edge 
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microelectrode specifications and Chapter 2 for comments on the merits of using state-of-

the-art microelectrodes).  Simultaneous sediment profiles were taken in each core under red 

light at the following measurement events (Tx): seven days prior to the addition of the 

enrichment treatments (T0); 48 hours after the treatments were added (T1); and twice a 

week thereafter for at least three months or until low hydrogen sulphide concentrations 

(<500 µM) were measured in all cores for at least two consecutive time points after the first 

four weeks (T2 to T19), see Table 3.2.4 for details on the measurement events. 

Table 3.2.3 Unisense A/S microelectrode specifications (Unisense website).  
 

Microelectrode 
specification 

H2S specialised range 
50nm tip 

O2 standard 
50nm tip 

pH standard 
50nm tip 

Linear Range 0-10mM 0-1 atm pO2 pH 4-9 (log linear) 

Detection limit 0.5µm 0.3µm 0.1pH unit 

Stirring sensitivity  <2% <2% none 

Response time (90%) <5s <5s <10s 

Guaranteed lifetime 3 months 6 months 3 months 

Spatial resolution 2 x tip diameter 

Signal drift 0-50% per month 
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Table 3.2.4 Date and time information relating to each measurement event Tx.  

At each Tx, cores were measured simultaneously with three microelectrodes, taking       

~37 min to profile each core and ~11.4 hrs to profile all 15 cores. As cores were measured 

in the same order at each Tx the time lapse between each core measurement at each Tx 

was very similar (± 28 min). 
 

Measurement event 
ID (Tx) 

Start time of 
measurements at 

each Tx 
(dd-mm-yyyy 

hh:mm:ss) 

No. days  since 
core treatment 
was added for 

each Tx (to 
nearest day) 

Time lapse 
between 

Tx-1 and Tx 
(to nearest 

day) 
T0 

20-10-2014 11:01:49 

-7 (measurement 

before treatment was 

added) 

0 

Treatments added  26-10-2014 12:33:43 0 NA 

T1 28-10-2014 09:01:24 2 8 

T2 30-10-2014 11:40:52 4 2 

T3 04-11-2014 10:29:31 9 5 

T4 06-11-2014 09:50:58 11 2 

T5 10-11-2014 10:36:33 15 4 

T6 14-11-2014 10:25:53 19 4 

T7 16-11-2014 10:17:20 21 2 

T8 20-11-2014 10:07:43 25 4 

T9 24-11-2014 11:35:24 29 4 

T10 27-11-2014 09:53:49 32 3 

T11 01-12-2014 10:51:16 36 4 

T12 04-12-2014 09:50:38 39 3 

T13 11-12-2014 08:52:38 46 7 

T14 15-12-2014 08:56:57 50 4 

T15 18-12-2014 09:45:14 53 3 

T16 08-01-2015 09:54:14 74 21 

T17 13-01-2015 09:28:39 79 5 

T18 20-01-2015 08:51:27 86 7 

T19 27-01-2015 08:44:24 93 7 
 

To achieve the above, an automated microprofiling system was set up in the same CT room 

as the incubated cores using a Unisense micromanipulator and multi-channel meter similar 

to that illustrated (Figure 3.2.7). This system dramatically reduced the risk of microelectrode 

breakage, enabling steady and precise positioning of the microelectrodes manually and 

automatically. The microprofiling system was set up in a stable environment with minimal 

risk of vibration or lateral movement that could easily break the fine glass microelectrode 

tips.  As the micromanipulator was only able to hold two microelectrodes at once the set-up 

was modified to allow the simultaneous use of three microelectrodes for each core profile 

(see Figure 3.2.8 for modifications).  
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Figure 3.2.7 Schematic illustration of the Motorized Micro profiling System 

This system was modified to allow three microelectrodes to be used simultaneously for sediment 
core profiling. http://www.unisense.com/MicroProfiling_System 

 

 

Figure 3.2.8 Microprofiling system modifications 

The micromanipulator used to profile the sediment cores was only designed to house two 
microelectrodes at any one time. As shown in the photograph both the H2S and O2 
microelectrodes were fixed onto a single glass rod (using strong, waterproof glass adhesive) 
making it possible to mount both microelectrodes into a single clamp on the micromanipulator. 
The pH microelectrode was also fixed in the same way to a similar length of glass rod so that all 
the profile tips could be aligned at the sediment surface.  The use of the glass rods allowed each 
sediment core to be simultaneously profiled by three electrodes (H2S, pH and O2). A reference 
macroelectrode for the pH microelectrode was attached to the side of the core tube with a 
wooden peg after the microelectrodes had been set up. 
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At the start of each Tx, all three microelectrodes were calibrated (see sections 3.3.5-7) 

before mounting onto the micromanipulator. The precision profiling tools on the 

micromanipulator were used to position the microelectrodes manually, placing the glass tips 

within 3 cm of each other and level on a horizontal plane so as to measure the same depth 

along a profile. Computerised data acquisition and depth control was set up using Unisense 

SensorTraceTM software, programmed to take automatic high resolution measurements of 

dissolved O2 concentration (µM), dissolved H2S concentration (µM) and pH over a 3 cm 

vertical profile every 200 µm, ranging from 1 cm above the core sediment surface to 2 cm 

below the sediment surface (Figure 3.2.10). At each profile depth point, the steady state 

output from each microelectrode was measured after 10 seconds with an additional wait 

time of five seconds before each measurement. It took approximately 37.5 min to analyse 

each core in succession, taking <12 hours to complete all core analysis and microelectrode 

calibration. There was an ~11.4 hour time difference between the first and last core analysis 

at each Tx, however, as the cores were always profiled in the same order the time-lapse 

between measurements for each core was similar (± 28 min).  

At each Tx, one core at a time was taken out of the plastic free flow tank for profiling 

after the air stone had been detached from the core tube. The core was then placed on a 

stainless steel countertop lifting platform (see Figure 3.2.9) beneath the mounted 

microelectrodes and lifted into place steadily, with minimal lateral movement. The core was 

positioned by eye so that the fine microelectrode glass tips were centrally placed within the 

core at the sediment surface.  Then the robust reference pH electrode was attached to the 

inside of the core tube with a wooden peg and the pre-programmed SensorTraceTM profile 

initiated. After profiling was complete,  the countertop lifting platform was used to remove  

the microelectrodes from the core tube before returning it to the flow through tank, re-

positioning the air stone to re-establish a well-mixed water layer (Figure 3.2.6).  
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Figure 3.2.9 Stainless steel counter top lifting platform 

Picture of stainless steel counter top lifting platform used to steadily lift cores into position so 
that the microelectrode tips were precisely placed on the sediment surface. 

 

After the last measurement day (T19), 93 days after the initial core treatments were added 

(Table 3.2.4), each core was sliced into 1 cm slices, sealed into clear polythene bags, flushed 

with nitrogen gas and frozen at -20˚C ready for CRS extraction, AVS extraction and CHN 

analysis at a later date.   

3.2.5 Hydrogen sulphide microelectrode profiling and calibration 

Sediment porewater hydrogen sulphide (H2S) concentration profiles were measured with a 

specialised (linear response 0-10,000 µM) Unisense A/S amperometric hydrogen sulphide 

microelectrode containing an internal reference, a sensing anode and a guard anode.  The 

penetration of H2S through the microsensor tip membrane is driven by external partial 

pressure.  The H2S gas then comes into contact with an alkaline electrolyte, forcing the 

formation of HS- ions which are oxidised by ferricyanide (K3[Fe(CN)6]), producing elemental 

sulphur and ferrocyanide  (K4[Fe(CN)6]).  The mV signal of the microelectrode is created by 

the electrochemical re-oxidation of ferrocyanide in the tip of the sensor at the anode 

(Jeroschewski et al. 1996).  The Unisense Microsensor Multimeter, to which the electrode is 

attached, converts the resulting reduction current into a voltage signal. Therefore, the 

sensor signal produced is directly proportional to the dissolved H2S concentration at the tip. 
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Before experimentation each day, the microelectrode was left to pre-polarize for up to two 

hours in 100 ml of pH 4 buffer solution (seawater pH, VWR International) or until a steady 

signal was established for 10 min.  This was to remove any hydrogen sulphide that may have 

built up inside the electrolyte from previous use. 

 

Figure 3.2.10 Core profile range  

The core profile ranged from the overlying water 1 cm above the sediment surface to 2 cm below 
the sediment surface. It is important to note that all treatments added approximately 1 cm to 
surface of the sediment, unfortunately this was unavoidable.  

 

At the start of every time point (Tx) the microelectrode was calibrated using a freshly made 

set of de-oxygenated hydrogen sulphide calibration solutions at known concentrations 

within a range found in normal (oxic) to grossly polluted (anoxic) fish farm sediments 

(Hargrave et al. 2008):  0 µM, 1000 µM, 2000 µM, 3000 µM, 4000 µM, 5000 µM and 6000 

µM. The calibration solutions were made under a fume hood using sodium sulphide 

nonahydrate (Na2S.9H20) and de-oxygenated water as described in Chapter 2. Calibration 

was performed at the same temperature as any measurements made as the effect of 

temperature on sulphide is unknown.  Airtight screw top glass vials (40 ml) flushed with 

nitrogen were used to transport the calibration solutions to the location of the 

microprofiling system and the incubated sediment cores. The calibration solutions were left 

Profile depth 

-1 cm 

 0 cm 

 1 cm 

 2 cm 
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for 15 min in the CT room to reach experimental temperature before calibration. Once used, 

the calibration solutions were disposed of.  

 

Figure 3.2.11 Example linear hydrogen sulphide microelectrode calibration. 

 

Even though the H2S microelectrode is painted black it was left in the dark when not in use 

to prevent photo-degradation of the electrolyte by UV and blue light as light can still enter 

through the electrode tip which cannot be painted.  A specialised H2S electrode was 

purchased due to the lack of linear response up to 10,000 µM by the original. 

3.2.6 Oxygen microelectrode profiling and calibration 

High resolution oxygen concentration profiles of the sediment core pore water were 

obtained with a Clark-type 50 nm glass tip oxygen (O2) microsensor (Unisense, Aarhus, 

Denmark) mounted on a micromanipulator as previously described (section 3.3.4). Before 

calibration each day, the oxygen microelectrode was left to pre-polarize for up to two hours 

in 100 ml of seawater or until a steady signal was seen for 10 min.  Oxygen was allowed to 

diffuse through the silicone membrane of the microelectrode before reaching an oxygen 

reducing cathode, polarised against an internal reference anode. A built in guard cathode 

minimised the zero-current and pre-polarisation time by removing oxygen from the 

electrolyte. A Unisense Microsensor Multimeter was used as a picoammeter to measure the 

pA sensor signal output. The output was automatically converted to oxygen concentration 
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by Unisense SensorTraceTM software, using the calibration data obtained at the start of each 

measurement event (Tx). 

The oxygen microsensor was calibrated with a two-point linear calibration using a Unisense 

calibration chamber (as seen in Figure 3.2.7). The microsensor signal was read in 200 ml 

seawater that had been well aerated for 5 min (100% oxygen saturation), then 200 ml 

seawater that had been well flushed with nitrogen gas (N2) for 5 min (0% oxygen saturation). 

Calibrations were measured at the same temperature and salinity as the seawater in the 

incubated cores. Seawater salinity (PSU) was measured using a refractometer at each 

calibration event. 

As soon as the 0 % oxygen saturation signal of the oxygen microsensor signal reduced to     

<10 % of the signal for atmospheric saturation the microsensor was changed. A reduction in 

signal was anticipated due to the contamination of the cathode surface by hydrogen 

sulphide, which was unavoidable. A change in signal of up to 50% was also expected due to 

the permeability of the microsensor membrane being affected over time, however this 

would not affect the quality of measurements as long as the microelectrode was regularly 

calibrated. 

From each oxygen profile the diffusive boundary layer (DBL) was found manually by 

identifying specific gradient changes in the profile (Figure 3.2.13). The diffusion gradient 

across the DBL was used to calculate the diffusive oxygen uptake (DOU) into the sediment by 

Fick’s first law of diffusion (Revsbech et al. 1998; Glud 2008) (Equation 3.2.1) and the 

equivalent oxygen diffusion coefficient (n1 × 10−n2 cm2 s−1) for the seawater salinity and 

temperature measured on that day (Ramsing & Gundersen 2000). 
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𝐽𝐷𝑂𝑈 = 𝐷0  
𝑑𝐶

𝑑𝑍
 

JDOU is the diffusion flux of oxygen (M m-2 s-1), i.e. the amount of oxygen that will flow through a 

unit area during a unit time interval.  

D0  is the diffusion coefficient of oxygen at a given salinity and water temperature (m2 s-1) i.e. 

diffusivity 

dC is the difference in oxygen concentration (µM) across the diffusive boundary layer 

dZ is the thickness of the diffusive boundary layer length (m) 

Equation 3.2.1 

 

 

Figure 3.2.12 Example linear oxygen microelectrode calibration 
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Figure 3.2.13 A typical oxygen microprofile. 

The closed diamonds indicate measurement points, the text, dotted lines and arrows highlight various 
features of the microprofile such as the DBL. 

 

A glass amperometric oxygen microsensor (Unisense A/S, 50 µm tip size) was used to 

measure the partial pressure of oxygen. Before measurements could be taken a period of 

polarisation was necessary to remove the oxygen that had built up inside the electrolyte and 

enable the stable operation of the electrode. This will be referred to as the pre-polarisation 

period, during which the electrode tip is placed in aerated sea water for up to two hours, or 

until a stable mV signal is produced for at least 10 minutes. 

The electrode used has an internal reference to which the cathode is polarised. Oxygen from 

the environment penetrates through the sensor tip membrane at a rate that is dependent 

on the external partial pressure of oxygen and then reduced at the gold cathode surface. The 

resulting reduction current is converted to a voltage signal by the picoammeter (Multimeter, 

Unisense A/S). The zero current and pre-polarisation time are minimised by the action of the 

oxygen scavenging internal guard cathode. 
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The oxygen microsensor was calibrated using a two point calibration with 100 ml of 100 % 

oxygen saturated solution and 0 % oxygen saturated solution. The method used for making 

the solutions see section 2.2.1, replacing nitrogen gas with air for the 100 % oxygen 

saturated water. The seawater used was of the same salinity and temperature as the 

samples being measured. The temperature of the calibration solutions were constantly 

monitored during bubbling to ensure the temperature did not increase as a result of too 

vigorous a rate of bubbling, thus effecting the calibration measurements. 

3.2.7 pH microelectrode profiling and calibration 

To calculate the total free sulphide (TFS) concentrations, it was also necessary to measure 

pH with a glass pH microsensor (50 nm tip, Unisense A/S) as the sulphide equilibrium system 

is greatly affected by pH (Jeroschewski et al. 1996). The microsensor used was suitable for 

use at salinities from zero to full ocean strength.  Microsensor measurements were taken in 

combination with an external reference electrode (Ref-RM, Unisense A/S) immersed in the 

same solution as the microsensor, developing an electrical potential in the microsensor tip 

relative to that of the reference electrode, reflecting the pH of the solution. 

 

The pH was measured by the selective diffusion of protons through the microelectrode glass 

tip. Reference potentials between the internal electrolyte of the microelectrode and a 

simple external open-ended Ag/AgCl reference macroelectrode with a gel-stabilized 

electrolyte were created to produce a mV signal. 
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Figure 3.2.14 Typical linear pH microelectrode calibration 

All pH calibration slopes showed a gradient between 50-80 mV per pH unit. 

 

The pH electrode was calibrated using 100 ml pH four, seven and nine solutions made with 

pH buffer capsules and demineralised water (VWR Chemicals). The capsules were left to 

dissolve in the water for 10 min prior to calibration, then the solutions were either left in air 

or a water bath to for a further 10 min to reach the same temperature as the samples.  

Between measurements and after use the pH micro electrode was rinsed thoroughly 

with pH four buffer, the Ref-RM electrode with distilled water. The pH micro electrode tip 

was only left in air for short periods of time (<10 min) and for long term storage it was 

placed upright with the tip submerged in demineralised water. Long term storage of the Ref-

RM electrode required replacement of the protection cap filled with 3 M KCl solution.  

3.2.8 Preparing samples for Acid Volatile Sulphide (AVS) and Chromium Reducible Sulphide 

(CRS) extraction  

The pre-experimental reference core slices frozen on the 26th August 2014 (section 3.2.2) 

and the post-experimental core slices from fifteen cores frozen on 28th January 2015 were 

defrosted on 6th September 2015 under a fume hood for one hour. Once defrosted, the core 

slices were homogenised by shaking and manipulating the bag in which they were stored for 

up to 3 min depending on the viscosity of the sediment.  A subsample of ~5.0 g from each 

core slice was placed in an airtight N2 flushed 8 ml plastic tube and collectively placed in an 
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N2 flushed zip lock polyethylene bag. These were re-frozen overnight and transported to The 

University of Cambridge on 7th September 2015 for AVS and CRS extraction where they were 

kept frozen for a few days until required. 

Once the AVS and CRS extraction was set up (see section 3.2.9), two sediment subsamples 

were removed from the freezer to defrost. Each defrosted subsample was homogenised and 

subsampled again to fill a pre-weighed 2 ml centrifuge tube. Once filled with subsampled 

sediment, the two centrifuge tubes were weighed again and the remaining subsample re-

frozen. The two aliquots were then placed in a centrifuge to separate pore water from the 

sediment (6000 rpm for 10 min). After centrifuging, 1 ml of pore water from each aliquot 

was pipetted off into a 2 ml eppendorf tube and mixed will 200 µl hydrogen chloride solution 

(3M HCl) to drive off any sulphides for later analysis. Any remaining pore water in each 

centrifuge tube was discarded and the remaining ‘semi-dry’ sediment and tube were re-

weighed. The remaining ‘semi-dry’ sediment in each of the centrifuge tubes was 

homogenised to remove any stratification from centrifuging, then approximately half of each 

semi-dry sediment sample was weighed out,  placed in separate reaction vessels (Figure 

3.2.16) before the AVS and CRS extraction procedure was started as described in section 

3.2.9.  

The other half of the semi-dry sediment that remained in the two centrifuge tubes was kept, 

weighed in the tube and dried overnight in a drying oven at 80°C.  Measuring the mass of 

water in the semi-dry sample allowed the porosity (% water) to be calculated in the original 

wet subsample using the weight data from various weighing steps during subsampling and 

centrifuging process. 

3.2.9 Acid Volatile Sulphide (AVS) and Chromium Reducible Sulphide (CRS) extraction 

procedures 

The sulphide (AVS and CRS) extraction procedure used here is a synthesis by The University 

of Cambridge of previously published methods detailed in this section. The AVS extraction 

described targets monosulphides (pyrrhotite, pentlandite, greigite and chalcocite) and the 

CRS extraction described targets disulphides (elemental sulphur and pyrite) via chemical 

digestion of the sediment samples. The digestion of each sample to extract AVS and CRS was 
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completed within a single vessel in succession. This removes the necessity of completing 

time consuming filtration steps as defined in the original methods (Zhabina & Volkov 1978; 

Tuttle et al. 1986; Rice et al. 1993) and associated errors such as accidental oxidation or 

sample loss while collecting separate sulphur fractions.  It is important to note that the 

reagents used in this procedure have not been proven to digest all sulphur present in the 

sample, specifically carbon-bonded sulphur, (Pepkowitz & Shirley 1951; Canfield et al. 1986) 

a principle component of some amino acids (Shan & Chen 1995). However, inorganic sulphur 

and organic sulphate is still recoverable using this method. 
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Figure 3.2.15 CRS and AVS extraction procedure flowchart  

The flowchart and the extraction procedure shown above have been modified from a synthesis of 
procedures by The University of Cambridge (Prof. Alexandra Turchyn, Dr. Victoria Rennie) of 
previously published methods. 
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Figure 3.2.16 Equipment used for AVS and CRS extractions (University of Cambridge protocol 

documentation) 

This apparatus was set up in duplicate as per picture A to enable 2 samples to be analysed at one 
time. 

 

Two reaction vessels were set up (Figure 3.2.16) to enable the extraction of two samples at 

any one time. The reaction vessels containing different semi-dry sediment samples of know 

mass (preparation of semi-dry sediment samples ranging from 0.346 g-1.032 g described in 

previous section) were placed on a hot plate as boiling is required for successful AVS and CRS 

extraction (Canfield et al. 1986; Rice et al. 1993). A condenser was attached to the reaction 

vessel to prevent the water vapour produced at the boiling step condensing in the traps. A 

tube supplying pre-purified nitrogen gas was also attached to the reaction vessel providing 

an inert atmosphere for the digestion reaction as well as a carrier gas for any volatiles 

produced. A second tube, this time with a three-way valve, was attached to the top of the 

reaction vessel to allow the introduction of reagents via a 60 cc syringe with minimal 

introduction of ambient air.  

As the reagents used in the digestion of AVS and CRS may contain hydrochloric acid (HCl) it is 

possible for chloride ions (Cl-) to be produced as well as hydrogen sulphide (H2S) from the 

targeted sulphur species. Chloride ions can be precipitated in the end trap of the system, 

A 
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causing an overestimation of the mass of sulphur in the sediment sample. To prevent this, an 

acidified water trap (DD water and nitric acid) was added in series after the condenser to 

remove Cl- from the gas stream (Backlund et al. 2005) produced from the sample. The Cl- 

free gas stream is then bubbled through another tube to a 40 ml Vulcan tube via a hole in 

the plastic cap. This cap was fitted loosely to prevent a build-up of pressure in the system 

and assumed that the positive pressure created from the escape of excess gas was enough 

to prevent the re-introduction of oxygen. The Vulcan tube contained 30 ml solution of 0.2M 

silver nitrate (AgNO3) in 10% ammonium hydroxide (NH4OH), now referred to as the “AgNO3 

trap”. The AgNO3 trap precipitated any H2S produced from the digestion of targeted sulphur 

compounds (CRS or AVS) in the sample as silver sulphide (Ag2S) (Equation 3.2.2). Nitric acid 

(HNO3) is a by-product of silver sulphide precipitation (Equation 3.2.2) and can cause the 

oxidation and exhaustion of the trap; this is prevented through the addition of ammonium 

hydroxide which buffers the trap to ammonium nitrate (Equation 3.2.4) (Snoeyink & Jenkins 

1980). This addition also continues to prevent the precipitation of Cl- by complexation of 

ammonia with Ag+ (Equation 3.2.3). 

𝐻2𝑆 + 𝐴𝑔𝑁𝑂3 → 𝐴𝑔2𝑆 + 𝐻𝑁𝑂3 + 𝐻+ 

Equation 3.2.2 

𝐶𝑙− + 𝐴𝑔𝑁𝑂3 + 2𝑁𝐻4𝑂𝐻 → 𝐴𝑔(𝑁𝐻3)2 + 2𝐻2𝑂 + 𝐶𝑙− 

Equation 3.2.3 

𝐻𝑁𝑂3 + 𝑁𝐻4𝑂𝐻 → 𝑁𝐻4𝑁𝑂3 + 𝐻2𝑂 

Equation 3.2.4 

3.2.9.1 AVS extraction 

The general procedure for AVS extraction is described in Tuttle et al. (1986). Modifications of 

this method were to reduce the volume of AVS reagent (0.1 M SnCl2 in 6 N HCl) to 25 ml due 

to the small sample mass used. The AVS reagent causes the digestion of monosulphides in 

the sample to produce H2S (Equation 3.2.5) 
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𝐹𝑒𝑆 + 2𝐻𝐶𝑙 → 𝐻2𝑆 + 𝐹𝑒𝐶𝑙2 

Equation 3.2.5 

𝑆𝑛2+𝐶𝑙2 + 4𝐻𝐶𝑙 + 𝐹𝑒2+𝑆2
− →  2𝐻2𝑆2− +  𝐹𝑒2+ +  𝑆𝑛4+𝐶𝑙4 

Equation 3.2.6 

𝐻2𝑆2− +  2𝐹𝑒3+  →  𝑆0 +  2𝐻+ +  2𝐹𝑒2+ 

Equation 3.2.7 

𝐻2𝑆 +  2𝐹𝑒3+ + 3𝑆𝑛𝐶𝑙2  →  𝐻2𝑆 +  2𝐻+ + 3𝑆𝑛2+ +  2𝐹𝑒𝐶𝑙3 

Equation 3.2.8 

 

Once the sulphur extraction apparatus was set up (Figure 3.2.16) as described in the 

previous section, 25 ml of AVS reagent was added to the sample in the reaction vessel via 

the three-way valve with a 60 cc syringe. The resulting slurry was left to react at r.t.p. for 5 

min, then boiled for 5 min and finally sub-boiled for 10 min at which point the AVS digestion 

was considered complete. Again the duration of the boiling and sub-boiling stages was 

reduced due to the small sample mass. Previous results showed that the stannous chloride 

(SnCl2) in the AVS reagent reduces and recovers 5% of the disulphide pyrite (FeS2) present in 

the sample (Chanton & Martens 1985; Rice et al. 1993; Tuttle et al. 2003; Backlund et al. 

2005) (Equation 3.2.6). However the presence of SnCl2 is required to prevent the oxidation of 

H2S to elemental sulphur (S0) by ferric iron (Fe3+) found in iron oxides (Hematite = 

Fe2
3+Fe2

3+S4 , Magnetite = Fe2+O●Fe3+
2O3) and griegite (Fe2+Fe2

3+S4) (Equation 3.2.7 and 

Equation 3.2.8). This is important as elemental sulphur can be digested in the CRS digestion 

step but not in the AVS digestion step, leading to a misinterpretation of both sulphur 

monosulphides and disulphides in the sample. Due to the possible partial recovery of pyrite 

during AVS digestion the heater was promptly turned off after the 10 min sub-boiling step 

even if active precipitation of silver sulphide was still apparent in the silver nitrate trap. Care 

was also taken to accurately adhere to the timings of the boiling and sub-boiling steps 

previously described. Immediately after the cooling stage the silver nitrate trap was removed 

and capped, replacing it with a new Vulcan tube containing 20 ml of silver nitrate.  
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3.2.9.2 CRS extraction 

The CRS reagent (0.1 M CrCl2 in 0.5 N HCl) used in this extraction will digest any form of 

reduced inorganic sulphur present in the sample either by Equation 3.2.6 or Equation 3.2.9. 

Hence, the CRS extraction immediately following AVS extraction to separate the 

monosulphides and disulphide fractions of the sample. However, it is important to note that 

bornite and chalcopyrite are not fully recoverable in the AVS digestion. Tuttle et al. 2003 

deduced that as a result 43% of bornite and 24% of chalcopyrite are included in the CRS 

fraction. Therefore, the sulphur in the precipitates from both extractions are not from purely 

independent sulphide phases.  

The general procedure for CRS extraction used has been described in a number of previous 

studies (Canfield et al. 1986; Tuttle et al. 1986; Zhabini & Volkov 1978). Modifications of this 

method were to reduce the volume of CRS reagent to 25ml due to the small sample mass 

used. The CRS reagent causes the reduction of sulphur in the remaining disulphides to S2-, 

producing H2S via the oxidation of CrCl2 (Newton et al. 1995) in an acidic solution (Equation 

3.2.9) 

4𝐻+  +  2𝐶𝑟2+  +  𝐹𝑒𝑆2
− →  2𝐻2𝑆2− + 2𝐶𝑟3+ +  𝐹𝑒2+ 

Equation 3.2.9 

𝑍𝑛(𝐻𝑔) +  2𝐶𝑟3+𝐶𝑙3  →  𝑍𝑛2+ +  𝐻𝑔0 +  2𝐶𝑟2+𝐶𝑙2 +  2𝐶𝑙− 

Equation 3.2.10 

 

The reducing CRS reagent is easily oxidised in air at r.t.p. and so a sufficient quantity needed 

to be prepared the day before sulphur extractions were to take place and stored in an 

airtight bottle with a ground glass stopper. This was done by passing the CRS reagent 

through a Jone’s reductor, in which Cr3+ is reduced to Cr2+ via oxidation of zinc pellets 

(Equation 3.2.10) (Skoog et al. 1992). 

Immediately after the AVS silver nitrate trap was removed and replaced 25 ml of the CRS 

reagent was added to the sample in the reaction vessel via the three-way valve with a 60 ml 

syringe. The resulting slurry was left to boil for 1.5 hours or until there was no more active 
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precipitation of silver sulphide in the silver nitrate trap, at which point the CRS digestion was 

considered complete. The vessel was then allowed to cool for 20 min before the apparatus 

was dismantled. Between each set of samples all equipment (glassware, tubes, fittings) were 

rinsed three times with deionised water and then three times with DDS before drying at 

r.t.p.  

3.2.10 Measuring sediment % organic matter, % organic carbon and porosity 

The 0-1 cm and 1-2 cm frozen (-20˚C) core slices from the incubated cores were defrosted 

for three hours under a fume hood and subsampled for Loss On Ignition organic matter (LOI) 

and porosity analysis.  The defrosted cores slices were manually homogenised by stirring 

immediately prior to subsampling.   Approximately 1 g defrosted sediment was weighed into 

clean dry porcelain crucibles and the wet weight recorded (Wwet).   To calculate the sediment 

sample porosity the crucibles were dried at 105°C for six hours (until constant weight was 

achieved) in a muffle furnace and then cooled in a desiccator to prevent the absorption of 

atmospheric water during cooling.  After cooling to room temperature the dry weight was 

recorded (Wdry) and porosity was calculated (Equation 3.2.11).  To analyse the samples for 

organic matter content the crucibles were then placed back into the muffle furnace and 

heated to 550°C for at least six hours, again samples were left to cool in a desiccator and 

their weight recorded once they had reached room temperature (University of Cambridge, 

Department of Geography, Physical Geography laboratories, protocol V.1.2) 

𝑃𝑜𝑟𝑜𝑠𝑖𝑡𝑦 (%) =   
𝑊𝑤𝑒𝑡 −  𝑊𝑑𝑟𝑦 𝑜𝑟 𝑓𝑟𝑒𝑒𝑧𝑒−𝑑𝑟𝑦

100
 

Equation 3.2.11 

Porosity and LOI was analysed again using the method of freeze-drying samples. Instead of 

drying the samples in the muffle furnace (105°C for six hours) the samples were frozen in 

their crucibles for 24 hours and then placed in a freeze drier for 48 hours and re-weighed 

(Wfreeze-dry). The same procedure was then followed using the muffle furnace to analyse 

organic matter content. The results from the oven dried and freeze-dried set of samples 

were compared (Appendix 3.10). 
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After the frozen sediment core slices were subsampled for LOI analysis the remaining 1 cm 

sediment slice was analysed for organic carbon content via CHN analysis. The samples were 

placed in a freeze drier in their ziplock bags until no moisture remained in the sample (3 days 

approx.).  Approximately 25 mg of freeze dried sediment was weighed out and places in a 

glass ampoule.  Under a fume cupboard 1ml of sulphurous acid (H2SO3) was added using a 

1ml pipette to digest all the carbonate present.  To ensure full contact between the acid and 

the sample the glass ampoule was tapped to release any bubbles trapped in the bottom.  

The samples were left overnight in the fume cupboard before being placed for 2-3 hours in a 

vacuum desiccator.  Then the samples were frozen (-20˚C) for a minimum of 4 hours before 

being placed in the freeze drier for 24 hours.  The freeze dried contents of the ampoule was 

emptied into a tin capsule, folded and analysed for organic carbon, hydrogen and nitrogen 

content using a Perkin Elmer 2400 Series II CHN Elemental Analyser (Perkin Elmer).   

3.2.11 Data management, statistical analysis and calculations (statistical and descriptive) 

Microsoft Excel and free statistical software R were used for statistical analyses of the 

results, data management and visualisation. 

3.2.11.1 Trapezoidal integration  

Method used for integrating the area beneath hydrogen sulphide concentration curves. 

3.2.11.2 Hydrogen sulphide (µmol) rate change calculation and % calculation 

𝑛𝑒𝑡 𝑟𝑎𝑡𝑒 =
𝑛𝑥−𝑛𝑥−1

𝑑𝑎𝑦𝑠 𝑏𝑒𝑡𝑤𝑒𝑒𝑛 𝑛𝑥𝑎𝑛𝑑 𝑛𝑥−1
 

Equation 3.2.13 

𝑛𝑒𝑡 𝑟𝑎𝑡𝑒 % =
𝑛𝑒𝑡 𝑝𝑟𝑜𝑑𝑢𝑐𝑡𝑖𝑜𝑛 𝑟𝑎𝑡𝑒 𝑜𝑛 𝑇𝑥

𝑆𝑢𝑚𝑚𝑒𝑑 𝑛𝑒𝑡 𝑝𝑟𝑜𝑑𝑢𝑐𝑡𝑖𝑜𝑛 𝑟𝑎𝑡𝑒 𝑎𝑐𝑟𝑜𝑠𝑠 𝑎𝑙𝑙 𝑇𝑥
 × 100 

Equation 3.2.14 

 

∫ 𝑓(𝑥)𝑑𝑥 ≈ (𝑏 − 𝑎) [
𝑓(𝑎) + 𝑓(𝑏)

2
]

𝑏

𝑎

 

Equation 3.2.12 
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3.2.11.3 Calculating TFS (converting [H2S] to [HS-] and [S2-]) 

Equations used to convert hydrogen sulphide concentration to [HS-] and [S2-]. 

𝐻2𝑆 ⇌ 𝐻𝑆− +  𝐻+           𝐾𝑝1 =  
[𝐻𝑆−][𝐻+]

[𝐻2𝑆]
    𝑝𝐾1 = 6.99 

Equation 3.2.15  

𝐻𝑆−  ⇌ 𝑆2− +  𝐻+           𝐾𝑝2 =  
[𝑆2−][𝐻+]

[𝐻𝑆−]
    𝑝𝐾2 = 17.4 

Equation 3.2.16 

𝐻𝑆−  ⇌ 𝑆2− +  𝐻+           𝑝𝐻 =  𝑝𝐾𝑎 +  𝑙𝑜𝑔10  (
[𝐴−]

[𝐻𝐴]
)     

Equation 3.2.17 

3.2.11.4 Statistical methods for testing differences between means 

Parametric statistical methods were used where appropriate to test the null hypothesis (H0) 

that there is no difference between sample means. One-way Analysis of Variance (ANOVA) 

was used to identify whether at least two group means were statistically different within the 

data set (Equation 3.2.18), followed by a post hoc Tukey Honest Significant Difference (Tukey 

HSD) to determine which specific groups differed from each other (Equation 3.2.19).  
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Where 
F is the variance ration 
MST is the mean square due to treatments/groups (between groups) 
MSE is the mean square due to error (within groups, residual mean square) 
Yij is an observation 
Ti is a group total 
G is the grand total of all observations 
ni is the number in group 
i and n are the total number of observations 

Equation 3.2.18 

 

Where 

HSD is the Honestly Significant Difference 
M1 and M2 are mean values 
MSw is the mean square width 
n is the number per mean 

Equation 3.2.19 

 

3.2.11.5 Descriptive statistics (standard deviation and standard error) 

𝜎 = √∑
(𝑥 − �̅�)2

𝑛 − 1
 

Where 
σ = standard deviation 
∑= sum of 
𝑥 = each value in the data set 
�̅� = mean of values in the data set 
n = number of values in the data set 

Equation 3.2.20 
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𝑆𝐸 =  
𝜎

√𝑛
 

Where 
𝑆𝐸 = Standard error 
σ = standard deviation 
n = number of values in the data set 

Equation 3.2.21 

3.2.11.6 Ecological Relevance Value (ERV) 

As previously discussed, commonly used methods for measuring TFS in sediments beneath 

fish farms typically obtain a single TFS concentration from a homogenised surficial sediment 

sample. This single-point TFS measure is used with other biotic and abiotic parameters to 

assess the enrichment stage of the benthic environment based on characteristics of enriched 

environments described and categorised by previous studies and indices (Pearson & 

Rosenberg 1978; Nilsson & Rosenberg 1997; Brooks 2001; Wildish et al. 2001; Brooks et al. 

2003; Macleod & Forbes 2004; Hargrave et al. 2008; Keeley et al. 2013a; Keeley & Taylor 

2015). In this study, high resolution hydrogen sulphide and pH micro-profiles were taken in 

undisturbed sediment cores to obtain quantitative TFS concentration data in organically 

enriched sediments. However, there is currently no metric available to summarise the 

ecological relevance of high resolution TFS concentration profiles in sediments.   

The Ecological Relevance Value (ERV) was devised here to assess the ecological relevance of 

each individual TFS concentration profile, taking into account the magnitude of the TFS 

concentration measured at each profile point as well as the total sediment volume in which 

the higher or lower concentrations were measured. The ERV provides a semi-quantitative 

metric to describe how lethal the surficial sediment environment is likely to be to the 

immediate benthic macrofaunal community, as well as a means for statistically comparing 

the enrichment classification in each individual core as the result of treatments added. 

A single ERV for each hydrogen sulphide sediment profile was calculated by firstly assigning a 

category number (or ERV) from 0 to 13 to each of the 150 profile points along the profile. 

Each ERV represents a 500 µM TFS concentration range (with the exception of ERV 0 and 1 

which indicate no impact 0-390 µM, and low impact 390-500 µM, respectively) and the level 

of impact which has commonly been associated with such TFS concentrations by Brooks 
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(2001), Wildish et al. (2001), Brooks et al. (2003), Hargrave et al. (2008), Keeley et al. (2013a) 

and Keeley and Taylor (2015), full details are shown in Table 3.2.5. Higher resolution in the 

ERV 0 and 1 categories was necessary to include key TFS concentration thresholds where 

impact on macrofauna has been observed (Keeley et al. 2013a). The mean ERV across the 

150 profile points was then calculated to produce a single ERV for the profile. This single ERV 

represents the likely level of impact the enriched surficial sediment environment (0-2 cm 

depth) within an individual core would have had on the immediate benthic macro-faunal 

community, based on the TFS concentrations measured throughout the entire vertical 

profile. 

TFS concentration rather than hydrogen sulphide concentration was used so that ERV 

categories were consistent with the existing literature on the environmental impacts of 

reducing sediments beneath fish farms, of which the majority report TFS concentration 

(Brooks 2001; Wildish et al. 2001; Brooks et al. 2003; Macleod & Forbes 2004; Hargrave et al. 

2008; Keeley et al. 2013a; Keeley & Taylor 2015).  
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Table 3.2.5 Description of Ecological Relevance Value (ERV) 
1The ERVs are equally weighted categories, with the exception of ERV 0 (no impact) and 1 (low impact). 2Enrichment Stage (ES) describes seven enrichment stages found at low flow sites 
based on two long term data sets in Keeley et al. (2013a), criteria used has been modified from Macleod & Forbes (2004) and Pearson & Rosenberg (1978). 3Enrichment Zones (EZ) are 
based on EhNHE potentials and TFS µM derived from data in Wildish et al. (2001), Brooks (2001) and Brooks et al. (2003), used in the nomogram for benthic organic enrichment zonation 
by Hargrave et al. (2008), TFS µM associated with the EZ is shown in brackets. *ERV is a TFS concentration range whereby TFS µM => lower limit and < upper limit. 
 

Ecological 
Relevance 
Value (ERV)1 

TFS µM 
lower limit 
for ERV  

TFS µM 
upper limit 
for ERV* 

Enrichment 
Stage (ES)2 

Enrichment 
Zones (EZ)3 

Notes modified from Keeley & Taylor (2015) 

0 0 390 ES 1-4 Oxic A (<750) No obvious effect on macrofauna, conditions should not be obviously impacted. 

1 390 500 ES 1-4 Oxic A  Low impact: Some effect on macrofauna. 

2 500 1000 ES 4-5 Oxic A to Oxic B  Low impact: Some effect on macrofauna, peaks in taxa abundance observed as low as 500 µM at low 
flow sites. 

3 1000 1500 ES 5 Oxic B  
(750-1500) 

Low to Moderate impact: At TFS 1000 µM ES 5 conditions were found at low flow sites and ES 3-5 at high 
flow sites. Resilience to enrichment despite high TFS µM was most evident at mid-stages of enrichment.  

4 1500 2000 ES 5-6 Hypoxic A  
(1500-3000) 

Moderate impact: 1500 µM = threshold for action in Scotland. Recommended threshold for action at low 
flow sites = 1700 µM which indicates early stages of peak abundance in taxa, typifying ES 5 conditions. 

5 2000 2500 ES 6 Hypoxic A Moderate to Severe impact: Good indicators for enrichment (H’, BQI and AMBI) consistently reflected 
highly impacted macrofaunal assemblage, with some exceptions. 

6 2500 3000 ES 6 Hypoxic A Severe impact: Majority of biological changes occurred between 0-3000 µM. 3000 µM = suggested 
threshold for further action at high flow sites. 

7 3000 3500 ES 6 Hypoxic B  
(3000-6000) 

Severe impact 

8 3500 4000 ES 6-7 Hypoxic B Severe impact 

9 4000 4500 ES 6-7 Hypoxic B Very severe impact: Consistent highly degraded conditions in both high flow and low flow sites with high 
abundance peaks just before macrofaunal collapse. 

10 4500 5000 ES 7 Hypoxic B Very severe impact to persistent anoxia 

11 5000 5500 ES 7 Hypoxic B Very severe impact to persistent anoxia 

12 5500 6000 ES 7 Hypoxic B Very severe impact to persistent anoxia 

13 6000 6500 ES 7 Anoxic (>6000) Persistent anoxia 
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3.3 Results 

Due to the high level of variation within treatment replicates, the analytical approach taken 

was to consider and visualise each core individually. Any averages that have been quoted or 

used in statistical analysis have been interpreted with caution.  Please note that this is the 

reason some figures in this section are absent of error bars and display individual core data. 

This approach was adopted to examine the characteristics of variation and therefore the 

relevance of such variation when applying the results to the wider environmental or fish 

farm management context. 

3.3.1 Organic carbon and organic matter before and after the incubation period 

The porosity (% water content) of the H, M and L treatments decreased with increasing fish 

feed content (Table 3.3.1) as fish feed pellets contain very little water. To allow for 

comparative composition analysis the organic matter (OM) and carbon content of the 

treatments was based on dry weight resulting in the following (see Table 3.3.2 and Table 

3.3.3): the 12.64 g (dry wt.) of H treatment added to three cores contained 8.75 g OM (69.21 

% of sample dry wt.), of which 4.46 g was carbon (35.28 % of sample); the 4.42 g (dry wt.) of 

M treatment added to cores contained 1.61 g OM (36.38 % of sample dry wt.), of which 0.58 

g was carbon (13.12 % of sample dry wt.); and the 3.35 g (dry wt.) of L treatment added to 

cores contained 0.64 g OM (19.23 % of sample dry wt.), of which 0.19 g was carbon (5.67 % 

of sample dry wt.). The Control 1 treatment, consisting of just surficial grab sediment, had a 

similar but lesser carbon content than the L treatment; the 3.35 g (dry wt.) contained 0.58 g 

of OM (17.36 % of sample dry wt.), of which 0.15 g was carbon (4.48 % of sample dry wt).  
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The carbon content of the treatments was not achieved by CHN analysis as erroneous results 

occurred due to a lack of fine scale homogeneity in the treatment mixtures, hence, the 

ground fish feed particles were not small enough to be captured in the small ampoule 

volume (25 mg) required for CHN analysis. Carbon content of the treatments was deduced 

using the known carbon content and porosity of a 1:1 mixture of fish feed and surficial 

sediment, as the individual porosity and carbon content of the surficial sediment was known. 

 

 

Table 3.3.1 Core treatment composition. 

Core Treatment 
Group 

Treatment components Total 
treatment 

mass 
(g) 

Total 
treatment 
porosity   

(% water) 
*** 

 

Fish feed 
mass 

(g) 

Grab surficial 
sediment 
mass (g) 

wet dry* wet dry** wet dry 

High enrichment (H) 10.0 9.29 10.0 3.35 20.0 12.64 36.80 

Medium enrichment(M) 1.0 0.93 10.0 3.35 11.0 4.42 59.86 

Low enrichment (L) 0.1 0.09 10.0 3.35 10.1 3.44 65.94 

Control 1 - just grab 
surficial sediment  (C1) 

n/a n/a 10.0 3.35 10.0 3.35 66.48 

Control 2 -nothing (C2) n/a n/a n/a n/a n/a n/a n/a 

 

*based on a deduced feed porosity of 7.12 % calculated from the known porosity (36.80%) of a 1:1 
mixture by mass of fish feed and grab surficial sediment and the known porosity of grab surficial 
sediment** 
** based on an average porosity of 66.48 ± 2.18 (% water) obtained via LOI analysis with oven drying 
(± value = standard error of the mean) of three homogenous surficial sediment samples from three 
separate grabs 
***values used obtained by LOI analysis with oven drying 
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Table 3.3.2 Core treatment organic matter composition. 
 

 
Core Treatment Group  

Core 
replicates in 

group (ID no.) 

Organic 
Matter 

(% in dry wt.)* 

Organic 
Matter  

(g in dry wt.) 

High enrichment (H)   3, 9, 15 69.21 8.75 

Medium enrichment(M) 1, 7, 11 36.38 1.61 

Low enrichment (L) 8, 12, 14 19.23 0.64 

Control 1 - just grab surficial 
sediment  (C1) 

4, 5, 6 17.36 0.58 

Control 2 –nothing added (C2) 2, 10, 13 0.00 0.00 

* Values used from LOI analysis with oven drying 

 

Table 3.3.3 Core treatment organic carbon composition. 
 

Core Treatment Group 
Core replicates 

in group (ID no.) 

Organic 
Carbon  

(% dry wt.)*** 

Organic 
Carbon  

(g dry wt.)*** 

High enrichment (H) 3, 9, 15 35.28 4.46 

Medium enrichment(M) 1, 7, 11 13.12 0.58 

Low enrichment (L) 8, 12, 14 5.52 0.19 

Control 1 - just grab surficial 
sediment  (C1) 

4, 5, 6 4.40 0.15 

Control 2 -nothing added (C2) 2, 10, 13 n/a n/a 

***based on a deduced feed carbon content of 46.44 (% dry wt.) and an average surficial 
sediment carbon content of 4.40 ± 0.12 (% dry wt.) obtained via CHN analysis.  

 

Organic matter and carbon analysis was conducted on the 0-1 cm and 1-2 cm depth slices of 

the cores at the start of the incubation period (T=start) and at the end of the incubation 

period (T=end). For the control cores (C1 and C2), the T=start average carbon content of 0-1 

cm and 1-2 cm sediment slices was found using three reference cores sampled and frozen on 

the 25th August 2015.  This revealed that the 0-1 cm depth sediment beneath the fish farm 

cages at the time of sampling contained a background level of 19.4 ± 0.0 (% dry wt.) organic 

matter and 5.2 ± 2.9 (% dry wt.) organic carbon. The 1-2 cm depth sediment contained a 

slightly higher background level of organic matter 19.84 ± 0.0 (% dry wt.) and 5.7 ± 0.1 (% dry 

wt.) organic carbon (‘± %’ values represent standard error).   

The H, M and L enrichment treatments added to the core replicates (either 10 g, 1 g or 0.1 g 

fish feed added to 10 g grab surficial sediment) added approximately 1 cm depth to the 
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sediment core surface. Therefore the carbon content of the 0-1 cm slice in the enriched 

treatment cores at T=start was assumed to be the same as the carbon content of the 

enrichment treatment added, detailed in Table 3.3.4 as 69.2, 36.4 and 19.2 (% dry wt.) 

organic matter and 35.3, 13.1 and 5.5 (% dry wt.) organic carbon for the H, M and L cores, 

respectively. Due to the addition of the enrichment treatment material, the carbon content 

of the T=start 1-2 cm sediment slice in the replicate cores was assumed to be the same as 

the 0-1 cm sediment slice of the reference cores. 

An overall reduction in OM content (% dry wt.) was measured over incubation period in the 

0-1 cm sediment slice of all enriched treatment replicates (Table 3.3.4). All the following ‘± 

%’ data are standard deviation values. At 93 days after the enrichment treatment was added 

there was an average % reduction in OM content in the L cores of 1.1 ± 10.9 %. In the M 

cores, an OM content reduction of 52.2 ± 0.7 %, and in the H cores, measuring the greatest 

reduction in OM content of 71.5 ± 5.5 %. The OM content in the control cores also 

decreased over the course of the experiment, but to a lesser extent, with relatively small 

decreases in C1 and C2 of 0.6 and 3.0 % dry wt., a 3.5 % and 15 % reduction. The OM content 

(% dry wt.) at the end of the incubation period in the L cores (16.2 ± 0.72) was almost the 

same as the T=end levels measured in the C1 and C2 control cores. Contrastingly, the OM 

content (% dry wt.)  in the M and H cores remained elevated at the end of the 93 days 

incubation, 6.1 % and 20.7 % higher than that measured in the C2 control core. The residual 

OM in the top 0-1cm slice of the treated cores was not significantly higher than that 

measured in both the control cores. The changes in OM content (% dry wt.) for each 

enriched treatment and control replicate are shown in Figure 3.3.1.   

The OC content (% dry wt.) in 0-1 cm core slices of the enriched treatment replicates also 

decreased over the course of the experiment. A similar OC content was measured in both 

sets of control cores (C1 and C2), with no reduction in average organic carbon content 

between the start and the end of the experiment.  The L, M and H enriched treatment 

replicates started with an OC content of 5.5, 13.1 and 35.3 (% dry weight) in the 0-1 cm slice, 

respectively; this was reduced to 4.8 ± 1.0 in the L cores (12.5 % reduction) and 4.8 ± 0.5 in 

the M cores (20.4 % reduction) both returning to OC levels just less than the control cores. In 

the H cores the 0-1 cm slice showed a 76.4 % reduction in OC content from T=start to T=end. 
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Nevertheless, OC content remained significantly elevated (p <0.05) at T=end in the H cores 

when compared to control cores C1 and C2, having a residual OC content ~59-93 % higher 

than control cores at 8.3 ± 2.9 % OC. 

The OM content of the 1-2cm layer (Table 3.3.5) changed similarly between all enrichment 

treatment groups, with a 10-15 % reduction in OM (% dry wt.), similar to that measured in 

the control cores. However, the average residual OM remaining in the 1-2 cm layer of the H 

and M cores was significantly higher (p <0.05) that that remaining in the control cores (C1 

and C2) at the end of the experiment by ~ 9.8-13.8 %. The change in OC content in the 1-2 

cm core slices between T=start and T=end were dissimilar to that measured in the 0-1 cm 

slice. The control group, C1 and C2, values at T=end, 5.7 ± 0.1 and 4.0 ± 3.1 % OC (dry wt.) 

were comparable to levels measured in enriched treatment replicates (L and M), which both 

returned to background levels. Although, the OC content (% dry wt.) at T=end in 1-2 cm layer 

of the H enrichment treatment cores was significantly higher (p <0.05) than that measured in 

the 1-2 cm layer of the C1 and C2 control cores by ~92.5 % and ~35 %, respectively. 
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Table 3.3.4 Summary T=start and T=end TOC and OM content for 0-1 cm core slice. 
Significantly elevated OM and OC content (p <0.05) when compared to both controls (C1 and C2)  
are highlighted in grey. 

Core group 
(3 x replicates per 
group) 

OM content 
(% dry wt.) 
at T=start 

Av.OM content 
(% dry wt.) at 

T= end 

OC % content 
(% dry wt.) at 

T=start 

Av. OC% 
content (% dry 
wt.) at T= end 

L  19.2 16.2 ± 0.7*** 5.5 4.8 ± 1.0 
M  36.4 17.4 ± 0.7 13.1 4.8 ± 0.5*** 
H  69.2 19.8 ± 5.5 35.3 8.3 ± 2.9 
C1  17.4 ** 16.8 ± 2.1*** 4.4** 4.3 ± 2.8*** 
C2  19.4 ± 0.0* 16.4 ± 1.2 5.2 ± 1.3 * 5.2 ± 0.1 

*average of three reference cores 
**single measure from the homogenous grab surficial sediment added to C1 cores  
*** erroneous data which recorded an increase in OM or OC content excluded  
NOTE: All ‘±’ values are standard deviation  

 

Table 3.3.5 Summary T=start and T=end OC and OM content for 1-2 cm core slice. 

Significantly elevated OM and OC content (p <0.05) when compared to both controls (C1 and C2) 
are highlighted in grey. 

Core group 
(3 x replicates 
per group) 

OM content (% 
dry wt.) at 

T=start 

Av.OM content 
(% dry wt.) at 

T= end 

OC % content 
(% dry wt.) at 

T=start 

Av. OC% 
content (% dry 
wt.) at T= end 

L  19.4 ± 0.0* 16.5 ± 2.0 5.2 ± 2.9 * 5.0 ± 0.3*** 
M  19.4 ± 0.0* 17.3 ± 1.2 5.2 ± 2.9 * 5.4 ± 1.3 
H  19.4 ± 0.0* 16.7 ± 0.2 5.2 ± 2.9 * 7.7 ± 2.3*** 
C1  19.4 ± 0.0* 15.2 ± 0.3 5.2 ± 2.9 * 4.0 ± 3.1 
C2  19.8 ± 0.0* 16.2 ± 1.0 5.3 ± 1.6 * 5.7 ± 0.1 

*average of three reference cores 
*** erroneous replicates which recorded an increase of OM or OC content not included 
NOTE: All ‘±’ values are standard deviation  
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Figure 3.3.1 Core Organic Matter (OM) and Total Organic Carbon (TOC) content before 

and after treatment. 

One of the Control 2 (C2) replicates was dropped during an attempt to slice the core at the 

end of the experiment and therefore could not be included in the OM and TOC analysis visualised in 

this figure.  

 

3.3.2 Relationships between enrichment level, hydrogen sulphide concentration and net 

production 

The following is a description of terms to be used in this section for clarification. The 

hydrogen sulphide sediment profiles were measured as a micromolar concentration of 

sediment porewater hydrogen sulphide (µM), this measure will now be referred to as 

“[H2S]”. From the [H2S] profiles, micromole amounts of sediment porewater hydrogen 

sulphide were calculated by integrating the profile curves, this measure will be referred to as 

“H2S µmol”. The [H2S] sediment profiles were also used in combination with the pH profiles 

to quantify the dissociation of porewater sulphide in the cores over time, Total Free 

Sulphides (TFS) is a measure of the summed amount of H2S, HS- and S2- ions in solution and 

will be referred to as “TFS µmol”.  When referring to the individual micromole amounts of 

either ion, “HS- µmol” or “S2- µmol” will be used and ‘[]’ will indicate concentration. 
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The [H2S] sediment profiles in all cores showed minimal values prior to the addition of 

enrichment treatments (Figure 3.3.4, Figure 3.3.5,  Appendix 3.6.1). The control sediment 

cores (C1 =just grab surficial sediment added, C2=nothing added) both maintained similarly 

low [H2S] at all measurement events for the duration of the experiment (Tx).  C1 cores 

showed a slight increase in [H2S] at depths below 1 cm during the earlier measurement 

events (T1-T4), after which there was an absence of [H2S] peaks >200 µM in both sets of 

control cores.  

A number of [H2S] profile curve shapes were common within the different treatments. The 

‘typical’ [H2S] curve was more common in the M and H treatment cores (Figure 3.3.2). The M 

treatment cores presented a number of ‘narrow curves’ whereas the H treatment profiles 

curves were generally ‘wide’ with increased [H2S] over a larger depth range (Figure 3.3.2). At 

Tx where the highest [H2S] measurements were taken in Core 15, relatively ‘steep curves’ 

were measured with continually increasing [H2S] with depth, unlike the ‘typical curve’ where 

[H2S] increases and then decreases with depth in response to enrichment with a clear zone 

of net hydrogen sulphide production within the profile. Curves similar to that of the ‘steep 

curve’ but with far lower [H2S] values (<130 µM) were almost exclusively observed in the L 

treatment cores. A ‘small peak’ in [H2S] was also identified just below the sediment surface 

in a few of the M and L treatment cores within 96 hours of the treatments being added and 

just before the [H2S] increased deeper within the core at subsequent observation time-

points (Figure 3.3.3). 
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Figure 3.3.2 Profile shapes. 

Examples of common [H2S] profile shapes. From left to right these will be referred to as: typical 
curve; narrow curve; wide curve; steep curve; and smooth curve. Note the difference in scale along 
the x axis. 

 

 

Figure 3.3.3 Profile shape feature ‘small peak’. 

The [H2S] profiles that presented a similar small peak in [H2S] just beneath the sediment surface. 
Note the difference in scale along the x axis.  

 

The [H2S] core profiles were highly varied between the low (L) (Appendix 3.6.1), medium (M) 

and high enrichment (H) treatments (Figure 3.3.4 and Figure 3.3.5), however there was very 
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little difference between the [H2S] profiles of the low enriched (L) cores (Appendix 3.6.1) and 

the control cores (C1 and C2).  Two M core replicates, Core 7 and Core 11, reached a 

maximum [H2S] within 11 days (T4) of adding the treatments; 356 µM and 2105 µM 

respectively.  The maximum [H2S] peaks of the M core profiles were shallower than those of 

the H cores, with Core 7 peaks at <0.9 cm and Core 11 peaks at <1.46 cm. The maximum H 

[H2S] peaks were often at 2 cm depth within the profile and extended beyond the measured 

profile range. The M cores elevated [H2S] levels spanned a smaller profile length (over 0.66-

0.9 cm) than those of the H cores which were often over the entire at 0-2 cm sediment 

profile range. The [H2S] in the two M cores rapidly returned to <100 µM by day 15 (T5) with 

the remaining replicate showing low [H2S] throughout the experiment of <100 µmol. Of the 

highly enriched cores (H), Core 3 reached a maximum [H2S] of 998 µM at 0.4 cm depth by 

day 2 (T1), with Cores 9 and 15 reaching greater maximums over a longer period of time, 

4299 µM on day 19 (T6) at 0.5 cm depth and 10,259 µM on day 46 (T13) at 1.5 cm depth, 

respectively.  Core 15 sustained high [H2S] in the region of 2500-6000 µM for nearly six 

weeks (T3 to T14) around the maximum peaks, excluding day 15 (T5), before declining to 

values <1095 µM at day 74 (T16).  

The depth of maximum [H2S] remained at 2 cm for the majority of time points in the L core 

replicates, with the maximum [H2S] remaining relatively low in all L replicates (0-130 µM) 

(Appendix 3.6.1). The M core replicates Core 7 and Core 11 tended to have a higher [H2S] 

maxima in the earlier stages of the experiment at shallower depths, which returned to lesser 

maxima at 2 cm depth, three weeks after adding the treatments. Interestingly, the H 

replicate Core 15 showed the opposite to the M cores, with the higher [H2S] maxima at the 

start of the experiment being measured deeper within the profile, and a reduced [H2S] 

maxima appearing at shallower depths towards the end of the experiment. 
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Figure 3.3.4  Hydrogen sulphide concentration profiles measured in ‘H’ cores treated with an homogenised mixture of 10 g fish feed plus 10 g of grab surficial sediment. 

The homogenised treatment mixture was added just after the Day 0 measurement, so Day 0 is before the treatment was added and Day 2 is after the treatment was added.  
A = [H2S] profiles for one ‘H’ core replicate (Core 3).  B = [H2S] profile for one ‘H’ core replicate (Core 9). C = [H2S] profile for one ‘H’ core replicate (Core 15).  Note the difference in 
scale along the x axis. Day number represents the no. of days since the treatment was added, to cross-reference with observational time-point Tx see Table 3.2.4. 

H2S µM H2S µM H2S µM 

A B C    
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Figure 3.3.5  Hydrogen sulphide concentration profiles measured in ‘M’ cores treated with a homogenised mixture of 1 g fish feed plus 10 g of grab surficial sediment. 

The homogenised treatment mixture was added just after the Day 0 measurement, so Day 0 is before the treatment was added and Day 2 is after the treatment was added.  
A = [H2S] profiles for one ‘M’ core replicate (Core 1).  B = [H2S] profile for one ‘M’ core replicate (Core 7). C = [H2S] profile for one ‘M’ core replicate (Core 11).  Note the difference 
in scale along the X axis. Day number represents the no. of days since the treatment was added, to cross-reference with observational time-point Tx see Table 3.2.4. 

H2S µM H2S µM H2S µM 

A    B C 
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Four general trends occurred between the treatments, indicating that increasing enrichment 

treatment resulted in: higher maximum [H2S] peaks, elevated [H2S] being measured over a 

longer period, peaks in [H2S] spanning an increased profile range, and elevated [H2S] being 

measured shallower within the profile (Figure 3.3.5, Figure 3.3.6). However, it is important 

to note the high level of variation within the core replicates of the same treatment group 

when considering general trends between sulphide and experimental treatments. 

To quantify the variance in [H2S] observed within and between treatments, the net amount 

of H2S (µmol) measured in each core over the duration of the experiment was calculated 

(Figure 3.3.7) by integrating each [H2S] profile (Section 3.2.11.1). Integration of the [H2S] 

profiles described the ‘net production’ of hydrogen sulphide in each core for the time period 

between observation points (Figure 3.3.6). The amount of H2S measured in each core is a net 

value, as loss of hydrogen sulphide by abiotic (through contact with oxygen) or microbially-

mediated oxidation (by Beggiatoa sp.) was not accounted for.  The resulting mean sample 

variance in net production of hydrogen sulphide for the entire duration of the experiment 

(Figure 3.3.7) increased exponentially from the L cores to the M cores (Table 3.3.6). Variation 

in net production of hydrogen sulphide within each treatment group was also extremely high 

(Table 3.3.6) and increased as more fish feed was added to the cores. The within group 

variation can be quantified using % standard deviation from the mean: 36.62 % for the L core 

replicates, 115.51 % for the M core replicates, and 117.61 % for the H core replicates. The % 

standard error was calculated as 21.13 % for the L treatment cores, 66.76 % for M treatment 

cores and 67.91 % for H treatment cores, indicating that the statistical accuracy of using the 

sample means as estimates for larger scale systems is relatively low, and this accuracy 

decreases as the amount of added fish feed increases. The least amount of replicate 

variation occurred in the control core (C2) where nothing was added (St. D.% = 27.66 and St. 

E. % = 15.60), meaning that high levels of variation were likely due to the addition of organic 

material. Heterogeneity in net hydrogen sulphide production over the course of the 

experiment appears to be a function of the amount of fish feed added, possible explanations 

for this are discussed further in section 3.4 and are likely linked to the influence of 

differential microbial and macrofaunal communities on organic matter decomposition.  

The variation described in the previous paragraph, along with a relatively small sample size 

of three, meant that the [H2S] data-set could only be visually assessed for normal 
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distribution as there is a high risk of type II error. In other words, normality tests of small 

sample sizes such as these have little power to reject the null hypothesis, and have a high 

risk of falsely concluding that the sample represents a normally distributed population 

(Ghasemi & Zahediasl 2012). Therefore, parametric statistical testing was only conducted 

where appropriate data transformations could be made, producing a dataset that would 

typically follow a normal distribution. 

Table 3.3.6 Descriptive statistics of the sum amount of hydrogen sulphide (µmol) 

measured in each core across Tx (-1 cm to 2 cm depth)  

The sum amount of hydrogen sulphide measured in each core represents the net 

production of hydrogen sulphide during the experiment. There are three core replicates 

per treatment group and 15 cores in total.  
 

Descriptive 
Statistic of H2S 
µmol 

Core Treatment Group 

L M H C1 C2 
Mean 8.66 44.00 868.70 16.20 8.60 

Standard Error 1.82 29.36 589.88 4.55 1.36 

Standard Error % 21.13 66.76 67.91 28.20 15.60 

Standard Deviation 3.15 50.85 1021.70 7.88 2.36 

Standard Deviation % 36.62 115.51 117.61 48.64 27.43 

Sample Variance 9.92 2585.28 104 3867.11 62.11 5.56 

Range 6.01 92.18 1926.33 15.71 4.49 

Minimum 6.20 10.31 102.32 7.99 5.94 

Maximum 12.21 102.49 2028.65 23.70 10.43 

Count 3 3 3 3 3 
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In most of the cores, the net production of H2S µmol calculated at each observation point (T) 

showed a similar pattern with time (Figure 3.3.6), with a very early peak followed by a rapid 

return to relatively low values. Peaks in H2S µmol in the L and M enriched cores occurred 

within two weeks of adding the enrichment treatments. The maximum H2S µmol peak in 

each L replicate (Core 8, 12, and 14) over the course of the experiment was 1.34 on day 0, 

2.24 on day 1 and 0.92 on day 9, respectfully. The M replicates (Core 1, 7 and 11) showed 

H2S µmol peaks of 1.25 on day 1, 4.82 on day 11 and 48.59 on day 11, respectfully. In the H 

cores, two replicates, Core 3 and 9, also followed this pattern of a relatively rapid increase 

and then decrease in H2S µmol, with peaks of 47.07 on day 4 and 133.97 on day 11. 

 

Figure 3.3.6  Net hydrogen sulphide production in the surficial sediment layer (-1 cm to 2 cm) of each 

core at each observation time-point (Tx) 

Each open circle represents the net hydrogen sulphide production (µmol) measured in each core (-1 cm depth 
in the water column to 2 cm depth in the sediment surface) at a single observation time-point (T). These 
values were calculated by integrating each [H2S] profile to an H2S µmol amount at each T and scaling this 
value to the equivalent core volume of the profile length (profile length = from the water column 1 cm above 
the sediment surface, to a sediment depth of 2 cm). Only the treated cores are shown. L = low enrichment 
treatment, M = medium enrichment treatment, H = high enrichment treatment. Note differences in y-axis 
scales between but not within treatments. 
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However, one H replicate (Core 15) showed three peak measurements of H2S µmol in the 

surficial core slice of 112.20 on day 11, 212.50 on day 29 and 357.19 on day 46.  

 

Figure 3.3.7 Net hydrogen sulphide production in the surficial sediment layer (-1 cm to 2 cm) 

of each core over the experiment duration. 

Each bar represents the net amount of hydrogen sulphide (µmol) produced in one core over the 93 
day observation period, showing the relative hydrogen sulphide (µmol) measured in each treatment 
group (L, M and H shown in shades of grey) and control group (C1 and C2 shown as white with hash 
marks) replicate. To calculate the net hydrogen sulphide (µmol) across Tx in each core, the [H2S] 
profile from each observation point was converted to a micromole amount, scaled to the equivalent 
core volume measured over the profile length (from the water column 1 cm above the sediment 
surface to a sediment depth of 2 cm). Descriptive statistics for this data are shown in Table 3.3.6. 
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There was an overall increase in the net H2S µmol measured across all Tx with increasing 

enrichment level (Figure 3.3.8). The greatest net H2S µmol produced across all Tx was 

measured in two of the H replicates, Core 15 and Core 9 (Figure 3.3.7), 2028.65 and 475.12 

respectively. The third H replicate and one M replicate measured similar values of H2S µmol 

measured across all Tx of ~102 and the remaining two M replicates shared similar values 

with those of the L treatment cores of <20.  The mean H2S µmol measured in each of the L, 

M and H core replicates per gram of carbon added over the course of the experiment was 

8.66 (± 29.71 St. D.%), 44.00 (± 94.35 St. D.%) and 868.70 (± 96.03 St. D.%), respectively. 

There was little difference between the net amount of H2S µmol measured during the 

experiment in the L core replicates and the control replicates, ranging from 6.20-12.21 in the 

L cores, 7.99-23.70 in the control cores where just surficial grab sediment was added (C1) 

and 5.94-10.43 in the control cores where nothing was added (C2).  

After consultation with Dr. Bruce McAdam (University of Stirling), an ecologist with an 

interest in bioinformatics and numerical methods for analysing unusual data sources, it was 

deemed appropriate to conduct a log10 transformation of the net hydrogen sulphide 

production data before any parametric statistical tests were completed (Figure 3.3.8). There 

were two reasons for choosing this form of transformation to reveal a typically normal 

sample distribution: 

1. Fish feed was added to the cores in log scale (L = 0.1g, M = 1g and H= 10g), likely 

contributing to the log scale response in mean net production of hydrogen sulphide 

observed from the L to H treatment group.  

2. The variation in net hydrogen sulphide produced within the M and H replicates 

followed a log-scale pattern (Figure 3.3.7), indicative of bacterial population growth. 

It is likely that the exponential growth of sulphate reducing bacteria responsible for 

the production of hydrogen sulphide in organically enriched sediments (Jorgensen 

1977) contributed to the variation between replicates of the same treatment. The 

initial bacterial population size in the cores would be approximately the log10 of the 

final population size. 
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One-way ANOVA  (F = 10.08, p < 0.01) followed by a Tukey HSD post-hoc test on the log 

transformed net hydrogen sulphide production data (Figure 3.3.8) showed a statistically 

significant difference between the mean net hydrogen sulphide (µmol) production of 

treatment group H and all other treatment groups and controls over the ~3 month course of 

the experiment. The mean net H2S production in the H cores was 55.64 µmol greater than 

that of the L treatment group (p < 0.01), 16.94 µmol greater than the M treatment group    

Figure 3.3.8 Boxplot representing the log scale transformation of net hydrogen sulphide 

production measured in the surficial sediment layer (-1 cm to 2 cm) of each treatment group 

during the experiment. 

Each box represents the log scale of the net hydrogen sulphide (µmol) produced in each treatment 
group over the 93 day observation period. Each treatment group (L, M and H shown in shades of 
grey) and control group (C1 and C2 shown in white) is comprised of three replicates. Descriptive 
statistics for this data are shown in Table 3.3.6.  
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(p < 0.05), 31.34 µmol greater than the C1 control group (p < 0.01) and 55.27 µmol greater 

than the C2 control group (p < 0.01) at a confidence interval of  ±11.61 µmol. 

The rate of change in net H2S production from one observation point (Tx) to the next was 

then considered. The amount of H2S µmol measured at each Tx represented the competition 

between processes which control hydrogen sulphide production and loss. An increase in H2S 

µmol from one Tx to the next can be considered a net production of H2S µmol, alternatively 

a decrease can be considered as a net loss. For most of the L, M and H core replicates, the 

major fluctuations in the rate of net production or net loss of H2S µmol occurred within the 

first three weeks of adding the treatments with net production in H2S µmol ceasing after day 

11.  This was similar to the control cores, however, oscillations in the net production or loss 

of H2S µmol in one of the H core replicates (Core 15) occurred over a much longer period 

(day 2-53) (Figure 3.3.9) with net production still occurring on day, 19, 25 and 46. The biotic 

and abiotic influences present in Core 15 which may have led to increased sulphate 

reduction activity are discussed in more detail in section 3.4 in the context of other 

observations, such as Beggiatoa sp. growth and sulphur speciation, that were also unique to 

this particular core replicate. 

The maximum net loss or production of H2S µmol per day as a percentage of the sum total 

amount of H2S µmol measured in each core was similar between core treatments as follows: 

L cores replicate max. net production ranged from 5-18 %, and max. net loss from 3-7 %; M 

core replicate max. net production ranged from 8-21%, and max. net loss from 1-10%; and H 

cores max. net production ranged from 2-12%, with a max. net loss ranging from 3-13 %. The 

maximum net production of H2S µmol d-1 in each treatment group were as follows: up to 30 

µmol d-1 for the H cores, up to 20 µmol d-1 in the M cores, and up to 1 µmol d-1 in the L cores. 
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Figure 3.3.9 Rate of change (r∆) in the amount of H2S (µmol d-1) measured in each core at each observation point (Tx). 

L = 0.1 g treatment core replicates, M = 1 g treatment replicates, H = 10 g treatment replicates. Each bar represents the rate of H2S µmol change per day between 
each observation point (Tx). This was used as a proxy for the net production or loss of H2S µmol from Tx-1 to Tx.  Note: the Day 0 bar represents the total H2S µmol 
measured in the core per day since the treatments were added. Note the difference in y-axis scale between the different treatments. There were 20 observation 
days at uneven intervals over the course of the 93 day core incubation, note the resulting discontinuous x-axis values. 
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Figure 3.3.10  TFS µmol, HS- µmol and H2S µmol in each core at each measurement event (Tx). 

TFS was calculated using pK1 of 6.99 and pK2 of 17.4 these are the most up to date values for H2S from Migdisov et al. (2002). TFS µmol and HS- µmol was 
calculated using each individual [H2S] point and pH profile point, scaled to the core volume between the profile points. Due to some errors in the pH microsensor 
data, TFS µmol and HS- µmol could not be calculated for the following cores and time points:  Core 9 (T8); Core 11 and 12 (T18 and T19); Core 14 and 15 (T2, T15, 
T18 and T19), hence the gaps in the figure. 
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3.3.3 Total Free Sulphides (TFS), sulphide speciation and pH 

The sediment pH concentration profiles were used to calculate the amount of Total Free 

Sulphide (TFS = H2S +HS-+S2-) in each 0.082L core at each observation time point day (Tx) 

(Figure 3.3.10). The TFS measured in all L and M core replicates was predominantly (>50%) 

composed of bisulphide ion species. L core replicates measured consistently low amounts of 

TFS throughout the experiment of <8 µmol, similar to one of the M core replicates, Core 1.  A 

single peak in TFS of ~30 and ~300 µmol within two weeks of adding the enrichment 

treatments was followed by low levels for the remaining duration of the experiment in M 

cores 7 and 11, respectively. This single early peak was also observed in H cores 3 and 9, with 

slightly higher TFS peaks of ~350 µmol in Core 9. The pattern in the amount of TFS measured 

in Core 15 from one day to the next was noticeably different to that observed in all other 

cores, with three peaks occurring during an overall increase in TFS between day 0 and day 50 

to ~700 µmol. Some later TFS calculations were not possible due to faulty pH measurements 

being taken, however, in Core 15 TFS amounts had fallen to <100 µmol by day 80 similar to 

that observed in all other cores.  

Unlike the L and M core replicates, hydrogen sulphide was the predominate portion of TFS at 

a number of observation time points in the H core replicates Core 9 and Core 15. In Core 15, 

during a time when the overall hydrogen sulphide concentration in the core was increasing, 

hydrogen sulphide was the majority mole fraction of TFS (74-96 %) at ten observation points 

from ~ day 10 to 45 of the incubation period. The minimum pH levels measured in the 

sediment profiles during this timeframe were particularly low, ranging between 5.5-6.7.  

The average maximum pH measured in all treated and control cores was relatively similar 

and stable for the duration of the experiment at ~8.13 to 8.21. The minimum pH measured 

in the treated cores decreased almost concomitantly with an overall increase in net 

hydrogen sulphide production at each observation time point. This effect was most 

pronounced in the H core replicates (Figure 3.3.11) where on average the lowest min. pH 

values of 5.30 ± 0.33 (Table 3.3.7) and the greatest net hydrogen sulphide production of up 

to ~350 µmol were observed within one to two time-points of each other.  
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Figure 3.3.11 TFS (H2S + HS- + S2-) µmol with min. and max. pH values measured in the core profile volume of 0.082L in H replicate cores. 

TFS was calculated using pK1 of 6.99 and pK2 of 17.4, these are the most up to date values for H2S from Migdisov et al. (2002). Each bar represents the amount of TFS µmol 
calculated in each core at a single observation point, scaled to the equivalent core volume sampled (0.082L) over the vertical profile length. Due to some errors in the pH 
microsensor data, TFS µmol could not be calculated for the following cores and time points:  in A, Core 9 (T8); in C, Core 15 (T2, T15, T18 and T19) - hence the gaps in these 
figures. Open circles linked by a dashed line represent pH min measured in one core at one time -point, and those linked by a solid line represent pH max values. Core ID 
number is shown in the bottom right corner. Note the difference in both y-axes between A, B and C. The different shades of grey within each stacked bar indicate different 
sulphide species which are summed to form the amount of TFS in each core at each observation point, light grey indicating HS - and dark grey indicating H2S. 

 

A B C 
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Overall, the increase in carbon load from the L core replicates to the H core replicates, 

associated with average higher [H2S] concentrations, was connected to an average 

increase in pH range and a lower pH minimum (Table 3.3.7). However, whilst increased 

[H2S] can be associated with a decrease in pH, pH cannot be associated with a specific 

[H2S] range. For example, in more alkaline conditions (pH 7-8) [H2S] ranged from 0-120, 

0-2000 and 0-4000 in the L, M and H cores respectively, and in more acidic conditions 

(pH 5.8-7) [H2S] measures ranged between 0-600 and 0-6000 in the M and H cores. 

This meant that similar [H2S] was measured in both acidic and alkaline conditions, 

namely 0-600 in the M cores and 0-4000 in the H cores. One consistency in the dataset 

was that there was an absence of [H2S] measured at pH <6.5 at the lowest carbon 

loads in the L, C1 and C2 cores, and no [H2S] measured exceeded 150 µM.   

An interesting observation also shown in Figure 3.3.11 was that the H2S and HS- mole 

fraction of TFS measured in the surficial core sediment varied considerably within a 

few days for similar TFS values. For example, 570 µmol TFS measured on day 46 (T=13) 

in Core 15 was 61.9 % H2S and 38.1 % HS- at minimum pH of 6.75, whereas on day 50 

(T=14) the 665 µmol TFS observed in Core 15 was 27.1 % H2S and 72.9 % HS- at 

minimum pH of 7, meaning that twice the amount of hydrogen sulphide (toxic to 

aerobically respiring organisms) was in the surficial sediment layer on day 46 than day 

50, despite the greater amount of TFS being recorded on day 50. This is again 

demonstrated between H core replicates 9 and 15, where 232 µmol TFS measured on 

day 25 in Core 15 contained 61.0 µmol H2S, compared to Core 9 where only 100 µmol 

TFS was measured on day 11, yet this still equated to 76.2 µmol H2S in Core 9. 

Table 3.3.7 Minimum and maximum pH in sediment core groups 

NOTE: ‘±’ values are standard error of the mean 

pH 

Core Treatment Group 

L M H C1 C2 
 

Mean minimum pH 

 

7.00 ± 0.12 

 

6.18 ± 0.17 

 

5.30 ± 0.33 

 

7.08 ± 0.07 

 

7.02 ± 0.13 

Mean maximum pH 8.18 ± 0.03 8.13 ± 0.01 8.13 ± 0.01 8.21 ± 0.08 8.13 ± 0.01 

Mean max. to mean min. 
pH range 

1.18 1.95 2.83 1.17 1.11 
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Previous studies which have contributed to the classification of enriched sediments have 

typically used TFS rather than hydrogen sulphide concentration when finding 

biogeochemical associations with other inter-related parameters (Brooks 2001; Wildish et al. 

2001; Brooks et al. 2003; Macleod & Forbes 2004; Hargrave et al. 2008; Keeley et al. 2013a; 

Keeley & Taylor 2015). Therefore, it was more appropriate to develop the Ecological 

Relevance Value (ERV) using TFS concentration rather than hydrogen sulphide 

concentration, despite the aforementioned observation regarding TFS mole fractionation, 

which will be discussed further in section 3.4. The TFS concentration microprofiles were used 

to assess the likely level of impact the enriched surficial sediment environment (0-2 cm 

depth) of each core would have had on the immediate benthic macrofaunal community 

during the experiment, and categorise the likely impact from low to severe/persistent anoxia 

in line with previous studies. This approach produced a single ERV for each core on each day, 

a more quantitative approach to measuring sediment biogeochemistry for environmental 

monitoring purposes when compared to current methods (discussed in Chapter 2), by taking 

into account the precise sediment volume in which high TFS concentrations are measured. 

Using the ERVs, it was also possible to statistically test whether the resulting enrichment 

environment over the course of the experiment in each core were significantly different 

from one another. A full description of the ERV is detailed in section 3.2.11.6.  
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Figure 3.3.12 Ecological Relevance Value (ERV) based on Total Free Sulphide µM (TFS = H2S + 

HS- + S2-)  

A full description of the ERV metric can be found in section 3.2.11.6. Each point represents the 
average ERV (0-13) of one core at each observation time point over the course of the experiment (T=0 
to T= 19), based on the TFS concentration profile. Standard deviation (SD) of each ERV is not shown 
and as high variation in ERV across each sediment profile is expected and not relevant to the 
interpretation of this value. Alternatively, the SD of the ERV on each day over the course of the 
experiment is reported in the text. The top left hand corner legend shows the core number and 
treatment group of the data shown, H replicates are shown in black and the M replicate is shown in 
grey. The background has been shaded to highlight the key enrichment classifications of ‘no impact’ 
to ‘very severe impact’ reported by Brooks (2001), Brooks et al. (2003), Hargrave et al. (2008), Keeley 
et al. (2013a), Keeley and Taylor (2015) and Wildish et al. (2001) which align with the TFS 
concentrations observed. All other cores had an average ERV of <1 throughout the experiment and 
are not shown. Due to some errors in the pH microsensor data, TFS µM could not be calculated for 
the following cores and time points:  Core 9 (25); Core 11 (day 86 and 95); Core 14 and 15 (day 4, 55, 
86 and 95), hence the gaps in the figure.  

 

Despite being treated with the same enrichment pulse containing 8.75 g of organic 

carbon, each H replicate obtained a maximum ERV in a different enrichment classification 
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category over the course of the experiment, with peak ERVs also occurring at different 

time points (Figure 3.3.12). A one-way ANOVA followed by a post-hoc Tukey HSD test was 

conducted to test for significant between the ERVs of H core replicates Core 3 (M. = 0.3, 

St. D. = 0.9), Core 9 (M. = 1.0, St. D. = 2.2) and Core 15 (M. = 4.0, St. D.  = 3.2). The ERVs of 

Core 15 significantly differed from both Core 3 (F = 3.71, p = <0.01) and Core 9 (F = 3.01, 

p<0.01), but the ERVs calculated for Core 3 and Core 9 were not significantly different. 

Core 3 achieved a single peak ERV of 3.4 on day 4 indicating low to moderate impact and 

Core 9 achieved a single peak of 6.4 on day 15 indicating severe impact. Core 15, however, 

achieved three peak ERVs of 3.3 on day 11, indicating low to moderate impact; 8.4 on day 

29, indicating severe impact; and 10.0 on day 50, indicating very severe impact. M 

replicate, Core 11 achieved two peak ERVs of 1.4 on day 4 indicating low impact, and 4.7 

on day 11 indicating moderate to severe impact. A two-tailed t-test showed that the ERVs 

calculated for Core 11 (M. = 0.4, St. D. = 1.0) were only significantly different from Core 15      

(t[4.75], p = <0.01), and not the other H core replicates. All other cores had an average 

ERV of <1 throughout the experiment suggesting there would likely have been no impact 

on the immediate benthic macrofaunal community as a result of the TFS concentrations 

measured. 

 

3.3.4 Relationships between enrichment treatment and oxygen flux  

Significant noise in the oxygen profile was observed above and below the sediment surface.  

Disturbance below the sediment surface is likely due to burrowing fauna while disturbance 

above the surface is likely due to the stratification of water layers caused by poor mixing. 

As previously described the diffusive boundary layer, required for oxygen flux calculations, 

must be found manually by identifying specific gradient changes in the oxygen concentration 

profile. This process can be subjective, so to test the accuracy of the oxygen flux calculations 

in this study, five oxygen concentration profiles were given to two other scientists (A and B) 

experienced in oxygen microprofile analysis, and the resulting dissolved oxygen uptake 

(DOU) calculations compared. A’s DOU calculations were consistently less than that of B, on 

average -24.1 ± 3.9 %. The results in this study were on average 31.9 ± 27.5 % more than 
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that of B. This was a larger amount of variation than expected and will be taken into account 

when making conclusions the oxygen flux between treatments. 

Patterns in oxygen flux, or dissolved oxygen uptake (DOU µmolL-1 m-2 d-1 ) over time were 

highly variable in and between group replicates (Figure 3.3.13). Oxygen flux over time in the 

L cores was the lowest, with maximum flux not reaching much higher than 25,000 µmolL-1 m-

2 d-1. Peaks in oxygen flux in the M and H cores were similar reaching 45,000 µmolL-1 m-2 d-1, 

however, flux peaks were more frequent in the H cores. A number of cores experienced a 

peak in O2 flux within the first half of the incubation period, with reduced fluxes after day 40. 

The O2 flux was highly variable from one day to the next except in Core 9 where flux 

increased gradually to a peak at day 25 before gradually declining back to minimal levels. 

Control cores typically measured DOUs of  ~10,000 µmolL-1 m-2 d-1 for the duration of the 

experiment (Figure 3.3.14), although an immediate increase (to 30,000 µmolL-1 m-2 d-1 ) in 

DOU was measured in ‘C1’ Core 4 soon after the addition of the grab surficial sediment. No 

clear initial increased fluxes were measured in ‘C2’ control cores where nothing was added. 

The sediment-water interface (SWI) depth was corrected in cores where the diffusive 

boundary layer could be found and changes in the oxygen penetration depth under different 

enrichment conditions was assessed.  Oxygen penetration depth ranged between 0 cm to 

1.5 cm across all cores, with 0 % oxygen typically being measured between 0 cm and 0.5 cm 

in the surficial sediment layer. Shallower oxygen penetration depth was evident in M and H 

core replicates when compared to L core replicates between day 10 and day 30  (Figure 

3.3.15). Over the course of the experiment, average oxygen penetration depth in the L cores 

(0.46 cm ± 0.26) was significantly deeper (F = 11.02, p = <0.01) than that of the M cores (0.29 

cm ± 0.17), and the H cores (0.29 cm ± 0.21). 
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Figure 3.3.13 Oxygen flux (i.e.  diffusive oxygen uptake [DOU ]  µmolL-1 m-2 d-1) in treated cores. Each DOU point has been calculated using the oxygen profile from a single core at a single time 
point. There were 20 time points unevenly spaced over the 92 day experimental period. Missing values in the figure equate to instances where the diffusive boundary layer could not be identified in 
the oxygen concentration profiles. This was because of signal noise in the region above the sediment surface. This could either be due to genuine signal noise or the stratification of oxygen in the 
water layer just above the sediment surface. Core number is in the top right corner, treatment group is on the far right.  

L cores 

M cores 

H cores 
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Figure 3.3.14 Oxygen flux (also known as the diffusive oxygen uptake [DOU]) in control cores. 

See notes in Figure 3.3.13. 
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Figure 3.3.15 Oxygen penetration depth in each enriched treatment core.  
Y axis = the no. of days since the treatment was added. Core ID is indicated in the top right hand corner of each graph, with treatment group on the far right. The blue 
line indicates 100 % O2 saturation, the red line indicated 0 % O2 saturation. Over the course of the experiment, average oxygen penetration depth in the L cores (0.46 
cm ± 0.26) was significantly deeper (F = 11.02, p = <0.01) than that of the M cores (0.29 cm ± 0.17), and the H cores (0.29 cm ± 0.21). 
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H cores 
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3.3.5 Sulphur speciation in sediments: Chromium Reducible Sulphide (CRS) and Acid Volatile      

Sulphide (AVS) 

 

 

Figure 3.3.16 AVS and CRS (mg g-1 sediment dry wt.) correlated with the amount of carbon (g dry 

wt.) added to each core. 

The black square point on each graph represents a value from a single core taken at the time of sampling, 
this point will be used as a reference for the CRS and AVS in the cores prior to the addition of treatments. 
Please note that 5 g of carbon was not measured in the reference core (this is unknown) but it has simply 
been placed at point x = 5g. The dotted line is a visual aid to see whether the other points lie above or below 
that of the value of the reference core. Each of the light grey and dark grey points represent the values from 
a single core replicate. Each of the 4 graphs above contain data from the same set of core replicates. 
Annotations are as follows: AVS 1= AVS measured in the 0-1 cm slice, AVS 2 = AVS measured in the 1-2 cm 
slice, CRS 1= CRS measured in the 0-1 cm slice, CRS 2 = CRS measured in the 0-2 cm slice. H and M treatment 
cores and the C1 and C2 control cores (except core 13, as this was dropped) are presented in each graph.  

Time and resource was limited allowing only two core treatment groups to be analysed for 

CRS and AVS. The L cores were omitted as the net hydrogen sulphide production results 

were very similar to that of the C1 cores, and both the L and C1 cores were treated with 

similar carbon loads (0.19 g and 0.15 g). 
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Figure 3.3.17 AVS and CRS in each core compared to the reference core. 

 

 

Figure 3.3.18 Ratio of AVS to CRS in each core compared to the reference core 

 

There were no significant differences between the average AVS and CRS amounts measured 

in each of the core groups at T=end when compared to the corresponding measure in the 

reference core (Figure 3.3.16). Slightly less AVS and CRS were measured in the 1-2 cm 

sediment layer when compared to the 0-1 cm sediment layer. The total amount of AVS 

marginally increased from reference core values over the course of the experiment. The 
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combined CRS and AVS in surficial sediment increased in most cores from reference core 

values, but this is inconsistent (Figure 3.3.17). The ratio of AVS to CRS increases in all of the 

cores compared to the reference core, apart from one of the H core replicates, Core 15, 

where relatively large amounts of AVS were measured (Figure 3.3.18).  

3.3.6 Visual observations  

The most notable change in the sediment cores over the course of the experiment was the 

appearance of a filamentous white mat on the sediment surface, particularly in the H core 

replicates Core 3, 9 and 15. Worm-like macrofauna were also prevalent deeper within the 

sediment in some cores, with burrow holes appearing in the sediment surface within 21 days 

of adding the enrichment treatments. Towards the end of the experiment, empty burrows 

were clearly visible from the side of some cores.  

The white mat firstly appeared in Core 9 on day 4 (T2), covering ~10 % of the sediment 

surface area at a thickness of ~0.2 cm. This persisted until day 21 (T7) with a maximum 

thickness of ~0.5 cm covering 50 % of the sediment surface area.  A white mat was also 

evident on Core 3 from day 9 (T3) to day 25 (T8) with a maximum coverage of 80 % and a 

thickness of ~0.3cm (Figure 3.3.19), followed by the appearance of worm like macrofauna 

protruding from the sediment surface on day 21 (T7). Worms and worm tubes also appeared 

deep in the sediment and at the surface of Core 9 between day 9 (T3) and day 21 (T7), 

however, the worm tubes and burrows remained empty after day 21.  The filamentous white 

mat was most prevalent on the sediment surface of Core 15, appearing on day 11 (T4) and 

remaining until day 50 (T14), covering 100 % of the surface area at a thickness of up to ~1 cm 

from day 19 (T6) to day 36 (T11). There was little evidence of worm-like macrofauna within 

the surficial sediment of Core 15 throughout the experiment, but worms and burrows 

appeared deep within the sediment core (Figure 3.3.20). 

M core replicates Core 1 and Core 7 also had a white filamentous mat briefly on day 9 (T3) 

covering ~ 20 % of the core surface area at a thickness of ~0.2 cm. A white mat of the same 

coverage and thickness occurred on M core replicate Core 11 between day 11 (T4) and 19 

(T6). All M core replicates also contained burrows occupied by worms until day 21 (T7) 

(Figure 3.3.20). Macrofaunal burrows were less evident from the side and surface of the L 
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core replicates, and no white mat was observed over the course of the experiment. No 

change in sediment structure or colour was noted in the two sets of control cores. 

 

Figure 3.3.19 Photographs of the sediment surface of H core replicate Core 3  

A white mat was evident in Core 3 from day 9 (T3) to day 25 (T8) with a maximum coverage of 

80 % and a thickness of ~0.3 cm, followed by the appearance of worm like macrofauna 

protruding from the sediment surface on day 21 (T7). The observation time point (Tx) of each 

photograph is indicated in the bottom right corner.  
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Figure 3.3.20 Photographs of the side of sediment cores to show macrofaunal activity on 

day 11 (T4). 

Worms and worm tubes appeared at the surface Core 9 between day 9 (T3) and day 21 (T7), 

however, the worm tubes and burrows remained empty after day 21. All M core replicates 

also contained burrows occupied by worms until day 21 (T7). The white box in the bottom 

right of each picture indicates Core ID (Cx) and replicate group (L, M or H). 
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3.4 Discussion 

3.4.1 The effect of enrichment load on hydrogen sulphide concentration, diffusive 

oxygen uptake (DOU) and remineralisation processes 

This study provides a quantitative, high resolution examination of the biogeochemical 

changes which occur in sediments beneath fish farms in response to organic enrichment. 

This was achieved through the use of microelectrode profiling and the addition of 

enrichment treatments or ‘pulses’, containing varying amounts of fish feed (low = 0.1g, 

medium = 1g, and high = 10g), to sediment cores retrieved from the cage edge of a salmon 

fish farm on the West coast of Scotland. This is in contrast to previous studies which have 

been limited by low resolution techniques and the use of homogenised sediment samples 

not able to detect fine-scale biogeochemical changes (Maurer et al. 1993; Wildish et al. 

2001; Brooks 2001; Brooks et al. 2003; Brooks et al. 2004); or studies which have sampled 

sandy, shallower sediments (<1 m), with macrofauna removed post-collection (Valdemarsen 

et al. 2009), not typically representative of reducing sediments beneath Scottish salmon fish 

farms.  

All cores showed minimal hydrogen sulphide concentrations prior to the addition of 

enrichment treatments, and the two sets of untreated control cores (including one where 

just sediment was added) showed negligible changes to H2S concentration, pH, and 

comparatively low diffusive oxygen uptake (DOU) throughout. This suggests that the fish 

feed element of the enrichment treatments either directly or indirectly stimulated 

biogeochemical change in the sediment cores. This is in agreement with Valdemarsen et al. 

(2009), where similar fish feed pulses added to sandy sediment mesocosms led to a 4-5 

times increase in O2 uptake and 5-6 times increase in CO2 production.  

To put the enrichment treatments used in the present study into context, Nickell et al. 

(2003) found surficial sediment (0 to 0.5 cm) at the NE cage edge of an enriched Scottish 

farm site (with Beggiatoa sp. growth present) to have an organic carbon (OC) content of 6.06 

% dry wt., similar to that of the low (L) enrichment treatment (5.67 % OC dry wt.). 

Environments with an organic matter (OM) content of 15 to 20 % dry wt., also similar to that 

of the L enrichment treatment (19.23 % OM dry wt.), have been described as ‘highly 
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impacted’ by Keeley et al. (2014). The medium (M) and high (H) enrichment have OC and OM 

content two and five times that of the L treatment. Environmental quality definitions for 

marine aquaculture monitoring (FAO 2009) categorise sediments with organic content one 

and a half to two times that of the reference station to be sub-oxic, and greater than two 

times to be anoxic. This highlights the relevance of L, M and H treatments in representing 

enriched to highly enriched scenarios which lead to reducing sediment environments 

beneath fish farms.  

The L core replicates received a single enrichment pulse at T=0 which was the equivalent of 

67.2 g m-2 or the accumulation of 2.3 g m-2 d-1 OC deposited over 30 days.  It is important to 

note that the core incubation environment did not allow for the resuspension or erosion of 

added material which can occur in medium to high flow environments (Cromey et al. 2002a, 

2002b). Organic carbon fluxes of 2 to 5 g m-2 d-1 have been aligned with TFS concentration 

ranges of 1500 to 3000 µM in hypoxic environments (Chamberlain & Stucchi 2007; Hargrave 

et al. 2008). L core replicates exhibited marginally elevated concentrations of hydrogen 

sulphide within the first 11 days of adding the enrichment treatments, coupled with a peak 

in DOU, suggesting that the highly labile carbon present in the fish feed rapidly increased the 

oxygen demand of the sediments beyond that of the diffusive oxygen supply, resulting in the 

rapid stimulation of anaerobic metabolic pathways (Jorgensen 1977; Findlay & Watling 1997; 

Gray et al. 2002).  However, despite the relatively high levels of OM and OC in the L 

treatment typifying that of an enriched environment normally associated with anoxic 

sediments and anaerobic remineralisation processes (Jorgensen 1982; Holmer 1999), there 

was no evidence of such beyond day 11. Relatively low hydrogen sulphide concentrations 

(<130 µM), increased oxygen penetration depth (0 to 0.46 ± 0.26 cm) and deeper hydrogen 

sulphide concentration maximums (2 cm) in the L cores when compared to the M and H 

cores suggests that OM remineralisation in the 0-2 cm sediment layer was dominated by 

aerobic processes (Glud 2008; Jorgensen & Parkes 2010) for the majority of the incubation 

period.  

One of the highly enriched core replicates, Core 15, maintained higher hydrogen sulphide 

concentrations (>2500 µM) within the surficial sediment profile than any other core for 

nearly six weeks. Core 15 presented a biogeochemical response that was significantly 
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different from the low and medium enriched treatment cores in terms of net hydrogen 

sulphide production and overall enrichment classification using the Ecological Relevance 

Value (ERV). Hence, a more detailed and specific commentary about this core has been 

included in later sections, along with the wider implications of the biogeochemical variation 

demonstrated in this study within the M and H replicate groups. 

Similar to that of the L core replicates, peak hydrogen sulphide concentrations were 

measured early on in the experiment for most of the medium and highly enriched cores 

(excluding Core 15), within 11-19 days of adding the enrichment treatments. This was 

followed by a rapid return to minimal hydrogen sulphide concentrations by day 21, 

remaining low (<350 µM) at non-toxic (Keeley et al. 2015b) levels for the remainder of the 

93 day incubation period. Benthic oxygen zonation transitions from oxic to hypoxic at TFS 

~1300 µM (Wildish et al. 2001; Holmer et al. 2005), yet cores from both M and H replicate 

groups achieved hydrogen sulphide concentration peaks above and below this transitional 

value (356 to 4299 µM). The hydrogen sulphide concentration results strongly suggest that 

anaerobic remineralisation processes were rapidly stimulated in all treatment groups early 

on due to the addition of fish feed (Valdemarsen et al. 2012), an effect that is significantly 

more prominent in the highly enriched cores. The rapid return of aerobic remineralisation 

processes is likely (Glud 2008) given the low hydrogen sulphide concentrations in most M 

and H cores after day 15, and return of oxic conditions in the top ~0.5 cm sediment layer 

during the latter half of the incubation period.  

Increases in the frequency and magnitude of DOU peaks observed in M and H cores 

indicated that oxygen demand generally increased with enrichment load, but fluctuated 

greatly from day to day. The oxygen flux between enrichment groups can only be discussed 

in relative terms as the method for calculating DOU was found to be somewhat subjective, 

making quantitative inferences unreliable. It is likely that increased oxygen demand in the M 

and H cores was largely due to the re-oxidation of reduced products (such as hydrogen 

sulphide) rather than aerobic remineralisation processes which have been found to account 

for less than 25 % of oxygen consumption in coastal sediments (Jorgensen 1982; Heip et al. 

1995; Soetaert et al. 1996; Glud 2008). However, it is important to note that a large amount 

of noise was observed in some oxygen concentration profiles made it difficult to identify the 
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diffusive boundary layer (DBL) required for the DOU calculation. Other studies have also 

identified issues with the re-establishment of in situ oxygen profiles in a laboratory setting, 

especially in sediments which are very diagenetically active (Glud et al. 2003). Oxygen 

concentration profile noise may be due to irreversible disturbance caused during core 

sampling, as significant changes in temperature and pressure occur between the seabed and 

the surface that prevent factors which control aerobic activity in sediments from re-

establishing themselves (Taylor et al. 2015).  

Rapid responses of microbial communities to oxygen depletion and subsequent switching 

from aerobic to anaerobic remineralisation have been evidenced in other ex-situ mesocosm 

experiments (Aller 1994; Holmer 1999). Holmer (1999) observed the stimulation of 

increased sulphate reduction rates in surficial sediments (0-2 cm) by a factor of eight within 

6 hours of oxygen depletion in the overlying water column, followed by a return to baseline 

sulphate reduction rates within 24 hours.  In the field (based on the analysis of TFS), rapid 

chemical remediation, including a reduction in sediment sulphides, has been documented 

within three to six months of harvest at multiple farm sites in Tasmania (Ritz et al. 1989; 

Woodward et al. 1992), Washington (Brooks 1993) and British Columbia (Anderson 1992; 

Brooks et al. 2003). 

However, chemical remediation of sediments beneath fish farms on the cessation of OM 

deposition is not always within three to six months. A study by Morrisey et al. (2000) 

calculated relatively long remediation times of 3.3 to 7.5 years based on high waste 

accumulation and low carbon catabolic rates measured beneath a salmon farm in New 

Zealand. Karakassis et al. (1999) attributed slow chemical and biological remediation times 

of >23 months at a sea bass farm in Greece to significant blooms of autotrophs (benthic 

diatoms) adding to the enrichment load. This inconsistency in fish farm sediment 

biogeochemical response to OM deposition has been demonstrated in the present study by 

Core 15, where toxic concentrations of hydrogen sulphide were present in the surficial 

sediment (2500 to 10,000 µM) for nearly six weeks (day 9 to 50). Core 15 showed hydrogen 

sulphide concentrations similar to those found in anoxic and severely polluted fish farm 

sediments (Hargrave 2008), but dissimilar to those observed in all other H core replicates. In 

this study the same material was added to all replicate cores and microprofiling was 
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conducted under red light, so, the increased hydrogen sulphide concentrations in Core 15 

cannot attributed to additional enrichment load caused by photoautotroph detritus 

(Morrisey et al. 2000). Unexpectedly, this study demonstrates the importance of other 

sediment characteristics (biotic or abiotic), in addition to enrichment load, in stimulating 

aerobic and anaerobic biogeochemical processes.   

3.4.2 Diagenetic capacity and remineralisation efficiency of OM and OC in fish farm 

sediments under different enrichment conditions  

As previously discussed, aerobic and anaerobic OM remineralisation processes in the top     

0-2 cm of the sediment cores were greatly stimulated by the addition of enrichment 

treatments. Within 92 days, complete remineralisation of OM and OC occurred in the cores 

treated with the low enrichment treatment, returning OM and OC content to baseline levels 

measured in the reference cores. In the H core replicates, 71.5 % of the OM and 76.4 % of 

the OC in the 0-1 cm layer was remineralised over the course of the experiment, however, 

the average OC content (8.3 ± 2.9 % dry wt.) remained 59.6 – 93.0 % higher than baseline 

levels measured in the 0-1 cm layer of the control cores (C1 = 4.3 ± 2.8 % dry wt, C2 = 5.2 ± 

0.1 % dry wt). Similarly, the OC content in the 1-2 cm core slice of the H cores (7.7 ± 2.3 % 

dry wt.) also remained 35.1 to 92.5 % higher than that of the control cores (C1 = 4.0 ± 3.1 % 

dry wt., C2 = 5.7 ± 0.1 % dry wt.). The average OM content in the 1-2 cm core slice of both 

the H and M cores at the end of the experiment (16.7 ± 0.2 % dry wt. and 17.3 ± 1.2 % dry 

wt., respectively) remained 9.8 – 13.8 % higher than baseline levels measured in the same 

layer of the control cores (C1 = 15.2 ± 0.3 % dry wt., C2 = 16.2 ± 1.0 % dry wt.).  Hence, there 

was significant evidence of residual OM and OC remaining in the M and H core replicates 

after an incubation period of 92 days.  

Incomplete OM and OC remineralisation in marine sediments has previously been attributed 

to the relative inefficiency of anaerobic versus aerobic microbial metabolism (Middelburg & 

Levin 2009). There are some contradictions within the literature as to whether 

remineralisation under hypoxic or anoxic conditions is actually less efficient (Middelburg et 

al. 1993; Canfield 1994; Hedges & Keil 1995) or not (Cowie et al. 1992). Typically, anaerobic 

remineralisation occurs after aerobic remineralisation, as oxygen is a more energy efficient 

electron acceptor, with more energy released per oxidised molecule when compared to 
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other less-oxidising substances (e.g. iron, manganese, nitrate and sulphate) (Jorgensen 

1977). It has been suggested that labile compounds, such as those found in fish feed, are 

metabolised first during this period of relatively rapid aerobic remineralisation, leaving a 

pool of more refractory organic material to be metabolised by slower anaerobic processes 

(Middelburg & Levin 2009). However, laboratory investigations in which the same organic 

material was subjected to oxic and anoxic conditions showed that degradation rates of labile 

OM were similar under both conditions (Lee 1992; Westrich & Berner 1984). Requiring 

oxygen for degradation is not exclusive to labile compounds (Kristensen et al. 1995), and the 

study of depositional coastal environments with relatively low remineralisation rates have 

indicated that refractory organic material may degrade faster when exposed to oxygen 

(Hulthe et al. 1998, Dauwe et al. 2001).  Interestingly, more extensive remineralisation has 

been recorded in sediments exposed to alternating oxic-anoxic conditions (Aller 1994) when 

compared to permanently anoxic conditions (Aller & Aller 1998). The overlying water of the 

cores in this study were well oxygenated and mixed, so, intermittent exposure of subsurface 

layers to oxygen could have resulted from bioirrigation and burrowing by the macrofauna 

observed. This could possibly lead to differential OM and OC remineralisation efficiencies 

between the cores replicates. 

Additionally, it is difficult to assess the relative importance of bottom-water oxygen levels 

and OC input to OC burial (Tyson 1995), as these two factors are interconnected, i.e. high OC 

loads (similar to those added to the M and H core replicates) typically induce anoxic 

conditions and anaerobic metabolism. Overall, evidence suggests that hypoxic or anoxic 

conditions generally enhance the potential for OC preservation (Moodley et al. 2005a), but 

factors other than oxygen have significant control over the remineralisation and burial of 

organic material. 

It is important to note that consideration of hydrogen sulphide concentration and oxygen 

concentration alone does not specify how much of the OM and OC added to the cores in the 

enrichment treatments was remineralised by aerobic or anaerobic microbial metabolism 

(Arndt et al. 2013). The DOU calculated in the present study could have resulted from OM 

and OC remineralisation, or the oxidation of reduced inorganic solutes, such as hydrogen 

sulphide (Canfield et al. 1993). It would be inappropriate to assume that production and 
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oxidation of reduced species from anaerobic remineralisation processes was at a steady 

state throughout. The daily fluctuations in DOU and oscillations in net production of 

hydrogen sulphide observed in the M and H cores indicate the likely imbalance between 

production and oxidation processes, which are typically variable in marine sediments (Glud 

2008).  

The accumulation or oxidation of reduced inorganic solutes (e.g. hydrogen sulphide) in 

sediments is effected by sediment characteristics (e.g. cohesiveness, particle size and 

texture), macrofaunal bioturbation, and oxygen supply by means of advection or diffusion 

(Aller 1984; Reise 1985; Paterson & Daborn 1991; Levin et al. 1997; van Nugteren et al. 

2009).  The OM content of marine sediment also depends strongly on sediment texture, as 

silty fine sediments (often found beneath Scottish fish farm cages and similar to the cores 

sampled in this study) tend to have a higher baseline OM content (Mayer 1994). 

Heterogeneity in these factors between sediment samples collected within 1 m2 of each 

other is common (Soren & Jorgensen 1989; Holmer & Storkholm 2001; Glud 2008; Cathalot 

et al. 2012), and may go some way to explain the high levels of variation in net hydrogen 

sulphide production observed within core replicates.  

To determine oxygen consumption by benthic fauna, samples are usually treated with 

formalin (Macleod et al. 2008) or frozen (Valdemarsen et al. 2009) to remove any organisms 

within the sediment, thus removing their respiratory oxygen demand. However, removing 

macrofauna from samples means that sediment modification mechanisms such as 

bioirrigation or bioturbation are also removed, making it difficult to quantify the effect that 

these physical processes have on sediment oxygen demand. In the case of freezing samples 

to remove macrofauna, subsequent biogeochemical changes measured may be influenced 

by the decomposing macrofaunal OM remaining in the sample. Hence, the decision was 

made in this study not to remove macrofauna from sediments and observe the true 

diagenetic response of these sediments to different enrichment loads. 

Evidence has been provided in this study to indicate that at 10°C, the diagenetic capacity of 

sediments to degrade labile organic material (fish feed) at deposition levels equivalent to the 

H enrichment treatment (OC = 52.6 g-1 m-2 in one day) is limited. It cannot be concluded as 

to whether this is due to the persistence of inefficient anaerobic remineralisation processes 
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in the H core replicates, although the net production of hydrogen sulphide (a product of 

anaerobic sulphate reduction) was significantly higher in the H core replicates than any other 

treatment group. Oxidation of large amounts of hydrogen sulphide would have created a 

negative feedback loop by increasing oxygen debt, prolonging anoxic and reducing 

conditions (similar to that observed in Core 15) and the continued production of hydrogen 

sulphide. Moodley et al. (2005a) also showed that the accumulation of hydrogen sulphide 

may inhibit OM remineralisation. Another explanation being that sulphide and intermediate 

sulphur compounds react with OM to enhance its preservation potential in marine 

sediments (Damsté & de Leeuw 1990). Therefore, high concentrations of hydrogen sulphide 

present in H core replicates, particularly Core 15, may have inhibited the reintroduction of 

aerobic remineralisation processes and more efficient OM and OC degradation.  

This study also provides evidence to suggest that OC and OM deposition similar to that 

experienced by the M and H cores, followed by a fallow period of no more than three 

months, could lead to the accumulation of residual OM and OC within surficial sediments    

(0-2 cm). However, farm site characteristics such as the resuspension of settled material and 

continual deposition over a longer period have not been considered here (Cromey et al. 

2002a). Incomplete remineralisation and accumulation of sedimentary OM and OC over 

successive harvest cycles could contribute to cumulative impacts, i.e. the more rapid and 

sustained establishment of reducing benthic environments and increased sediment chemical 

recovery times (Keeley et al. 2015a). 

3.4.3 The effect of enrichment load on the net production and loss of hydrogen sulphide  

Net production of hydrogen sulphide in this study represents the balance between hydrogen 

sulphide production by sulphate reduction (Jorgensen 1977) and loss through oxidation 

(Glud 2008), or complexation with organic matter and reactive iron (Canfield & Raiswell 

1999). Net production of hydrogen sulphide generally ceased by day 11 and 15 in most of 

the M and H core replicates, excluding Core 15 where oscillations in net hydrogen sulphide 

production and loss continued until day 46. The maximum rate of net production increased 

with enrichment load from 1 µmol 0.082 m-3 d-1 in the L cores, to 20 and 30 µmol 0.082 m-3 

d-1 in the M and H cores, respectively, likely due to the increasing oxygen demand of the 
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enrichment treatments added (Holmer & Kristensen, 1992, 1994, 1996). The average net 

hydrogen sulphide production (expressed per gram of carbon added) for each treatment 

group over the course of the experiment increased linearly in a log10-log10 scale with the 

amount of OC in each enrichment treatment. However, results were highly variable within 

the L (8.66 ± 29.71 µmol-1 g-1 C), M (44.00 ± 94.35 µmol-1 g-1 C) and H (868.70 ± 96.03 µmol-1 

g-1 C) treatment groups, meaning these differences were not significant when tested by 

standard statistical methods. Such high variation under controlled laboratory conditions was 

unexpected, but importantly highlights how natural heterogeneity in faunal and microbial 

assemblage can greatly influence biogeochemical response to enrichment in fish farm 

sediments. 

The oscillatory nature of net hydrogen sulphide production rates in each core could be 

attributed to temporal variability in the growth of different populations of sulphate reducing 

bacteria (SRB) (Holmer & Kristensen 1994). Bacterial species composition and abundance in 

each core would have affected the capacity for microbially mediated aerobic or anaerobic 

remineralisation, and the transformation of subsequent products (Navarro et al. 2008). The 

availability of substrates required for sulphate reduction (e.g. lactate, acetate, formate, 

propionate or hydrogen), other than sulphate, can enhance the growth and activity of 

corresponding SRB populations (Parkes et al. 1994). As OM is remineralised, the availability 

of different substrates changes depending on the dominance of specific metabolic pathways 

(e.g. sulphate reduction, fermentation, acetogenesis) (Paulo et al. 2005; Muyzer & Stams 

2008; Auvinen et al. 2009). Competition from other anaerobes, such as methanogens which 

are typically found in deeper sediment layers (Holmer & Kristensen 1994), can also affect 

SRB population growth. Net hydrogen sulphide production beyond day 15 in Core 15 could 

have been due to reduced competition from methanogens, indicated by peak hydrogen 

sulphate concentrations appearing deeper within the sediment profile over the course of the 

experiment. On the other hand, SRB populations which use alternative substrates for 

sulphate reduction may have been present in Core 15 and not other cores. Tabuchi et al. 

(2010) found that sulphate reduction by micro-organisms utilising acetate did not proceed in 

cultures incubated at lower temperatures (7°C and 13°C) similar to that of the incubation 

temperature in the present study (10°C). It could be hypothesised that the presence of a 



  
 Chapter 3 Quantifying the effect of enrichment on sediment biogeochemistry 

209 

 

more diverse microbial population in Core 15 at the start of the experiment allowed for a 

shift in substrate use and continued sulphate reduction as OM was remineralised.  

Another explanation for the variation in net hydrogen sulphide production within replicate 

cores may be the difference in macrofaunal assemblage and activity observed, which can 

have major consequences for sediment biogeochemistry (Aller 2001). The transport of 

organic matter, inorganic solutes and oxygen vertically within the sediment by bioirrigation 

and bioturbation largely depends on the diversity (feeding strategy, size, function and 

hydrogen sulphide tolerance) and abundance of macrofaunal species present (Pearson & 

Rosenberg 1978; Levin et al. 2009b). Whilst standard thresholds for hydrogen sulphide 

toxicity exist (FAO 2009), the tolerance of different macrofaunal species to hydrogen 

sulphide varies (Vaquer-Sunyer & Duarte 2008; Levin et al. 2009a), so it is likely that 

different species survived in each of the M and H core replicates in response to the different 

net amounts of hydrogen sulphide produced. Generally, surface deposit feeders and smaller 

opportunistic macro and meiofauna are favoured in hypoxic conditions (Sellanes & Neira 

2006; Sellanes et al. 2007). Also, the addition of labile organic matter to the sediment 

surface is preferential to macrobenthic deposit feeders who prefer organic matter in 

concentrated patches as opposed to bacteria or other infauna who are better adapted for 

the degradation of organic matter within the sediment matrix (Kristensen et al. 1995; van 

Nugteren et al. 2009). Fundamentally, hypoxia induces the emergence and shallowing of 

infaunal activity within the sediment column (Pihl et al. 1992; Rabalais et al. 2001), 

demonstrated in the present study by the appearance of burrows on the sediment surface in 

some of the cores. Macrofaunal activity in Core 15 was largely absent, leading to a 

comparatively low level of sediment mixing via bioirrigation and bioturbation. This would 

likely have reduced the exposure of deeper sediment layers (1-2 cm) to oxygen, where the 

greatest hydrogen sulphide concentrations were measured, therefore preserving reducing 

conditions and the accumulation of hydrogen sulphide through reduced oxidation.  

Increased accumulation of hydrogen sulphide in the surface layers of some cores may also 

have been attributed to mat forming members of the sulferatum (Baas-Becking 1925) which 

interact and compete to maximize their exploitation of light, oxygen and sulphide (Hansen et 

al. 1978; Troelsen & Jorgensen 1982). The white mats more prominently observed in H core 
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replicates, particularly Core 15, were likely Beggiatoa spp (Brooks et al. 2004). These 

bacteria couple nitrate reduction to sulphide oxidation (Schulz & Jorgensen 2001; Bruchert 

et al. 2003) and form extensive filamentous mats within a specific sediment layer at the 

interface between oxygen and hydrogen sulphide saturation. Such mats can modify marine 

sediment structure and texture (Aller & Aller, 1998; Herman et al. 1999; Meysman et al. 

2006). The more extensive Beggiatoa spp mats in Core 15 may have increased sediment 

cohesion (van Nugteren et al. 2009), reducing pore-water flow dynamics and encouraging 

the accumulation of hydrogen sulphide within the sediment layer by reducing exposure to 

oxygen and other reactive compounds.  

It is also important to note that the sediment cores were collected during autumn, a time of 

year when large mat-forming diatoms are typically deposited on the seabed (Nelson et al. 

1995). Diatoms are important organisms in global carbon cycling, and often exploit nutrient 

rich deposits in fine sediments. Some species have adapted to dark anoxic conditions due to 

vertical migration behaviour (Consalvey et al. 2004) and the possession of non-

photosynthetic anaerobic metabolism that involves NO3
− as an electron acceptor (Kamp et 

al. 2011). Diatoms can also grow beneath the sediment-water interface if buried by 

bioturbating animals (Kamp & Witte 2005). The ‘small peak’ in hydrogen sulphide 

concentration observed just below the sediment surface early on in the L and M core 

replicates indicates some trapping of sulphide, possibly due to microbial mat formation. It is 

rare for Beggiatoa spp to establish at such low hydrogen sulphide concentrations (Jorgensen 

& Revsbech 1983) and no white colouring was observed, hence, increased sediment 

cohesion may have been caused by a layer of diatoms. Diatoms produce extracellular 

polysaccharides (for movement or attachment) which bind to deposited particles, increasing 

cohesion and the resistance of OM to erosion and mobilization (de Brouwer et al. 2003; 

Gebersdorf et al. 2008), presumably by blocking pore water spaces (Salant 2011). If diatoms 

grow at the sediment-water interface the turbulence and flow dynamics within the diffusive 

boundary layer can also be altered (Jones et al. 2014).  

The results detailed in this study suggest that the rates of processes responsible for 

production and loss in fish farm sediments are rapid and highly responsive within a short 

time scale as large increases in net production often followed net losses of a similar 
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magnitude within two to four days.  As previously discussed, the processes that govern the 

production and loss of hydrogen sulphide in fish farm sediments are varied and complex, 

occuring at high rates on very short time scales. Profile measurements taken once every two 

to three days may not have been the appropriate sampling frequency to quantify the effect 

of enrichment on hydrogen sulphide, only providing a ‘snapshot’ of the biogeochemical 

processes occurring. Constant measurement, if possible, would be preferable. This ‘snapshot 

effect’ may also explain why predicted macrobenthic changes do not always coincide with 

biogeochemical analysis after enrichment events, as a single point measure is not 

representative of the large scale temporal effects that anaerobic mineralisation processes 

have on local ecology. 

3.4.4 The effect of enrichment load on hydrogen sulphide dissociation and sulphide burial 

(CRS/AVS) 

There was little difference in AVS and CRS pools between treatment groups, and statistical 

analysis was limited by the presence of only one reference core for comparison. In most 

cores, there was a slight increase in AVS in the top 2 cm of the sediment, increasing the 

AVS:CRS ratio. In Core 15, pools of AVS were markedly increased over the course of the 

experiment when compared to all other cores.  Increases in AVS suggest the complexation of 

iron (II) minerals with hydrogen sulphide to produce larger pools of metastable iron 

monosulphides (Berner 1984).  It is likely that pyrite formation did not follow, indicated by 

the lack of increase in CRS pools in all cores over the course of the experiment (Rickard & 

Morse 2005). Pyrite formation may have been limited by the availability of reactive iron 

minerals in the sediment (Berner et al. 1983), rather than lack of organic matter or sulphate 

which were both in abundance in the highly enriched cores.  However, considering the 

coastal location of the farm, a supply of iron would be expected from terrigenous material 

(Tudryn et al. 2014). Therefore, lack of pyrite formation may have been due to slowly 

reacting iron species (Kraal et al. 2013) not having enough time to react with hydrogen 

sulphide under optimal conditions before loss by oxidation. The production of hydrogen 

sulphide in most cores was fleeting and ceased between day 11 and 15, unlike Core 15. 

Pyrite and AVS formation is generally greater in euxinic sediments where deposition rates 

are low and slowly reacting iron compounds are given sufficient time to react with hydrogen 
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sulphide (Canfield 1989; Morse 1991). The sediment environment in Core 15 was anoxic and 

sulphidic for much longer than all other cores, conducive to AVS formation (Wijsman et al. 

2001; Severmann et al. 2008), likely leading to the far greater AVS pool measured.  

Low sediment pH has a role in maintaining hydrogen sulphide concentrations in reducing 

sediments, preventing dissociation to bisulphide ions (Suleimenov & Seward 1997). The 

negative association between pH minimum and hydrogen sulphide concentration generally 

became stronger with increased organic matter input in this study. Higher H2S 

concentrations between 0 and 4000 µM in the highly enriched cores were associated with 

pH 5.8 to 8, whereas concentrations above 150 µM were rare at pH <6.5 in the low enriched 

cores. The minimum pH observed in each treatment group also increased with organic 

matter input. Highly enriched core sediments reached pH minimums of <5.5, the medium 

enriched cores pH minimums of <6.5, and the low enriched cores pH minimums of ~7, having 

implications on sulphide dissociation within each 100 nm layer of the sediment profile. 

Hence, relative increases in TFS concentration did not always correspond to increases in 

hydrogen sulphide, a more ecologically relevant sulphur compound due to its toxicity to 

aerobically respiring organisms (Hargrave et al. 2008) and role in sulphide burial by reaction 

with iron to form AVS (Rickard & Morse 2005).   

Bisulphide was the majority (>50 %) component of most TFS measures, apart from Core 15, 

where hydrogen sulphide was the majority mole fraction of TFS (74 to 96 %) at ten 

observation points between day 21 and 46, closely associated with minimum pH values. 

Bisulphide ion peaks in Core 15 were noted after hydrogen sulphide peaks, suggesting that 

reductions in hydrogen sulphide may have been due to pH increases after intensive sulphate 

reduction cycles, followed by the subsequent dissociation of hydrogen sulphide to bisulphide 

(Suleimenov & Seward 1997).   

In summary, inconsistent sulphide dissociation and pH variation over the 0-2 cm sediment 

profile suggests that homogenous pH and TFS measurements are inappropriate for 

accurately assessing the biogeochemical impacts of OM deposition on surficial sediments. 

Measuring pH using homogenised samples may not only underestimate minimum pH values, 

but also the influence of TFS dissociation on iron recycling, sulphide burial and the overall 

habitability of enriched fish farm sediments.  
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3.4.5 Limitations, assumptions and recommendations for future research  

Although efforts were made to simulate natural in situ conditions using undisturbed fish 

farm sediment cores, time and resource constraints inhibited optimal experimental design 

and replication. It is also important to note the specific assumptions and limitations of this 

study. For example, the effect of additional detrital material from plankton blooms, fish 

faeces, and terrigenous sources were not taken into account when making the enrichment 

treatments (Tudryn et al. 2014), neither were the possible effects of water column 

scavenging on the quality of organic matter that reaches the seabed (Bergauer et al. 2018). 

Hence, organic matter that reaches the seafloor beneath fish farms may be more refractory 

in nature than the fish feed added in this study, possibly stimulating metabolism dominated 

by different bacterial and macrofaunal communities (van Nugteren et al. 2009).  

As previously mentioned, fish feed deposition beneath fish farms is normally continuous 

over a fixed period, as opposed to a single large ‘enrichment pulse’. Additionally, deposited 

material is commonly subject to erosion, resuspension and dispersion (Cromey et al. 2002b), 

physical processes which were not present in this study. As labile OM is usually metabolised 

first, material that is continually re-suspended and re-deposited will likely be more 

refractory than the freshly deposited material. 

Whilst the micro-electrodes were extremely useful in measuring undisturbed and precise 

sediment profiles at a high resolution, the biogeochemical information gained was two- 

dimensional and limited to the thickness of the electrode tip (50 nm). The influence of wider 

ecological systems is not represented within the closed ‘core tube’ which limits horizontal 

transport in sediments adjacent to the Perspex side of the core. Glud (2008) and Glud et al. 

(2009) identified that horizontal variation in oxygen flux measurements was considerable 

over ranges of 1 to 10 mm. Whilst a validation step was taken before the commencement of 

this experiment to assess the horizontal variation in core measures by profiling a transect 

across the core (see Chapter 2), diffusive and active processes that change biogeochemical 

concentrations from point sources cannot be taken into account here. Also, it is important to 

note the extensive research which highlights the existence of highly active microniches in 

both oxic and anoxic sediments (Emery & Rittenberg 1952; Jorgensen 1977; Glud et al. 2009; 
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Mügler et al. 2012; Lehto et al. 2014). As the microelectrode tip was just 50 nm in diameter 

and the three microelectrodes were places within 10 mm of each other, it was assumed that 

simultaneous pH, H2S and O2 profiles corresponded to the same biogeochemical system 

within the vertical profile.   

Measurement of sedimentary iron and the abundance of different flora and fauna were not 

possible during the sediment core incubation, as this would have disturbed the 0-2 cm 

profile and micro-scale biogeochemical processes which govern oxygen and hydrogen 

sulphide concentration. Hence, this study was not able to explain whether variation in net 

hydrogen sulphide production between replicates was due to a difference in physical 

sediment characteristics, abundance of microbial species or diversity in macrofaunal 

assemblage.  Benthic fauna can alter sediment porosity, permeability, cohesion, particle size, 

and OM content, and perhaps more importantly to this study, spatial heterogeneity; creating 

niches for smaller benthic organisms and microbes (Aller 1984; Reise 1985; Levin et al. 1997; 

van Nugteren et al. 2009).  Large gaps in our knowledge still remain as to which microbial 

communities are responsible for upstream and downstream processes in anoxic marine 

sediments. Particularly the symbiosis between SRB and archaea and their role in 

simultaneous sulphate reduction and methanogenises during complete degradation of 

organic material (Arndt et al. 2013). 

The time and location of sediment core collection has important implications on the 

applicability of this study to wider systems. In Arctic sediments, microbial and macrofaunal 

communities which influence organic matter remineralisation (as previously discussed) have 

been found to be affected by seasonal change in terms of their abundance, diversity and 

metabolic rate (Sagemann et al. 1998; Thamdrup & Fleischer 1998). Further confirmation of 

the influence of seasonal temperature on microbial activity was gained in laboratory culture 

experiments using sediments from Tokyo bay in Japan (Matsui et al. 2013). Therefore, the 

temporal applicability of this study is limited to the season in which samples were collected 

as this may have influenced which microbial and macrofaunal species were present in the 

cores. Interpretations of the results presented in this study should be in the context of 

Scottish coastal salmon fish farm sites and OM deposition events occurring during the 

autumn months (August-October). 
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3.4.6 Recommendations for environmental modelling and monitoring  

This data set prompts new discussion about the approach to environmental monitoring of 

fish farm sediments. Typically, homogenous samples of the top 2 cm of sediment grabs are 

used to take redox and TFS measurements. This study has demonstrated a high level of 

biogeochemical variation within the shallow sediment layer, spatially and temporally, 

challenging the assumption that a single homogenous measure of surficial sediments is 

ecologically relevant or representative of peak TFS and O2 concentrations. Increasing the 

resolution of biogeochemical observation during environmental monitoring would not only 

obtain more accurate measurements but could also improve our understanding of why 

specific benthic macrofaunal communities are affected differently by enrichments events 

(Macleod et al. 2007).  

In this study, general biogeochemical trends observed between treatment groups could be 

relevant to predicting macrofaunal behaviour during and after enrichment events, providing 

some insight as to why recovery trajectories differ between sites (Keeley et al. 2015a). 

Unfortunately, high variation within replicates means that the results are not likely to be 

reproducible in other environments, limiting the conclusions that can be drawn. However, 

increasing OM and OC content of the enrichment treatments generally resulted in: higher 

maximum [H2S] peaks, elevated [H2S] being measured over a longer period, broader [H2S] 

peaks spanning an increased profile range, and maximum hydrogen sulphide measures in 

the profile at shallower depths (< 0.5 cm). The intensity, temporal and spatial scale of [H2S] 

peaks and hypoxia within the sediment profile during organic enrichment is likely to have a 

varied influence on the behaviour and survival of different benthic communities depending 

on their motility, feeding strategy and position within the sediment profile (Diaz & 

Rosenberg 2008; Middelburg & Levin 2009). Small scale enrichment events which cause 

narrower [H2S] peaks (<0.5 cm) deeper within the sediment profile for a shorter period may 

be less likely to cause macrofaunal fatalities, giving an increased opportunity for migration 

(adults or larvae) (Norkko et al. 2006). Longer exposure to euxinic sediments increases the 

likeliness of macrofaunal mortality (Middelburg & Levin 2009), especially if there is little 

opportunity for migration away from reducing conditions within the horizontal or vertical 

plane.  
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Whilst established models for macrobenthic succession during an enrichment event exist 

(Pearson & Rosenburg 1978), such models do not exist for macrofaunal recovery after the 

cessation of OM deposition. The recovery trajectory of the benthos is influenced not only by 

the current state of the population (e.g. size, spatial distribution, age structure, stage of 

reproductive cycle), but also the past successional dynamics which lead to macrofaunal 

population change (migration or mortality); a phenomenon called hysteresis (Rosenberg et 

al. 2002). For example, population reduction due to macrofaunal mortality leads to 

colonisation of opportunistic species which are eventually replaced by equilibrium species 

(van Colen et al. 2008; Rossi et al. 2009), a process which can take years (Diaz & Rosenberg 

2008). Alternatively, macrofaunal population reduction due to horizontal migration is 

conducive to more rapid recovery (Middelburg & Levin 2009), a scenario which may be more 

likely where euxinic conditions are brief and exclusive to deeper sediment layers. This 

hysteresis may be better understood or predicted if high resolution biogeochemical profiles 

were available after an enrichment event to describe the habitability of enriched fish farm 

environments. 

The Ecological Relevance Value (ERV) presented in this study provides a possible example of 

how high resolution biogeochemical H2S profiles can be incorporated into the classification 

of enriched sediments. The ERVs of the enriched sediment cores presented in Figure 3.3.12 

describe the habitability of surficial sediments over time after OM deposition, taking into 

account the intensity and spatial distribution of [H2S] peaks within the sediment profile. 

Hence, Core 15 was deemed a ‘severely impacted’ environment from day 25 to 50, and 

significantly more impacted than other H core replicates on the basis of [TFS] calculated 

using pH and [H2S] over the 92-day incubation period. This metric, if validated against 

existing methods and correlated with macrofaunal abundance, diversity, and successional 

dynamics, could contribute to the more quantitative assessment of enriched sediments and 

the creation of predictive models for macrobenthic succession during recovery.  

Biogeochemical endpoints were noted in the sediment cores at the end of the incubation 

period which may influence sediment recovery or the rate in which euxinic sediments are re-

established on the continuation of OM deposition. Slight increases in AVS pools may lead to 

increased pyrite formation as a consequence of repeated enrichment events in the presence 
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of reactive iron (Berner 1970). Residual organic matter and organic carbon remained 

significantly elevated in the surficial sediment layers of the H and M cores after 92 days. 

Notably, OC content (% dry wt.) was 35-93 % higher in H core replicates than control cores at 

the end of the experiment. The residual OM is likely to be more refractory in nature (van 

Nugteren et al. 2009), and provides evidence that successive harvest cycles with fallow 

periods of three-months could lead to cumulative impacts (Macleod et al. 2007; Keeley et al. 

2015a) as sedimentary OM and OC accumulates in the sediment. Refractory OM is typically 

decomposed faster (up to 3.6 times) under oxic-anoxic-oxic conditions when compared to 

oxic or anoxic conditions alone (Hulthe et al. 1998), and under anoxic conditions can remain 

buried in sediments for much longer periods. Oscillations between oxic and hypoxic 

conditions beneath fish farms are common due to intermittent OM deposition and 

subsequent temporal variation in the bioturbation and bioirrigation activity of benthic fauna 

(Middelburg & Levin 2009). Hence, increased pools of refractory OM in fish farm sediments 

are likely to contribute to increased oxygen demand, possibly increasing the rate in which 

anaerobic remineralisation and reducing conditions are established over repeated harvest 

cycles.  

Whilst microelectrodes are currently not suitable for industry application due to their 

fragility, their continued use in biogeochemical research will inform environmental 

monitoring policy about the appropriate sediment sampling frequency, replication, depth 

and spatial resolution required to obtain a representative sample. If Core 15 were excluded 

from analysis in this study, it would be possible to suggest that the accumulation of 

hydrogen sulphide in fish farm sediments is likely to occur within the first three weeks after 

the cessation of OM deposition. Focussing sampling efforts during this period would be 

advisable, however, it is important to recognise that the pattern of fish feed and fish waste 

deposition at farm sites differs from the single deposition event in this study. Typically, OM 

deposition is to a lesser extent but intermittent over a longer period, which could lead to 

different patterns in hydrogen sulphide production and accumulation within surficial 

sediments. 

Applying statistical outputs from this data set to larger populations is not advisable due to 

the high level of variation between replicates. This either indicates that sediment sampling in 
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this way requires an extremely large sample size to capture the true population mean, or 

that microscale variation in sediment biogeochemistry is too large to quantify or accurately 

predict. However, variation itself has been quantified and is an important consideration in 

the context of environmental monitoring, modelling and the mitigation of enrichment 

impacts.  

3.4.7 Concluding remarks 

The overall aim of this study was to quantify biogeochemical change in response to organic 

enrichment. A detailed quantitative data-set was achieved using undisturbed sediment 

cores, which confirmed that naturally variable factors other than OM deposition have a 

potentially large influence on sediment biogeochemistry during enrichment events; an 

important consideration for environmental modelling. Spatial heterogeneity within a sample 

site is common (Glud 2008) and is an important factor to consider when interpreting the 

significance and meaning of results. Quantifying the effect of naturally heterogeneous 

variables on biogeochemical enrichment impacts can be extremely difficult, the baseline 

data for such quantification has been established here and highlights the typical variation 

that should be expected in similar fish farm sediments.   

Extremely high variation in hydrogen sulphide concentration within each of the L, M and H 

replicate groups (sediment cores all taken from the same location) confirms that distinct 

physical, biological and chemical differences exist in fish farm sediments along a short 

horizontal scale, contributing to a varied biogeochemical response to organic enrichment. 

The least amount of variation occurred in control cores where nothing was added, with 

greater variation being observed as OM content of the enrichment treatments increased. 

Also, each individual core appears to follow a typical profile pattern over time. These 

observations suggest that variation was caused by the addition of enrichment treatments 

and true environmental variation rather than any experimental error.  

The difference in net hydrogen sulphide production, pH and DOU observed within replicates 

suggests that OM deposition alone is not a suitable predictor of biogeochemical change in 

response to enrichment. Information gained here could contribute to the creation of a 

simple biogeochemical fish farm sediment model, improving our understanding of the effect 
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that OM deposition has on key biogeochemical parameters. Specifically, the order of 

importance that OM deposition has in predicting biogeochemical indicators for enrichment 

when compared to other biotic and abiotic factors.  
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3.5 Appendix 1 

Table 3.5.1 Table showing the biomass and feed input to the farm sample location in the harvest period 
before and during sample to gain an appreciation of the previous enrichment and the enrichment  level of 
the sediment at the time of sampling 
 

Harvest cycle and 
sampling point Month/Year 

Biomass 
(tonnes) 

Feed 
(kg) 

Estimated feed 
falling through cage 
to sea floor kg1m-2* 

 
 
 
 
 
Harvest cycle 1 
 
18 months 
prior to sampling 
event 

May 2012 43 28,749 0.9 

June 2012 67 29,375 1.0 
July 2012 126 55,987 1.8 
August 2012 200 80,538 2.6 
September 2012 268 98,250 3.2 
October 2012 392 117,997 3.9 
November 2012 459 99,198 3.2 
December 2012 559 107,945 3.5 
January 2013 594 90,813 3.0 
February 2013 649 90,696 3.0 
March 2013 735 128,516 4.2 
April 2013 807 108,395 3.5 
May 2013 943 178,805 5.9 
June 2013 989 190,013 6.2 
July 2013 889 202,119 6.6 
August 2013 956 206,283 6.8 
September 2013 813 116,954 3.8 
October 2013 418 19,017 0.6 

Fallow period 1 
5 months 

November 2013 to March 
2014 

0 0 0 

Sampling month 
 
 
 
Harvest cycle 2 
 
18 months 
cycle in which 
sampling event 
occurred 

April 2014 28 12,985 0.4 

May 2014 53 24,443 0.8 
June 2014 100 43,760 1.4 
July 2014 178 79,792 2.6 
August 2014 258 85,021 2.8 
September 2014 349 131,531 4.3 
October 2014 454 128,896 4.2 
November 2014 564 162,676 5.3 
December 2014 615 103,718 3.4 
January 2015 700 105,965 3.5 
February 2015 778 122,195 4.0 
March 2015 873 146,500 4.8 
April 2015 938 224,691 7.4 
May 2015 980 177,116 5.8 
June 2015 999 292,835 9.6 
July 2015 981 254,527 8.3 
August 2015 998 152,236 5.0 
September 2015 474 8,402 0.3 

Fallow period 2 
3 months 

October 2015 to December 
2015 

0 0 0 

*based on an equivalent seabed deposition area the same size as 9 cages (4583.7 m2) and 
assumes that 15 % of the feed input not eaten or egested reaches the seafloor with no 
spread of cage effluent and an even deposition. 
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3.6 Appendix 2 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 3.6.1  Hydrogen sulphide concentration profiles measured in ‘L’ cores treated with a homogenised mixture of 0.1 g fish feed plus 10 g of grab surficial sediment.  

The homogenised treatment mixture was added just after the Day 0 measurement, so Day 0 is before the treatment was added and Day 2 is after the treatment was added.  
A = [H2S] profiles for one ‘L’ core replicate (Core 8).  B = [H2S] profile for one ‘L’ core replicate (Core 12). C = [H2S] profile for one ‘L’ core replicate (Core 14).   
Note the difference in scale along the X axis. Day number represents the no. of days since the treatment was added, to cross-reference with observational time-point Tx  
see Table 3.2.4. 
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3.7 Appendix 3 

 

 

Figure 3.7.1  Comparison of drying method (oven drying vs. freeze drying) on porosity measurements made by LOI analysis. 

Freeze drying appears to slightly underestimate porosity, however, there was no significant difference between the mean porosity measured by LOI analysis of 
each drying method (p > 0.05). 
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Figure 3.7.2 Comparison of drying method (oven drying vs. freeze drying) on OM measurements made by LOI analysis. 

There was no significant difference between the mean OM measured by LOI analysis of each drying method (p > 0.05). 
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4.1 Introduction 

The cycling of organic matter (OM) in marine sediments plays a significant role in the global 

carbon cycle, specifically as a major carbon sink (Emerson & Hedges 1988).  Coastal areas, 

despite only occupying 7 % of the ocean, are responsible for 90 % of sedimentary 

remineralisation of OM (Gattuso et al. 1998). Characterising the level of enrichment to 

benthic soft sediments by different point source discharges has been the subject of 

numerous studies (Olsgard et al. 1997; Cardell et al. 1999; Holmer et al. 2002; Labrune et al. 

2012). Organic matter supply to the seabed in coastal areas is likely to be sourced from 

either terrestrial ecosystems (Labrune et al. 2012), falling phytoplankton detritus as a result 

of primary production (Sampou & Oviatt 1991a), or anthropogenic sources such as 

aquaculture (Holmer et al. 2002) and sewage effluents.  

Scotland’s salmon (Salmo salar) farming industry has grown considerably in the last 30 years, 

with a view to increase production to 350,000 tonnes by the year 2030 (Gatward et al. 

2017), responsible for a relatively large increase in labile OM deposition to nearby benthic 

environments in the form of waste fish feed and fish faeces (Cromey et al. 2002a).  As OM 

decomposition rates and pathways are largely influenced by both the quantity and quality of 

carbon inputs (Westrich & Berner 1984; Burdige 1991; Kristensen & Hansen 1995), 

sediments beneath salmon farms provide an ideal laboratory to further evaluate the effects 

of organic enrichment on the benthos in varying climatic, hydrographical and depositional 

environments.  Large deposits of OM to the seabed usually result in intense biogeochemical 

cycling dominated by microbially-mediated anaerobic remineralisation processes (Jorgensen 

1982). Sulphate reduction being the primary anaerobic remineralisation pathway in such 

environments, despite being less energetically favourable (Valdemarsen & Kristensen 2010; 

Chang et al. 2014); this is due to the abundance of sulphate in seawater and the exhaustion 

of diffusive oxygen supply from the overlying seawater at the sediment water interface 

(SWI) (Canfield et al. 1993).  

During sulphate reduction, organic compounds are converted to carbon dioxide by terminal 

mineralisation, mediated by sulphate reducing bacteria (SRB) (Jorgensen 1982; Valdemarsen 

& Kristensen 2010). Specialised bacterial communities are responsible for each stage of the 

multi-step anaerobic OM degradation process (e.g. hydrolysis and fermentation), and recent 

studies have revealed that temperature can affect each stage differently (Holmer & 



Chapter 4 Quantifying the effect of temperature on sediment biogeochemistry 

226 
 

Kristensen 1996; Robador et al. 2009; Matsui et al. 2013), leading to process imbalance and 

different limiting steps at lower or higher temperatures (Weston & Joyce 2005).  

Certain physical and biogeochemical aspects of the depositional environment that affect the 

breakdown of OM are subject to the influence of temperature.  In long term time scales 

(centuries to millennia) sediment texture and temperature can directly influence the 

exposure of organic matter to oxygen and effect the formation of polymers during 

degradation which can protect OM from degrading agents (Arnarson & Keil 2005; Gupta et 

al. 2007). In the short term, on the basis of thermodynamics and kinetics alone, both 

temperature and pressure can affect biogeochemical reaction rates and enzymatic 

hydrolysis of OM remineralisation (Ng 1967). Generally, reduced temperatures are 

correlated with slower kinetics and reduced affinity for substrates (Pomeroy et al. 1991; 

Nedwell & Rutter 1994).  Therefore, at lower temperatures the activity of enzymes involved 

in the three key enzymatic steps required for dissimilatory sulphate reduction (sulfate 

adenylyltransferase, ATP sulfurylase, adenosine-5'-phosphosulfate reductase and adenosine-

5'-phosphosulfate reductase) (Muller et al. 2015) may decrease, meaning that optimal 

uptake of sulphate may not be possible by the microbial community.   

At different temperatures, changes to organic matter remineralisation rates and the 

resulting sediment biogeochemistry could be caused by differential growth or activity of SRB, 

depending on the physiological adaptations of specific bacteria species (Bakermans & 

Nealson 2004). Several observations in temperate climates show a substantial increase in 

OM degradation rates with seasonal temperature increase (Jorgensen & Sørensen 1985; Crill 

& Martens 1987; Westrich & Berner 1988; Middelburg et al. 1993). Interestingly, records of 

OM degradation rate in permanently cold environments, such as the Arctic, are not 

inherently slower than those measured sediments from warmer tropical or temperate 

climates (Arnosti et al. 1998; Glud et al.1998; Sagemann et al. 1998; Thamdrup & Fleischer 

1998; Knoblauch & Jorgensen 1999; Jorgensen et al. 2006). This is likely due to the fact that 

in-situ bacterial communities undergo physiological adaptation to common environmental 

conditions (Robador et al. 2009). Physiological characteristics exhibited by bacteria in 

predominantly cold or warm ecosystems generally exist to increase fitness and allow optimal 

metabolic rates at relatively steady in-situ temperatures (Feller & Gerday 2003). In contrast, 

habitats which are subject to seasonal temperature changes, promote the growth of 
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psychrotolerant or mesophilic microorganisms that are able to remineralise organic matter 

over a wider range of temperatures (~20 ᵒC to 45 ᵒC). Generally, this type of community can 

maintain a larger abundance throughout the year, with psychrophiles being able to tolerate 

lower temperatures in winter with slower growth rates (Robador et al. 2009). 

The aforementioned observations show that dominant microbial populations in temperate 

climates are likely to adapt to prevailing conditions, allowing optimal growth and 

metabolism. Short term changes to local temperatures to those out-with optimal function 

ranges may cause temporary reductions to the collective remineralisation efficiency of 

bacterial communities, however, longer term changes (e.g. climate change and those 

induced by geothermal gradients) are more likely to prompt community compositional 

changes (Robador et al. 2009). For example, Arctic sediment subject to temperatures well 

above those found in situ have shown to stimulate dormant mesophillic or thermophillic 

bacterial spores containing enzymes able to degrade otherwise refractory material when in 

an abundance of certain substrates (Parkes et al. 2007; Hubert et al. 2009; Hubert et al. 

2010). 

As well as microbial community changes, temperature change may dissimilarly effect 

reaction rates at different stages of the remineralisation process. Studies comparing 

temperate and Arctic sediments show that the balance between enzymatic hydrolysis and 

terminal oxidation rates over large temperature ranges is relatively stable in the short term 

(Arnosti & Holmer 2003; Brüchert & Arnosti 2003; Arnosti & Jorgensen 2006), with 

temperature increases correlated with a rate increase of both the first and final stage of OM 

degradation. The strength of this correlation depends on the in situ temperature, microbial 

function at higher temperatures and the specific metabolic process used (Arnosti et al. 1998; 

Sagemann et al. 1998; Knoblauch & Jorgensen 1999; Robador et al. 2010). Longer term 

exposures (24 months) of both the Arctic and temperate sediments to temperature change 

had an opposing effect, with degradation of OM decreasing by a factor of two to four as the 

rate of hydrolysis was faster than that of the terminal oxidation step (Robador et al. 2010). 

This resulted in an accumulation of refractory dissolved organic carbon (DOC) suggesting 

that the decrease in overall OM degradation was due to the inability of the microbial 

consortia to ferment DOC produced via hydrolysis. The differential response of specific 

microbially-mediated OM degradation steps to temperature change in highly reducing 
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coastal sediments could have implications on the fate of terminal and intermediate carbon 

remineralisation products in sediments, altering the assimilative capacity of anaerobe 

communities at certain temperatures (Weston & Joye 2005; Robador et al. 2010). 

The effect of temperature on the rate of organic matter degradation is complex. The 

influence of temperature on the energy efficiency of certain terminal electron acceptors in 

anaerobic OM remineralisation is unknown, although gibbs energy calculations were 

conducted at standard state conditions, 25 °C and 0.1 MPa (Amend & Teske 2005; Bethke et 

al. 2011; LaRowe & van Cappellen 2011). However, as previously mentioned, the abundance 

of sulphate in seawater is likely to maintain sulphate reduction as the dominant pathway for 

the OM degradation in marine sediments, regardless of energy efficiency. However, it is 

important to acknowledge that sulphate reduction rates vary seasonally (Skyring 1987).  

Evidence of the influence that temperature has on OM cycling also highlights the need to 

understand how fluctuations in seasonal temperature affect key biogeochemical parameters 

used to classify sediments during environmental fish farm monitoring (Holmer & Kristensen 

1996). Environmental monitoring activities occur at different times of the year and are 

subject to seasonal changes in water temperature, ranging from 7 °C to 14 °C in Scotland 

(Fehling et al. 2006).  Research, highlighted previously, suggests that biogeochemical 

indicators for organic enrichment in fish farm sediments, such as TFS and redox, can be 

affected by seasonal temperature change as each measure is fundamentally linked to 

microbially mediated anaerobic carbon remineralisation (Hargrave et al. 2008). A 

considerable amount of resource is spent generating mandatory environmental impact 

assessments for regulatory bodies, acquiring data to make informed fish farm management 

decisions to keep environmental impact within allowable limits (SEPA 2017). Furthermore, 

understanding seasonal variation in biogeochemical OM remineralisation is particularly 

important during a relatively rapid period of expansion for the Scottish salmon farming 

industry (Gatward et al. 2017). Therefore, it is important to establish a detailed diagenetic, 

seasonal and sedimentological context for these environments so that monitoring data can 

be accurately interpreted, and potential biases established when comparing results to 

reference sites (Young et al. 2001; Keeley et al. 2012a).   
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The end product of sulphate reduction, hydrogen sulphide, is toxic to macrofaunal 

organisms (Wang & Chapman 1999) and causes local changes in macrofaunal assemblage, 

biotic indices and Total Free Sulphide (TFS = H2S + HS- + S2-); parameters often used to 

characterise sediment enrichment level (Hargrave et al. 2008). Reductions in benthic 

macrofaunal abundance and diversity beneath fish farms occur at different stages (Pearson 

& Rosenberg 1978) in response to the relatively large OM influx to the seabed compared to 

reference sites, where OM supply is generally lower from sources such as primary 

production (Sampou & Oviatt 1991a). The presence of benthic fauna increases total benthic 

metabolism in terms of oxygen uptake, carbon dioxide release and sulphate reduction, when 

compared to microbial metabolism alone in azoic sediments (Heilskov & Holmer 2001). 

Under normal environmental conditions there may be some seasonal variations in 

macrofaunal assemblage due to temporal changes in OM supply from phytodetrital 

deposition (Moodley et al. 2005b). These natural patterns are disrupted beneath a fish farm 

as OM supply from cage effluents is the main driver for change, leading to reducing 

conditions (Holmer & Kristensen 1994). However, temperature is also an important factor in 

regulating the rate of microbially-mediated biogeochemical processes and faunal 

metabolism (Kristensen & Andersen 1992). 

Given the information above it is difficult to assess the exact influence that temperature 

change will have on organic matter degradation rates and its resulting products in highly 

reducing sediments. This is because the response of OM degradation rate to temperature 

change is multifaceted, involving a large number of factors including; microbial physiology, 

reaction pathway, the duration and extent of temperature change, climatic region and 

possibly the overall degradability of the organic matter itself (Holmer & Kristensen 1996; 

Robador et al. 2009; Matsui et al. 2013). It has been previously suggested that organic 

matter input in sediments receiving large amounts of OM (e.g. due to fish farming) would 

bias any temperature controls on OM remineralisation seen in temperate environments 

(Sampou & Oviatt 1991b; Holmer & Kristensen 1992). Few studies have investigated the 

combined effect of organic matter deposition and temperature change on benthic 

mineralisation (Oenema 1990; Sampou & Oviatt 1991a; Hargrave et al. 1993; Holmer & 

Kristensen 1996; Matsui et al. 2013), especially in the context of temperatures relevant to 

seasonal change in Scotland using environmental fish farm sediment samples (rather than 
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cultured sediments).  Few have also focused on sediment biogeochemical parameters (Total 

Free Sulphides, oxygen, pH) relevant to current monitoring regulations. More data is 

required to determine how important temperature is to the process of organic matter 

remineralisation beneath Scottish fish farms and whether temperature should be 

incorporated into diagenetic models to improve the accuracy of biogeochemical outputs. 

4.1.1 Aims and Objectives 

Aims: 

This chapter aims to examine whether seasonal temperature change has an important 

influence on key biogeochemical parameters (pH, oxygen and hydrogen sulphide) used for 

the environmental assessment and enrichment classification of fish farm sediments; 

parameters which are inherently linked to anaerobic organic matter remineralisation 

processes.  The effect of temperature on the formation of key metal sulphide groups (AVS 

and CRS) and sulphur speciation (H2S, HS- and S2-) will also be examined, to investigate 

whether seasonal temperature variation has an effect on the fate and burial of sulphides in 

sediments.   

Objectives: 

State-of-the-art microelectrodes were used to gain a series of high resolution H2S, O2 and pH 

concentration profiles in the surficial layer (0-2 cm depth) and the overlying water (-1 cm) of 

fish farm sediment cores, incubated at three seasonally relevant temperatures (7 °C, 10 °C, 

14 °C) after an enrichment treatment or ‘pulse’ containing fish feed had been added. The 

sediment samples were analysed ex situ at regular intervals for up to three months after the 

enrichment treatments were added. The size of CRS and AVS pools were also measured 

before the enrichment treatments were added and after the three month (approx.) 

observation period.  The resulting data was used to quantify the effect of seasonal 

temperature variation on organic matter remineralisation and the following biogeochemical 

dynamics of fish farm sediments within a short term recovery period (<3 months): 

1. Maximum hydrogen sulphide concentration. 

2. Overall net production of hydrogen sulphide, and rate of change (r∆) in net 

hydrogen sulphide production. 
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3. The speciation of the dissolved sulphide species fractions of TFS (based on pH 

changes to the sediment). 

4. Oxygen penetration depth. 

5. Diffusive oxygen flux at the Sediment-Water Interface (SWI), using net changes in 

H2S production and O2 flux as a proxy for quantifying aerobic and anaerobic 

remineralisation. 

6. The fate and burial of sulphide produced (based on CRS and AVS analysis). 

7. Organic matter and organic carbon content. 
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4.2 Method 

4.2.1 Sediment sample site and description 

The sample site from which all sediment samples were taken is situated on the east coast of 

Lismore Island in the Lynn of Lorne, Scotland. A full description of the sample site can be 

found in the section 3.2.1 of Chapter 3, as the same farm site was used for comparative 

purposes. The seasonal temperature variability of a nearby site at 10 m depth has been 

recorded to range from 6.6 °C to 14 °C (2001 to 2003), with salinities between 32 and 34 

(Fehling et al. 2006).  Biomass inputs at site LE1 are licensed to 999 tonnes, with a fallow 

period of five months before the 18 month harvest cycle in which sampling occurred to 

(SEPA 2018). 

4.2.2 Sediment sample collection (cores and grabs) 

Sediment samples were retrieved on 25th January 2015 from the cage edge of LE1 fish farm 

site (56˚30.113'N, 5˚29.952'W). At the time of sampling the farm biomass across nine cages 

was 700 tonnes with a feed input of 105,965 kg for the month of January (Appendix 4.6), 

with an estimated feed deposition of 3.5 kg-1 m-2.  Ambient water temperature at the surface 

was 10.9 °C at the time of sampling. 

Eighteen sediment cores (craib corer: core tubes inner Ø 60 mm, 3 mm tube thickness, 110 

mm length) and three sediment grabs (Van veen grab, 0.1m2) were taken from site LE1 using 

equipment aboard RV Seol Mara. Cores and grabs were only accepted if they presented an 

undisturbed surface area, maintaining fine scale surface roughness. Immediately after 

retrieval the sediment core colour and sediment type was recorded. Fifteen cores were 

submerged in a plastic flow-through tank on deck filled with seawater. Care was taken not to 

disturb the sediment surface layer. The 16th, 17th and 18th cores, were used as pre-

experimental reference core replicates, and were sliced into 1 cm slices on deck using a 

plunger, a thin perspex slicing plate, and perspex rings of similar diameter and thickness as 

the core tube but only 1 cm in height. Each 1 cm sediment slice was immediately placed into 

a plastic zip lock bag in a cool box. The top 2 cm of sediment from each grab was removed 

with a spatula and homogenised to fill three 200 ml airtight plastic containers, reducing the 

risk of oxidation, henceforth referred to as ‘grab surficial sediment’. 
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Once ashore, the grab surficial sediment samples were frozen along with the pre-

experimental reference core slices. The plastic tank holding the submerged sediment cores 

was immediately transferred to a temperature controlled room (CT1) at the Scottish 

Association for Marine Science (SAMS) maintained at 10 °C in the dark to avoid primary 

production. The continual exchange of seawater surrounding the cores was re-established 

by connecting the plastic tank to the SAMS indoor seawater flow system, which is directly 

sourced from Ardmucknish Bay.  An air stone was fixed inside each core tube ~2 cm above 

the core sediment surface to the overlying water in the core was well mixed. Air flow rate 

through the stones was monitored daily to allow continual mixing of the sediment core 

water and avoid core water stratification without disturbing the sediment surface layer. It 

was not possible to maintain a precise air flow rate through each air stone due to the shared 

use of the air flow which affected the air pressure within the pipe system. The cores were 

incubated in CT1 for one week to stabilise after which differential temperature incubations 

commenced.   

4.2.3 Preparation and addition of enrichment treatments at differential incubation 

temperatures  

After the initial one week stabilisation period at ambient temperature, sediment 

biogeochemical profiles were taken in each of the remaining 15 cores before they were spilt 

into three groups to undergo a second stabilisation stage at different incubation 

temperatures in separate experimental systems. Each temperature treatment group 

contained five cores, three cores were used as experimental replicates and two cores as 

controls. A summary of core treatment groups, controls and nomenclature is shown in Table 

4.2.1. 
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Table 4.2.1 Core group nomenclature and treatment 

Core group 
nomenclature 
 

No. of 
cores in 
group Enrichment treatment added 

Experimental 
incubation system 

nominal temperature 

L  treatment  3 High enrichment treatment* 7 °C 
M treatment 3 High enrichment treatment* 10 °C 
H treatment 3 High enrichment treatment* 14 °C 
C1 (L) control 1 Grab surficial sediment** 7 °C 
C1 (M) control 1 Grab surficial sediment** 10 °C 
C1 (H) control 1 Grab surficial sediment** 14 °C 
C2 (L) control 1 Nothing 7 °C 
C2 (M) control 1 Nothing 10 °C 
C2 (H) control 1 Nothing 14 °C 

*The high enrichment treatment consisted of 10 g fish feed homogenised with 10 g of grab surficial sediment, 

the same as the ‘high’ level enrichment treatment added to cores in Chapter 3. 

 **Grab surficial sediment was the 0-2 cm surficial sediment homogenised from three grab samples 

The experimental incubation systems were set up in a second temperature control room, 

CT2 attached to the SAMS seawater flow system. Each experimental system consisted of a 

black overflow tray containing a white bucket in which five cores were submerged in 

seawater. A similar set up is pictured in Figure 4.2.1 (De Francisco Mora 2015) with a larger 

number of white buckets placed in the black overflow tray.  The supply of water to the white 

buckets was from a sump tank controlled by Ehein filters and an Ocean Runner pump 

allowing similar water flow control for each system.  The black tray functioned to catch the 

overflow water from the white buckets, returning this to the sump. The low temperature 

experimental system (L cores) was set to a nominal temperature of 7 °C, the medium 

temperature system to a nominal 10 °C (M cores) and the high temperature system to 

nominal 14 °C (H cores). This temperature range reflected the annual seasonal temperature 

change at 10 m water depth measured over three years at a site very close to LE1 (Fehling et 

al. 2006). For the L core experimental system, temperature control was achieved by 

regulating the air temperature of CT2 room (set to 6 °C) and reducing the water flow to the 

sump tank to allow enough resident time for the water to reach 7 °C. The water temperature 

in the M and H core experimental systems was controlled using a feedback pole heater 

placed in each sump and a temperature controller (AquaMedic t-computer and Titanium 100 

W heater) allowing precise temperature manipulations and minimal temperature 

fluctuations for the experimental period. In previous pilot experiments the occasional 

malfunction of the heaters was experienced, so two back-up systems were also set up to 
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avoid long term perturbations to experimental set temperature.  A schematic set up of room 

CT2 with the three experimental systems and two back-up systems is shown in Figure 4.2.2. 

Water temperature and salinity in each white bucket, as well as the CT2 room air 

temperature were recorded daily using a thermometer and refractometer.    

 

Figure 4.2.1 Experimental temperature control system.   
Showing the six white buckets holding samples an overflow tray, a sump tank and a supply pump. 
The above photograph is taken from another thesis with permission of the author (De Francisco 
Mora 2015, p37). The above set-up differs from the actual one used in this study. Instead of six 
small white buckets being used in the overflow tray, only one larger bucket was used to hold all 
core replicates and controls for each temperature treatment. Please note the feedback pole 
heater, used in the M and H core experimental system sump tank is not pictured here. For the 
experiment five temperature control systems similar to that pictured were set up simultaneously 
in the CT room, with three in use and two back-up systems available at any one time. 

 

White buckets holding 

samples  Black overflow tray 
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Figure 4.2.2 CT2 room layout used for core incubations.  
Includes three experimental systems two back-up incubation systems. Of the three experimental 
systems one was set to 7 °C, one to 10 °C and one to 14 °C. Each experimental system contained 
three treated core replicates (CX) and two control cores (CC), one control treated with just 
surficial grab sediment and the other control with nothing. The cores were submerged in a white 
bucket (blank circle) containing temperature regulated water from the sump. S= sump, E=Eheim 
filter, T= heaters with hourly temperature recorders. In the case of the 7°C experimental system 
the heater was not used. Modified from De Francisco Mora (2015), p36. 

Each group of five cores was placed in their respective experimental system at either 7 °C,  

10 °C or 14 °C for another 24 hours before a second set of biogeochemical profiles was 

taken. These second biogeochemical profiles would be used as the time zero measurement 

(T=0) in later analysis. Comparisons were made between the T=0 measure and the very first 

set of profiles taken at ambient temperature to ensure there were no major fluctuations at 

the start due to the transference to experimental temperature systems.  

Three sediment core groups were treated with a homogenous mixture of 10 g fish feed and 

10 g of the grab surficial sediment retrieved on the 25th January, this was prepared as 

described for the high enrichment treatment in Chapter 3, section 3.2.3. The treatments 

were spread evenly on the surface of the cores one day prior to the commencement of 

biogeochemical profiling with the airstones removed. This was to allow the treatment to 

settle on the core surface. One of the control core groups (C1) was treated with only 10 g of 
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grab surficial sediment whilst the other control group (C2) was left with nothing added. Once 

the airstones were replaced, biogeochemical profiling of the cores commenced. 

4.2.4 Experimental design and set up for the simultaneous measurement of oxygen, 

hydrogen sulphide and pH along a vertical sediment core profile  

The protocols and experimental set-up used for the measurement of high resolution 

hydrogen sulphide, oxygen and pH concentration (H2S, O2 and pH) profiles in the cores is 

detailed in Chapter 3, sections 3.2.4 to 3.2.7. This section summarises the protocol in brief, 

detailing any major changes. 

Three simultaneous hydrogen sulphide, oxygen and pH concentration microprofiles (H2S, O2 

and pH) were taken in all of the sediment cores under red light twice a week, for at least 3 

months or until low hydrogen sulphide concentrations (<500 µM L-1) were measured.  The 

dates on which profiling took place (Tx) are detailed in Table 4.2.2. Profiles were taken using 

an automated profiling system (Unisense) from 1 cm above the sediment surface to 2 cm 

below the sediment surface at a step size of 200 µm as described in Chapter 3, section 3.2.4, 

using state-of-the art 50 nm glass tip microelectrodes and SensorTraceTM profiling software 

(Unisense). A modification was made to all three microelectrode calibration protocols also 

described in Chapter 3, section 3.2.4. The electrodes were re-calibrated three times each day 

in solutions at the corresponding experimental system temperature of the core group being 

analysed. This was achieved by incubating 50 ml airtight vials, containing the required 

calibration solutions, for 30 minutes in the black overflow tray of the specific core group 

experimental system of interest, prior to profiling that group of cores (H, M or L). Due to the 

extra time required for calibration there was a ~12.4 hour between the profiling of the first 

and fifteenth core. 
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Table 4.2.2 Date and time information relating to each measurement event Tx.  
At each Tx, cores were measured simultaneously with three microelectrodes, taking ~37 min to 
profile each core and ~12.4 hours to profile all 15 cores. As cores were measured in the same order at 
each Tx the time lapse between each core measurement at each Tx was very similar (± 32 min). 

Measurement event ID 
(Tx) 

Measurement start 
time at each Tx 

(dd-mm-yyyy hh:mm) 

No. days  since core 
treatment was 

added for each Tx 
(to nearest day) 

Time lapse 
between Tx-
1 and Tx (to 
nearest day) 

T0 
03-03-2015 08:38 

-1 (measurement before 
treatment was added) 

0 

Treatments added/cores placed 
into temp. cont. experimental 
incubation systems 

05-03-2015 11:33 0 NA 

T1 06-03-2015 09:01 3 3 
T2 10-03-2015 09:02 7 4 
T3 13-03-2015 08:43 10 3 
T4 17-03-2015 08:23 14 4 
T5 20-03-2015 08:22 17 3 
T6 23-03-2015 08:31 22 5 
T7 27-03-2015 08:59 24 2 
T8 02-04-2015 08:41 30 6 
T9 07-04-2015 09:03 35 5 
T10 10-04-2015 08:34 38 3 
T11 14-04-2015 08:23 42 4 
T12 17-04-2015 08:34 45 3 
T13 21-04-2015 08:26 49 4 
T14 24-04-2015 08:29 52 3 
T15 01-05-2015 09:01 60 8 
T16 05-05-2015 09:05 64 4 
T17 07-05-2015 09:07 66 2 
T18 12-05-2015 08:17 70 4 
T19 14-05-2015 08:48 72 2 

 

 

At the end of the experiment after the last measurement day, 72 days after the enrichment 

treatment was added and the cores were places in differential temperature incubations, the 

cores were sliced and frozen (as detailed at the end of section 3.2.4 in Chapter 3) and at          

-20 ᵒC for CRS extraction, AVS extraction, carbon and organic matter analysis at a later date.  

4.2.5 Preparing samples for Acid Volatile Sulphide (AVS) and Chromium Reducible 

Sulphide (CRS) extraction  

There was only enough time whilst on placement at the University of Cambridge to analyse 

two sets of core replicates from two temperature incubation groups. Due to the 

temperature fluctuation recorded in the L cores experimental system (see section 4.3.1), 

these replicates were not included for metal sulphide species analysis.  The pre-experimental 
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reference core slices (0-1 cm and 1-2 cm) of the three reference cores collected from site 

LE1 frozen on the 25th January 2015 and the core slices (0-1 cm and 1-2 cm) frozen at the 

end of the differential temperature incubation experiment on 15th May 2015 were defrosted 

under a fume hood, prepared and analysed as described in Chapter 3, section 3.2.8 and 3.2.9 

for AVS and CRS extraction at the University of Cambridge on 7th September 2015. 

4.2.6 Measuring sediment % organic matter, % carbon and porosity (CHN and LOI 

analysis) 

The 0-1 cm slices and 1-2 cm slices of the three reference cores for site LE1 that were 

sampled and frozen on the 25th January 2015 and the core slices frozen at the end of the 

differential temperature incubation experiment on 15th May 2015 were defrosted under a 

fume hood and analysed for organic matter content and porosity (using LOI analysis with 

oven drying) and organic carbon content (using CHN analysis) as described in Chapter 3, 

section 3.2.10.  

4.2.7 Data management, statistical analysis and calculations (statistical and 

descriptive) 

Data was managed using Microsoft Excel and RStudio free statistical software.  

All calculations and statistics used are detailed in Chapter 3, section 3.2.11. 
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4.3 Results 

4.3.1 Temperature regulation in the incubation systems 

Over the course of the experiment the water temperature in the white incubation buckets 

was measured every hour. Two of the water heaters malfunctioned on separate occasions, 

namely the heater for the H treated cores and the heater for the L treated cores. As 

contingency back-up systems were already set up the cores were simply transferred to a 

new system. There was a period of increased water flow in the back up tanks which caused 

additional temperature fluctuation during the transition. Therefore, at the start of the 

experiment, the M cores experienced 10 days at an incubation temperature ranging from      

7 °C to 11.5 °C and the H cores at a range of 11.5 °C to 14.2 °C for four days. Also, the 

resident time of the water in the sump tanks was not sufficient for the controlled air 

temperature in CT2 to consistently cool the incoming seawater water to 7 °C in the L core 

experimental system, hence a gradual increase of 1-2 °C was recorded from the mid-point of 

the incubation period to the end of the experiment (Appendix 4.5). The average 

temperature in each experimental system over the course of the incubation period was as 

follows; 7.89 ± 0.77 °C for the L cores; 9.54 ± 0.64 °C for the M cores; and 13.00 ± 0.32 °C for 

the H cores. The ‘± °C’ values represent standard deviation.  

4.3.2 Organic carbon and organic matter content before and after the incubation 

period 

Organic matter and carbon analysis was conducted on the 0-1 cm and 1-2 cm depth slices of 

the cores at the start of the incubation period (T=start) and at the end of the incubation 

period (T=end). For the control cores (C1 and C2), the T=start average carbon content of 0-1 

cm and 1-2 cm sediment slices was found using three reference cores sampled and frozen on 

the 25th January.  This revealed that the 0-1 cm depth sediment beneath the fish farm cages 

at the time of sampling contained a background level of 22.5 ± 0.0 (% dry wt.) organic matter 

and 7.8 ± 2.9 (% dry wt.) organic carbon, the 1-2 cm depth sediment contained a slightly 

higher background level of organic matter 22.3 ± 0.0 (%  dry wt.) and 7.1 ± 1.6 (% dry wt.) 

organic carbon (‘± %’ values represent standard error).  The enrichment treatment added to 

the temperature treatment replicates (10 g fish feed + 10 g grab surficial sediment) added 

approximately 1 cm depth to the sediment core surface. Therefore the carbon content at    
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0-1 cm sediment depth in the enriched temperature treatment cores at T=start was assumed 

to be the same as the carbon content of the enrichment treatment added, detailed in Table 

4.3.1 as 72.0 % (dry wt.) organic matter and 36.7 % (dry wt.) organic carbon. Due to the 

addition of the enrichment treatment material, the carbon content of the T=start 1-2 cm 

sediment slice in the replicate cores was assumed to be the same as the 0-1 cm sediment 

slice of the reference cores. 

Table 4.3.1 Core treatment composition  

 

Mass (g) 

Porosity 
(% water) 

Organic matter Organic carbon 

wet dry 
% dry 

weight Mass g 
% dry 

weight Mass g 

Fish feed  
used in the high 
enrichment treatment 

10.0 9.29 7.12* n/a n/a 46.44 4.31 

Grab surficial sediment 
added to all treatment 
group C1 control cores  

10.0 3.10 69.00** 22.40 0.69 7.40 0.23 

High enrichment 
treatment  
(feed + grab surficial 
sediment) added to all 3 x 
core replicates in 
treatment groups L, M and 
H, excluding the control 
core groups 

20.0 12.39 38.06 72.01 8.92 36.68 4.54 

* calculated from the known porosity of a 1:1 mixture by mass of fish feed and grab surficial sediment 
and the known porosity of grab surficial sediment** 
** based on an average porosity of 69.00 ± 2.34 (% water) obtained via LOI analysis with oven drying (± 
value = standard error of the mean) of three homogenous surficial sediment samples from three 
separate grabs 

 

An overall reduction in OM content (% dry wt.) was measured over incubation period in the 

0-1 cm sediment slice of all enriched temperature treatment replicates (Table 4.3.2). All the 

following ‘± %’ data are standard deviation values. At 72 days after the enrichment 

treatment was added there was an average reduction in OM content in the L cores of 57.5 % 

± 10.9; the M cores, an OM content decrease of 38.5 % ± 4.3; and the H cores, measuring 

the greatest reduction in OM content of 73.6 %. In both control groups, where grab surficial 

sediment was added (C1) or nothing was added (C2) the T=end OM content (% dry wt.) 

decreased similarly across all temperature incubations from 22.4 to 19.1 ± 3.2 and 22.5 to 

17.3  ± 1.9, respectively. One exception was the C1 (M) control core where OM content 

increased slightly by 0.4 % dry wt. Despite having a much higher OM content in the 0-1 cm 

layer at T=start when compared to the control cores, the OM content (% dry wt.) of the H 
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cores at the end of the incubation period (19.0 ± 1.7 % dry wt.) was similar to that of the 

control cores. Contrastingly, the OM content (% dry wt.) in the M and L cores remained 

elevated at the end of the 72 days incubation, ~ 156 % and 77 % higher than the C2 control 

core OM content, respectively. The average OM content in the 0-1 cm layer of the M core 

replicates (44.3 ± 4.3 % dry wt.) was significantly higher (t[2] = 8.11, p < 0.05 and t[2] = 9.98, 

p < 0.05, respectively) than that of the C1 (19.1 ± 3.2 % dry wt.) and C2 control cores (17.3 ± 

1.9 % dry wt.) at T=end.   

Similarly, the average OM content in the 1-2 cm layer of the M core replicates (42.9 ± 8.2 % 

dry wt.) at the end of the experiment was also significantly higher (t[2] = 8.03, p < 0.05 and 

t[2] = 4.75, p < 0.05, respectively) than that of the C1 (18.4 ± 1.9 % dry wt.) and C2 control 

cores (19.5 ± 2.3 % dry wt.), except the OM content in this layer had actually increased by 91 

% from T=start to T=end. The OM content of the H temperature core group in the 1-2 cm 

layer only decreased by 6 % from T=start to T=end, however, average OM content of the L 

temperature group also increased by 32 %. The changes in OM content (% dry wt.) for each 

individual enriched temperature treatment and control replicate are shown in Figure 4.3.1.   

Changes to the OC content (% dry wt.) in 0-1 cm core slices of the enriched temperature 

treatment replicates mirrored that of the changes to OM content (% dry wt.). A dissimilar OC 

content was measured in both sets of control cores (C1 and C2), with an increase of 7.4 to 

9.0 ± 1.7 in C1 cores (+ 21.7 %), and a decrease of 7.8 to 5.6 ± 1.7 in C2 cores (- 35 %).  All 

enriched temperature treatment replicates started with an OC content of 36.7 (% dry 

weight) in the 0-1 cm slice, this was reduced to 5.6 ± 0.9 in the L cores (84.7% reduction) and 

4.4 ± 0.4 in the H cores (87.9% reduction), both returning to OC levels similar to the C2 

control core group where nothing was added. The average OC content of the 0-1 cm layer of 

the M core group remained at 7.0 ± 3.9 after the incubation period, higher than that 

measured in the C1 and C2 cores by 22-25 %, and an average 81 % reduction in OC content 

in the M cores since T=start. However, the OC content of all enriched temperature replicates 

at T=end in the 0-1 cm layer were not significantly different from that of either control core 

group. 
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Table 4.3.2 Summary T=start and T=end TOC and OM content for 0-1 cm core slice. Results that 
are significantly different from control cores C1 and C2 are highlighted in grey. 

Core group 
(3 x replicates 
per group) 

Av. OM 
content (% dry 
wt.) at T=start 

Av.OM 
content (% dry 
wt.) at T= end 

Av. OC % 
content (% dry 
wt.) at T=start 

Av. OC % 
content (% dry 
wt.) at T= end 

L (7 °C) 72.0 30.6 ± 10.9 36.7 5.6 ± 0.9 
M (10 °C) 72.0 44.3 ± 4.3**** 36.7 7.0 ± 3.9 
H (14 °C) 72.0 19.0 ± 1.7 36.7 4.4 ± 0.4 
C1 (L,M,H) 22.4 ** 19.1 ± 3.2*** 7.4** 9.0 ± 1.7*** 
C2 (L, M, H) 22.5 ± 0.0* 17.3 ± 1.9 7.8 ± 2.9 * 5.6 ± 1.7 

*average of three reference cores 
**single measure from the homogenous grab surficial sediment added to C1 cores  
***C1 replicate Core 9 showed increases in OM and OC content  
****all M replicates showed an increase in OM content  
NOTE: All ‘±’ values are standard deviation 

 

The change in OC content in the 1-2 cm core slices between T=start and T=end was far less 

pronounced than that measured in the 0-1 cm slice. The OC content in enriched replicate 

groups incubated at different temperatures (L, M and H) at T=end was comparable to levels 

measured in the control group C2 of 4.7 ± 0.3 % OC (dry wt.). Surprisingly, in control group 

C1, where just surficial sediment was added, an average increase in OC content was 

measured from 7.8 % to 9.5 ± 7.0 % dry wt. from T=start to T=end.  However, all enriched 

temperature groups (L, M, H) showed a reduction in OC content (% dry wt.) from T=start and 

T=end; -31 % in the L cores, 7.8 to 5.4 ± 0.7; -20.5 % in the M cores, 7.8 to 6.2 ± 2.3; and -

41% in the H cores, 7.8 to 4.6 ± 1.0. There was no significant difference between the OM 

content of the enriched treatment cores incubated at different temperatures (L, M, H) and 

the OM content of the control cores (C1, C2) in the 1-2 cm layer at T=end. 

Table 4.3.3 Summary T=start and T=end OC and OM content for 1-2 cm core slice. Results that 
are significantly different from control cores C1 and C2 are highlighted in grey. 

Core group 
(3 x 
replicates 
per group) 

Av. OM content 
(% dry wt.) at 

T=start 

Av.OM 
content (% dry 
wt.) at T= end 

Av. OC % 
content (% dry 
wt.) at T=start 

Av. OC% 
content (% dry 
wt.) at T= end 

L (7°C) 22.5 ± 0.0* 29.6 ± 14.2*** 7.8 ± 2.9 * 5.4 ± 0.7 
M (10°C) 22.5 ± 0.0* 42.9 ± 8.2**** 7.8 ± 2.9 * 6.2 ± 2.3*** 
H (14°C) 22.5 ± 0.0* 21.1 ± 3.6 7.8 ± 2.9 * 4.6 ± 1.0 
C1 (L,M,H) 22.5 ± 0.0* 18.4 ± 1.9 7.8 ± 2.9 * 9.5 ± 7.0*** 
C2 (L,M,H) 22.3 ± 0.0* 19.5 ± 2.3 7.1 ± 1.6 * 4.7 ± 0.3 

*average of three reference cores 
*** Only some replicates showed an increase in OM content (L replicates Core 1 and 3, H 
replicate Core 12) or OC content (M replicate Core 7, and C1 replicate Core 9) 
****all M replicates showed an increase in OM content 
NOTE: All ‘±’ values are standard deviation  

 



 
 

 
Chapter 4 Quantifying the effect of temperature on sediment biogeochemistry  

 

244 
 

 

 

 

 

 

 

 

 

 

 

 

 

 

  

  
Figure 4.3.1  Core OM and OC content at T=start and T=end at different incubation temperatures.  
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4.3.3 Relationships between incubation temperature and sulphide over time using the 

hydrogen sulphide concentration profiles and pH profile 

Hydrogen sulphide concentration profiles were highly varied between enriched temperature 

treatment replicates (Table 4.3.4), greater than the variation between temperature 

treatment groups. As a result, the cores will be considered separately through this section, 

referring to the core number (1-15), enriched temperature treatment group (L, M, H) or 

control group (C1 and C2) to which they are associated. Figures in this section do not show 

averages, as the large error bars distract from other aspects of the data set.   

 

Table 4.3.4 Descriptive statistics of the net H2S µmol measured in each core over Tx. As there was 
only one C1 and C2 control for each temperature averages could not be calculated.  

 

Descriptive Statistic 
of net H2S µmol 

Core Treatment Group 

L M H 

Mean 1,769 2,764 1,947 

Standard Error 858 109 927 

Standard Error % 48 4 47 

Standard Deviation 1,486 189 1,606 

Standard Deviation % 84 7 82 

Sample Variance 2,207,015 35,616 2,577,884 

Range 2,921 340 3,155 

Minimum 152 2,547 197 

Maximum 3,073 2,887 3,352 

Count 3 3 3 

Confidence Level (95.0%) 3,690 469 3,988 
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Figure 4.3.2 Net hydrogen sulphide production measured in each core over the experimental 
period (Tx). Enriched temperature treatment group L = 7 °C, M = 10 °C, H = 14 °C. Control group C1 
had only surficial sediment added and C2 had nothing added. The temperature at which the control 
groups were incubated at is indicated in brackets (L = 7 °C, M = 10 °C, H = 14 °C). 

 

The high resolution hydrogen sulphide concentration profiles were converted into 

micromole amounts of hydrogen sulphide (to represent net production), summed for the 3 

cm profile and scaled to the entire profile core volume (1 cm above the water column to 2 

cm depth, total volume of 0.082 L). The net hydrogen sulphide production measured on 

each day (Tx) in each core, shown in Figure 4.3.4 and Figure 4.3.5, were also summed across 

all measurement days (T0-T19), to give the total micromole amount of hydrogen sulphide 

measured in each core over the 72 day incubation period (Figure 4.3.2). There was no 

correlation between temperature treatment and the total amount of hydrogen sulphide 

measured in each core (linear r2 = 0.0011), largely due to the high level of variation between 

treatment replicates (Figure 4.3.2).  The net hydrogen sulphide production measured in the 

control cores (C1 and C2) was very low compared to the enriched temperature treatment 
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group replicated, ranging from 18.9 to 31.0 µmol and remaining at <3 µmol on any one Tx 

(Figure 4.3.5). Despite the temperature treatment groups having all been treated with the 

same high enrichment treatment (10 g fish feed + 10g surficial sediment), the net hydrogen 

sulphide production in two cores was only 152.2 µmol (L replicate Core 2) and 197.0 µmol (H 

replicate Core 11) whereas levels in the other cores were much higher. The M core replicates 

were the least varied temperature treatment group with total hydrogen sulphide measures 

between 2547 and 2887 (Cores 6, 7 and 8). In the remaining two L and H cores, the amount 

of hydrogen sulphide measured over the incubation period was 2083 µmol and 3073 µmol, 

Cores 3 and 1; and 2292 µmol and 3352 µmol, Core 12 and 13.  

To find out whether there was a significant difference in the net hydrogen sulphide 

produced in each of the enriched core groups incubated at different temperatures (L, M, H) 

a log10 transformation was performed on the data shown in Figure 4.3.2. Reasons for this 

approach are detailed in Chapter 3, section 3.3.2. Essentially, the variation within replicates 

in indicative of exponential bacterial population growth (Jorgensen 1977), to account for the 

exponential effect this may have on hydrogen sulphide production, a log10 transformation is 

justified and allows for more powerful statistical tests to be conducted on a normally 

distributed data-set. A one-way ANOVA followed by a post-hoc Tukey HSD test conducted on 

the log10 transformed data shown in Figure 4.3.3, revealed that there was no significant 

difference in the net hydrogen sulphide production between enriched temperature 

treatment groups L, M and H. Although the interquartile range of data in groups H and L is 

much larger than M. 
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Figure 4.3.3 Boxplot showing Log10 transformation of net hydrogen sulphide production measured 
in each enriched temperature treatment core group (L, M, H) over the experimental period (Tx). 
Enriched temperature treatment group L = 7 °C, M = 10 °C, H = 14 °C. There was no significant 
difference in net hydrogen sulphide production between the enriched temperature treatment core 
groups L, M and H. 

 

When the amount of hydrogen sulphide in each core on each measurement day (Tx) is 

examined, similar incremental patterns are apparent in the cores where comparable levels 

were measured.  Core 2 and Core 11, where low total amounts of hydrogen sulphide were 

measured, reached their hydrogen sulphide peak earlier than other cores on day 24 (46 

µmol) and day 10 (67 µmol), reducing to near 0 amounts for the rest of the incubation 

period. Contrastingly, the majority of hydrogen sulphide peaks measured in the other cores 

occurred later, between days 42 and 52, with a gradual increase and then decrease around 

this peak, and some considerable fluctuations occurring from one day to the next.  In all of 

the cores where high amounts of hydrogen sulphide were measured, sustained elevated 

amounts of hydrogen sulphide existed for the majority of the incubation period before 
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returning to low amounts. Even though there was high variation within the replicate groups, 

the maximum hydrogen sulphide amount measured within each treatment group increases 

with incubation temperature; 382 µmol was measured in L Core 1 on day 42; 456 µmol in M 

Core 8 on day 42; and 574 µmol in H Core 13 on day 30. Hydrogen sulphide amounts in both 

sets of control cores (C1 and C2) remained low throughout the experiment (Figure 4.3.5). 

 

 

Figure 4.3.4 Net production of H2S (µmol) measured in the L, M and H enriched treatment 
groups (0.082 L) per measurement day (Tx). Treatment L incubation temperature = 7 °C, 
treatment M  incubation temperature = 10 °C, treatment H  incubation temperature = 14 °C. 
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Figure 4.3.5 The amount of H2S µmol measured in each control core (0.082L) per measurement 
day (Tx). Core 15 T=12 is missing. L incubation temperature = 7 °C, M incubation temperature = 
10 °C, H  incubation temperature = 14 °C. C1 control cores, where just surficial sediment was 
added, are Core 4, 9 and 14. C2 control cores, where nothing was added, are cores 5, 10 and 15. 

 

The rate of net hydrogen sulphide production or loss fluctuated greatly from day to day over 

the incubation period for most of the cores. In cores 2 and 11, where small amounts of 

hydrogen sulphide were measured, net production of hydrogen sulphide ceased at day 22. In 

a number of the other L, M and H incubated enriched cores, intermittent net production of 

hydrogen sulphide continued up to and after day 64 (Figure 4.3.6). Net production and loss 

rates were oscillatory in nature and a relatively large net production rate for hydrogen 

sulphide was commonly followed by a relatively large net loss rate. The largest net 

production rate and net loss rate in hydrogen sulphide usually occurred 38 days after the 

enrichment treatments were added. The maximum net production rates and net loss rates 

within treatment groups correlated with temperature. The maximum net production rate of 

hydrogen sulphide increased from 45 µmol d-1 in Core 1, incubated at nominal 7 ᵒC, to 84 

µmol d-1 in Core 12, incubated at nominal 14 ᵒC.  Maximum net loss rates also increased with 

temperature from 76 µmol day-1 in Core 1, incubated at nominal 7 ᵒC, to 125 µmol d-1 in Core 

13, incubated at nominal 14 ᵒC. 
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Figure 4.3.6 Rate of change in net production of H2S µmol in each core (0.082 L) per day during the experimental period. Note the varying 
y-axis. Enriched core temperature incubation L = 7 °C, M = 10 °C, H = 14 °C. 
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4.3.4 Relationships between sulphide and pH 

A similar pH range (~3 pH units) of was measured across the enriched temperature 

treatment groups, twice the range of the controls cores (~1.5-1.7 units) where minimum 

values remained fractionally below pH 7. The L, M and H enriched temperature treatment 

cores all measured a minimum pH during the incubation period of ~5.3 and a maximum of 

~8.5 (Table 4.3.5). 

Table 4.3.5 pH range measured in the temperature treated cores 

* Seven anomalous point measurements in the pH profile of 2 cores (pH 4.97-5.1) were excluded 

Treatment 

Groups 

Core Treatment Group 

L M H 

Mean minimum pH 5.39 ± 0.04 5.27 ± 0.08 5.31 ± 0.15 

Mean maximum pH 8.63 ± 0.25 8.48 ± 0.19 8.49 ± 0.05 

Mean max. to mean 
min. pH range 

3.24 3.21 3.18 

Control Groups C1 and C2 (L) C1 and C2 (M)* C1 and C2 (H)* 

Mean minimum pH 6.76  6.89  7.01  

Mean maximum pH 8.52  8.47  8.51 

Mean max. to mean 
min. pH range 

1.75 1.58 1.50 

 

The pH and hydrogen sulphide concentration profiles were used to calculate the amount of 

Total Free Sulphide (TFS =H2S +HS-+S2-) in each core on each measurement day (Tx) as per 

calculations detailed in Chapter 3, section 3.2.11.3. The micromoles of TFS calculated in the 

core profile sediment volume (0.082 L) on each Tx across the incubation period varied 

greatly between and within treatment groups, with no clear relationship with temperature 

incubation (Figure 4.3.7). However, the peak amounts of TFS (µmol) measured in each 

treatment group increased with incubation temperature as maximum micromoles of TFS 

over Tx in the L cores ranged from 233 to 868; in the M cores from 615 to 1098; and in the H 

cores from 130 to 3156. Generally speaking, amounts of TFS in all the cores reduced 

considerably from peak levels at 72 days after the enrichment pulse was added, however, 

~100-400 µmol TFS were still present at 72 days in L and M cores compared to levels <20 

µmol in the H cores. 
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Hydrogen sulphide dissociation made a marked impact on the amount of TFS measured over 

Tx. Peak TFS concentrations (µM) over the course of the experiment in the treatment group 

core profiles were as follows;  L Core 1 exceeded 3490; M Core 6 exceeded 9375; and H Core 

13 exceeded 16,622. Peak amounts of TFS measured on each Tx over the experiment period 

commonly occurred on or soon after hydrogen sulphide peaks when the dissociation of 

hydrogen sulphide to bisulphide ions (HS-) was high, at pH levels >7. H Core 11, (Figure 

4.3.7), clearly shows two TFS peaks of ~600 µmol in the middle of the incubation period, the 

majority mole fraction of the first TFS peak is hydrogen sulphide, whereas the majority 

majority mole fraction of the second TFS peak is bisulphide. 

In all enriched temperature treatment cores, relatively high amounts of hydrogen sulphide 

were measured compared to the control cores. There was a greater spread in concentrations 

of hydrogen sulphide recorded at acidic pH (<7) compared to those measured at alkaline pH 

(> 7) with greater hydrogen sulphide concentrations commonly being measured at lower pH 

levels <7. This is demonstrated in enriched temperature treatment group M (Figure 4.3.8), as 

lower minimum pH within the surficial sediment (0-2 cm) is associated with higher amounts 

of hydrogen sulphide, and higher min pH is associated with increased bisulphide ions. 

However, low pH did not always correlate with relatively high hydrogen sulphide 

concentrations within the same sediment microlayer (0-100 nm slice), as lower point 

measures of hydrogen sulphide concentration along the high resolution profile were 

measured at the same depth as pH across the full range of acidic to alkaline values, pH ~5.3 

to ~8.5. All hydrogen sulphide concentrations measured in the control cores were < 200 µM, 

with only a handful of those concentrations recorded at pH < 7.  
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Figure 4.3.7 The moles of TFS, H2S and HS- measured in each treatment core (0.082 L) at each Tx. Some amounts of HS- and TFS could not be calculated due to pH 
microelectrode breakages, the cores and time points to which this applies are as follows: T1 for Cores 5, 11, 12, 13, 14 and 5; T4 for Core 10; T16 for Core 6; and T17 
for Cores 1, 2, 3, 4, 5, and 15. Note the varying y-axis scale.  

 

core 11 core 12 core 13 
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Figure 4.3.8 TFS (H2S + HS- + S2-) µmol with min. and max. pH values measured in the core profile volume of 0.082L in enriched temperature core group M (10˚C). 
TFS was calculated using pK1 of 6.99 and pK2 of 17.4, these are the most up to date values for H2S from Migdisov et al. (2002). Each bar represents the amount of 
TFS µmol calculated in each core at a single observation point, scaled to the equivalent core volume sampled (0.082L) over the vertical profile length. Due to some 
errors in the pH microsensor data, TFS µmol could not be calculated in A, Core 6 (T16) - hence the gaps in this figure. Open circles linked by a dashed line represent 
pH min measured in one core at one time-point, and those linked by a solid line represent pH max values. Core ID number is shown in the top left corner. Note the 
difference in both y-axes between A, B and C. The different shades of grey within each stacked bar indicate different sulphide species which are summed to form the 
amount of TFS in each core at each observation point, light grey indicating HS- and dark grey indicating H2S. 

 

 

A B C 
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4.3.5 Relationships between hydrogen sulphide and oxygen flux at different 

temperatures  

A number of oxygen concentration profiles in some core replicates contained a 

considerable amount of noise in the water column, meaning that oxygen flux 

measurements could not be calculated for several time points as changes in oxygen 

concentration gradient could not be identified to find the diffusive boundary layer 

required for the calculation. Oscillations in oxygen flux of 5000-15,000 µmol L-1 m-2 d-1 

frequently occurred in all cores throughout the experiment with occasional peaks in 

diffusive oxygen uptake (DOU).  In the L cores, a single DOU (µmol L-1 m-2 d-1) peak 

between ~ 35,000 and ~25,000 was recorded in Cores 1 and 2 on day 10, and a two 

peaks in Core 3 of ~35,000 on day 38 and ~25,000 on day 66 (Figure 4.3.9). In the M 

cores, two DOU (µmol L-1 m-2 d-1) peaks were measured on one occasion in Core 6, 

~30,000 on day 38; three occasions in Core 7, ~25,000 on days 25, 60 and 64; and two 

occasions in Core 8 of ~17,000 on days 42 and 66. The highest DOUs (µmol L-1 m-2 d-1) 

were measured in the H cores with ~45,000 measured on day 45 in Core 11; ~37,000 in 

Core 12 on day 64; and a gradual increase from ~5,000 to ~32,000 between day 17 and 

38 in Core 13.  

Comparable DOU peaks were measured occasionally in the control cores of ~30,000-

35,000 µmol L-1 m-2 d-1 ( 

Figure 4.3.10) although the levels of noise in the water column was particularly high in 

the control cores making the manual identification of oxygen concentration gradients 

required for the calculation of DOU very difficult.  

The frequency of oxygen penetration to depths > 0.6 cm were more common in the 

control cores whereas the enriched temperature treatment cores typically showed 

shallower oxygen penetrations depths to < 0.2 cm between 30 and 52 days after the 

enrichment treatment was added. The noise within the oxygen profiles was too high to 

allow statistical testing on the oxygen penetration data. 
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 Figure 4.3.9 O2 Flux or Diffusive Oxygen Uptake (DOU)  µmol L-1 m-2 d-1 in enriched cores in treatments groups L, M and H at each Tx over the 72 day incubation period.  
Top row = Cores 1-3 (L cores incubated at  7 °C), middle row = Cores 6-8 (M cores incubated at 14 °C), bottom row = Cores 11-13 (H cores incubated at 14 °C). 
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Figure 4.3.10 Oxygen flux or Diffusive Oxygen Uptake (DOU µmol L-1 
m-2 d-1 ) in control cores at each Tx over the 72 day incubation 
period. Top row = L Control Cores 4 & 5 incubated at 7 °C, middle row 
= M Control Cores 9 & 10 incubated at 10 °C, bottom row = H Control 
Core 14 incubated at 14°C. A lot of noise in the oxygen profiles meant 
that it was difficult to find the diffusive boundary layer, therefore DOU 
could not be calculated for a lot of days, hence the gaps in the figures. 
This noise could either be due to genuine signal noise or the 
stratification of oxygen in the water layer just above the sediment 
surface.  Note the difference in y-axis values between the figures. 
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4.3.6 Metal sulphide pools in sediments: Chromium Reducible Sulphide (CRS) and Acid 

Volatile Sulphide (AVS) 

The amount of AVS (mg g-1 sediment dry wt.) in one reference core from the LE1 farm 

sample site at the time of sampling was 29.12 in the 0-1 cm layer and 12.51 in the 1-2 cm 

sediment layer (Figure 4.3.12). The CRS (mg g-1 sediment dry wt.) measured in the surficial 

sediment layers of the sample site was 5.82 in 0-1 cm and 26.82 in the 1-2 cm layer. These 

values will be referred to as the T=start values. The AVS in the top 0-1 cm of the enriched 

temperature treated replicates and the control cores at T=end were all lower than the 

T=start value of 29.12, with the H cores ranging from 0 to 10.12 and the M cores from 8.62 

to 23.54. The AVS measured in all cores after the incubation period in the 1-2 cm was also 

generally lower than T=start, except L core 8 and C1.  CRS (mg g-1 sediment dry wt) in the top 

0-1 cm of the treated cores at T=end was considerably higher than the T=start values and 

the controls, particularly in the M cores ranging from 40.50 in Core 8 to 166.89 in Core 6; the 

increase was to a lesser extent in the H cores with amounts ranging from 17.36 to 29.83. CRS  

(mg g-1 sediment dry wt.) in the 1-2 cm, similarly to the AVS in both sediment layers, was 

generally lower at T=end when compared to T=start (except M core 8) ranging from 0 to 

31.46 in the M cores and 8.42 to 17.34 in the L cores (Figure 4.3.11).  
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Figure 4.3.11  CRS and AVS (mg dry wt.) measured in either the 0-1 cm slice of 1-2 cm slice of each core 
per gram of sediment.  
The figure legend is in the top left with a box containing information about the sulphide species being 
presented in the figure (AVS or CRS) and whether the values are for the top 0-1 cm sediment slice (1) or 
the 1-2 cm sediment slice (2). Each point represents the measure from one sediment sample in one core. 
There are three core replicates incubated at nominal 10 °C and three at nominal 14 °C. 
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Figure 4.3.12 AVS and CRS in the top 2 cm of each core (54.69 cm3) compared to the 
reference core. 

 

 

Figure 4.3.13 Ratio of AVS to CRS in the top 2 cm of each core (54.69 cm3) compared to the 
reference core. 

 

When AVS and CRS in both sediment layers were combined the mass of metal sulphides (mg 

g-1 sediment dry wt.) in the M cores at T=end slightly increased from the T=start values and 

control values (Figure 4.3.11) with an average reduction in ratio of AVS:CRS from 1.27 to 

0.20 ± 0.14 (Figure 4.3.13). An increase in metal sulphides and a reduction in the AVS:CRS 

ratio over the course of the experiment was most pronounced in M replicate Core 6. There 
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was distinct change in the overall metal sulphide amounts in the enriched temperature 

treated cores at T=end, however the average AVS:CRS ratio also decreased from 1.27 to  

0.70  ± 0.11 when compared to the reference core.  
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4.4 Discussion and Conclusions 

In this study, the response of commonly used biogeochemical environmental indicators for 

enrichment (pH, O2 and H2S) were examined in enriched sediment cores incubated at 

different temperatures (7 ᵒC, 10 ᵒC and 14 ᵒC), seasonally relevant (Fehling et al. 2006) to 

Scottish coastal environments. A 72 day incubation period was successfully completed to 

quantify the following biogeochemical parameters after the addition of a single enrichment 

pulse, equivalent to the average monthly feed deposition of an 18 month harvest cycle 

(~3.5kg m-2 month-1) at the sample site: net hydrogen sulphide production, changes to 

organic matter (OM) and organic carbon (OC) content, oxygen flux and the dissociation of 

total free sulphide species.  

4.4.1 Effect of temperature incubation on sediment sulphide levels 

The occurrence of elevated hydrogen sulphide concentration within one to two days of 

adding the enrichment treatments in all temperature groups (L, M, H), indicated that the 

metabolism of bacterial sulphate reducers was rapidly stimulated by the addition of the fish 

feed in the enrichment treatment (Holmer et al. 2003). Low hydrogen sulphide 

concentrations measured in all the control core groups (C1 and C2) confirmed that the 

addition of fish feed was the likely driver of marked increases in hydrogen sulphide 

concentrations measured in the core profiles, up to a maximum of 9508 µM, 10,605 µM and 

14,670 µM in the cores incubated at 7 ᵒC, 10 ᵒC and 14 ᵒC, respectively. It is likely that 

sulphate reduction was the primary organic matter remineralisation pathway used to 

breakdown OM (Jorgensen 1977). Other laboratory and field studies investigating the effects 

of fish feed waste on the biogeochemical functioning of sediments used CO2 production as a 

measure of respiration, comparing this with O2 flux, concluding that CO2 production was 

predominantly due to sulphate reduction (rather than aerobic processes) in sediments 

enriched with fish feed (Valdemarsen et al. 2009; Valdemarsen et al. 2012). 

Total Free Sulphides (TFS) recorded over the 0-2 cm sediment profile reached concentrations  

> 3000 µM in the cores incubated at 7 ᵒC  (max. 3490 µM) and > 6000 µM in the cores 

incubated at 10 ᵒC (max. 9,375 µM) and 14ᵒC (max. 16,622 µM), similar to concentrations 

associated with hypoxic polluted and anoxic grossly polluted fish farm sediments (Hargrave 

et al. 2008).  Daily net hydrogen sulphide production rates commonly ranged from ~100 to 
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~549 µmol d-1 in the cores incubated at 7 ᵒC and ~ 120 to ~ 960 µmol d-1 in the 10 ᵒC and 14 

ᵒC (scaled to 1 L of sediment from the 0.082 L core profile volume). Although the maximum 

concentration and maximum net production of hydrogen sulphide measured within each 

treatment group increased with incubation temperature, there was no significant difference 

between the average net hydrogen sulphide produced in the L, M and H core groups. This 

indicates that sulphate reducing bacteria (SRB) in the cores may be able to maintain 

optimum growth or metabolism at a wide range of temperatures. In temperate climates, 

SRB communities have been found to be dominated by psychrotolerant bacteria able to live 

over a broad temperature range (Robador et al. 2009). Adaptations allow these bacteria to 

maintain higher growth yields at lower winter temperatures (Bakermans & Nealson 2004), 

resulting in a seasonally stable community structure (Mussmann et al. 2005).  

Despite there being no clear evidence that temperature modulates any influences on 

sediment biogeochemistry (O2, pH and H2S) caused by OM enrichment, there was an 

unexpectedly high level of variation in net H2S production within the L and M core groups. 

Core 2 (incubated at 7 ᵒC) and Core 11 (incubated at 14 ᵒC) were dissimilar to the rest of the 

enriched temperature treatment cores, with very low hydrogen sulphide concentrations 

measured throughout the experiment and net hydrogen sulphide production ceasing on day 

22 and day 10 of the incubation period, respectively. Low amounts of hydrogen sulphide 

were unlikely due to lack of sulphate reduction occuring in these cores, as a relatively large 

amount of fish feed was added, likely increasing oxygen demand for OM remineralisation 

above that of the diffusive oxygen supply (Gray et al. 2002). Other studies have also 

recorded low accumulation of sediment pore-water sulphides in enriched sediments 

concomitantly with increased sulphate reduction rates (Valdemarsen et al. 2009). Results 

obtained in this study suggest that seasonal increase in water temperature from 7 ᵒC to 14 

ᵒC could be associated with a potential increase in the maxima of sulphide measures (i.e. net 

H2S production, H2S and TFS concentration) in surficial sediments under the same 

enrichment conditions by ~35 to 78 %. However, physical and/or biological factors other 

than temperature or organic matter input are more influential in effecting hydrogen 

sulphide accumulation and loss (Mayer 1994; Holmer et al. 2003; Valdemarsen et al. 2009; 

Kraal et al. 2013), making pore water sulphide concentration highly variable, even under 

controlled experimental conditions.  
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Large net hydrogen sulphide production rates were often followed by large net loss rates 

and fluctuated greatly over short periods during the experiment. This indicates that 

hydrogen sulphide retention-time in fish farm sediments is short, with up to 50 % losses 

occurring over 2 to 4 days. Hydrogen sulphide losses are likely due oxidation by either 

aerobic or anaerobic processes (Jorgensen & Kasten 2006). In oxic marine sediments, a rich 

layer of iron and manganese typically separates H2S and O2, preventing the oxidation of H2S 

by oxygen (Thamdrup et al. 1994). In enriched sediments, the depth of H2S in the sediment 

becomes increasingly shallow as sulphate reduction becomes the primary OM 

remineralisation pathway in the absence of oxygen in the upper sediment layer (Jorgensen 

1977). This leaves H2S susceptible to oxidation by oxygen or complexation with other 

compounds within the sediment profile (Jorgensen & Kasten 2006).  

Valdemarsen et al. (2009) investigated the accumulation of sulphide in controlled sediment 

mesocosms to find that in sediments containing low amounts of reactive iron, 99 % of 

sulphide was oxidised at the SWI by oxygen. In mesocosms containing higher levels of 

reactive iron, 46 % of sulphide produced was precipitated as FeS with a concomitant 

decrease in oxygen flux. Core 11 (incubated at 14 ᵒC) was one of the H replicates in which 

very low amounts of hydrogen sulphide was measured compared to the other cores, as the 

CRS (largely composed of FeS) pool did not increase in comparison to the reference core, it is 

unlikely that the majority of H2S produced was precipitated with iron (Rickard & Morse 

2005). The other core in which very low hydrogen sulphide production was measured, Core 

2, was not analysed for CRS/AVS due to logistical reasons so the likeliness of H2S oxidation by 

FeS precipitation cannot be commented on.  

The alternative H2S loss pathway is likely to be oxidation with oxygen, either at the SWI, or 

contact with aerobic microniches within the sediment matrix (Glud 2008). The presence of 

benthic macrofauna (Heilskov & Holmer 2003) and/or biofilms (Consalvey et al. 2004) in 

surficial sediments can greatly affect whether H2S comes in to contact with oxygen. 

Variations in sulphide production between replicate cores may have been due to unequal 

advective particle and pore water transport by the bioturbation or bioirrigation of different 

macrofaunal assemblages (Heilskov & Holmer 2003). This could lead to differential hydrogen 

sulphide loss by oxidation, horizontal/vertical diffusion or complexation with intermediate 

products between core replicates (Fossing & Jorgensen 1990). The presence of polychaetes, 
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in particular, has been known to stimulate OM remineralisation in reduced sediments, as the 

creation of burrows aids the transport of oxygen in the overlying water to deeper sediment 

layers (Nordi et al. 2011).  Additionally, variation in sediment particle size not measured in 

this study, may be largely underestimated as a parameter that effects the retention of 

hydrogen sulphide in sediments (Martinez-garcia et al. 2015). Particle size and the presence 

of biofilms, which are likely to be be filamentous mat forming Beggiatoa in reducing 

sediments (Jorgensen & Kasten 2006), influence the cohesiveness of sediments (Consalvey 

et al. 2004), and likely the movement of gases and solutes between sediment layers.  

The frequent oscillation in the rate of net hydrogen sulphide production and loss observed in 

most of the enriched cores indicates that microbial, bioturbation-induced or passive 

processes which govern H2S production and loss are considerably variable within a short 

time frame (Hines et al. 1982; Thrush et al. 1991).  Sediment culture experiments conducted 

by Matsui et al. (2013) revealed that sulphide concentration fluctuations were due to 

discrete periods of remineralisation activity, increasing sulphide concentration from 9mM to 

25mM, irrespective of temperature.  This raises doubts over the reliability of single time-

point sulphide measurements in assessing sediment enrichment level. This study 

demonstrates that TFS concentration in enriched sediments is subject to large fluctuations 

over a matter of days, possibly leading to the premature identification of sediment recovery 

(Keeley et al. 2013a). Natural spatial and temporal variation in benthic macrofaunal 

communities, which may be more pronounced in highly enriched conditions, may also lead 

to the over or underestimation of enrichment due to their influence on OM remineralisation 

and sulphide accumulation (Thrush et al. 1991).  

This study supports the view that apparent seasonal variation in sulphate reduction rates 

(Hall et al. 1990) can only partly be explained by changes in seawater temperature (Holmer 

& Kristensen 1996), as significant differences in net hydrogen sulphide production between 

cores incubated at different temperatures were not evident. As previously mentioned, 

organic matter degradation is not the result of a single chemical process, but a progression 

through several enzymatic reactions resulting from the activity of a large consortium of 

bacteria using or producing numerous terminal electron donors and intermediate 

compounds (Jorgensen 1977; Jorgensen & Revsbech 1983; Karkassis et al. 1999; Burdige 

2006). Seasonal variation in dissolved substrates (acetate, lactate, propionate and formate) 
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which play a key role as intermediates for sulphate reduction, and the ability of different 

SRBs to utilise those substrates, are also important controlling factors for benthic 

metabolism (Alperin et al. 1994; Holmer & Kristensen 1996; Paulo et al. 2005; Bijmans et al. 

2008; Valdemarsen & Kristensen 2010). Under normal conditions, SRBs are substrate limited 

(Westrich & Berner 1984). Increased OM deposition in summer months due to sinking 

phytodetritus from primary production (Thamdrup et al. 1994) stimulates acetate 

production. This acetate pool can become depleted in winter months, usually leading to a 

decrease in sulphate reduction rates if other substrates are either unavailable or not utilised 

(Holmer & Kristensen 1996). Therefore, the continued net production of hydrogen sulphide 

demonstrated in most cores over the course this experiment may have been due to an 

increase in the abundance and diversity of the SRB population (Jorgensen 1977; Mussman et 

al. 2005; Robador et al. 2009) able to utilise different substrate pools as each became 

depleted.  

Alternatively, net hydrogen sulphide production may have been caused by a reduction in the 

processes which govern the loss of H2S in sediments, leading to the accumulation of H2S in 

sediment pore water. This would be the case if H2S production exceeded the availability of 

reactive iron species in the absence of oxygen, or vice versa (Jorgensen & Kasten 2006). It is 

recommended that future studies include microbial analysis, the measurement of 

sedimentary reactive iron pools, and DIC (CO2) to ascertain whether O2 consumption was 

due to sulphide oxidation or aerobic remineralisation (Valdemarsen et al. 2009), to be able 

to conclude which processes drive H2S accumulation or loss in fish farm sediments. 

4.4.2 Hydrogen sulphide dissociation and sulphide speciation  

Incubation temperature did not appear to affect sediment pH. The pH range measured in 

surficial sediments was similar across all enriched temperature treatment core groups (L, M, 

H) over the course of the experiment, typical of those observed in enriched marine 

environments (Hargrave et al. 2008, Taylor et al. 2015). Lower minimum pH was associated 

with peaks in net production of hydrogen sulphide, however, low pH did not always 

correlate with high hydrogen sulphide concentration within the same sediment microlayer 

(0-100 nm slice), as lower hydrogen sulphide concentrations were measured across the 

entire acidic to alkaline pH range of ~5.3 to ~8.5. Sediment pH controls the dissociation of 
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TFS (Jeroschewski et al. 1996), so as expected, considerable dissociation of hydrogen 

sulphide to bisulphide (HS-) occurred between 1 and 20 days after peaks in hydrogen 

sulphide when pH increased. This was particularly prominent in H replicate Core 12, where 

two similarly large TFS peaks were observed. The majority mole fraction of TFS in the first 

peak was hydrogen sulphide, for the second, the majority mole fraction was bisulphide. As 

hydrogen sulphide is the TFS mole fraction toxic to benthic macrofauna (Hargrave 2010), this 

raises concerns over the interpretation of TFS when used for fish farm environmental 

monitoring and assessment purposes, under different pH conditions.  

Enrichment by fish feed, and the anaerobic remineralisation processes which follow, appear 

to have a much stronger influence on pH change than incubation temperature. In coastal 

environments, seasonal and interannual pH variation of up to 1 pH unit have been recorded, 

with broader trends of -0.023 to 0.023 pH units yr-1 (Carstensen & Duarte 2019).  The 

relatively high pH variation in coastal marine systems is largely due to land inputs and 

increases in atmospheric CO2 (He & Sillman 2019).  Environmental modelling and monitoring 

of fish farm sediments should be considered in the context of the aforementioned variability 

as TFS dissociation is pH dependant and large bisulphide pools may be present in fish farm 

sediments. Future enrichment events in slightly more acidic conditions could lead to sudden 

increases in hydrogen sulphide concentration, depending on the residence time of HS- pools 

in sediments and the complexation of bisulphide with iron compounds (Rickard & Morse 

2005), which is a precursor to the reductive dissolution of ferric hydroxides (Peiffer et al. 

2015). 

An increased amount of bisulphide in sediments has implications on the formation of iron 

sulphide intermediates and pyrite formation pathways in sediments, depending on the 

availability of iron (Rickard & Morse 2005). In an excess of iron species, the formation of AVS 

(mostly FeS) in sediments has been recorded to occur over a period of two to eight hours 

and relatively rapid pyrite formation within a timescale of days and weeks (Peiffer et al. 

2015), therefore the considerable AVS formation of 35 to 155 mg g-1 sediment (dry wt.) 

recorded here was possible over 72 days, particularly under forced sulphidic conditions.  

The ability to draw conclusions from this study about the speciation of sediment sulphides 

(AVS and CRS) in response to seasonal temperature change are limited due to analysis 
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relying on one reference core. However, an increase in CRS (mostly FeS2) in the surface 

sediment layer 0-1 cm, and decrease in AVS:CRS ratios in M cores where consistently high 

amounts of hydrogen sulphide were measured, suggests that pyrite formation occurred via 

the hydrogen sulphide pathway (Schippers & Jorgensen 2002), more so in cores incubated at 

10 ᵒC, particularly M replicate Core 6. It may be that pyrite formation rates or iron 

availability, (not measured in this study) were limited (Kraal et al. 2013) in the H cores 

incubated at 14 ᵒC, as similarly high amounts of hydrogen sulphide were available for pyrite 

formation but lesser increases in CRS formation were observed. 

4.4.3 Effect of temperature on the diagenetic capacity and organic matter content of 

sediments 

The assimilative capacity of the sediment for OM in the 0-1 cm layer was considerably higher 

in the cores incubated at 14 ᵒC than the cores incubated at 7 ᵒC. Organic matter content in 

the 0-1 cm slice of the 14 °C incubated cores returned to amounts similar to that measured 

in the control cores (where low OM or nothing was added). The OM content in the 0-1 cm of 

the 14 °C incubated cores was greatly reduced by the end of the experiment when compared 

to core groups incubated at cooler temperatures, suggesting that nearly all of the organic 

matter added in the enrichment treatment was remineralised after 72 days.  Residual OM 

from the enrichment treatment remained elevated in the 0-1 cm slice of the M (p < 0.05) 

and L cores, suggesting that at low winter temperatures reduce the rate of organic matter 

remineralisation processes in fish farm sediments. This is supported by Arnosti et al. (1998) 

who found that the highest rates of oxygen consumption and sulphate reduction occurred at 

the warmest sites tested. 

The elevated end point OM content in the 0-1 cm layer of cores incubated at 7 °C and 10 °C 

was associated with slightly higher TFS (µM) at the end of the experiment compared to the 

cores where TFS returned to pre-enrichment levels.  As the cores were sampled during 

winter, where annual sea water temperatures were at their lowest (Nov-Jan), you would 

expect that compositional or physiological changes to the bacterial community would have 

occurred in favour of optimal anaerobic organic matter mineralisation at temperatures 10 °C 

or lower, possibly in favour of psychrophiles which are able to tolerate extreme temperature 

changes (Robador et al. 2009). This study demonstrated improved organic matter 
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remineralisation rates at warmer summer temperatures (14 °C), despite ~10 °C being 

measured at the time of sampling, and it is likely that greater organic matter 

remineralisation was due to improved thermodynamics and kinetics associated with reaction 

rates (Arnosti & Holmer 2003). This is in agreement with Arnosti et al. (1998), where optimal 

OM remineralisation temperatures were always found to be well above ambient seawater 

temperature. Further microbial investigation of the sediment would be required to confirm 

whether short term seasonal temperature change induces modifications to bacterial species 

composition, abundance, or physiology in fish farm sediments for optimal OM 

remineralisation (Knoblauch & Jorgensen 1999). 

Significant increases in the OM content of the 1-2 cm core slice of the M cores incubated at 

10°C may be due to the fact that the 1-2 core slice included some of the 0-1 cm slice, and 

residual amounts of OM from the enrichment treatment which had not been remineralised. 

This may have been due to errors made when slicing the cores after the incubation period. 

Alternatively, macrofaunal bioirrigation or bioturbation may have occurred to a greater 

extent in the core incubated at lower temperature, actively transporting and mixing some of 

the highly enriched sediment in the 0-1 cm layer to the 1-2 cm layer over the course of the 

experiment (Kristensen et al. 1992; Keeley et al. 2012b).  

Tabuchi et al. (2010) recorded temperature-induced de-coupling in sediments incubated at 

temperatures ranging from 7 °C and 28 °C.  A different sulphate reducer response was seen 

at lower temperatures (<13 °C), attributed to the lack of complete oxidation of low 

molecular weight compounds, a characteristic of labile carbon remineralisation by acetate 

oxidation. The 13 °C threshold for the activity of distinct sulphate reducer functional groups 

in sediments may explain the finding that OM pools were exhausted in the sediment cores 

incubated at 14 °C but not those at 10 °C or 7 °C, after an influx of labile organic matter. 

Again, further examination of the abundance of different SRB species in the cores would be 

required to conclude whether OM remineralisation was limited by the inability of the 

microbial community to metabolise different substrates at different temperatures (Matsui et 

al. 2013). 

Seasonal variations in average DOU measured in temperate coastal sediments are usually 

governed by light and nutrient availability, increases in which cause a rise in the occurrence 
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of plankton blooms and their resulting sedimentation (Olesen & Lundsgaard 1995). Large 

immediate increases in DOU are common as a result of increased organic matter deposition 

(Glud 2008).  This was seen in a few cores at day 10, but not in Core 13 where a gradual 

increase in DOU was measured over a number of weeks; the latter being an unusual 

response to a single sudden high level enrichment event. Increases in benthic oxygen fluxes 

are often followed by a gradual decline over a number of days or weeks (Thamdrup & 

Fleischer 1998).  Again this was dissimilar in all the enriched temperature treatment cores, 

where calculated DOU flux oscillated regularly, with immediate returns to lesser DOU levels 

after a peak. The range of DOU measured in the cores was within the seasonal range usually 

measured in coastal sediments, without anthropogenic organic matter inputs, in response to 

plankton bloom sedimentation of 8 to 30 mmol m-2 day-1 (Glud 2008). Considering the 

amount of OM in the enrichment treatments, far higher oxygen fluxes would have been 

expected indicating some limitation to oxygen supply in the cores.  

Gaps in the DOU data were caused by significant levels of noise in the oxygen concentration 

profiles. Significantly elevated OM content remaining in the surficial sediment (0-2 cm) of 

cores incubated at 10 °C may have been due to limited oxygen availability and reduced 

aerobic remineralisation due to the stratification of the overlying water layer (Rasmussen & 

Jorgensen 1992; Cowan et al. 1996), which would explain the noise seen in the oxygen 

sediment profiles (Taylor et al. 2015). Whilst the magnitude of oxygen flux calculated may be 

subjective (see Chapter 3, section 3.3.4) the relative patterns of increased or decreased 

oxygen flux were comparative between core replicate groups, revealing stronger 

associations between higher DOU flux and higher maximum amounts of hydrogen sulphide 

measured in the cores incubated at 14 °C. This suggests that greater rates of aerobic and 

anaerobic remineralisation may have occurred in the cores incubated at warmer 

temperatures when compared to the other core groups, exhausting the OM pool in the 

surficial layer. However, it is not possible to quantify OM remineralisation by aerobic or 

anaerobic metabolic processes due to the many gaps in the DOU data, and also because it is 

not possible to know whether oxygen consumption was used for the breakdown of OM or 

the oxidation of reduced remineralisation products (Jorgensen 1977). 
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4.4.4 Limitations of the study and recommendation for future research 

The quantification of key biogeochemical parameter response to an organic enrichment 

pulse at seasonally relevant temperatures was largely limited by replicate number, as three 

replicates was evidently not sufficient to produce reliable group means with the high level of 

background environmental variation occurring at the site. A maximum of 15 cores were able 

to be analysed within ~12 hours due to the time it took to complete one sediment profile 

with the microelectrodes (~40 minutes). To allow an increased number of replicates, two 

sets of replicates could be measured over two days consecutively in the same environment, 

doubling the number of replicates from three to six and maintaining a similar time lapse 

between each replicate measurement. Equally, the number of reference cores and reference 

measurements taken would need to be the same as treated replicates to enable more 

reliable interpretations of the data and simple statistical significance of any differences 

between data sets to be established.  

A second limitation of the experiment was the addition of material affecting the 

representation of the in situ 0-1 cm sediment profile. To enable an even spread of material 

across the sediment surface, avoiding horizontal heterogeneity and simulating early 

diagenetic processes, the ground fish feed was combined with 10 g of surficial grab 

sediment. This added approximately 1 cm to the surface of the sediment, a significant 

addition to the sediment profile. The top 1 cm consisted of surficial sediment found at the 

site at the time of sampling, and therefore a similar assemblage of biotic and abiotic factors, 

but the vertical profile and any stratification of these will have been disturbed, the effect of 

which on biogeochemical measures recorded is unknown.  This is somewhat unavoidable as 

simulating carbon input by cage effluents must include the addition of material to 

experimental systems. In future, less surficial sediment may be used and the feed ground 

more finely to increase the homogeneity of OM deposition across the surface of the 

sediment core while decreasing the alteration of the depth profile. Alternatively, this 

method could be validated by comparing biogeochemical profiles in cores subject to 

experimentally forced enrichment, via the addition of fish feed, with those from naturally 

occurring depositional environments. Concomitant measures of sedimentation rate prior to 

extraction in the naturally enriched samples would allow carbon and organic matter input of 

the cores to be calculated.  
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It is important to note that it would not be appropriate to translate the effect of short term 

seasonal temperature variation recorded in this study to long-term temperature increases 

induced by climate change, and perhaps limits the use of this data in paleoceanographic 

models.  The carbon cycling in deep sediments along long term climatic trends will strongly 

depend on a better mechanistic understanding of the difference between the short and 

long-term effect that temperature change has on organic matter degradation. A series of 

field experiments over a number of harvest cycles would be more appropriate to infer the 

effect of annual and interannual temperature change on key biogeochemical parameters 

used to assess enrichment level. The analysis of bacterial community composition and 

abundance alongside biogeochemical parameters would also give a more detailed 

understanding of the mechanisms and pathways for organic matter mineralisation in 

reducing sediments. Measuring the availability of key reactants and products associated with 

aerobic and anaerobic OM remineralisation (ie. sulphate, iron intermediates, sulphide, 

oxygen, pyrite, methane, dissolved inorganic carbon and organic carbon and organic matter) 

would also be advised to explain any biogeochemical changes in response to temperature 

change or OM deposition. 

The other key chemical reaction process linked to organic matter mineralisation in anoxic 

marine sediments that utilises pore water sulphate is the anaerobic oxidation of methane 

(AOM) diffusing upward from the methanogenic zone (Borowski et al. 1999; Meister et al. 

2013).  Methanogens (microorganisms responsible for the mediation of methanogenesis) 

are usually outcompeted for substrates by sulphate reducing bacteria (SRB), but any 

inhibition of SRBs allows the production of methane in sediments.  Establishing whether 

AOM occurs beneath fish farms, at what depth, and the level of coupling with sulphate 

reduction (Reeburgh 1976) would increase our understanding of its influence on the 

biogeochemical parameters used to measure enrichment level.  

4.4.5 Concluding remarks and biogeochemical endpoints on relation to temperature 

change 

Changes in temperature and pressure (water depth) are known to affect microbial activities 

and thermodynamic equilibria (Middelburg et al. 1993) which are closely linked to anaerobic 

organic matter degradation in reducing sediments. Despite sediment samples being under 



 
Chapter 4 Quantifying the effect of temperature on sediment biogeochemistry 

274 
 

controlled conditions and high levels of enrichment, the hydrogen sulphide concentrations 

measured in enriched cores incubated at different temperature incubations was highly 

varied. Statistically significant evidence that net hydrogen sulphide production is influenced 

by incubation temperature was not found, and high standard deviation between treatment 

groups casts doubt over the repeatability of results and applicability of results to larger 

populations. However, quantifying the level of variation in benthic environments beneath 

fish farms is an important observation in the context of environmental monitoring 

programmes and the techniques used to summarise and categorise natural environments.  

Whilst there was significant variation, the maximum measures of hydrogen sulphide 

concentration, net hydrogen sulphide production, TFS and oxygen flux in each treatment 

group appeared to increase with temperature. Also, the assimilative capacity of the 0-1 cm 

sediment layer for OM added was greater when cores were incubated at temperatures 

associated with summer months (14 °C) than cooler temperatures found in autumn and 

winter (10 °C, 7 °C). Cores incubated at cooler temperatures were associated with 

considerably elevated OM content (% dry wt.), and marginally elevated TFS (µmol) and H2S 

µmol at 72 days after a single enrichment pulse was added to the cores. The pH dramatically 

decreased to levels ~ pH 5 in all enriched temperature treatment cores but returned to 

normal seawater levels (pH ~8.2) by day 72. Overall amounts of AVS (iron monosulphides) in 

surficial sediments declined over the course of the experiment whereas CRS (iron 

polysulphides) in the top 0-1 cm of all cores, particularly the cores incubated at 10 °C, 

increased. 

The possible implications of these findings in the context of aquaculture are that increased 

re-impact rates may occur, but not consistently, following fish farming activities that have 

occurred at cooler temperatures, with winter farming activities requiring longer recovery 

periods than those conducted during the summer months. 
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4.5 Appendix 1 

 

 

 

Figure 4.5.1 Hourly temperature log data. L core incubation at 7 ˚C for Cores 1-6 (tank 1), no heater used as the temperature of the CT room was used to cool the water, 
temperature fluctuations are due to the incoming water (St.Dev  0.77, Mean  7.89, St. Err 0.02).  M core incubation at 10 ˚C for Cores 6-10, the cores were moved to a backup 
tank (tank 2 to 3) set to the same temperature on 13/03/15 due to a power failure (St.Dev  0.64, Mean  9.54, St. Err 0.02).  H incubation at 14 ˚C for Cores 11-15, cores were 
moved to a backup tank (tank 3 to 4) set to the same temperature on 13/03/15 due to power failure (St.Dev  0.32, Mean  13.00, St. Err 0.01).  Legend in the bottom right. 
Annotations on the graph identify the reason for temperature fluctuations. 
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4.6 Appendix 2 

Table 4.6.1 Table showing the biomass and feed input to the farm sample location in the harvest period 
before and during sampling. Information is provided here to gain an appreciation of the previous 
enrichment and the enrichment level of the sediment at the time of sampling. 

 

Harvest cycle 
and sampling 

point Month/Year 
Biomass 
(tonnes) 

Feed 
(kg) 

Estimated feed falling 
through cage to sea 

floor kg1m-2* 

 
 
 
 
 

Harvest cycle 1 
 

18months 
prior to sampling 

event 

May 2012 43 28,749 0.9 

June 2012 67 29,375 1.0 
July 2012 126 55,987 1.8 

August 2012 200 80,538 2.6 
September 2012 268 98,250 3.2 

October 2012 392 117,997 3.9 
November 2012 459 99,198 3.2 
December 2012 559 107,945 3.5 

January 2013 594 90,813 3.0 
February 2013 649 90,696 3.0 

March 2013 735 128,516 4.2 
April 2013 807 108,395 3.5 
May 2013 943 178,805 5.9 
June 2013 989 190,013 6.2 
July 2013 889 202,119 6.6 

August 2013 956 206,283 6.8 
September 2013 813 116,954 3.8 

October 2013 418 19,017 0.6 

Fallow period 1 
5 months 

November 2013 to 
March 2014 

0 0 0 

 
 
 
 
 
 

 
 

Sampling month 
 

Harvest cycle 2 
 

18 months 
cycle in which 

sampling event 
occurred 

April 2014 28 12,985 0.4 
May 2014 53 24,443 0.8 
June 2014 100 43,760 1.4 
July 2014 178 79,792 2.6 

August 2014 258 85,021 2.8 
September 2014 349 131,531 4.3 

October 2014 454 128,896 4.2 
November 2014 564 162,676 5.3 
December 2014 615 103,718 3.4 

January 2015 700 105,965 3.5 
February 2015 778 122,195 4.0 

March 2015 873 146,500 4.8 
April 2015 938 224,691 7.4 
May 2015 980 177,116 5.8 
June 2015 999 292,835 9.6 
July 2015 981 254,527 8.3 

August 2015 998 152,236 5.0 
September 2015 474 8,402 0.3 

Fallow period 2 
3 months 

October 2015 to 
December 2015 

0 0 0 

*based on an equivalent seabed deposition area the same size as 9 cages (4583.7 m2) and assumes that 

15% of the feed input not eaten or egested reaches the seafloor with no spread of cage effluent and an 
even deposition. 
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5.1 Introduction to discussion 

One of the major factors limiting the increase of aquaculture production in Scotland is the 

production of hydrogen sulphide in sediments beneath farm cages. Waste fish feed and 

faeces deposition from cages causes a shift to anaerobic remineralisation, producing 

hydrogen sulphide as a result. Prior to the commencement of research described in this 

thesis, salmon fish farm monitoring focussed largely on the use of a basic suite of indicators 

to characterise organic matter enrichment in fish farm sediments (SEPA 2018). Researchers 

in Canada made strong recommendations for the use of total free sulphides (TFS) and redox 

as key indicators of benthic enrichment on the basis that specific changes in sediment 

chemistry drive ecological response, such as macrofaunal death or migration, which has 

implications on the ability for benthic ecosystems to assimilate organic matter effluents from 

farm cages (Wildish et al. 1999; Wildish et al. 2001; Brooks et al. 2004; Chang et al. 2014; 

Wildish et al. 2004).  

In the absence of solutions to prevent the deposition of fish waste and fish faeces to the 

seabed, hydrogen sulphide concentrations must be managed through the monitoring of 

environmental impact indicators and use of predictive deposition models (DEPOMOD) to 

decide maximum biomass limits for fish farm cages (SEPA 2018). Observed deviations from 

well-known models for macrobenthic succession (Pearson & Rosenberg, 1978), inaccurate 

impact predictions and uncharacteristically high and sustained levels of TFS at some sites 

prompted questions surrounding the influence that labile organic matter input has on the 

fate of sulphide; a primary product of sulphate reduction which is the dominant pathway for 

organic matter remineralisation in enriched marine sediments (Jorgensen 1977, 1982; 

Jorgensen & Kasten 2006; Jorgensen & Parkes 2010). The importance of identifying transient 

and permanent biogeochemical endpoints (e.g. increased OM or OC content, hydrogen 

sulphide concentration and changes to pools of iron monosulphide or pyrite) to organic 

enrichment was recognised by the creators of DEPOMOD, the primary tool used for 

predicting organic matter deposition to sediments beneath fish farms (Cromey & Black 2000; 

Cromey & Black 2002a; Cromey et al. 2002b). As a result, a biogeochemical module is 

currently being developed to address the lack of existing correlations between organic 

matter input and sulphide concentration in fish farm sediments (Chang et al. 2012, 2014). 

This was a key driver for the development of research in this thesis, which aims to improve 
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our understanding of the role and fate of sulphide in sediments in response to organic 

enrichment by fish farm waste, giving insights into the reasons for variation in impact and 

recovery rate between different sites. 

The overarching aim of this thesis was to 1) find quantitative relationships between fish feed 

deposition and key biogeochemical impact indicators, and 2) assess the suitability of OM 

deposition as a predictor for ecologically relevant biogeochemical variables such as pH, 

hydrogen sulphide and oxygen. This was motivated by the lack of consensus in the literature 

as to whether there is a quantitative relationship between sediment sulphide concentration 

and fish farm cage waste deposition (Keeley et al. 2012a). Another motivation was to obtain 

quantitative biogeochemical information of fish farm sediments enriched with different 

amounts of fish feed to improve the predictive capability of deposition models, such as 

DEPOMOD (Cromey et al. 2002a, 2002b). A central theme to this thesis was to focus on the 

sulphur cycle, specifically the transformations of sulphide and sulphur compounds in 

sediments in response to organic matter load, as at present, robust and defensible 

information is not available for some of the key model parameters relating to organic 

enrichment. 

5.1.1 Assessment of methods for measuring sulphide 

In Chapter 2, it was established that current methods for measuring TFS in sediments (i.e. 

the ISE macroelectrode and SAOB buffer protocol described by Brown et al. 2011) do not 

provide useful analytical information about the sulphur biogeochemistry during sediment 

enrichment. This is largely because the source of sulphide compounds measured using this 

method is unknown, as the protocol required the addition of a strong alkali buffer (SAOB) 

which most likely causes the release of particle bound sulphides. On short (<1 hour) and long 

(>24 hours) timescales, contact between sediment samples and SAOB resulted in marked 

increases and decreases in the concentration of TFS in sediments. This finding did not 

invalidate the use of the ISE macroelectrode method as a tool for fish farm management, as 

strong correlations have been made between sediment sulphides and common biotic indices 

for characterising environmental enrichment level using this method (Wildish et al. 1999; 

Hargrave et al. 2008). However, precision methods for measuring sediment sulphide, more 

appropriate for quantitative research and environmental monitoring purposes, were 

explored. 
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The potential use of Diffusive Gradients in thin Films (DGTs) in fish farm sediments as an 

analytical and quick visual tool for measuring sediment sulphides, alternative to the method 

described by Brown et al. 2011, was demonstrated. Further development of this method 

was limited by lack of supply from manufacturers in Lancaster (Zhang & Davidson 1999, 

2001). To validate the use of DGTs in fish farm monitoring, further work needs to be done to 

correlate gel pigment pixel density with ecologically relevant concentrations of sulphide at 

different fish farm sites. The resolution at which DGTs can detect fine scale biogeochemical 

processes also needs to be tested. DGTs have been proven as a useful method for measuring 

sediment sulphide and metal concentrations in other marine and estuarine environments to 

sub-micro molar accuracy (Gao et al. 2015). However, in the case of highly reducing fish farm 

sediments, the ability to distinguish gel colour change at much higher concentration ranges 

(1500 µM, 3000µM and 6000µM) is the issue. Rapid gel saturation occurred in known 

concentrations of sodium sulphide solutions, and concentrations above ~3000 µM could not 

be accurately identified. Further studies would need to identify the optimum gel thickness 

required for measuring ecologically relevant sulphide concentrations in fish farm sediments, 

ensuring that rapid gel saturation is prevented within a practical deployment time. 

Due to their accuracy, precision and ability to measure biogeochemical changes without 

disturbing the sediment profile or homogenising surficial sediments, microelectrodes were 

used throughout the thesis. Microelectrodes were deemed more suitable to measure high 

resolution biogeochemical changes in fish farm sediment cores, subject to varying organic 

enrichment treatments at different incubation temperatures.  

5.1.2 The effect of temperature and organic enrichment level on sediment sulphur 

biogeochemistry  

The effect of organic enrichment level and seasonal temperature on sediment sulphur 

biogeochemistry was examined in Chapter 3 and Chapter 4, using ex situ sediment core 

incubations and artificial ‘enrichment treatments’ (similar to that of Valdemarsen et al. 

2009) to simulate the depositional environment of fish farm sediments. Sequential 

experiments were conducted to assess the effect of 1) fish feed enriched material ranging 

from 19-70 % organic matter (dry wt.) (5.5 to 35 OC % dry wt.), and 2) seasonal temperature 

ranging from 7 ᵒC to 14 ᵒC, on sediment biogeochemistry relating to the anaerobic 

mineralisation of carbon.  The ability to compare and contrast each of these studies is 
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limited as the microbiome associated with OM remineralisation in each set of sediment 

samples is likely to be different, as they were sampled at different times of the year. It has 

been suggested that annual variation in sulphate reduction rate is due a change in the 

abundance and diversity of bacterial assemblages associated with sulphate reduction in 

response to seasonal temperature change (Sampou & Oviatt 1991a; Holmer & Kristensen 

1996; Feller & Gerday 2003).   

Despite the large amount of OM added to cores in both the ‘enrichment’ and ‘temperature’ 

incubation experiments, a high level of variation in hydrogen sulphide concentration was 

evident. This variation was often higher within group replicates than between them, 

reducing the ability for sound conclusions to be made from the dataset. For example, the 

potential maximum concentration and net production of hydrogen sulphide increased with 

temperature, however, very low concentrations measured in two replicates (Core 2 and 11) 

meant that temperature was not found to have a significant influence on average net 

hydrogen sulphide production. Additionally, the maximum concentration and net production 

of hydrogen sulphide also increased with the fish feed content of three enrichment 

treatments added to the cores. Despite the fish feed being added in a log scale, only the 

treatment containing a mass of fish feed one and two orders of magnitude greater than the 

other treatments produced significantly higher net amounts of hydrogen sulphide, largely 

due to very large concentrations measured in one core replicate (Core 15).  

Increased organic matter input and warmer seasonal temperature have been associated 

with increased sulphate reduction rates (Jorgensen 1977; Hargrave et al. 1998; Hargrave et 

al. 2008; Homer & Kristensen 1996), leading to increased production of hydrogen sulphide 

(Jorgensen 1977). However, this study investigated the ‘net’ hydrogen sulphide production, 

representing the balance between the processes which govern the production and loss of 

hydrogen sulphide. This highlights that the accumulation of hydrogen sulphide in sediments 

is extremely variable, and, as discussed in previous chapters, may be influenced by 

macrofaunal activity (Hines et al. 1982; Berner & Westrich 1985; Kristensen et al. 1992), 

sediment cohesiveness (Paterson 1997), the presence of biofilms (Jorgensen & Revsbech 

1983; Consalvey et al. 2004) and reactive iron (Holmer & Kristensen 1994; Rickard & Morse 

2005). Factors which affect hydrogen sulphide accumulation and residence time within 
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surficial sediments should therefore be investigated, and considered in the context of fish 

farming and predictive environmental impact models. 

The rapid net production and loss of hydrogen sulphide and TFS in sediments causes some 

concern over the use of point measures of this variable as an estimate for organic 

enrichment level. The likely result is that overestimations or underestimations of sediment 

enrichment level will occur, depending on the timing and frequency of sampling. This is 

concurrent with field observations where TFS and redox have primarily been used as 

indicators for enrichment level (Keeley et al. 2015a). This confirms that holistic and 

multivariate approaches to environmental assessment of fish farm sediments is a more 

reliable method for establishing enrichment level (Keeley et al. 2015b).  

General trends and observations in the diagenetic capacity of fish farm sediments were as 

follows. Carbon remineralisation rates were higher at warmer incubation temperature 

(14ᵒC), allowing complete remineralisation of added organic material even at the highest 

level of enrichment which was equivalent to a month’s worth of feed deposition at 3.5 kg m2 

month-1. At lower temperatures (10ᵒC) and very high enrichment levels (10 g fish feed), both 

independent experiments showed significant evidence that incomplete carbon 

remineralisation occurs within ~3 month of OM deposition, similar to the minimum fallow 

period sometimes practiced (Chapter 4, Appendix 2, Table 4.6.1) . Background levels of 

carbon at 72-92 days after the addition of enrichment material remain elevated despite 

rapid and intense stimulations of anaerobic remineralisation by sulphate reduction. As 

anaerobic remineralisation is generally less efficient than aerobic remineralisation processes 

(Holmer 1999), by up to an order of magnitude, this is as expected. Evidence of OM 

accumulation in surficial sediments goes someway to explain why cumulative impacts occur 

after successive fish farm harvest cycles (Keeley et al. 2015a), i.e. why organic matter in fish 

farm sediments do not often return to background levels until the summer months.  

Another observation between the two experiments was that pyrite formation occurred in 

the sediment samples collected for the ‘enrichment’ experiment and not the ‘temperature’ 

experiment. Considering that both samples were from the same site, this suggests that 

reactive iron species availability in sediment may have changed from August 2014 to January 

2015. The relative pools of metal-sulphur compounds has implications on the long term 

recovery of fish farm sediments. In contrast, the ‘enrichment’ experiment sediment samples 
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collected earlier showed a slight indication for the formation of metastable iron 

monosulphides. This has implications on the eventual fate and burial of sulphide in 

sediments (Rickard & Morse 2005; Schippers & Jorgensen 2002).  

The minimum sediment pH recorded in sediments was not affected by temperature change 

but was affected by organic matter input. This information, with the concomitant increase in 

net production of hydrogen sulphide in highly enriched cores where lower pH was recorded, 

confirmed that sulphate reduction is a key driver for the lowering of pH in sediments. Hence, 

at high levels of enrichment between 7 ᵒC-14 ᵒC, hydrogen sulphide intermittently became 

the significant portion of TFS measured. This explains why certain TFS thresholds are 

associated with more polluted environments (Hargrave et al. 2008) and changes to biotic 

indices, as a higher mole fraction of hydrogen sulphide is more likely to cause macrofaunal 

death, migration or behavioural change (Wang & Chapman 1999).  

The effect of organic matter input and temperature on the depth and range of hydrogen 

sulphide concentrations is an interesting consideration in the response of macrofaunal 

species to reducing conditions. The amount of time and depth at which hydrogen sulphide 

concentrations remain above environmentally-relevant thresholds is likely to be an 

important factor in macrofaunal assemblage change (Wang & Chapman 1999; Rosenberg et 

al. 2002), and is currently not included in macrobenthic succession models. These two 

observations may account for the fact that some TFS measures do not result in the predicted 

macrofaunal response or re-introduction after impact (Maurer et al. 1993; Brooks et al. 

2004; SEPA 2015) and suggest that higher resolution measurements of TFS within the 

surficial sediment profile may be useful in predicting macrofaunal response. The Ecological 

Relevance Value (ERV), presented in Chapter 3 (Figure 3.3.12), was used to quantify the 

relative habitability of the enriched surficial sediment environment in response to organic 

enrichment, taking into account the sediment volume in which increased TFS concentrations 

were measured. Three sediment core replicates, each treated with the highest fish feed 

enrichment treatment at the same temperature, had an ERV within a different impact 

category.  This suggests that the magnitude and depth range of TFS concentrations may have 

an influence on macrofaunal death or migration. Further evidence of correlations between 

hydrogen sulphide production depth and the causes of macrofaunal assemblage change 

would be needed to confirm this. Additionally, as current methods for measuring TFS use 
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homogenised surficial sediments, it is likely that maximum concentrations are diluted, 

underestimating the impact on local ecology. 

5.1.3 Considerations for future fish farm environmental monitoring, modelling and 

management 

An unforeseen outcome of this research was the quantification of large amounts of 

biogeochemical variation in fish farm sediments subject to relatively high organic 

enrichment loads, in highly controlled environments. Whilst seasonal temperature and 

organic enrichment level appear to govern the potential maximum range of hydrogen 

sulphide and TFS production, other biotic and abiotic factors are equally important in 

controlling the accumulation of sulphide in sediments (Hines et al. 1982; Jorgensen & 

Revsbech 1983; Berner & Westrich 1985; Kristensen et al. 1992; Holmer & Kristensen 1994; 

Consalvey et al. 2004). Organic matter deposition and seasonal temperature are not 

sufficient predictors for relative biogeochemical change in fish farm sediments.   

Significant heterogeneity in shallow coastal systems is often recorded as they receive 

variable organic matter loads from a number of sources subject to strong temporal and 

seasonal variability (Cathalot et al. 2012). The quality and quantity of organic matter, 

substrate availability (Holmer & Kristensen 1996), and availability of reactive iron species 

(Rickard & Morse 2005) is likely to affect biogeochemical responses to enrichment 

(Valdemarsen et al. 2012) within short spatial and temporal scales. This highlights the 

importance of increasing sediment sample number and frequency during enrichment events 

to avoid the overestimation or underestimation of environmental impacts.  

This study also highlights important aspects of biogeochemical response that are relevant to 

the accuracy of current industry protocols and methods for characterising enrichment stage. 

Fluctuations in minimum pH measured over the incubation period were associated with high 

levels of hydrogen sulphide dissociation to bisulphide ions. Therefore, the majority mole 

fraction of TFS measured within 72- 92 days of OM deposition was largely composed of 

bisulphide ions on most observation days. Larger TFS concentrations did not always 

correlate with increases in sediment hydrogen sulphide concentration. As hydrogen sulphide 

is the ecologically relevant component of TFS (Wang & Chapman 1999), toxic to benthic 

macrofauna, influencing whether macrofaunal abundance and diversity change is due to 

migration or death (Rosenberg et al. 2002), the relevance of TFS in assessing environmental 
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impact is questioned. Evidence of large fluctuations in hydrogen sulphide concentration over 

the 0-2 cm profile also suggests that taking sulphide measurements from homogenous 

sediment samples is likely to dilute maximum hydrogen sulphide measurements, leading to 

the underestimation of sediment toxicity and enrichment stage.  

Significantly elevated levels of OM and OC remained in surficial sediments up to ~3 months 

after a single organic matter deposition event. This duration is similar to the length of fallow 

periods often practised, as pressure to increase salmon production may encourage relatively 

rapid re-introduction of farming activity. To avoid cumulative impacts after repeated harvest 

cycles (Keeley et al.2015a), leading to the rapid re-introduction of reducing conditions, it is 

recommended that organic matter content of sediments within the depositional zone are 

appropriately monitored to ensure the fallow period has allowed for the sufficient 

remineralisation of OM.  

The biogeochemical variation observed in sediments subject to a wide range of organic 

matter loading over seasonally relevant temperatures provides evidence that OC or OM flux 

alone is not a reliable or accurate predictor of sediment sulphide concentration.  It is 

important to incorporate more information into environmental impact models about the 

physical, biological and chemical processes which drive hydrogen sulphide production and 

loss. The data set produced in this study, in combination with published values of 

biogeochemical process rates (Alperin et al. 1994; Kristensen & Hansen 1995; Bijmans et al. 

2008), provides a basis on which simplistic model simulations can be developed to assess the 

influence of organic matter input, seasonal temperature and net sulphide production on 

ecological response. A large data set was created to high resolution which can be used to 

assess the accuracy of model outputs in different scenarios. Unfortunately, the incorporation 

of this data into simple diagenetic models was not possible within the timeframe of this 

thesis. This would be an important step forward in our understanding of the deviations that 

occur between farm settings and predicted model outputs. Increasing the predictive 

accuracy of fish farm impact models is not only important from an environmental 

conservation perspective, but may help to improve the historically poor public perception of 

the aquaculture industry in managing environmental impacts. 

Good environmental monitoring must be sensitive to change, relevant (the correct suite of 

biological, chemical and physical indicators that can identify different levels of impact) and 



Chapter 5 Discussion 

286 
 

responsive (provide thresholds and triggers as a working reference) (Keeley 2013). 

Linearising biogeochemical response to organic enrichment for the use in models comes 

with inherent inaccuracies that result from the simplification of key processes, the 

complexity of which is demonstrated by the level of variation measured in this study. 

Understanding whether differences in microbial or macrofaunal assemblage influenced the 

biogeochemical variance measured in this study will require the unravelling of feedback 

mechanisms, food web interactions and competitive relationships (Middelburg & Levin 

2009). However, the use of single biotic and abiotic indices to assess environmental 

enrichment stage is generally accepted and globally applied (Borja et al. 2000; Rosenberg et 

al. 2004). Relationships within different communities can be driven by multivariate 

influences, for example, the availability of substrates or sediment characteristics (Rakocinski 

et al. 1997).  It is important to note that specific characteristics of the local marine 

environment, such as salinity, can affect the sensitivity or tolerance of organisms to 

biogeochemical change (Zettler et al. 2013). This highlights that sediment recovery should be 

managed on a farm by farm basis, making management decisions based on sufficient (and 

recent) local baseline data to describe the ‘biogeochemical state’ of sediments. 

5.1.4 Use of fish farm systems in the development of paleoceanographic models 

Since a considerable amount of organic matter degradation is mediated by microorganisms 

over thousands and millions of years (Jorgensen & Kasten 2006) the total microbial biomass 

production summed over time may be a significant fraction of the organic matter buried 

over long time periods. The amount of microbial biomass produced depends on the 

operative growth yield of the microorganism, and which component of the organic matter 

being mineralised is incorporated into cell biomass. In situ growth yields in response to 

intensive biogeochemical cycling are unknown and fish farm sediments have been 

demonstrated here as suitable study systems for reducing environments, similar those that 

existed during the oxygenation of our oceans. The high level of organic matter input to these 

sites may encourage the use of available energy for growth rather than maintenance, and 

the effect that this has on the paleoceanographic record could be established in future work 

using fish farm as study systems. 
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5.1.5 Recommendations for future research  

Below is a list of key recommendations for the future quantitative study of sediment 

biogeochemistry in enriched fish farm sediments using micro-electrodes: 

5.1.5.1 General improvements to experimental design 

• To confirm and add to the findings of this research a full scale study of fish farm 

sediments over a number of harvest cycles (under different flow environments, 

sediment types etc.) could be conducted, measuring sulphate, iron species and 

intermediates, pyrite, oxygen, sulphide, pH, sulphide, carbon and organic matter, 

bacteria and macrofaunal assemblage. This would allow the high level of variation 

observed in this study to be explained on the basis of differences in sediment 

chemical, physical and biological composition at the onset of enrichment. 

• If time and resource are not limiting, studies investigating the effect of organic 

enrichment on sediment biogeochemistry should be undertaken in situ using benthic 

landers beneath fish farms. Preferably, a variety of sites should be chosen which 

represent a variety of flow regimes and deposition environments.  

• Experiments should be repeated at different times throughout the year if enrichment 

events occur in different seasons to account for any seasonal variation in the 

abundance and biodiversity of benthic flora and fauna.  

• Dynamic models and computer imaging techniques working at a fine scale in three 

dimensions could be used in parallel with two-dimensional methods to more 

accurately simulate the dynamic transport and reaction processes operating in the 

vicinity of sediment microniches, where conditions may vary markedly over space 

and time (Lehto et al. 2014). 

5.1.5.2 Specific improvements to the design of sediment core or mesocosm 

incubation experiments 

• If using samples retrieved from fish farm sites, a replication number of three is 

insufficient to account for natural heterogeneity within <1 m2 and much higher 

replication numbers are recommended. This could be achieved by staggering the 

analysis of ½ the treatment groups by one day, allowing time within a 12-hour period 
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to profile an increased number of core replicates in each treatment group, keeping 

the lapsed time within observation time points the same. 

• To ensure oxygen supply is consistent across all sediment cores, oxygen saturation 

and mixing of the overlying water layer should be controlled. This can be achieved by 

the use of air stones, preferably with a separate air supply each to allow air flow rate 

to be controlled in each core. This would prevent any air flow issues in one core 

affecting all other cores.  Magnetic stirrers can also be used but the sediment surface 

must not be disturbed in either case. 

• Ensure each core has its own seawater supply at a controlled flow rate, sourced from 

a seawater holding tank kept in the dark and controlled for salinity, oxygen 

saturation and temperature. In this study, seawater supply was directly sourced from 

a local bay and subject to relatively large fluctuations in salinity due to freshwater 

input by rainfall over the incubation period – the wider effect of this on the sediment 

cores was unknown but DOU calculations were corrected for major salinity changes 

as this effects oxygen solubility. Any temperature changes were minor due to the fact 

that cores were incubated in a temperature controlled room. 

• Take at least three micro-profiles in each core at each time point to produce an 

average sediment profile at each observation time point, which would be more 

representative of the horizontal variation and microniches that may exist across the 

sediment core.  

• Analyse a wide range and number of reference cores at the start of the experiment 

to get a representative T=0 measurement of the macrofauna, microbes, physical and 

chemical sediment characteristics which exist in the vicinity of the fish farm. 

• Include taxonomic analysis of cores at the end of the experiment (and reference 

cores at the start) to analyse changes in macrofaunal assemblage over the course of 

the experiment and assess how this may have influenced sediment biogeochemistry. 

• Include microbial DNA and RNA analysis (qPCR and DGGE) at the start (using 

reference cores) and the end of the experiment to measure changes in the 

abundance, diversity and activity of microbial communities involved in OM 

metabolism. This would improve our understanding of which aerobic and anaerobic 

remineralisation pathways govern the breakdown of OM beneath fish farms and 

whether these processes are interrelated.  
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• Include the measurement of different iron pools before and after the core incubation 

period to investigate whether this correlates with increases in CRS and AVS 

production. This would allow for hydrogen sulphide loss via anaerobic oxidation to be 

accounted for. 

• Include the measurement of dissolved inorganic carbon (DIC), the ultimate product 

of carbon oxidation (Anderson et al. 1986; Hulthe et al. 1998), to calculate whether 

oxygen flux to the sediments was used for either OM remineralisation or the 

oxidation of reduced products from remineralisation processes.  

• Rather than the addition of a single ‘enrichment pulse’, OM should be added each 

day at a rate that is representative of the depositional environment beneath fish 

farms. If possible, phytodetritus and fish faeces should also be included in the 

enrichment pulse treatment, so as not to underestimate any OM deposition effects. 

It is important to ensure enrichment treatments are homogenised and spread evenly 

across the core surface area to prevent the establishment of biogeochemical 

microniches due to larger fish feed pieces remaining on the sediment surface. 

5.1.5.3 Further research questions resulting from this study 

• Does TFS mole fractionation influence macrofaunal assemblage and the eventual 

enrichment classification of enriched sediments? Compare this with enrichment 

classification using standard TFS measurement methods.  

• What is the quantitative effect of different benthic macrofaunal species, commonly 

found beneath fish farms, on sediment particle and solute transport during and after 

an enrichment event? 

• What are the main drivers of hydrogen sulphide accumulation in fish farm 

sediments? Investigate the relative influence of biofilms, physical sediment 

characteristics, and macrofaunal activity in trapping hydrogen sulphide or reducing 

oxygen supply within the sediment matrix.  

• Do simultaneous vertical profiles of surficial fish farm sediments, within 10 mm of 

each other horizontally, measure the same biogeochemical processes?  

• What are the optimal conditions for AVS formation in fish farm sediments and what 

are the downstream effects of increased AVS pools on sediment biogeochemistry 

after an enrichment event?  
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• The mutual exclusivity between sulphate reduction and other sediment processes 

such as the anaerobic oxidation of methane is unknown. Work by Antler et al. (2014) 

has suggested that sulphur may play a role in the anaerobic oxidation of methane 

(AOM), especially in highly reducing sediments where methanogenesis may occur at 

shallower depths within the sediment profile. The presence of AOM in fish farm 

sediments has implications on our understanding of the relationships between 

sulphate reduction and successive anaerobic metabolic processes. Antler et al. (2014) 

has also demonstrated the use of pore fluid isotope geochemistry as an analytical 

tool to indicate the microbial pathway for sulphate reduction in sediment samples. 

5.1.6 Concluding remarks and reference to thesis aims 

Managing and monitoring the impact of fish farm cage waste is still a major challenge for the 

Scottish aquaculture industry. This directly effects whether licenses for new sites are 

approved or individual cage biomasses can be increased (SEPA 2018). General public opinion 

of how the salmon fish farming industry manages environmental impact also greatly 

influences product sales and whether or not new site licenses are granted. A considerable 

effort has been made by the academic community to model and characterise the biological 

and biogeochemical response of fish farm sediments along enrichment gradients, leading to 

the development of static indicator species and biogeochemical thresholds that can be easily 

measured and monitored using resources available on site.  

The overall aim of this study was to quantify biogeochemical change in response to organic 

enrichment in different depositional environments at different temperatures, providing 

empirical data to further develop fish farm impact monitoring and modelling. Quantitative, 

high resolution hydrogen sulphide, pH and oxygen profiles of undisturbed fish farm 

sediments highlighted important concerns relating to an increased reliance on 

environmental models to predict the effect that fish farm waste has on the benthic 

ecosystem. Large variation in hydrogen sulphide concentrations measured within replicate 

experimental groups suggests that factors other than temperature or OM deposition are 

highly influential in modulating environmental impacts resulting from increased enrichment. 

Examination of net hydrogen sulphide production with pH also highlighted that sulphide 

dissociation to bisulphide ions in reducing sediments is likely to be relatively high, reducing 

the ecological relevance of commonly used TFS measures. The high variation present in this 
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dataset means the reproducibility of these results in other environments is unlikely and 

therefore cannot be used directly to improve the predictability of current fish farm waste 

deposition models. However, this research has importantly highlighted the need to focus 

future research on the factors which drive not only increased sulphate reduction, but also 

the accumulation of hydrogen sulphide in sediments.  

This study provides further evidence that complex interactions between sediment, microbial 

and faunal communities lead to significant levels of variation in biogeochemistry under 

highly enriched conditions. This is extremely relevant to the design of effective 

environmental monitoring regimes, indicating that sample size and frequency should be 

increased. Quantifying the effect of naturally heterogeneous variables on biogeochemical 

enrichment impacts can be extremely difficult, the baseline data for such quantification has 

been established here, recognising the typical level of variation that should be expected in 

similar fish farm sediments. Consideration of the local biological, chemical and physical 

context when using fish farm deposition models will be key to improving the accuracy of 

environmental impact predictions. The future growth of the aquaculture industry will 

depend on a much deeper mechanistic understanding of the factors responsible for 

macrofaunal, microbial and biogeochemical change in sediments in response to organic 

enrichment by fish farm cage effluents. 
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